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1 Pathology of marine mammals
with special reference to
infectious diseases

Robert B. Moeller, Jr

Introduction

Global pollution of our environment is a serious concern. Pollution of the
aquatic environment, particularly our oceans, has raised many questions
about the condition of our terrestrial environment. The marine environ-
ment is polluted with a variety of chemical compounds and heavy metals.
Many of these compounds are known to be a threat to the health of most
animal species. Since most marine mammals are carnivores, they repres-
ent animal groups that are at the top of the food chain. The health risk
to these animals from exposure to various xenobiotics may be very high
due to bioaccumulation of these compounds in various tissues. This is due
to the high body fat of these animals and the lipophilic nature of many
xenobiotics. Like humans, these animals have an extended life span that
allows them to accumulate heavy concentrations of various xenobiotics in
their tissues.

Like terrestrial mammals, marine mammals nurse their young. Lactating
marine mammals have a high fat content in their milk. This exposes the
neonate to high concentrations of lipophilic xenobiotics at critical develop-
mental stages in their lives (Martineau et al., 1994; Wade et al., 1997). The
excessive accumulation of these xenobiotics may predispose these young
animals, as well as the older animals, to immunodeficiency leading to poor
health, increased susceptibility to infectious agents, and tumor development
(Mossner and Ballschmiter, 1997).

The decline of many marine mammal species and massive die-offs or
strandings has heightened our concern about environmental pollution and
its causal role in these events. Few studies exist regarding the health-related
effects of xenobiotics that bioaccumulate in marine mammals (Reijnders,
1986). Most papers on this subject only summarize the possible health
effects of bioaccumulation of xenobiotics on marine mammals (Miller, 1982;
Kannan et al., 1989; Rawson et al., 1995; Becker et al., 1997; Mossner and
Ballschmiter, 1997; Tilbury et al., 1997; Parson, 1998).

Xenobiotics of major concern are organochlorines such as polychlorin-
ated biphenyls (PCBs), dibenzofurans (PCDFs), dibenzodioxins (PCDDs),
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4 R.B. Moeller

organochlorine insecticides [dichlorodiphenyltrichloroethane (DDT), toxa-
phene, and others], and heavy metals (mercury, lead, and cadmium). Many
of these compounds are known to target the immune system. Toxic levels of
these substances may cause thymic atrophy, pancytopenia, and immuno-
suppression, which can result in reduced resistance to infectious diseases.
Immunosuppression by PCBs involves primarily cell-mediated immunity
through a mechanism of T-cell suppression (Burns et al., 1996; see also
Chapters 20–22 in this volume).

Following a discussion of the toxic effects of oil spills on marine mam-
mals, this chapter will deal primarily with infectious agents and the con-
sequences on the health of marine mammals.

Oil spills

Crude oil and other hydrocarbons from petroleum products are known to
cause serious problems in many marine animals. These compounds can
cause both short- and long-term health problems in animals that come in
contact with these substances. These substances are lighter than water,
resulting in the compounds floating at the water–air interface. Consequently,
any animal surfacing in the sheen created by the oil spill will be exposed
to the toxic compounds in the oil. Since most marine mammals live near
land or ice sheets, the release of crude oil or petroleum distillates into this
environment causes these compounds to be concentrated in narrow bodies
of water (bays, inlets, and ice flows) due to water currents or wind action.
This leads to marine mammals becoming entrapped in the oil sheen.

Crude oil and petroleum distillates are complex mixtures composed of
numerous volatile and nonvolatile compounds. Crude oil varies greatly in
hydrocarbon composition throughout the world (Rahimtula et al., 1984;
Lipscomb et al., 1993). Consequently, it is almost impossible to compare
the short- and long-term toxicity of one petroleum product with that of
another. Most species of seals, polar bears (Ursus maritimus), and cetaceans
do not avoid oil spills and have been noted feeding and swimming in oiled
areas (Geraci and St. Aubin, 1982; Engelhardt, 1983). Consequently, repeated
and prolonged exposure to these complex mixtures can lead to serious
medical problems for these animals.

Bivalves, crustaceans, and zooplankton also have been recognized to
bioaccumulate numerous hydrocarbons from oils (Engelhardt, 1983; Thomas
et al., 1999). The persistence of these compounds is possibly due to the lack
of the microsomal enzyme aryl hydrolase that assists in the breakdown
of complex hydrocarbons (Vandermeulen and Penrose, 1978; Geraci and
St. Aubin, 1980). Because numerous marine mammals (walrus (Odobenus
rosmarus), bearded seals (Erignathus barbatus), sea otters (Enhydra lutris),
and baleen whales) utilize these marine species for all or part of their diet,
the potential exists for long-term health and reproductive problems (Geraci
and St. Aubin, 1982).
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Pathology of marine mammals 5

Contact with crude oil or petroleum distillates can cause adherence of the
oil compound to the skin (particularly in furred species) and oral and nasal
orifices, leading to serious complications. Contact with oil has led to oil
coating the fur and hindering the seal’s swimming ability (Warner, 1969;
Davis and Anderson, 1976). Some species of pinnipeds tend to clear their
coats of oil rapidly (ringed seals (Phoca hispida) in 1 day) while others may
take weeks (northern elephant seal pups (Mirounga leonine) in 1 month)
(Smith and Geraci, 1975; Engelhardt, 1983). Oil attaching to baleen hinders
the filtration ability of baleen whales, leading to poor efficiency in obtaining
food (Engelhardt, 1983). Oil on the pillage of sea otters and polar bear leads
to hypothermia and possibly death (Oritsland et al., 1981; Costa and
Kooman, 1980, 1982; Engelhardt, 1983; Lipscomb et al., 1993).

The absorption of various by-products of oil can lead to serious problems
in marine mammals. Limited clinical data suggest that pinnipeds, cetaceans,
and polar bears have great differences in their susceptibility to crude oil
and petroleum distillates (Engelhardt, 1983). In polar bears, the ingestion of
oil resulted in high levels of hydrocarbons (benzene and naphthalene) in the
kidney, brain, and bone marrow, with resultant peripheral hemolysis of red
blood cells, erythropoietic dysfunction in the bone marrow, degenerative
changes in the liver, atrophy of lymphoid tissue, renal dysfunction, and
gastric ulcers (Oritsland et al., 1981; Engelhardt, 1983). In the sea otter,
crude-oil exposure leads to mediastinal and pulmonary emphysema, gastric
erosions, hepatic and renal lipidosis, and centrolobular hepatic necrosis
(Lipscomb et al., 1993). In seals and cetaceans, the liver and blubber tend to
accumulate the highest concentrations of hydrocarbons (Engelhardt et al.,
1977; Geraci and St. Aubin, 1982; Engelhardt, 1983). Elevated levels of
these hydrocarbons in the blubber may lead to the release of potentially
dangerous compounds during lactation, which may affect the young at crit-
ical developmental stages. Little is known about the clinical or pathological
effects of oil on these species. Most have not died after exposure to these
substances. However, ringed seals are noted to develop a severe conjunctivitis
with corneal edema, erosions, and ulcers that resolve after removal from
exposure (Geraci and Smith, 1976). These animals also developed elevated
liver enzymes without clinical liver disease. In toothed whales, mild skin
damage characterized by cellular necrosis of the epidermis has been observed
after exposure to crude oils (Geraci and St. Aubin, 1982; Engelhardt, 1983).

In summary, the exposure of marine mammals to crude oils and petroleum
distillates will vary due to species variability and type of hydrocarbon com-
pound. One needs to remember that crude oils vary in their composition
and consequently the damage they will do. New crude and refined distillates
will be more toxic than aged or weathered products due to the loss of the
more volatile components of the oil.
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6 R.B. Moeller

Viral diseases

Viral infections can cause explosive disease outbreaks in both marine and
terrestrial mammals. Usually, large numbers of animals will be presented
for examination. Presenting signs may be nonspecific with serious concern
that the event may be due to a toxin. Numerous major die-offs or mass
strandings have been due to viral diseases. Examples of this are: influenza in
harbor seals (Phoca vitulina) (Geraci and St. Aubin, 1982); phocine distem-
per in harbor seals (Kennedy et al., 1988; Osterhaus 1988); and morbilliviral
disease in bottlenose dolphins (Tursiops truncatus), and striped dolphins
(Stenella coeruleoalba) (Domingo et al., 1992; Lipscomb et al., 1996; Schulman
et al., 1997).

Animals that present with severe bacterial pneumonia should always be
suspected as having an underlying viral disease. Careful examination of the
tissue should always occur in order to ensure that the initial viral infection
is identified. Animals that are seriously immunocompromised and have
secondary bacterial, fungal, or other viral (i.e. poxviruses or papillomavirus)
diseases should also be considered potentially to have an underlying viral
infection causing the immunosuppression of the animal. The utilization of
the few established seal cell lines or the use of established terrestrial mam-
mal cell lines should always be attempted when trying to culture tissue for
viral diseases. New reverse transcriptase–polymerase chain reactions (RT–
PCR) and in situ hybridization techniques and immunohistochemistry are
assisting in the identification of viral agents (Neill and Seal, 1995; Osterhaus
et al., 1997).

When dealing with a potential viral outbreak, remember that the virus may
have mutated to be more pathogenic to the susceptible animal population.
This new mutation may make the virus more compatible to terrestrial mam-
mals or humans. Some viruses, particularly caliciviruses, do pose a threat to
humans and terrestrial mammals. San Miguel sea lion virus is indistinguish-
able from vesicular exanthema virus of swine and can cause disease in humans
(Smith et al., 1981, 1983a; Seal et al., 1995). Numerous other caliciviruses
are observed in other mammals and should be handled with caution.

Phocine morbillivirus (phocine distemper virus, PDV-1, PDV-2)

Phocine morbillivirus has caused several disease outbreaks that killed thou-
sands of seals in north-western Europe and Lake Baikal in Siberia (Osterhaus,
1988; Osterhaus and Vedder, 1988; Grachev et al., 1989; Kennedy, 1998).
The morbillivirus affecting harbor seals and gray seals (Halichoerus grypus)
in northern Europe and North America is caused by phocine distemper
virus-1 (PDV-1). This virus is similar to, yet antigenically distinct from, canine
distemper virus. The genetic differences between these two viruses are such
that they should be considered separate viruses (Bostock et al., 1990).
Serologic studies have demonstrated that harbor seals, hooded seals
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Pathology of marine mammals 7

(Cystophora cristata), and ringed seals have an immune response by viral
neutralization to PDV-1 (Visser et al., 1993b). Phocid distemper virus-2
(PDV-2), isolated from Siberian seals (Phoca sibirica) in Lake Baikal, is felt
to be a field strain of the canine distemper virus found in Europe (Mamaev
et al., 1996). A morbillivirus isolated from sick Mediterranean monk seals
(Monachus monachus) from the coast of West Africa most likely resembles
the morbillivirus seen in cetaceans (Osterhaus et al., 1997; Van de Bildt
et al., 1999, 2000). This suggests that these morbillivirus may not be host
specific and cross species lines.

Clinically, affected seals are depressed and weak with severe respiratory
distress. A mucopurulent to serous oculonasal discharge is often observed.
Many animals develop subcutaneous emphysema around the neck and
thorax. On necropsy, these animals have diffusely edematous lungs with
sharply demarcated areas of red consolidation. Emphysematous bullae are
observed involving the interlobular septa and pleura of the caudal lung lobes.
Congestion and a thick mucopurulent exudate are observed in the upper
respiratory tract. Hydropericardium, hydrothorax, and hepatic congestion
are common. Pulmonary lymph nodes are edematous. Histologically, the
lung lesion consists of a bronchointerstitial pneumonia with syncytial cells
and Type II pneumocyte proliferation. Eosinophilic intracytoplasmic inclu-
sions are present in bronchial epithelium and syncytial cells. The brain has a
nonsuppurative encephalitis characterized by necrosis of neurons (primarily
in the cerebral cortex), gliosis, and lymphocytic perivascular cuffs. Many
affected neurons contain intranuclear and intracytoplasmic inclusions.
Demyelination of the subependymal white matter is observed. Prominent
depletion and necrosis of lymphocytes in lymphoid tissue is present. Some
seals develop a necrotizing lymphocytic myocarditis. Like canine distemper,
intranuclear and intracytoplasmic inclusions are observed in the gastric
mucosa and transitional epithelium of the urinary bladder and renal pelvis
(Kennedy et al., 1988, 1989; Bergman et al., 1990; Kennedy, 1990; Osterhaus
et al., 1990a; Hall, 1995).

Morbillivirus in cetaceans

Several serious disease outbreaks with numerous cetacean deaths have been
caused by a morbillivirus. This viral infection was first identified in harbor
porpoises (Phocoena phocoena) from the Irish Sea during the 1988 European
phocine morbillivirus outbreak (Kennedy et al., 1988, 1991). This virus has
killed numerous striped dolphins along the Spanish Mediterranean coast in
1990, has been identified in several outbreaks affecting bottlenose dolphins
along the Eastern Atlantic and Gulf Coast of the United States, and has
been seen in die-offs of common dolphins from the Black Sea (Domingo
et al., 1992; Lipscomb et al., 1996; Schulman et al., 1997, Birkun et al.,
1999). Pilot whales (Globicephala sp.) are also infected with this or a similar
morbillivirus (Duignan et al., 1995a).
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8 R.B. Moeller

The viruses affecting harbor porpoises and striped dolphins are closely
related but antigenically distinct (Barrett et al., 1993). These viruses are
antigenically distinct from phocine morbillivirus and other mammalian
morbilliviruses. However, the cetacean morbilliviruses appear to be related
to the ruminant morbillivirus, peste-des-petits ruminants virus (Barrett
et al., 1993, 1995; Visser et al., 1993a). Serologic evidence of morbillivirus
infection has been identified in numerous odontocete cetaceans in the
western Atlantic and may have a potential impact on these species.
Affected cetaceans develop pulmonary and central nervous system lesions.
Grossly, these animals develop severe pneumonia with multiple foci of
atelectasis and consolidation. Pulmonary lymph nodes are often enlarged
and edematous.

Histologically, there is a bronchointerstitial pneumonia with necrosis
of bronchial and bronchiolar epithelium and a prominent mucopurulent
exudate. Acidophilic intracytoplasmic inclusions are observed frequently
(occasionally intranuclear inclusions are also observed) in the bronchiolar
epithelium. Type II pneumocyte hyperplasia and prominent mononuclear
inflammation are common in alveoli. Syncytial cells are seen in both the
alveoli and bronchiolar epithelium. A nonsuppurative meningoencephalitis
is observed involving the cerebral gray matter, with occasional eosinophilic
intranuclear inclusions present in neurons. In some animals, there is necrosis
of the bile duct epithelium and the transitional epithelium of the urinary
bladder with occasional eosinophilic intracytoplasmic inclusions. The lymph
nodes have prominent lymphoid depletion with scattered multinucleated
syncytial cells. Multinucleated syncytial cells and inflammation have been
observed in the ductal epithelium of the mammary gland. All affected
areas demonstrate intense immunohistochemical staining for morbillivirus.
Many affected dolphins are co-infected with serious secondary infections
of Toxoplasma, Aspergillus, and other fungi (Kennedy et al., 1988; Domingo
et al., 1992; Lipscomb et al., 1996).

It should also be noted that free-ranging Florida manatees (Trichechus
manatus latirostris) have high titers to porpoise and dolphin morbillivirus
but have not developed clinical disease (Duignan et al., 1995b).

Dolphin pox

Dolphin pox, also known as ‘tattoo’, is characterized by prominent well-
delineated lines of hyperpigmentation of the epidermis with various geo-
graphic design patterns. These design patterns have been described as targets,
circles, and pinhole lesions. The lesions are usually smooth and flat, but may
occasionally be raised. They are primarily located on the dorsal body near
the head and blowhole, flippers, dorsal fins, and fluke. Although this virus
does not appear to cause serious illness in cetaceans, the development of
these lesions usually coincides with periods of poor health and stress (Flom
and Houk, 1979; Geraci et al., 1979; Migaki, 1987).
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Pathology of marine mammals 9

Histologically, the lesions consist of ballooning (hydropic) degeneration
of the deep layers of the stratum intermedium. Irregularly shaped or round,
variably sized, eosinophilic, intracytoplasmic inclusions are present in the
cells undergoing ballooning degeneration. The stratum externum may become
thickened. Minimal inflammation is observed; this may be the reason for
persistence of the lesion (Migaki, 1987). The cause of the hyperpigmentation
is unknown, but one theory is that it is secondary to stimulation of the
dermal melanocytes by the viral infection. Another theory postulates that
damage to the stratum externum and intermedium leads to filling in of these
defects with debris and bacteria which then cause discoloration of the epi-
dermis (Britt and Howard, 1983).

This is an unusual pox lesion since it is not a proliferative lesion. The
lesion persists and slowly spreads in the affected animal. Affected animals
do not routinely develop antibodies to the virus; however, if antibodies are
developed, the lesion regresses, with the affected skin undergoing necrosis
and sloughing. A skin biopsy, or scraping the lesion, can cause regression in
a zonal pattern around the biopsy site (Smith et al., 1983b).

Seal pox

Seal pox is a parapoxvirus that is known to affect numerous species of
pinnipeds (Wilson et al., 1969, 1972; Sweeney, 1974). The disease is most
prevalent in California sea lions (Zalophus californianus), South American
sea lions (Otaria flavescens) and harbor seals, but other species of pinnipeds
can also develop lesions (Hicks and Worthy, 1987; Osterhaus et al., 1990b;
Stack et al., 1993, Nettleton et al., 1995). An orthopox has also been
isolated from a gray seal (Osterhaus et al., 1990b). Cutaneous spread of this
disease is mostly by head and neck rubbing, a common social behavior of
pinnipeds. Infections are rarely fatal, but can cause a high morbidity with
prolonged convalescence lasting up to 15 weeks until recovery (Wilson
et al., 1972; Sweeney, 1974).

Seal pox is a proliferative lesion characterized by the formation of numer-
ous, 2–3 cm, cutaneous nodules, primarily over the head and neck. These
dermal nodules eventually ulcerate and heal slowly. Areas of alopecia
develop over the healed areas.

Microscopically, there is ballooning degeneration of the stratum spinosum
with pustule formation. Affected epithelial cells have one or two eosinophilic
intracytoplasmic inclusions 2–15 µm in diameter. There is marked acanthosis
of the affected epidermis with variable orthokeratotic and parakeratotic
hyperkeratosis. Inflammation can be prominent, especially during regres-
sion of the lesion (Wilson et al., 1972; Migaki, 1987).

The histologic features of pox virus in South American sea lions are
unique, with a downward proliferation of the epidermis followed by pus-
tule formation and ulceration. Only one large eosinophilic or basophilic
intracytoplasmic inclusion body is observed in affected epithelial cells. These
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10 R.B. Moeller

inclusions are usually surrounded by a thin halo with compression of the
nucleus. This lesion can occasionally resemble the human disease, molluscum
contagiosum (Wilson and Poglayen-Neuwall, 1971; Migaki, 1987).

San Miguel sea lion virus

San Miguel sea lion virus (SMSV), is a calicivirus that is known to affect sea
lions and seals. This calicivirus and the virus that causes vesicular exanthema
of swine are felt to be similar viral agents. Most viral strains of San Miguel
sea lion virus are antigenically related to vesicular exanthema of swine
(Smith and Skilling, 1979; Neill and Seal, 1995; Seal et al., 1995). This viral
infection is characterized by the formation of vesicles on the flippers. These
vesicles usually rupture and form prominent slow-healing ulcers. This virus
has also been implicated in causing ulcerative lesions on the lips, nose,
chin, and gums of infected sea lions (Gage et al., 1990). Microscopically, the
lesion consists of spongiosis of the stratum spinosum, followed by necrosis
and microvesicle formation which later progresses to subcorneal vesicles.
Intracytoplasmic or intranuclear inclusions are not present in infected cells
(Sayer, 1976; Smith and Skilling, 1979; Smith et al., 1983a; Migaki, 1987;
Gage et al., 1990).

Several serotypes of San Miguel sea lion virus have been isolated from
aborting sea lions and aborted fetuses. These serotypes of San Miguel sea
lion virus are indistinguishable from serotypes of vesicular exanthema virus
that cause abortions in swine (Smith and Boyt, 1990). The relationship
of San Miguel sea lion virus infection and abortions in affected marine
mammals is suspected but not proven. The virus has been isolated from the
opal-eye fish (Girella nigricans), which is believed to function as a reservoir
for the spread of this disease (Smith et al., 1980; Smith and Boyt, 1990).
This fish is known to develop an active infection with viral replication in the
spleen. The fish remains infected for about 31 days. Clinical disease has not
been observed in infected fish.

A similar calicivirus has been isolated from Atlantic bottlenose dolphins.
Infected animals develop vesicular skin lesions that erode and leave shallow
ulcers. It is felt that this virus is infective for both sea lions and dolphins
(Smith et al., 1983a). Numerous other marine caliciviruses have also been
identified in both pinnipeds and cetaceans (Smith et al., 1981; Skilling et al.,
1987; Smith and Boyt, 1990; O’Hara et al., 1998).

Sea lion hepatitis virus

Sea lion hepatitis virus is caused by an adenovirus (Britt et al., 1979). This
virus is not highly virulent, with only a few animals developing clinical
disease. However, serological surveys demonstrate that large numbers
of animals are exposed to the virus. Animals that die, usually die acutely,
with little clinical evidence of infection. Affected animals usually present at
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Pathology of marine mammals 11

necropsy with icterus, splenomegaly, mesenteric lymphadenopathy, and dis-
coloration of the liver. Hepatic lesions consist of coagulative and lytic
necrosis, most severe in the centrolobular region of hepatic lobules. Large
pale eosinophilic to dark basophilic intranuclear inclusions are present in
hepatocytes and occasionally in Kupffer cells. The inflammatory response is
usually minimal, with a few macrophages, lymphocytes, and neutrophils at
the periphery of the necrotic lesion (Britt et al., 1979; Dierauf et al., 1981;
Britt and Howard, 1983).

Influenza virus

The influenza virus isolates found in seals have been identified as Type A,
subtype H3 virus (Type A/Seal/MA/1/80, Type A/Seal/MA/133/82, Type
A/Seal/MA/3807/91, Type A/Seal/MA/3810/91, Type A/seal/M/3911/92) which
are closely related to the H3 avian influenza viruses (Geraci et al., 1982;
Callan et al., 1995). This subtype of virus is most frequently detected in
birds, pigs, horses, and humans. Some feel that seals, like swine, may play a
role in genetic reassortment of these influenza viruses, thus causing a poten-
tial for interspecies transmission. A Type B influenza found in seals from
The Netherlands (Type B/seal/Netherlands/1) is closely related to the human
type B influenza that circulated in humans in 1995 and 1996. Seals after
1995 had a 2 per cent incidence of this virus and may have the potential to
infect people (Osterhaus et al., 2000).

These viruses have been associated with explosive outbreaks with a high
mortality in harbor seals. Affected animals are usually presented weak with
serious respiratory difficulties. A white mucinous to bloody discharge is
observed in the trachea and bronchi. Pulmonary, mediastinal, and subcutane-
ous emphysema is commonly observed. Microscopically, there is a severe
hemorrhagic bronchopneumonia with hemorrhage in alveoli and prominent
necrosis of bronchioles and bronchi. Mycoplasma (Mycoplasma phocidae)
and other bacteria have been isolated from affected animals. It is felt that
there is a synergic effect between the virus and bacterial agents, since seals
experimentally challenged with the virus alone develop a mild respiratory
disease (Geraci et al., 1982).

Seal herpesvirus

Herpesviruses have been isolated from harbor seals and a California sea lion
(Osterhaus et al., 1985; Borst et al., 1986; Kennedy-Stoskopf et al., 1986).
Two distinct types have been isolated from affected animals. These have
been identified as phocid herpesvirus type 1 and type 2 (PHV-1 and PHV-2)
(Osterhaus et al., 1985; Frey et al., 1989; Harder et al., 1996). PHV-1 is
characterized as a member of the alpha-herpesvirus subfamily. PHV-2 has
been classified as a gamma-herpesvirus. Numerous pinniped species have
antibodies to PHV-1 and PHV-2 (ringed seals, spotted seals (Phoca largha),
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12 R.B. Moeller

harbor seals, bearded seals, ribbon seals (Histriophoca fasciata), Steller’s
sea lions (Eumetopias jubatus), northern fur seals (Callorhinus ursinus), and
walrus) (Zarnke et al., 1997). Most animals with seroconversion to these
viruses do not demonstrate clinical disease.

PHV-1, which affects mostly young harbor seals, has been shown to
cause a serious systemic infection. Affected animals demonstrated an acute
pneumonia, necrotizing hepatitis, and necrotizing adrenalitis (Borst et al.,
1986; Gulland et al., 1997). Occasionally a nonsuppurative encephalitis is
observed with rare neuronal necrosis. The pneumonia is characterized as
a diffuse interstitial pneumonia with multifocal fibrinous exudation and
emphysema. Within the liver and adrenal gland, there is multifocal necrosis
of the hepatic and adrenocortical parenchyma with a minimal mononuclear
cell infiltrate. Acidophilic intranuclear inclusion bodies are observed in the
areas of necrosis. Electron microscopy demonstrates nonenveloped hexagonal
viral particles 90–100 nm in diameter with a central dense core, and cyto-
plasmic enveloped particles 150–160 nm in diameter (Gulland et al., 1997).
The nature of this virus and its potential to cause disease in wild and captive
populations of seals is still unknown. This virus has been inoculated into
young seals, with the animals developing only a minimal nasal discharge
(Horvat et al., 1989). PHV-1 most likely acts similarly to other mammalian
herpesviruses, with the infections most often fatal in the young and/or seri-
ously stressed animal. Most sick animals have concurrent bacterial and/or
protozoal infections that may mask the herpes viral infection. Like most
herpesviruses, this virus probably expresses itself in times of stress, as either
subclinical oral or genital lesions.

The phocine herpesvirus-2 was isolated from a California sea lion with a
severe bacterial pneumonia (Kennedy-Stoskopf et al., 1986), free-ranging
harbor seals, and from seals with abortions during the early epizootic
of morbillivirus infection in northern Europe (Zarnke et al., 1997). The
importance of this virus in the pathogenesis of this pneumonia is unknown
(a nononcogenic retrovirus was also isolated from the skin of the affected
sea lion). This virus is highly cell associated and causes little or no disease in
pinnipeds.

A gamma-herpesvirus has been identified in a metastatic carcinoma of the
lower genital tract from California sea lions, where it was associated with
the neoplastic cells. The association of the virus and the development of
neoplasia of the vagina and cervix are unknown (Lipscomb et al., 1998).

Herpesvirus of bottlenose dolphins

A disseminated herpes viral infection was identified in an immature female
bottlenose dolphin. On necropsy, the animal had an enlarged thymus, peri-
cardial hemorrhage, and hydrothorax. Histologically there was a necrotizing
interstitial pneumonia, lymphocytic myocarditis, splenic and lymphoid
necrosis, and a necrotizing adrenalitis. Intranuclear inclusions were observed
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Pathology of marine mammals 13

in numerous cells of the thymus, spleen, adrenal gland, heart, lungs, and
glomeruli. Sequencing of DNA products indicated that this virus was an
alpha-herpesvirus (Blanchard et al., 1998).

Herpesvirus in beluga whales

A herpesvirus has been observed to cause a focal dermatitis in both captive
and wild beluga whales (Delphinapterus leucas) (Martineau et al., 1988; Barr
et al., 1989). The lesions seemed to occur at times when the animals were
stressed or in animals that were visibly thin due to other diseases. These
epidermal lesions consisted of random, variably sized, multiple discrete raised
pale gray areas that eventually ulcerated and were slow to heal. Histologically
the epithelial lesion involved the superficial epidermis with the epithelial
cells undergoing intercellular edema, necrosis, and microvesicle formation.
The infected epithelial cells contained prominent eosinophilic intranuclear
inclusion bodies.

Herpesvirus of sea otters

A herpesvirus has been implicated in causing extensive oral lesions in sea
otters. These lesions are commonly found on the gingiva and under the
tongue. They consist of variably sized, irregular, white plaques on the gingiva,
and/or deep, often bilaterally symmetrical, ulcers under the tongue. In
severely affected animals, the ulcers tend to coalesce to cover extensive areas
of the buccal, labial, gingival, and glossal mucosa. Infected animals rarely
show a reluctance to eat. Histologically, the ulcerative lesions reveal extens-
ive chronic ulcers with associated mixed bacterial colonies and separate
foci of epithelial necrosis and intracellular edema. Numerous eosinophilic
intranuclear inclusion bodies are observed in the degenerating and necrotic
cells. The white plaques have epithelial hyperplasia with intracellular and
intercellular edema and eosinophilic intranuclear inclusions. Rare inflam-
matory cells are observed in areas with an intact mucosa (Haebler and
Moeller, 1993).

Hepatitis B-like virus in dolphins

A hepatitis B-like infection has been identified in a Pacific white-sided
dolphin (Lagenorhynchus obliquidens). The animal presented with cyclic
periods of inactivity, anorexia, and icterus. During the times of inactivity,
blood values demonstrated a leukocytosis with neutrophilia, lymphopenia,
and eosinopenia. Biochemical values showed markedly elevated alanine trans-
aminase (ALT), aspartate transaminase (AST), gamma glutamyltransferase
(GGT), lactic acid dehydrogenase, total bilirubin, direct bilirubin, and indir-
ect bilirubin, suggesting chronic liver disease. Supportive measures were
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14 R.B. Moeller

instituted and the dolphin eventually recovered. Serum from the animal was
found to be positive for antihepatitis B virus core (anti-HBc) activity, hepatitis
B virus DNA (HBV-DNA), and hepatitis B surface antibodies (anti-HBs).
Other cetaceans and humans who had contact with this animal were examined
for hepatitis B antigens. Only one killer whale (Orcinus orca) was positive,
all other cetaceans and humans were negative (Bossart et al., 1990).

Papillomavirus in cetaceans

Papillomas have been reported on the skin, penis, tongue, pharynx, and first
gastric compartment of cetaceans (Lambertsen et al., 1987; Martineau et al.,
1988). Although a papillomavirus has not always been implicated as the
cause of these lesions, they should be suspected. In the beluga whale, the
gastric papillomas identified in the first gastric compartment are white (like
the surrounding normal mucosa), well-defined, exophytic masses with a cent-
ral wart-like core composed of small filamentous papillae. Histologically,
the papillomas develop into an exophytic cup-shaped mass with marked
epithelial proliferation, supported by a thin fibrovascular proliferation
forming numerous arborizing projections from the submucosa. The pro-
liferating epithelium consists of a flattened basal cell layer 3–15 cells thick
with a mature epithelium overlying the basal cells. Scattered amongst the
hyperplastic epithelium, individual and small groups of epithelial cells undergo
hydropic degeneration (cells become swollen and globular with a pale granular
cytoplasm). Ultrastructurally, the cells undergoing hydropic degeneration
have aggregates of small (40 nm) hexagonal viral particles observed in the
cytoplasm. It is unclear if any of these papillomas cause physical problems
for the affected belugas (Martineau et al., 1988). Papillomas on the penis
are usually raised plaques on the mucosal surface (Lambertsen et al., 1987).
As in humans, papillomavirus in cetaceans may possibly infect the cervical
mucosa and cause neoplasia from this region.

Bacterial diseases

Most marine mammals die of bacterial diseases. Bacteria are easily isolated
and commonly blamed for the ailments afflicting the marine mammal. How-
ever, one must realize that most bacteria are usually opportunistic invaders
and may be part of the normal flora of a marine mammal. Usually, there
is an underlying cause for a bacterial infection. Viral disease can lead
to immunosuppression and/or loss of integrity of various host barriers in
the skin, respiratory tract, or intestines. Parasites can cause malnutrition
(which leads to immunosuppression) or damage to mucosal surfaces.
Traumatic injuries can cause easy access to the vascular system, resulting in
rapid hematogenous spread to other organ systems. Toxins (particularly
xenobiotics) can lead to immunosuppression and increased susceptibility to
bacterial infections.
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Pathology of marine mammals 15

Since these animals are mammals, one needs to remember that they can
be infected by bacteria commonly found in their terrestrial counterparts.
Finding pure cultures of a bacteria in an animal should be viewed as indica-
tion of a possible etiologic agent. This section will focus on bacteria that
have been considered pathogens in marine mammals.

Remember, many of the bacterial agents (Erysipelothrix, Leptospira,
Edwardsiella, Salmonella, Mycobacterium, Klebsiella, Pseudomonas pseudo-
mallei and P. aeruginosa, Nocardia, and Brucella) are potential pathogens
in humans. Thus, when handling a sick marine mammal or performing a
necropsy, one should always follow proper laboratory procedures to insure
that the examiner does not become infected by bacterial agents.

Erysipelothrix rhusiopathiae

Erysipelothrix rhusiopathiae is a small, pleomorphic, Gram-positive rod. This
bacterium causes two distinct forms of disease in dolphins: a dermatological
disease and a septicemic disease (Seibold and Neal, 1956; Simpson et al.,
1958; Geraci et al., 1966; Kinsel et al., 1997). The dermatological disease is
characterized by dermal infarction that results in sloughing of the epidermis.
The development of the skin lesion is usually due to a septicemia resulting in
micro-infarcts of the dermis and the formation of the characteristic rhom-
boid areas of cutaneous necrosis (Simpson et al., 1958; Geraci et al., 1966).
If untreated, these animals will usually die. The septicemic disease is usually
peracute, with the animal found moribund or dead.

At necropsy, septicemic animals may demonstrate multifocal areas of
necrosis and inflammation involving numerous organs. An embolic interstitial
pneumonia, hepatic and splenic necrosis and inflammation, and petechial
hemorrhage of serosal surfaces are common findings. Culturing the agent
from affected tissues (particularly lungs, liver, spleen, and kidneys) and/or
blood is the only method of diagnosis (Medway, 1980).

A killed bacterin is available for vaccination (Geraci et al., 1966; Migaki,
1987). The disease has been effectively controlled by use of this vaccine.
However, this vaccine has been known to cause anaphylactic reactions in
some animals and should be used with caution. Erysipelothrix rhusiopathiae
is commonly found on the slime of fish and ingestion is the probable route
of infection in cetaceans (Seibold and Neal, 1956).

Pseudomonas

Pseudomonas aeruginosa is a Gram-negative, motile, slender bacillus,
0.5 × 2.5 µm. This bacterium is commonly found in the water and has been
incriminated in causing disease in both pinnipeds and cetaceans (Rand,
1975; Diamond et al., 1979). It is believed that this bacterium is opportunistic
and colonizes wounds, leading to septicemia. Pseudomonas aeruginosa has
been associated with multiple cutaneous ulcers and bronchopneumonia in
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16 R.B. Moeller

Atlantic bottlenose dolphins (Diamond et al., 1979; Migaki, 1987). Infec-
tions with this organism lead to deep cutaneous ulcers, causing serious
damage to the blubber and dermis. If affected animals develop a septicemia,
cutaneous lesions similar to those observed with erysipelas may develop.
Histologically, Pseudomonas septicemia causes a characteristic proliferation
of Gram-negative bacilli into the wall of affected blood vessels. Culturing
the lesions is the only method of diagnosis.

Pseudomonas (Burkholderia) pseudomallei is a pathogen found primarily
in Southeast Asia and Australia. The organism is commonly found in water.
The route of introduction into the animal is unknown, but is believed to
be through wound contamination. Animals die of an acute septicemia, usu-
ally with no clinical signs. Grossly, animals may demonstrate congested
edematous lungs with petechial hemorrhage and necrosis of the liver, spleen,
kidney, and lymph nodes. Histologically the lungs develop an embolic
pneumonia with necrosis of septal walls and acute inflammation. The liver
and spleen develop multifocal areas of coagulative and lytic necrosis with
acute inflammation associated with the areas of necrosis (Medway, 1980).
Gram stains reveal numerous, small, Gram-negative rods in the cellular
debris and inflammatory cells. This agent is a serious human pathogen, and
transmission to humans is usually via cuts, abrasions, or by aerosol trans-
mission. Caution should always be used when performing a necropsy on an
animal suspected of dying of this bacterium.

Edwardsiella

Edwardsiella species are Gram-negative bacilli that are common inhabitants
of water. These bacteria are noted to cause septicemia in fish and can be
pathogens in both pinnipeds and cetaceans (Howard et al., 1983a). Animals
present with a serious necrotizing enterocolitis and/or septicemia. Animals
with septicemia can develop a severe embolic interstitial or bronchointerstitial
pneumonia, a necrotizing hepatitis, and a necrotizing splenitis. The necrotizing
and hemorrhagic enteritis/colitis is similar to that found in Salmonella infec-
tions. Isolation of Edwardsiella from the lungs and liver is usually suggestive
of a septicemia. Animals that develop this disease are usually debilitated or
stressed and probably get these organisms from ingestion of contaminated
fish.

Salmonella

Salmonella species are Gram-negative, non-lactose fermenting bacilli.
Salmonella infections have been observed in both cetaceans and pinni-
peds. Salmonella typhimurium, S. enteritidis and S. newport are the most pre-
valent Salmonella species that cause disease (Sweeney and Gilmartin, 1974;
Stroud and Roelke, 1980; Minette, 1986; Baker et al., 1995). Other Salmonella
species have been isolated from marine mammals without apparent disease
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(Gilmartin et al., 1979; Baker et al., 1995). These bacteria are of particular
concern for animals housed in rehabilitation centers. Thus, recently stranded
animals should be quarantined and monitored for Salmonella infection
prior to placing with other animals. Salmonella infections usually occur in
animals that are debilitated and/or stressed. Animals usually present with
hemorrhagic diarrhea and/or septicemia. Animals with hemorrhagic diarrhea
usually have a necrotizing enterocolitis. Culturing the feces is recommended
for isolation of the organism. Animals that develop septicemia can die
acutely with no clinical signs. On necropsy, the animal may have a broncho-
pneumonia and/or a diffuse embolic interstitial pneumonia. A necrotizing
hepatitis and splenitis are common; meningoencephalitis may occur (Sweeney
and Gilmartin, 1974; Gilmartin et al., 1979). Isolation of the organism from
the lungs and liver is usually consistent with a septicemia.

Leptospira

Severe epizootics of leptospirosis have been observed in California sea lions
and northern fur seals. These epizootics have been caused by Leptospira
pomona. This spirochete causes renal disease and abortions in infected
animals. Outbreaks are most prevalent in the fall, with infections seen prim-
arily in juvenile and young adult males. Clinically, animals are depressed,
anorectic, pyretic, and reluctant to move due to posterior limb paresis.
Animals are usually icteric, have oral ulcerations and excessive thirst. Clinical
pathology results show a marked leukocytosis and elevated creatinine,
phosphorus and blood urea nitrogen (BUN) levels indicative of renal dis-
ease. Grossly, the animals may present with generalized icterus, petechial
hemorrhage of serosal surfaces, congested lungs, swollen kidneys, and swollen
friable livers. On cut surfaces of the kidney, there may be hemorrhage at the
corticomedullary junction and subcapsular region, with poor differentiation
of the renal cortex and medulla. Histologically, there is a tubulointerstitial
nephritis with lymphoplasmacytic interstitial infiltrates and tubular necrosis.
Spirochetes are identified with silver stains in the renal tubular epithelium
and free in the lumina (Vedros et al., 1971; Smith et al., 1974; Sweeney and
Gilmartin, 1974; Smith et al., 1977; Dierauf et al., 1985; Gulland et al., 1996).

In newborn and aborted fetuses, the disease is characterized by sub-
cutaneous hemorrhage and hyphema (hemorrhage into the anterior cham-
ber of the eye ‘red eye disease’). This disease may have zoonotic significance
since affected sea lions can shed the bacteria in the urine for up to 154 days
(Smith et al., 1974). Rising titers or titers above 1 : 3200 for L. pomona are
indicative of an active infection.

Dermatophilus congolensis

Dermatophilus congolensis is known to cause a disfiguring cutaneous disease
affecting the South American sea lion (Medway, 1980; Migaki and Jones,
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1983; Migaki, 1987). This disease usually involves the entire body and is
characterized by prominent layered scabs involving haired areas. Mortality
is low, but morbidity is high.

Histologically, the epidermis demonstrates the characteristic multiple layers
of coagulative necrosis of the epidermis with a peripheral line of degenerating
neutrophils separating each necrotic layer. The organisms are easily observed
histologically in the necrotic epidermis as numerous Gram-positive, branch-
ing, filamentous organisms that divide in a characteristic multidimensional
fashion, forming parallel double rows of cocci (zoospores).

Mycobacterium

Mycobacterium species are Gram-positive, acid-fast bacilli. These bacteria
are common in the soil and water (except for Mycobacterium tuberculosis
complex, M. bovis). Several species of Mycobacteria have been isolated from
pinnipeds. In seals, M. tuberculosis complex (M. bovis), M. fortuitum, and
M. chelonei have been isolated. Mycobacterium smegmatis was isolated in a
California sea lion and several manatees (Trichechus inungius) developed
infections with M. chelonei and M. marinum. These infections usually present
as nonhealing, chronic, cutaneous lesions. However, generalized infections
with caseonecrotic granulomas in the lungs, liver, kidney, and lymph nodes
are reported. Numerous acid-fast bacilli are usually observed in the cutane-
ous infections. Microorganisms may be more difficult to find in granulomas
caused by M. tuberculosis complex (M. bovis). Persistent nonhealing cutane-
ous lesions should be biopsied to check for a granulomatous dermatitis with
characteristic acid-fast bacilli present in the wound. It is also recommended
to culture the lesion for Mycobacterium (Boever et al., 1976; Howard et al.,
1983a; Morales et al., 1985; Cousins et al., 1990, 1993; Wells et al., 1990;
Forshaw and Phelps, 1991; Woods et al., 1995).

Staphylococcus

Staphylococcus aureus has been implicated as one of the causes of pneumonia
in dolphins maintained in captivity (Ketterer and Rosenfeld, 1974; Palmer
et al., 1991). Staphylococcus aureus has been cultured from animals that
died from a septicemia with an embolic nephritis and cerebral abscesses
as well as cutaneous lesions. It is a part of the normal flora of the blowhole
of many normal dolphins. However, some investigators feel that if it is
present in the upper respiratory tract, it should be considered a potential
pathogen (Palmer et al., 1991). Staphylococcus delphini has been isolated
from dolphins with a purulent dermatitis (Varaldo et al., 1998). In seals,
Staphylococcus has been identified in animals with cutaneous abscesses or
pneumonia (Van Pelt and Dieterich, 1973; Medway, 1980). A case of staphy-
lococcal valvular endocarditis has been reported in a sea otter (Joseph et al.,
1990).

Ve
tB

oo
ks

.ir



Pathology of marine mammals 19

Clostridium perfringens

Clostridium perfringens has been reported to cause enterotoxemia in young
pinnipeds (Sweeney and Gilmartin, 1974; Medway, 1980; Buck et al., 1987),
gas-producing myositis in dolphins and cutaneous abscesses in fur seals
(Greenwood and Taylor, 1978; Medway, 1980; Baker and McCann, 1989).
The necrotizing myositis observed in dolphins and the subcutaneous abscesses
in pinnipeds have been attributed to injection-site contamination by this
organism (Greenwood and Taylor, 1978; Medway, 1980). Since Clostridium
perfringens and other clostridial organisms are normal inhabitants of the
gut and common in dead animals, it is best to make impression smears from
the lesion (gut or muscle) on clean glass slides for bacteriologic evaluation.
A definitive diagnosis is usually rendered with the findings of a necrotizing
myositis or enteritis with numerous Gram-positive bacilli present in the
inflammation during histolopathological examination of the affected tissues.

Klebsiella

Klebsiella species are Gram-negative bacilli. These bacteria have been asso-
ciated with pneumonia in marine mammals (Sweeney and Gilmartin, 1974;
Medway, 1980). Pneumonia caused by these organism is consistent with most
bacterial pneumonias, except that the Gram-negative bacilli can be identified
with a clear capsule surrounding the organism amongst the inflammatory
cells. As usual, bacterial cultures are necessary for a definitive diagnosis.

Nocardia asteroides

Nocardia asteroides has been isolated from numerous cetaceans (Pier et al.,
1970; Medway, 1980). The organism is a thin, filamentous, Gram-positive
organism, that occasionally is weakly acid fast. Infected animals present with
a necrotizing and pyogranulomatous lymphadenitis, pleuritis, encephalitis,
and/or mastitis containing numerous Gram-positive filamentous bacteria.

Brucella

Brucella has been isolated from several species of cetaceans (Atlantic white-
sided dolphins (Lagenorhynchus acutus), striped dolphins, and bottlenose
dolphin), pinnipeds (hooded seal, gray seal, Pacific harbor seals (Phoca
vitulina richardii)), and a European otter (Lutra lutra) (Ewalt et al., 1994;
Foster et al., 1996; Ross et al., 1996). These organisms have been cultured
from an aborted bottlenose dolphin fetus with lesions in the subcutis, lymph
nodes, liver, and lungs. The placenta developed a necrotizing placentitis with
Gram-negative coccobacilli within the trophoblast. Lesions in lymph nodes,
liver, and lungs were characterized by a multifocal granulomatous inflamma-
tion. Biotyping of the bacteria indicates that these bacteria are closely related
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to Brucella abortus or Brucella melitensis. However, it is felt that these may
represent a new species of Brucella (Jahans et al., 1997). It is currently
unclear as to what impact this organism has on marine mammals. Brucella
organisms have been identified in the uterus and intestines of Parafilaroides
sp. lungworms (Garner et al., 1997). The importance of this lungworm in
the transmission of Brucella to animals is unknown. These parasites may
represent an important transport host for the dissemination of this bacterium
in the wild.

Streptococcus

Streptococcus spp. have been isolated from seals with pneumonia and septi-
cemia and cetaceans with septicemia, metritis, pneumonia, and skin lesions
(Medway, 1980; Baker and McCann, 1989; Skaar et al., 1994). These are
primarily β-hemolytic streptococcal species (Gram-positive diplococci). Most
are normal inhabitants of the skin and upper respiratory tract of these
animals and are probably opportunistic pathogens in times of stress and/
or debilitation. A β-hemolytic Streptococcus, Streptococcus phocae, was
isolated from many of the seals that died of pneumonia during the phocine
morbillivirus outbreak in the North Atlantic (Skaar et al., 1994). Most
animals presented clinically with dyspnea, coughing, and a nasal discharge.
Pathological examination demonstrated a severe pneumonia with areas
of lung consolidation, purulent exudate in the bronchi and bronchioles,
interlobular edema and emphysema.

Mycotic diseases

Numerous mycotic diseases have been reported in pinnipeds and cetaceans.
Most have been reports of single cases (Williamson et al., 1959; Wilson
et al., 1974; Sweeney et al., 1976; Migaki et al., 1978a, b). Only a few fungal
organisms are known as major pathogens of marine mammals. Since fungal
organisms are usually opportunistic or secondary invaders, these organisms
pose a serious health risk to the animal that is immunocompromised due to
malnutrition, stress or concurrent viral infection, or on long-term antibiotic
therapy.

Candida

Candida species are common commensals of the upper respiratory, intestinal,
and genitourinary tracts. Candida albicans is the most common species of
Candida to cause clinical disease in stressed pinnipeds and cetaceans (Sweeney
et al., 1976; Nakeeb et al., 1977; Dunn et al., 1982, 1984; Migaki and Jones,
1983). Diseased animals usually develop lesions occurring primarily at the
mucocutaneous junctions of the mouth, blowhole, and vagina (Medway,
1980; Migaki and Jones, 1983; Dunn et al., 1984). Mucosal lesions in the
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oropharynx, trachea, esophagus, and stomach are also common. Lesions
appear as white or yellow creamy plaques on mucosal surfaces. In internal
organs, prominent focal areas of necrosis are visible. Histologically, large
colonies of septate hyphae, pseudohyphae (3–7 µm wide) and blastospores
(3–5 µm diameter) are observed in the necrotic lesions. The presence of
Candida in the epithelium of the esophagus or vagina is very common and
its histological detection, without associated lesions, is considered to be an
incidental finding.

Loboa loboi

Lobomycosis is a fungal disease that affects the skin of the Atlantic bottlenose
dolphin and people of the tropical rainforests of northern South America
(Migaki et al., 1971a; Caldwell et al., 1975; Migaki and Jones, 1983; Migaki,
1987). Grossly, these lesions are located anywhere on the animal’s body,
with the head, fin, and flukes being the most common sites. These lesions
are white, multiple, and nodular with a cobblestone appearance to the skin.
Histologically, there is a superficial granulomatous dermatitis involving
the papillary dermis. This granulomatous dermatitis is composed almost
entirely of macrophages and multinucleated giant cells containing numerous
chains of round yeast forms (5–10 µm in diameter). Some yeast forms con-
tain a 1–2 µm central body. Larger yeast forms may have a rough and spiny
surface. The epidermis over these areas of inflammation is often acanthotic
with downward growths of the rete pegs. Clinically, the animals are not
seriously affected by this organism; however, if lesions become large, the
animal may become debilitated and die (usually due to secondary bacterial
infections). Therapeutic treatment has not proven successful; however,
removal of the affected area has shown positive results (Migaki, 1987).

Fusarium

Outbreaks of Fusarium-induced dermatitis have been observed in a group
of captive California sea lions, gray seals, harbor seals, Atlantic white-sided
dolphins, and a pygmy sperm whale (Kogia breviceps) (Montali et al., 1981;
Migaki, 1987; Frasca et al., 1996). The lesions consisted of papules and
nodules on the face, trunk, flippers, and the caudal portions of the body.
Histologically, there is hyperplasia of the follicular and epidermal epithelium
with associated chronic active inflammation and numerous fungal hyphae
(septate, branching hyphae, 2–5 µm in width with parallel sides). Treatment
of the animals with ketoconazole caused the dermatitis to resolve in 3–
4 weeks (Frasca et al., 1996). In marine mammals, Fusarium spp. are most
likely opportunistic invaders of the skin. Animals that are immunocom-
promised due to stress or illness may be most susceptible. Damage to the
integument due to excessive chlorination of the water and large fluctuations
in pool temperatures may also play an important role in this disease.
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Aspergillus and Zygomycetes

Aspergillus and Zygomycetes infections cause serious disease in individual
animals (Carrol et al., 1968; Sweeney et al., 1976; Migaki and Jones, 1983).
As with infection with Candida, the affected animals are usually stressed
and/or under prolonged antibiotic therapy. Infection can involve focal areas,
usually the esophagus or lungs; however, systemic spread of the fungus is
common. Lesions involving the esophagus and trachea usually appear as
ulcers with yellow- to cream-colored plaques over the affected area. Sys-
temic spread leads to necrosis of multiple tissues, with the liver and kidney
commonly involved. Diagnosis is by observing the characteristic hyphae
(Aspergillus: long, branched, septate hyphae, 3–4 µm wide with parallel walls.
Zygomycetes: long, nonseptate, nonparallel walled hyphae with irregular
branching).

Microsporum, Trichophyton, and Epidermophyton spp.

Cutaneous infections with Microsporum canis and Trichophyton spp. have
been reported in both cetaceans and pinnipeds. Microsporum canis has been
isolated from harbor seals; Trichophyton spp. in northern fur seals, Steller’s
sea lions, and bottlenose dolphins, and Epidermophyton from an unknown
species of manatee (Dilbone 1965; Farnsworth et al., 1975; Migaki and
Jones, 1983; Migaki, 1987; Tanaka et al., 1994). Infection in seals is charac-
terized by round, depilated areas, 2–3 cm in diameter, on the face and back.
These depilated areas spread over the entire body. Histologically, there
is epidermal hyperplasia with hyperkeratosis, parakeratosis, necrosis, and
microvesiculation and microabscess formation. Numerous neutrophils are
present in the affected epidermis. Numerous branched, septate hyphae, 2–
7 µm in diameter, are observed in the parakeratotic and necrotic regions.

Coccidioides immitis

Coccidioides immitis has been identified as an endemic disease in the California
sea lion and as an isolated case in the California sea otter (Enhydra lutris
nereis) and bottlenose dolphin (Reed et al., 1976; Fauquier et al., 1996;
Reidarson et al., 1998). This organism appears to be endemic in animals
that inhabit the southern and central part of their range from Baja California,
Mexico in the south to Monterey County, California in the north (Fauquier
et al., 1996). Coccidioides immitis is an infectious agent to numerous animal
species and is a serious health risk to humans (Valley Fever) when living in
endemic areas. Endemic areas are Arizona, southern and central California,
Mexico, New Mexico, Nevada, Utah, and Texas. This organism probably
infects sea lions by inhalation of spores and, as in most animals, usually
results only in mild respiratory disease. Recovery usually occurs after a short
illness. Some animals develop a serious disseminated disease. Sick animals
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usually beach and are presented ill. Gross necropsy findings are focal to dis-
seminated granulomas involving the lungs, liver, pancreas, numerous lymph
nodes (retropharyngeal, submandibular, mesenteric, and tracheobronchial
lymph nodes), and occasionally a purulent pleuritis and peritonitis. Histolo-
gically, the affected organs develop pyogranulomatous inflammation with
variable numbers of multinucleated giant cells and large, round, double
contoured wall spherules, 10–70 µm in diameter. Filling the spherules are
numerous small (2–5 µm) endospores. Coccidioides immitis is able to survive
in sea water for several weeks, however it is unknown whether sea water
could be a means of infecting animals (Fauquier et al., 1996).

Parasitic diseases

Parasites can cause serious health problems in marine mammals. These
parasites can cause a loss of valuable nutrients that are required for proper
growth and maintenance of the animal. Parasitic damage to the animal’s
hair coat, respiratory tract, and digestive system can cause a breakdown of
these protective barriers, leading to increased susceptibility of these animals
to bacterial and viral infections. Environmental contamination such as
heavy metals, PCBs, and other pollutants may further damage the animal’s
immune system. This can lead to an increase in the animal’s susceptibility
to parasitic infections and exacerbation of the effects of the parasite on the
animal host.

Since parasites are common in marine mammals, it is often difficult to
determine if these organisms caused the debilitation and/or death of the
animal. Evaluation of the parasitic burden, type of parasites involved, and
nature of the illness need to be determined if the parasites are to be implic-
ated as a major contributor to the animal’s poor condition or death.

Parasitic disease of pinnipeds and sea otters

Protozoal parasites of pinnipeds

Numerous protozoal diseases have been identified in pinnipeds. Sarcocystis
species have been reported in northern fur seals (Brown et al., 1974a), ringed
seals (Migaki and Albert, 1980), bearded seals (Bishop, 1979), Hawaiian
monk seals, Monachus schauinslandi (Yantis et al., 1998), and California sea
lion (Mense et al., 1992). Most reports of Sarcocystis have been incidental
findings with the presence of the parasite in large protozoal cysts in the
skeletal muscle. These infections most likely represent host-adapted Sarco-
cystis species that cause little damage in the animal. In the California sea
lion and Hawaiian monk seal, Sarcocystis species have caused serious dis-
ease leading to a necrotizing hepatitis in the affected animal.

Toxoplasma gondii has been identified in the California sea lion (Migaki
et al., 1977), northern fur seal (Holshuh et al., 1985), bearded seal (Bishop,
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1979) and harbor seal (Van Pelt and Dieterich, 1973). Affected animals
develop disseminated disease with necrosis of many organs and numerous
Toxoplasma tachyzoites present in the lesion. Differentiation of the
tachyzoites of Toxoplasma from those of Sarcocystis can be accomplished
with ultrastructural evaluation of the protozoal organisms or by immuno-
histochemical techniques.

Giardia oocysts have been identified in fecal samples from ringed seals in
the arctic region of Canada (Olson et al., 1997). Infected animals failed to
demonstrate clinical disease. However, the potential of malabsorption and
diarrhea does exist, particularly in debilitated animals. The zoonotic poten-
tial of infected seals to act as a reservoir for human infection is unknown.

External parasites of pinnipeds and sea otters

Lice are a common finding on young pinnipeds (Sweeney, 1974; Conlogue
et al., 1980). Anopluran (sucking) lice are the major louse identified on
these animals. These insects usually cause little damage. However, in some
debilitated animals, severe alopecia may occur. As an animal ages, the louse
burden usually decreases to the point of rarely finding these insects without
a thorough evaluation of the skin. The finding of a severe infestation in an
adult animal should suggest an immunocompromised animal. These lice are
believed to be the intermediate host for filariad nematodes of pinnipeds
(Conlogue et al., 1980).

Demodectic mange mites have been observed in the California sea lion.
These mites have been identified as Demodex zalophi (Sweeney, 1974). Many
animals are infected with the mite, but only some animals develop alopecia
and thickening of the skin over the flippers, axillary, ventral abdominal and
inguinal regions, and genitalia. Demodectic mites have also been observed
in the hair follicles of the heads of sea otters, but no severe dermatologic
conditions have been observed (Moeller, personal observations).

Internal parasites of pinnipeds and sea otters

Lung mites are common parasites of seals and sea lions (Keyes, 1965; Kim
and Haas, 1980). These small white mites (0.5–0.8 mm in length) are found
in the nasal passages, trachea, bronchi, and bronchioles. Orthohalarachne
attenuata inhabit the nasal passages and Orthohalarachne diminuata are found
in the lungs. Halarachne miroungae are observed in the nasal cavity of sea
otters. These mites are commonly found as incidental findings; however,
large numbers of these parasite may cause increased mucus secretions of the
respiratory tract, with nasal discharge, dyspnea, and coughing.

Parafilaroides decorus are the most common lung worm of the California
sea lion (Dailey and Brownell, 1972; Sweeney, 1974). The opal-eye fish (Girella
nigricans) is the intermediate host for this metastrongilid parasite. These
parasites migrate to the lungs of infected sea lions and release larvae in the
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alveoli. These parasites are often noted with minimal inflammation present.
However, in severe infections, they are believed to be associated with
a severe bacterial bronchopneumonia. Parafilaroides species have been
identified with Brucella bacteria present in their uterus and gut (Garner
et al., 1997). Brucella-infected lungworms may cause brucellosis infection in
pinnipeds.

Otostrongylus circumlitus are metastrongylids that inhabit the primary
and secondary bronchi of harbor seals and northern elephant seals (Wilson
and Stockdale, 1970; Migaki et al., 1971b; Dailey and Stroud, 1978). These
parasites may be found with little damage to the bronchi or causing serious
bronchiectasis. In severe infections, prominent bronchiectatic abscesses may
be observed, containing large numbers of these parasites.

Contracaecum and Anisakis species are common nematodes of the
stomach of pinnipeds (Bishop, 1979). These parasites are usually incidental
findings; however, they may cause severe gastric hemorrhage and melena.
Occasionally nodules with larval forms of these parasites may be found in
the gastric mucosa and submucosa. Fish are the intermediate host for these
parasites.

Hookworms are common in sea lions and northern fur seals (Olsen and
Lyons, 1965; Brown et al., 1974b; Lyons et al., 1997). These parasites are a
serious problem in young pups. Infected animals can be seriously debilitated
by large worm burdens resulting in anemia and exsanguination. The most
common hookworms are Uncinaria lucase and Uncinaria hamiltoni. Pups are
infected by the ingestion of larva-laden milk from the dam. After about
3 months, the pups shed the parasite infection and are reinfected with
the third-stage larvae that migrate to the blubber and mammary glands. In
these tissues, the parasitic larvae remain dormant until the animals become
adults and shed the larva in their milk to their young during lactation.

Acanthocephalans are common intestinal parasites of pinnipeds and
sea otters (Rausch, 1953; Dailey and Walker, 1978). These parasites are
often observed as incidental findings in the jejunum, ileum, and colon,
where they bury their proboscis into the mucosa and submucosa, causing
a mild granulomatous reaction. Most acanthocephalans are of the genus
Corynosoma. In most pinnipeds, these rarely penetrate deep in the intestinal
wall causing problems. However, in the sea otter, these parasites are known
to penetrate through the intestinal wall, resulting in peritonitis and death
(Rausch, 1953).

Zalophotrema hepaticum is the liver fluke of sea lions found in the
intrahepatic bile ducts, gall bladder, and common bile ducts (Johnston and
Ridgeway, 1969; Howard et al., 1983a). This fluke causes little damage but
will occasionally cause cystic cavitation in the hepatic parenchyma.

Sea otters and the bearded seals have gall-bladder flukes (Orthosplanchnus
fraterculus) that cause cystic and nodular hyperplasia of the gall-bladder
mucosa. It is felt that these parasites are responsible for a chronic fibrosing
cholangitis and cholecystitis of the bile duct and gall bladder.
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Parasitic diseases of cetaceans and manatees

Protozoal diseases of cetaceans and manatees

Sarcocystis spp. parasites have been seen in sperm whales (Physeter macro-
cephalus) and striped dolphins (Cowen, 1966; Owen and Kakulas, 1967;
Dailey and Stroud, 1978). These parasites appear to be incidental findings,
with typical Sarcocystis-type cysts in striated muscle.

Toxoplasma gondii has been associated with disseminated disease in the
Atlantic bottlenose dolphin, spinner dolphin (Stenella longirostris), and
Florida manatee (Trichechus manatus latirostris) (Buergelt and Bonde, 1983;
Inskeep et al., 1990). Active infections with T. gondii have resulted in necrosis
of multiple organs with tachyzoites present. Like infections in pinnipeds,
infection with this protozoon is usually associated with immunocompromised
animals.

A large ciliated protozoon is often found in necrotic cutaneous lesions
in the Atlantic bottlenosed dolphin (Schulman and Lipscomb, 1999). This
organism is up to 60–80 µm in diameter, with a large 20 µm diameter
macronucleus. It is felt that it is an opportunistic invader since the protozoon
is commonly found around the blowhole of dolphins without inflammation.

External parasites of cetaceans

Several species of lice have been isolated from the skin of cetaceans (Howard
et al., 1983a). These parasites appear to be incidental findings and do not
cause clinical disease in these animals. Sessile and pedunculated barnacles
are also commonly seen on cetaceans (Howard et al., 1983b). These organisms
appear not to cause damage to the skin of affected animals.

Internal parasites of cetaceans

Nasitrema flukes are common parasites of the head sinuses and occasionally
the middle ear of many species of dolphins, porpoises, and toothed whales
(Migaki et al., 1971b; Dailey and Stroud, 1978; Dailey and Walker, 1978).
These parasites are commonly found attached to the submucosal glands
in the sinuses. They rarely cause problems in these animals. However, these
flukes will occasionally migrate into the brain causing a severe parasitic
encephalitis and death (Lewis and Berry, 1988; O’Shea et al., 1991). The life
cycle is unknown.

Halocercus and Stenurus spp. of metastrongyle parasites are found in the
lungs of dolphins and porpoises. Stenurus spp. are most commonly found in
the harbor porpoise and Dall’s porpoise (Phocoenoides dalli) (Johnston and
Ridgeway, 1969; Dailey and Stroud, 1978). Halocercus spp. inhabit the small
bronchi and bronchioles of the lung. Stenurus spp. are located in bronchioles
of the pulmonary parenchyma, causing subpleural nodules that are filled
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with parasites. Both can be incidental findings in animals with mild irritation
of the bronchioles and an increase in mucus secretions. However, they
can also be associated with a severe bacterial bronchopneumonia when the
animal has large numbers of parasites in the bronchioles. The life cycle of
Halocercus is unknown but believed to be direct. Infection of young dolphins
also suggests transplacental transmigration of the parasite (Moser and
Rhinehart, 1993).

Crassicauda species of nematodes are commonly found in the pterygoid
air sinus of some toothed whales (Dailey and Stroud, 1978). Occasionally
these parasites will migrate to the tympanic bulla or brain, leading to CNS
lesions and stranding of the animals.

Braunina cordiformis and Pholeter gastrophilus are flukes commonly
identified in the second chamber of the stomach of dolphins (Migaki et al.,
1971a). Braunina attach to the gastric mucosa and have a characteristic urn-
shaped appearance in the lumen. Pholeter gastrophilus buries deep in the
mucosa, forming small, black, cavitary nodules that can be identified on
palpation.

Cyclorchis campula is a trematode that inhabits the bile and pancreatic
ducts of numerous cetaceans (Migaki et al., 1971a). This parasite may be an
incidental finding or may cause extensive mucosal hyperplasia of the ductal
mucosa and fibrosis of the periductal connective tissue. Parasites are usually
found in the larger dilated pancreatic ducts.

Conclusions

Infectious disease, be it viral, bacterial, fungal, or parasitic, continues to be
important in causing death in many marine mammals. Natural epizootics
will continue to affect marine mammals. The reason for the catastrophic
losses seen in such epizootics may be due to the accumulation of various
xenobiotics in the animals, leading to immunosupression and increased
susceptibility to infectious agents. It is not only important to evaluate dead
and dying animals for infectious agents, but also to monitor these animals
for possible accumulations of contaminants which may be causing immuno-
suppression and increasing the risk of the animals to infection. These
animals, like humans, are at the top of the food chain. Consequently, accu-
mulation of these toxic compounds in marine mammals may reflect our own
accumulations, which should be a concern to all about our environmental
degradation.
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2 Contaminants and marine
mammal immunotoxicology
and pathology

Sylvain De Guise, Kimberlee B. Beckmen
and Steven D. Holladay

Pollutants in marine mammals

Oceans have long been considered endless sinks where domestic and industrial
wastes could be discarded. It is not surprising to now measure significant
concentrations of such contaminants in the water, sediments and inhabitants
of the marine environment. This is especially true for stable compounds,
such as organochlorines, which often persist long after their production and
use have been banned. Marine mammals, which are usually at the top of a
complex food chain, often accumulate large amounts of those contaminants.
Of special interest (because of their abundance and/or known toxicity) are
organochlorines (PCBs, DDT, etc.), heavy metals, and polycyclic aromatic
hydrocarbons (PAHs), which have been found in marine mammal tissues
worldwide, including Europe (Holden and Marsden, 1967; Reijnders, 1980;
Baumann and Martinsen, 1983), North America (Gaskin et al., 1971; Addison
et al., 1973; Muir et al., 1990), South America (Gaskin et al., 1974), Asia
(Taruski et al., 1975), the Arctic (Addison and Smith, 1974; Born et al., 1981)
and Antarctica (Sladen et al., 1966). Those studies demonstrated that
pollution problems are now global, and that there are no more pristine
environments. But the biological significance and potential health effects of
these environmental contaminants still need to be addressed.

Potential effects of contaminants on marine mammals

Catastrophic viral epidemics have recently affected several populations of
seals (Geraci et al., 1982; Osterhaus et al., 1988), porpoises (Kennedy et al.,
1991) and dolphins (Domingo et al., 1990, 1992), all severely contaminated
by industrial pollutants. No doubt, influenza virus or morbilliviruses were
the direct causes for the deaths of thousands of these animals. However, it
has long been known that experimental animals chronically exposed to PCBs
are more susceptible to viral infections. The viruses used in these experiments
represented a wide range, including duck hepatitis virus, a small RNA virus
(picornavirus) (Friend and Trainer, 1970); a murine leukemia virus, an RNA
virus (retrovirus) (Koller, 1977); and herpes simplex, a large DNA virus
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(Imanishi et al., 1980). Accordingly, a possible immunosuppressive role of
organohalogens to explain the severity of the cetacean and pinniped epidemics
has been suggested (Eis, 1989). Similarly, contaminant-induced immuno-
suppression has been suggested to explain the high incidence, severity and
diversity of lesions often caused by opportunistic and mildly pathogenic
bacteria that were found on post-mortem examination of the endangered,
small isolated population of beluga whales (Delphinapterus leucas) from the
St. Lawrence estuary (Martineau et al., 1988; De Guise et al., 1995a). Although
many contaminants of the marine environment (organochlorines, heavy
metals, polycyclic aromatic hydrocarbons) are well characterized as immuno-
toxicants in laboratory rodents, the demonstration of immunotoxic effects
in marine mammals exposed to these agents represents a significant challenge.
Such is true in these species because of the relatively limited immunologic
database presently existing, relatively limited assay development and re-
agent availability to evaluate immune function in marine mammals, genetic
diversity naturally occurring in outbred populations such as marine mam-
mals, and logistical and ethical considerations when working with marine
mammals.

Immunotoxicology

Immunotoxicology is a relatively new scientific discipline, the aim of which
is to detect, quantify and interpret direct or indirect alterations of the immune
system that occur as a result of exposure to chemicals, pharmaceuticals,
recombinant biologicals or environmental and occupational pollutants
(Burleson and Dean, 1995). The immune system is a complex network of cells
with diverse functions, communicating through a wide array of messenger
molecules, which has evolved to protect the host from potentially pathogenic
agents, including viruses, bacteria, parasites, fungi, neoplastic and non-self
cells (Roitt et al., 1993). Immunotoxicology studies deal with immune altera-
tions, stimulatory or suppressive, their mechanisms, and their resulting effects
on susceptibility or duration of infectious, allergic or autoimmune diseases
(Burleson and Dean, 1995).

Considerable efforts have been made to standardize methods and assays.
A comprehensive testing panel composed of two tiers has been developed
and validated to characterize immune alterations following in vivo chemical
exposure in mice (Luster et al., 1988). Further studies demonstrated that
immunophenotyping of splenic lymphocytes and the enumeration of plaque-
forming cells (PFCs) after immunization with sheep red blood cells were the
two individual assays most predictive of immunotoxicity (Luster et al., 1992).
In contrast, commonly employed measures such as leukocyte counts and
lymphoid organ weights were fairly insensitive (Luster et al., 1992). Several
combinations of two assays could predict immunotoxicity with a percentage
concordance (sum of specificity and sensitivity) of 90 per cent or more.
These combinations included immunophenotyping (surface markers) of
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lymphocytes coupled to either PFC, natural killer (NK) cell activity, T-cell
mitogen-induced proliferation, delayed hypersensitivity response, cytotoxic
T-lymphocyte activity (CTL), thymus–body weight ratio, or lipopoly-
saccharide (LPS)-induced B-lymphocyte proliferation, as well as PFC
coupled to either NK cell activity, CTL or thymus–body weight ratio (Luster
et al., 1992). Further studies comparing the relationship between the immune
function and host resistance showed a good correlation between changes in
the immune tests and altered host resistance, with no instances where host
resistance was altered without affecting an immune test (Luster et al., 1993).
These studies also showed that no single immune test could be identified
which was fully predictive for altered host resistance, although several assays
were relatively good individual indicators (Luster et al., 1993).

Although significant progress has been made in chemical-induced immuno-
toxicity in rodents, the predictive value of those studies for risk assessment
in other species remains questionable. For this and other reasons, efforts
have been made to develop models using in vitro exposure. Although such
models do not allow evaluation of the pharmacokinetics of the compounds
tested (including absorption, distribution, excretion and long-term accumu-
lation), they have several advantages. They allow the evaluation of the
direct effects of a compound on the immune system, with a relatively rapid
detection of immunotoxic effects (compared to in vivo systems), at a much
lower cost, and with fewer animals used (Munson and LeVier, 1995). These
reasons have prompted an attempt to validate and use in vitro studies for
regulatory purposes (Prochazkova, 1993; Jackson, 1998). But most import-
antly, in vitro exposures allow studies in species such as marine mammals,
where obvious logistical and ethical considerations would make experi-
mental in vivo studies very difficult, in addition to allowing comparisons
among species. Nevertheless, several of the assays (such as CTL or PFC),
for which predictive values were established in vivo, cannot be performed
if the animals used have not been previously experimentally exposed or
immunized.

In view of suspected contaminant-induced immune suppression underlying
health problems and epizootics in marine mammals, we will briefly review
the known immunotoxic effects of environmental pollutants demonstrated
in laboratory species.

Immunotoxicity of organohalogens

Organohalogens are among the most abundant contaminants in tissues of
marine mammals. Ample evidence that organohalogens have detrimental
effects on the immune system of humans and animals has been collected
over the past 25 years. These compounds alter both innate and acquired
immune functions, and both cellular and humoral immunity. TCDD (2,3,7,8,
-tetrachlorodibenzo-p-dioxin), the most immunotoxic of aromatic halogen-
ated hydrocarbons (HAHs), induces thymic atrophy in all species evaluated

Ve
tB

oo
ks

.ir



Contaminants, immunotoxicology, and pathology 41

(Poland and Knutson, 1982; Davis and Safe, 1988; Kerkvliet et al., 1990;
Andersson et al., 1991). PCBs, and most notably the coplanar congeners,
have similar, albeit less severe, effects: they cause lymphoid depletion in
chicks (Andersson et al., 1991), reduce natural killer cell toxicity in rats (Exon
et al., 1985; Smialowicz et al., 1989), decrease the number of T cells and the
T-helper/T-suppresser cells ratio in non-human primates (Tryphonas et al.,
1989), and reduce T cell-mediated cytotoxic activity in mice (Kerkvliet
et al., 1990). PCBs decrease antibody production in response to injection of
sheep red blood cells (SRBCs) in PCB-treated mice and non-human prim-
ates (Loose et al., 1977; Thomas and Hinsdill, 1978; Tryphonas et al., 1989).
The reduction of serum IgA levels seems to be a consistent component of
PCB immunotoxicity (Shigematsu et al., 1971; Loose et al., 1977; Loose
et al., 1978). B cells and particularly B-cell differentiation appear as import-
ant targets for halogenated hydrocarbons (Davis and Safe, 1988). Serum
corticosteroid levels are also altered by PCBs (Wasserman et al., 1973;
Durham and Brouwer, 1990; Kerkvliet et al., 1990). The immunotoxicity
of various metabolites of PCBs has also been demonstrated: chlorinated
diphenyl ethers, found in Great Lakes fish, significantly decrease circulating
lymphocytes in male rats (Chu et al., 1990). The complement system, a
non-specific defense mechanism against infectious agents, is altered by PCBs
(White et al., 1986). Neutrophil functions are also modulated by in vitro
exposure to PCBs (Ganey et al., 1993).

Not surprisingly, PCB-induced immunosuppression results in a higher
sensitivity of experimental animals to a wide variety of infectious agents:
Gram-negative bacteria (endotoxin), protozoa and viruses. The sensitivity
of PCB-treated mice to endotoxin, malaria (Loose et al., 1978) and bacteria
(Thomas and Hinsdill, 1978) is increased. Rabbits synthesize fewer antibodies
after being challenged by pseudorabies virus (Koller and Thigpen, 1973)
and mice are more sensitive to challenge by herpes simplex and ectromelia
(mousepox) (Imanishi et al., 1980). The resistance of PCB-treated ducks to
duck hepatitis virus is also impaired (Friend and Trainer, 1970).

Immunotoxicity of heavy metals

The immunotoxicity of heavy metals in the aquatic environment has been
reviewed relatively extensively (Bernier et al., 1995). The general immunotoxic
potential of different metals has been ranked as follows: mercury > copper >
manganese > cobalt > cadmium > chromium (Lawrence, 1981a). The major
immunotoxic effects of the most intensively studied heavy metals, including
mercury, cadmium and lead, are discussed briefly below.

The immunotoxic potential of mercury has been very well documented.
In addition to reducing the spleen and thymus weight in mice (Dieter et al.,
1983; Ilbäck, 1991), mercury exposure has been shown to decrease humoral
immunity in several species, including the rabbit (Koller et al., 1977), chicken
(Thaxton and Parkhurst, 1973; Bridger and Thaxton, 1983) and mice (Dieter

Ve
tB

oo
ks

.ir



42 S. De Guise et al.

et al., 1983). It was also demonstrated to reduce NK-cell activity in rats
(Ilbäck et al., 1991) and mouse (Ilbäck, 1991). In addition, repeated exposure
to mercury induced autoimmune diseases in genetically susceptible laboratory
animals (Aten et al., 1988; Kubicka-Muranyi et al., 1993).

NK-cell activity was reduced upon exposure to various doses of cadmium
through different routes (Chowdhury and Chandra, 1989). For other para-
meters, such as PFCs, number of macrophages, phagocytosis and lymphocyte
proliferation, results varied depending on the species, dose and route of
administration (Bernier et al., 1995). Host resistance to pathogens following
exposure to cadmium appeared to be compromised with higher doses, but
increased with lower doses (Bernier et al., 1995).

Although the main target for lead toxicity appears to be the nervous sys-
tem, immunotoxic effects have also been reported, although they appear to
be quite variable. B lymphocytes appear to be a target for lead immunotoxi-
city. LPS-induced mouse B lymphocyte proliferation was reduced upon
exposure to lead (Lawrence, 1981b; Burchiel et al., 1987), whereas there were
no dose-related changes in T-lymphocyte proliferation (Lawrence, 1981b).
Reduced serum levels of IgG were also observed in rats exposed to lead
(Luster et al., 1978). The effects of lead on specific antibody production
(PFCs) were not clear, with some studies showing decreased, enhanced or
no effect on the response (Lawrence, 1981b). In contrast, the effects of lead
on host resistance were characterized by a uniformly decreased resistance to
infection (Cook et al., 1975; Lawrence, 1981b; Laschi-Loquerie et al., 1987).

Immunotoxicity of mixtures

The immunotoxicity of mixtures of toxic compounds has rarely been evalu-
ated. Flipo et al. (1992) demonstrated a lack of suppression when mice
were exposed to a mixture of dieldrin and carbofuran, two insecticides that
separately induced a suppression of immune functions. Dolara et al. (1993)
found no appreciable genotoxicity associated with a mixture of fifteen pesti-
cides commonly found in the Italian diet. Consumption of the mixture of
contaminants contained in Baltic Sea fishes was associated with a reduction
of the number of NK cells in circulation in humans (Svensson et al., 1994).
Chu et al. (1980) did not observe any synergy between halogenated biphenyls
and mirex-related compounds. Davis and Safe (1989) and Biegel et al. (1989)
showed antagonist effects of commercial mixtures and individual PCB con-
geners on the immunotoxic effects of 2,3,7,8-TCDD as measured by splenic
plaque-forming cell assay. In addition, Harper et al. (1995) demonstrated
the non-additive antagonistic interactions of PCB congeners in commercial
mixtures. They observed effects on mice splenic plaque-forming cell assay at
a higher dose than that calculated by adding the effects of each component
of the mixture using an immunotoxicity-derived toxic equivalent factor. On
the other hand, in beluga whales, some PCB congeners appeared to have a
synergistic effect in a mixture (see below; De Guise et al., 1998a).
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Marine mammal immunology

Marine mammal immunology is a relatively new, rapidly evolving discipline.
Some of the reasons for its recently recognized importance include the real-
ization that the immune system plays a central role in general health, and
the fact that immune functions can be influenced by several factors such as
pollution or stress, and the observation that the immune system is among the
most sensitive of systems to certain HAHs, such as TCDD, and thus may
make a good ‘biomarker’ system. Nevertheless, it is important to understand
the complexity of the immune system and its functions. No single assay can
pretend to evaluate the immune system as a whole, but different assays can
evaluate different components, mechanisms or functions. Some laboratories
have committed to the development and standardization of assays and
reagents to evaluate different portions of the marine mammal immune sys-
tem, such as humoral, cell-mediated and non-specific immunity. The follow-
ing section will describe the different components of the mammalian immune
system and briefly describe the assays and reagents available in marine
mammals.

The immune system is composed of two relatively distinct portions, the
innate or non-specific, and the acquired or specific immunity. The innate
immunity, which comprises mechanisms mostly responsible for the first line
of defense, such as phagocytic cells (neutrophils and macrophages) and NK-
cell activity, is not enhanced upon re-exposure to an antigen. In contrast,
the acquired immunity, which comprises lymphocytes and antibodies, is
responsible for long-term protection which is enhanced upon re-exposure to
an antigen, i.e. immunological memory. Furthermore, the acquired immune
system has been classically divided into two arms, the cell-mediated immun-
ity and the antibody-mediated humoral immunity, with intricately related
functions.

Lymphocytes play a central role in all immune functions. The two major
populations of lymphocytes are T cells (cell-mediated immunity) and B cells
(humoral immunity). These subsets are morphologically indistinguishable
although their functions differ profoundly. The identification of the different
cell subsets proved to be a useful diagnostic and prognostic tool for disease
processes such as human AIDS (Fahey et al., 1984). Nevertheless, reagents
for cetacean immunology are not readily available. In view of the current
efforts to classify morphologically indistinguishable lymphocyte subpopula-
tions in several species, and of the relative success obtained with some cross-
reactive monoclonal antibodies (Jacobson et al., 1993), attempts were first
made to identify subclasses of lymphocytes in cetaceans using cross-reactive
monoclonal antibodies. Romano et al. (1992) studied the cross-reactivity of
an anti-human major histocompatibility (MHC) class II in bottlenose dolphin
(Tursiops truncatus), and De Guise et al. (1997a) investigated the cross-
reactivity of anti-bovine, anti-human, anti-ovine and anti-mouse monoclonal
antibodies in beluga whale. Romano et al. (1992) also produced an antiserum
to dolphin immunoglobulins for further use in identification of B
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lymphocytes. More recently, cetacean-specific monoclonal antibodies against
bottlenose dolphin homologue to an epitope of CD2 (T cells), CD19 and
CD21 (B cells), and CD45R (a marker of activation of T cells) and CD11/
CD18 (a marker of activation of neutrophils, monocytes and B cells) have
been characterized (De Guise et al., 1997b, 1998b, 2002).

Beyond recognition of a cell, it is also important to determine its func-
tion. In vitro mitogen-induced lymphoblastic transformation, or blastogenesis,
measures the ability of lymphocytes to proliferate in response to a polyclonal
stimulation. This assay is interesting because it reflects the activation of the
immune response after an antigenic stimulation in vivo (Kristensen et al.,
1982). Although this assay has been performed previously with peripheral
blood from a variety of species (Mumford et al., 1975; Colgrove, 1978; Shopp
et al., 1991; Romano et al., 1992; Lahvis et al., 1993; Ross et al., 1993; de
Swart et al., 1993; Erickson et al., 1995; DiMolfetto-Landon et al., 1995; De
Guise et al., 1996a), the methods are getting more and more standardized.
Also, methods were developed to evaluate the activation of T lymphocytes
through the expression of the receptor for interleukin-2 (IL-2R) (DiMolfetto-
Landon et al., 1995; Erickson et al., 1995).

Neutrophils represent the first line of defense of the innate immune sys-
tem against invading agents, especially bacteria (van Oss, 1986). Ingestion
of foreign material through the process of phagocytosis, and destruction of
phagocytized particles through a series of biochemical events known as the
respiratory burst, are the major function of neutrophils (Tizard, 1992). Quant-
itative assays have been developed to measure phagocytosis and respiratory
burst in beluga whales using flow cytometry (De Guise et al., 1995b).

NK cells represent a heterogeneous population of large granular
lymphocytes, the activity of which is mainly directed against tumor cells and
virus-infected cells (O’Shea and Ortaldo, 1992). NK-cell activity is not re-
stricted to the major histocompatibility complex (MHC), does not need
previous sensitization, and represents a first line of defense in the early
phase of virus infection (O’Shea and Ortaldo, 1992). While NK cells remain
difficult to define, owing to the heterogeneous nature of their subpopulations,
they have been characterized on the basis of their activity. NK-cell activity
is typically measured as the killing of target (usually tumor cell lines), and
assays have been developed and standardized in harbor seals (Phoca vitulina)
(Ross et al., 1996) and beluga whales (De Guise et al., 1997c).

Immunoglobulins, or antibodies, are soluble protein molecules that spe-
cifically recognize antigens in order to hasten their destruction or elimina-
tion. Immunoglobulins have been at least partially purified and characterized
in several species of marine mammals (Boyden and Gemeroy, 1950; Travis
and Sanders, 1972; Nash and Mack, 1977; Cavagnolo, 1979; Andresdottir
et al., 1987; Suer et al., 1988). More recently, King et al. (1993) produced
monoclonal antibodies to seal immunoglobulin subclasses, allowing their
quantification (King et al., 1994).
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In addition to immunological assays, methods such as cryopreservation
of marine mammal lymphocytes have been validated. This will allow the
standardization of methods for studies using samples collected on different
days and from different locations or populations, and for simultaneous
analysis and therefore better comparison. These developments allowed for
better quantification of the immune function of marine mammals, providing
tools for immunotoxicology studies.

Marine mammal immunotoxicology

The direct determination of the effects of environmental contaminants on
the immune system of wild marine mammals is difficult because of logistical
and ethical considerations. Nevertheless, different approaches have been
adopted, including in vitro exposure and animal models, in addition to semi-
field and field studies.

In vitro exposures of Arctic beluga whale immune cells to heavy metals
and organochlorines were performed. Proliferation of lymphocytes exposed
to 10−5 M HgCl2 and CdCl2, but not to lower concentrations, was significantly
reduced when compared to unexposed control cells (De Guise et al., 1996b).
These concentrations are within the range of mercury and cadmium found
in tissues of wild belugas (De Guise et al., 1996b). Similarly, proliferation
of lymphocytes exposed to 20 ppm or more PCB 138, and 50 ppm or more
p,p′-DDT, but not to PCB 153, 180, 169 or p,p′-DDE, was significantly
reduced when compared to unexposed control cells (De Guise et al., 1998a).
Interestingly, some PCB congener concentrations which had no effect on
splenocyte proliferation when tested individually (5 ppm), were found to
significantly reduce proliferation when three of them were mixed together
(De Guise et al., 1998a). It is challenging to explain that the addition of PCB
169, a coplanar congener that is usually considered particularly immunotoxic,
reduced the toxicity of the mixture on beluga cells. The above data suggest
a synergistic effect of some organochlorine compounds on beluga whale
splenocytes, and at concentrations that are well within the range of those
measured in the wild in St. Lawrence beluga whale blubber (Muir et al., 1990).
Overall, the results of these in vitro assays demonstrated the susceptibility of
beluga whale cells to toxic compounds at levels comparable to those found
in tissues of wild belugas. The synergistic effects of in vitro exposure to
mixtures of organochlorines at concentrations at which individual compounds
had no effects on immune functions raises questions regarding the danger of
environmentally relevant complex mixtures.

Animal models were developed to simulate exposure to complex, environ-
mentally relevant mixtures of contaminants and to evaluate health effects
of such exposure. In one of those models, rats were fed highly contaminated
St. Lawrence beluga whale blubber versus much less contaminated Arctic
beluga blubber (De Guise et al., unpublished data). This resulted in a slight
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reduction of PFCs in response to sheep red blood cells in animals fed
contaminated whale blubber (De Guise et al., unpublished data). Similarly,
rats were fed with oil extracted from highly contaminated Baltic Sea fish
versus much less contaminated Atlantic Ocean fish (Ross et al., 1997). This
resulted in an impaired cellular immune response in rats exposed to con-
taminated fish oil, as evidenced by decreased mitogen-induced lymphocyte
proliferation in spleen and thymus, lower CD4 : CD8 ratios in the thymus,
and a lower viral infection-associated increase in NK-cell activity (Ross
et al., 1997). Those models proved to be helpful tools for assessing the
immunotoxic potential associated with exposure to complex environmentally
relevant mixtures of contaminants.

The in vivo effects of exposure to environmentally relevant concentrations
of pollutants were demonstrated experimentally in semi-field conditions,
where harbor seals were fed highly contaminated Baltic Sea fish versus much
less contaminated Atlantic Ocean fish (de Swart et al., 1994; Chapter 21 in
this volume). This resulted in impaired NK-cell activity, T-lymphocyte func-
tion and delayed-type hypersensitivity in animals fed Baltic fish (de Swart
et al., 1994). This probably represents the best experimental study design to
investigate the effects of exposure to environmental contaminants through
food consumption. Nevertheless, the perinatal transfer of contaminants
(through the placenta and milk) that occurs in nature and that affects the
highly susceptible developing immune system is not accounted for in such a
semi-field experiment.

Field studies in wild populations are logistically difficult. Nevertheless,
they represent the best way to fully evaluate the effects of chronic exposure
to environmental contaminants (see Ross et al., Chapter 22 in this volume).
In a study of free-ranging bottlenose dolphins in Florida, lymphocyte pro-
liferation was correlated to blood concentrations of contaminants using
regression analysis. Decreased lymphocyte proliferation was associated with
increased blood concentrations of organochlorines in a group of randomly
sampled animals (Lahvis et al., 1995). Also, in Alaska, northern fur seal
(Callorhinus ursinus) pups were captured and the mitogen-induced prolifera-
tion of blood lymphocytes, along with other immunoassays and health
parameters, were correlated with whole-blood levels of organochlorine (OC)
contaminants. Lymphocyte proliferation was decreased in correlation with
increasing concentrations of nine PCB congeners (Beckmen, unpublished
data). Additionally, it was found that pups of primiparous dams, having the
highest blood levels of OC contaminants, had significantly lower antibody
production in response to vaccination with tetanus toxoid compared to
pups of old dams with low concentrations of OCs in their blood (Beckmen,
unpublished data).

Taken together, these data strongly suggest that environmental contamin-
ants with known immunotoxic effects in laboratory animals, and present in
high concentrations in tissues of marine mammals, may have immunotoxic
effects in marine mammals in nature.
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Conclusions/future

The assessment of the effects of environmental contaminants on the immune
response is essential to determine the impact of those contaminants on the
health of wild populations. Deleterious effects of exposure to environmental
contaminants on immune functions have been observed in marine mammals
as well as in in vitro and animal models. Future studies in marine mammals
should be directed toward contaminant exposure at critical life stages, such
as neonatal exposure and subsequent effects on the developing immune sys-
tem. Identifying a subpopulation or cohort at greatest risk (highest exposure
and critical life stage) can allow for a focus of research and diagnostic efforts
to determine if adverse health effects are ongoing or imminent. In addition,
the study of the ‘normal’ and protective marine mammal immune response
to common pathogens, as well as the mechanisms of action of those con-
taminants (individual and within mixtures) in marine mammals, should pro-
vide a better understanding of the relation between a potentially suppressed
immune system and the development of diseases and epizootics.
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3 Reproductive and developmental
effects of environmental
organochlorines on
marine mammals

Peter J.H. Reijnders

Introduction

A large number of xenobiotics with endocrine-disrupting properties have
been detected in marine mammal tissue (Wagemann and Muir, 1984; Aguilar
and Borrell, 1995; Colborn and Smolen, 1996; Reijnders, 1996). Although
most of the species known to be contaminated in this way are coastal,
considerable concentrations of such compounds have even been detected in
at least one cetacean that forages in deep water, the sperm whale (Physeter
macrocephalus) (de Boer et al., 1998). Only in a few studies have observed
reproductive disorders been found to be associated with certain chlorinated
hydrocarbons and their metabolites. Among these studies are those involv-
ing ringed seals (Pusa hispida) and gray seals (Halichoerus grypus) in the
Baltic Sea (Helle, 1980; Bergman and Olsson, 1985; see also Chapter 19 in
this volume), beluga whales (Delphinapterus leucas) in the St. Lawrence River
(Béland et al., 1987), harbor seals (Phoca vitulina) in the Wadden Sea
(Reijnders, 1980), and California sea lions (Zalophus californianus) in the
eastern Pacific Ocean (DeLong et al., 1973). The findings of these studies,
although strongly suggestive, have not been conclusive. The etiology of the
observed disorder has usually been uncertain, and proof of a causal rela-
tionship between exposure to a specific contaminant and an impact on the
reproductive or endocrine system has remained elusive.

This chapter discusses the issue from an epidemiological point of view.
My focus is on marine mammal species in which disorders in hormone
concentrations, reproductive problems or pathological conditions associated
with hormonal imbalance have been observed. An overview of associations
between organochlorines and marine mammal reproduction and endocri-
nology is presented in Table 3.1. I conclude with some comments on the
possibilities of monitoring and evaluating problems related to xenobiotic-
induced reproductive impairment and endocrine disruption in marine
mammals.
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Basic pharmacology and physiology of hormones in reproduction
and early development

Hormones are messenger compounds. Their release leads to functional
changes in an organism’s cells, tissues and organs. They are produced by
endocrine organs and delivered into the bloodstream. A small percentage of
hormones circulate free, but the majority are bound to transport proteins.
The free hormones diffuse into the tissues and cells. Target cells possess
specific receptor molecules that bind to particular hormones, leading to
activation of the receptor.

Steroid hormones, as well as thyroid hormones, play important roles in
reproduction and early development. They are discussed separately here.

In vertebrates, sex hormones belong to a group of steroids that are syn-
thesized from cholesterol. Steroids can be divided into four functional groups:
the three sex hormone groups (androgens, estrogens and progesterone) and
the glucocorticosteroids. The latter play a role in regulating metabolism and
growth and in osmoregulation.

In mammals, steroid hormones are mainly synthesized in the adrenals,
gonads and placenta. The production of each of the sex hormones is localized
in a specific gland, such as testosterone in the testes, estrogens and proges-
terone in the ovaries, and progesterone, estrogens and testosterone in the
adrenals. These organs can, in many species, also produce small quantities
of the other sex hormones. The specific pathway of biosynthesis in mammals
is in the following order: cholesterol → pregnenolone → progesterone →
androstenedione → testosterone → estradiol (Figure 3.1).

cholesterol

pregnenolone

progesterone 17-OH-pregnenolone

dehydroepiandrosterone17-OH-progesterone

androstenedione

testosterone

estradiol

11-deoxycortisol

cortisol

11-deoxycorticosterone

corticosterone

aldosterone

Figure 3.1 Major steroidogenic pathways in mammalian endocrine tissues. Black
arrows indicate P450-mediated conversions.
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The hypothalamus and pituitary are responsible in most vertebrates for
the regulation of hormone concentrations and the timing of reproduction
and sexual development. The hypothalamus produces a peptide, gonadotropin
releasing hormone (GnRH), which stimulates the pituitary to synthesize
follicle stimulating hormone (FSH) and luteinizing hormone (LH). These
hormones regulate the synthesis of progesterone, estradiol and testosterone.
Through the production of FSH and LH, the synthesis (positive and negative
feedback) of sex hormones and gonadal development are regulated.

Thyroid hormones are important in the structural and functional develop-
ment of sexual organs and the brain, both intra-uterine and postnatal. They
are synthesized by the thyroid gland under stimulation through the thyroid
stimulating hormone produced by the pituitary. The form that is most im-
portant as a biological parameter is thyroxine (T4, tetraiodothyroxine).

Disorders of hormone concentrations

A negative correlation has been observed between testosterone levels and
tissue concentrations of dichloroethylidene-chloro-benzene (DDE) in Dall’s
porpoises, Phocoenoides dalli (Subramanian et al., 1987). In a semi-field
experiment with harbor seals, Reijnders (1986, 1990) found that lower levels
of 17β-estradiol occurred around the time of implantation.

A possible explanation for the observed lower hormone levels in both Dall’s
porpoises and harbor seals would be an increased breakdown of steroids
as a consequence of polychlorinated biphenyl (PCB)- or PCB metabolite-
induced enzyme activity. Enhanced steroidogenesis caused by some metals
and a PCB mixture (Aroclor 1254) has been demonstrated in vitro for gray
seals (Freeman and Sangalan, 1977). Furthermore, increased metabolism of
PCBs as a result of cytochrome P450 enzyme induction has already been
demonstrated in marine mammals (Tanabe et al. 1988; Boon et al., 1992). A
second explanation might be that PCB and DDE, or metabolites thereof,
bind to hormone carrier proteins and/or hormone receptors. If such binding
were to occur, either metabolism of steroids would be hindered or binding
of steroids to receptor proteins in target tissue would be impeded. It is con-
ceivable that both mechanisms – increased steroid breakdown and the binding
of xenobiotic compounds to carrier proteins or hormone receptor – could
operate in tandem.

With respect to the first mechanism, Troisi and Mason (2000) found experi-
mentally that rates of progesterone and testosterone metabolism in harbor
seals were negatively correlated with both PCB concentrations and the level
of P450 enzyme induction. If this also holds for Dall’s porpoise, it would
imply that PCB/DDE-induced hydroxylation and subsequent elimination does
not occur and hence could not explain the observed lower testosterone levels.
However, the result of Troisi and Mason’s experiment might be caused by a
non-endocrine disrupting mechanism. They found particularly phenobarbital
(PB)-type of induction (e.g. cytochrome P450 enzyme subfamilies CYP2B
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and CYP3A). This should lead to increased testosterone hydroxylation, but
that was not observed. It is conceivable that in the presence of high PCB
and DDE levels, lack of substrate occurs, and PCBs and DDE bind to active
sites of P450 isoenzymes. This blocking of catalytic activity, in particular
of the PB-type, would lead to decreased breakdown of testosterone in their
experiment. The lowered levels of testosterone reported by Subramanian
et al. (1987) could therefore still be explained by either PCB/DDE-induced
breakdown of testosterone or its precursors, or by a hindrance in the trans-
formation of precursors for testosterone by PCB, DDE or their metabolites.
These postulated explanations obviously need further testing.

With respect to the lower levels of estradiol observed in the harbor seal
experiment by Reijnders (1986), the finding by Troisi and Mason (2000) of
decreasing metabolism of progesterone and testosterone in seal liver micro-
somes does not enable one to draw conclusions about a possible impediment
of the transformation of both hormones, which could have, in turn, led to
lower levels of estradiol as observed in harbor seals. This is because these
transformation processes occur in reproductive organs and have to be tested
in those tissues. With respect to a possible enhanced elimination of estradiol
by PCB-induced metabolism, it has been found by Funae and Imaoka (1993)
that in rats, sex-dependent cytochrome P450 isoenzyme patterns exist.
Furthermore, it is known that strong induction of CYP1A2 occurs (Drenth
et al., 1994, table XV), which leads to increased excretion and hence lower
levels of estradiol. Addisson et al. (1986), Troisi and Mason (2000) and Boon
et al. (1992, 1997) have demonstrated that induction of CYP1A was also
significant in harbor seals. Because CYP1A is female dominant (Drenth
et al., 1994), enhanced hydroxylation is to be expected. Feedback mechanisms
will operate to counteract lowered estradiol levels and, in the course of time,
lead to partial or complete recovery.

Concerning a second mechanism, it is known that PCB metabolites, in
particular PCB-methylsulfones, bind to uteroglobin (Patnode and Curtis,
1994). Because we did not find any receptor interference in in vitro pilot
experiments with harbor seal blood, this mechanism is not considered a
likely explanation for the observed reproductive failure in this species.

Based on the foregoing, I postulate that enhanced breakdown of estradiol
through enzyme-induced metabolism by PCBs, is a plausible mode of action
to explain the temporary lower levels of estradiol as observed in harbor
seals. Further studies are planned to investigate this possibility.

Estradiol has a priming effect on the proliferation of the endometrium,
in effect preceding proliferation of the luminal and glandular epithelium
under the influence of progesterone. The lower levels of estradiol could have
impaired endometrial receptivity and prevented successful implantation of
the blastocyst.

Decreased levels of thyroid hormones have been found in harbor
seals (Brouwer et al., 1989) as a consequence of competition between a
hydroxylated metabolite of PCB-77 and thyroid hormones for binding to a
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transport protein, transthyretin (TTR). Such a hypothyroid condition can
have significant effects on early development and later reproductive per-
formance. Fetal accumulation of hydroxylated PCB metabolites has been
found to occur in experimental animals and may also occur in seals (Brouwer
et al., 1998). Given that thyroids are involved in the development of Sertoli
and Leydig cells (spermatogenesis), brain development and early development
of the sex organs, further research in this area is warranted.

Green et al. (1996) and Green (1997) provide additional information on
lactational transfer of PCB-methylsulfones (PCB-MSFs) from gray seals to
their offspring. They report that the summed concentrations of PCB-MSFs
(in lipid) are approximately 5 per cent of the total PCB concentration. A
similar ratio was found in seal milk. The uptake of PCB-MSFs is therefore
quantitatively important. Moreover, the pups excrete only c. 0.5 per cent
from the amount they ingest. In contrast to the mobilization of PCB con-
geners from maternal blubber to milk, which is negatively correlated with
congener lipophilicity, the metabolization of PCB-MSFs is independent
from the degree of chlorination as well as the chlorination pattern. The
ratio of PCB-MSFs:total PCBs is therefore higher in milk than in blubber.
This metabolization process, offering a certain protection against the more
lipophilic PCBs, obviously does not work in the case of the PCB-MSFs. The
significance of this finding remains unclear.

Reproductive disorders

Clear cases of hermaphroditism were observed in 2 out of 94 examined
beluga whales in the St. Lawrence River (De Guise et al., 1994; Pierre
Béland, 3 March 1999, personal communication). One animal was a true
hermaphrodite. This condition has been attributed to hormonal disturbance
in early pregnancy, whereby normal differentiation of male and female
organs was disrupted. Research is ongoing to test that hypothesis and to
acquire information on the underlying mechanism. Out of the 93 remain-
ing animals, 48 females and 45 males, one beluga appeared to be a male
pseudohermaphrodite. This phenomenon is less unique and is also observed
in other cetaceans (see Philo et al., 1993; Reijnders et al., 1999).

In examined mature female Baltic seals, 30 per cent of the gray and 70 per
cent of the ringed seals exhibited partial or complete sterility, caused
by stenosis and occlusions. Recent studies suggest that PCB- and DDE-
methylsulfones are the toxic compounds responsible for these abnormalities
(Olsson et al., 1994). A plausible hypothesis is that early pregnancy is inter-
rupted, perhaps via decreased uteroglobin binding due to the methylsulfone
occupation or low hormone levels, followed by development of pathological
disorders. Toxic effects at several steps in the brain–hypothalamic–
hypophyseal–adrenal–placental axis could be involved in the latter stage
(Reijnders and Brasseur, 1992). Further investigations are needed to elucidate
this phenomenon.
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DeLong et al. (1973) found premature pupping in California sea lions
to be associated with high PCB and DDE levels. The concurrent finding in
the animals of pathogens with known potential to interfere with pregnancy
rendered it impossible to attribute causation specifically to either of the
organochlorines.

Abnormal testis, transformation of epididymal and testis tissue, has
been observed in North Pacific minke whales (Balaenoptera acutorostrata)
(Fujise et al., 1998). A possible relationship with levels of organochlorines
has been postulated. Further histological examinations and pathology are
being conducted to investigate this phenomenon.

Other hormone-related reproductive or developmental disorders

Besides sterility, a suite of pathological disorders has been observed in seals
of the Baltic Sea (see also Chapter 19 in this volume). These include a high
incidence of uterine smooth muscle cell tumors (leiomyomas) in gray seals
(Bergman, 1999), exostosis in harbor seal skulls (Mortensen et al., 1992)
and osteoporosis in gray seal skulls (Olsson et al., 1994). Similar disorders
have been found in harbor seals in the Wadden Sea (Stede and Stede, 1990).
This disease complex is characterized as hyperadrenocorticism. It is unclear
whether hyperadrenocorticism is manifest in early development.

The research field between reproductive biology and immunology is in an
early stage of development. It is known that both the humoral (antibodies)
and cellular (lymphocytes) immune systems are regulated by estrogens
and androgens (Grossman, 1985). Disruption in steroid hormone balance
might therefore lead to malfunctioning of the immune system. Of relevance
in the present context is the role of progesterone and estradiol in preventing
the maternal–fetal rejection response. This relationship could help explain
the observed problems of harbor seals in the Wadden Sea, because these
problems occurred at around the time of implantation. Also corticosteroids
(Wilckens and de Rijk, 1997) and thyroid hormones (Brouwer et al., 1989,
1998) are involved in immune functioning. The possible effects of xenobiotic-
caused thyroidal and corticosteroidal hormone imbalances on early develop-
ment and reproduction are insufficiently known.

Monitoring and evaluation of effects, and related research needs

There are serious impediments to the monitoring and evaluation of hormone-
related xenobiotic effects. Actually, it is very well possible that many
endocrine-like effects may not be observed at all. Some of the more pro-
minent reasons for this are: gaps in knowledge on good population data, the
mixture of compounds involved, the role of disease agents, the role of other
environmental factors, the lack of readily available biomarkers for use in
mammalian wildlife studies, lack of knowledge on endocrine and reproduct-
ive systems in mammalian wildlife species, and very few studies addressing
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problems occurring in early developmental stages. Particularly, monitoring
of effects is hampered for several reasons. First, the majority of the present
tests do not measure transgenerational influence, yet several disorders occur
only in the adult stage or offspring. Second, gene expression is affected and
not gene constitution. Therefore mutagenicity endpoint tests are not par-
ticularly relevant. Third, many tests are in vitro, and that complicates
investigations of disruption in neurobehavioral function and reproductive
morphological development. Finally, some xeno-estrogens only become
biologically active after in vivo metabolism (e.g. methoxychlor).

Development of hormone-responsive cell cultures as biomarkers could
provide a partial solution (Colborn et al., 1993). Biomarkers are available
to measure exposure to xenobiotics, including xeno-estrogens (Fossi, 1994).
A series of recent studies describe techniques to investigate the metabolism
of PCBs, PCDDs, PCDFs, and toxaphenes in marine mammals (Troisi and
Mason, 1997; Boon et al., 1997, 1998; Letcher et al., 1998). These provide
opportunities to measure exposure of marine mammals to, for example,
xeno-estrogens and other endocrine-disrupting contaminants. However, pre-
paratory research has to be carried out to adapt existing biomarker protocols
for use in marine mammal studies. This includes sampling tissue, particu-
larly of neonatal and juvenile animals, to analyze for:

• steroid hormones, thyroid hormones and vitamin A (important in cell
differentiation) in blood;

• thyroid hormones and vitamin A in brain and liver;
• estrogen-receptor binding capacity of ovarian, brain and liver tissue;
• glial fibrillary acidic protein and synaptophysins in brain;
• P450 enzyme induction (i.e. CYP1A) in liver, brain and uterus; and
• levels of xeno-estrogens in blubber, blood, liver and brain.

In addition, a nondestructive biomarker of exposure to cytochrome P450-
inducing organochlorines is the use of pattern analysis of metabolizable and
nonmetabolizable PCB congeners in different tissues, including blood. The
fraction of metabolizable congeners is negatively correlated with exposure
to PCBs and can be modeled by a logistic curve. This relation can be used to
define critical levels of exposure (van den Brink et al., 2000).

To enhance the evaluation of the results obtained, in terms of biological
significance, it is important to carry out investigations on animals from
relatively unpolluted as well as highly polluted areas. Initially, a choice has
to be made for model compounds as well as for model species, occurring
over a gradient of pollution. Studies in relatively clean areas serve mainly to
obtain reference values for exposure to contaminants and indicators for the
status (functioning) of the studied population, and to follow trends in both.
Studies in highly polluted areas allow pathological research to be carried
out on neonatal and juvenile animals. In combination with analyses of con-
taminants and associated physiological and pathological responses, these
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studies will facilitate development of a multiple response concept, as described
by Reijnders (1994) and Reijnders and de Ruiter-Dijkman (1995). The
development of techniques to extrapolate observed individual responses and
thereby evaluate population-level consequences, and possibly the ecosystem-
level effects, is equally important.

Summary

Many endocrine-disrupting chemicals have been detected in marine mam-
mal tissues. However, reproductive and developmental disorders have only
been found to be associated with certain OCs and their metabolites in a few
case studies. In this chapter an overview of associations between OCs and
marine mammal reproductive, hormonal and morphological disorders is
presented, and possible underlying mechanisms for observed disorders are
discussed. This includes increased steroid breakdown through P450 enzyme
induction and binding of xenobiotic compounds to carrier proteins or hor-
mone receptors.

It is concluded that the etiology of most observed disorders remains uncer-
tain. The development of hormone-responsive cell cultures as biomarkers
could help to overcome the present impediments to the monitoring and
evaluation of hormone-related xenobiotic effects. An additional approach
is to use pattern analysis of metabolizable and nonmetabolizable PCB con-
geners as a nondestructive biomarker for exposure to cytochrome P450-
inducing organochlorines. This technique enables us to define critical levels
of exposure.

Enhancement of the biological significance of the findings obtained with
the aforementioned techniques may be achieved by investigating model
compounds in model species occurring over a gradient of pollution. The
relation between tissue levels of contaminants and their physiological and
pathological responses, obtained in this way, will facilitate the development
of a more predictive multiple response concept. This can then be applied to
species in other areas where data on either concentrations of contaminants
or pathophysiological conditions are lacking.
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4 Effects of environmental
contaminants on the endocrine
system of marine mammals

Mary Gregory and Daniel G. Cyr

Introduction

The effects of environmental contaminants on the endocrine system have
received increased attention over the past several years. Much of this attention
has stemmed from studies on fish and reptiles, which have demonstrated
that organic compounds, and particularly organochlorinated compounds,
can interact with the estrogen receptor to induce the production of yolk pro-
teins in oviparous males and cause feminization of masculine traits. Although
studies in mammals, particularly with rodents, have also shown that certain
toxicants can interact with hormone receptors to mimic or inhibit hormone
action, the concentrations of exogenous xenobiotics necessary to cause such
an effect in adults are very high and this has cast doubt regarding the
likelihood that these compounds actually represent a threat to mammalian
species. Unlike other mammals, marine mammals represent a unique situation
in that their large fat content can act as a pool for trapping contaminants
(Colborn and Smolen, 1996). As such, these animals may be exposed to very
high concentrations of environmental contaminants from the time of con-
ception via exposure in utero, during breast feeding via the mother’s milk,
as well as through accumulation from the food chain during adolescence to
adulthood.

To date few studies have demonstrated directly that environmental con-
taminants can alter the endocrine system of marine mammals. There are,
however, several lines of evidence to suggest that contaminants may be having
an effect on a variety of endocrine systems in different species of marine
mammals. As indicated above, numerous studies have reported the presence
of heavy metals, pesticide residues and metabolites, organochlorinated
compounds, and other environmental contaminants in a variety of tissues
and species of marine mammals. However, because there are several factors,
such as temperature, habitat changes, etc., which can all influence endocrine
systems, it is difficult to establish a causal relationship between an environ-
mental contaminant and an effect on an endocrine system. None the less,
there have been a number of studies which report some alarming endocrine
disturbances, and potentially large and severe problems with respect to a
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variety of marine mammal populations may occur, or may have already
occurred.

As a consequence of human activities, the environment is filled with a
variety of chemicals, many of which are persistent and which may have
unknown interactions. Some of the most widespread chemicals are
organochlorines, particularly DDT and its metabolites, and polychlorinated
biphenyls (PCBs), many of which are persistent and which may have
unknown interactions. In addition, there are, in some areas, relatively high
concentrations of certain heavy metals, such as mercury, cadmium and lead.
However, much of the literature with respect to marine mammals regarding
these substances relates to concentrations in tissues, primarily obtained as a
result of strandings, beached carcasses, or massive die-offs resulting from
epizootic infections.

An excellent comprehensive review of the literature regarding contaminant
burdens and epidemiological analysis has been published by Colborn and
Smolen (1996, Chapter 12 in this volume), and other reviews (Holden, 1978;
Hutchinson and Simmonds, 1986; Danzo, 1998) have examined effects of
environmental contaminants in marine mammals. This chapter will focus on
those studies which have reported associations between environmental con-
taminants and observed endocrine and/or reproductive disruptions in marine
mammals. First, however, we present a brief review of what is known regard-
ing normal endocrine and reproductive systems in marine mammals.

The thyroid gland

The thyroid of marine mammals is a bilobate gland located on either side of
the larynx. As with other vertebrates, the thyroid gland is composed of thyroid
follicles which synthesize and store thyroid hormones (T4 = L-thyroxine and
T3 = triiodo-L-thyronine). The parafollicular cells of the thyroid gland also
produce calcitonin.

The synthesis and secretion of thyroid hormones from the thyroid gland
is regulated by thyrotropin (TSH) which is produced by the adenohypophysis
(St. Aubin, 1987; Figure 4.1). TSH binds to specific receptors located on
the plasma membrane of thyroid follicles. The hormone–receptor complex
activates the production of secondary messengers which stimulate the uptake
of iodine from the circulation. The iodine is transported into the thyroid
follicle and reacts with tyrosine residues located on thyroglobulin. This first
reaction is catalyzed by a peroxidase and leads to the formation of mono-
and diiodothyronine residues. A second reaction forms thyroxine (T4) and
triiodothyronine (T3) residues (Figure 4.2). This complex is stored in the
lumen of the follicle and upon stimulation by TSH is actively transported
into the follicular cells, where the tyrosine residues are cleaved from
thyroglobulin and T4 and T3 are secreted into circulation.

Thyroid hormones have low solubility in aqueous solutions and are
therefore transported into circulation bound to transport proteins. In most
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Figure 4.1 Schematic diagram representing the regulation of thyroid function
in mammals. Thyroid releasing hormone (TRH) is released by the
hypothalamus and acts on the adenohypophysis to stimulate the secre-
tion of TSH. TSH acts on the thyroid gland to activate iodide uptake and
the synthesis of both T4 and T3, although T4 is produced and secreted
in much greater quantity. Both hormones bind to the serum transport
proteins TBG and transthyretin (TTR). Free circulating T4 is taken up by
the target cell and converted to T3 by deiodinases. The T3 binds to the
thyroid hormone (TR) nuclear receptor and activates transcription. T3 is
then released into circulation. T3 is conjugated with either sulfuric or
glucuronic acid and excreted via the bile. The conjugates can be removed
by the intestinal flora and the hormone absorbed by the intestine, to
enter the circulation.

mammals the most important transporters of thyroid hormones are: thyroxine
binding globulin (TBG) and transthyretin. Ridgway et al. (1970) have re-
ported the presence of TBG in cetaceans. Once T4 is transported within its
target cell, it is deiodinated by microsomal deiodinases to its biologically
active form, T3. T3 then crosses into the nucleus and binds to nuclear thyroid
hormone receptors and activates specific gene transcription.
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Figure 4.2 Structure of L-thyroxine and triido-L-thyronine.

Thyroid hormones are important regulators of intermediary metabolism,
growth, neural development and aspects of reproduction. Circulating levels
of T4 in cetaceans range from 1.5 to 19 µg/dl (5 to 190 µg/L) and 0.4 to
19.0 µg/dl (4 to 190 µg/L) in pinnipeds. Circulating levels of T3 are much
lower and range from 104 to 176 ng/dl (1.04 to 1.76 µg/L) in beluga whales
(Delphinapterus leucas) and 10–330 ng/dl (0.1 to 3.3 µg/L) in pinnipeds
(Leatherland and Ronald, 1979; John et al., 1987; Kirby, 1990). In cetaceans
they are also believed to play an important role in controlling heat loss
(Crile and Quiring, 1940). As with other seasonal breeders, marine mam-
mals undergo seasonal changes in circulating levels of thyroid hormones.
Harrison (1960, 1969) has reported that in seals peak concentrations of
serum thyroid hormone concentrations are observed during lactation as well
as during fetal development.

Initiation of and early hair growth also appear to be stimulated by
thyroxine (Chang, 1926; Baker, 1951), and studies of molting animals further
suggests an association between plasma thyroid hormone levels and hair
growth (Ebling and Johnson, 1964; Ridgway et al., 1970; Engelhardt and
Ferguson, 1980; Ashwell-Erickson et al., 1986; John et al., 1987).

Several studies have demonstrated that environmental contaminants can
alter various aspects of thyroid function. Among the different classes of
environmental contaminants that alter thyroid function are heavy metals
(e.g. Pb, Cd and Hg) and organohalogens, in particular dioxins and PCBs.

Schumacher et al. (1993) investigated the thyroid glands of seals that had
died during an epizootic of phocine distemper infection in the North Sea
(1988–9). Mortality was high in areas with high levels of environmental
pollution (Heidemannn, 1989) but was absent in areas around Iceland with
little environmental pollution. Furthermore, far lower levels of chlorinated
hydrocarbons were detected in tissues from Iceland seals. A positive correla-
tion between high organochlorine levels and high mortality from phocine
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distemper virus has been reported (Hall et al., 1992). In addition, some seals
that died during the 1988–9 epizootic exhibited colloid depletion and fibrosis
of the thyroid gland, a condition that has been associated with chronic PCB
exposure (Schumacher et al., 1990, 1991). Results from Schumacher’s studies
were similar to those of experiments with rats (Byrne et al., 1987) and seals
(Brouwer et al., 1989) fed PCBs directly. In harbor seals (Phoca vitulina) fed
PCB-contaminated fish, thyroid hormone levels were significantly decreased,
further supporting the hypothesis that chronic PCB intoxication causes
fibrosis of the thyroid gland and colloid depletion of thyroid follicles, resulting
in impairment of thyroid function.

The adrenal gland

The structure of the adrenal gland in marine mammals is similar to that of
other mammals, consisting of an outer cortex and inner medulla. In cetaceans
and pinnipeds, however, the adrenal gland is pseudolobulated due to the
presence of the adrenal medullary and connective tissue septae which extend
into the cortex (Kirby, 1990). The adrenal cortex is responsible for steroid
hormone synthesis, while catecholamines are produced by the medulla.
Adrenal steroidogenesis is regulated by adrenocorticotropin (ACTH) which
is produced by the adenohypophysis. As with other hypophyseal hormones,
ACTH binds to a plasma membrane receptor and stimulates the production
of secondary messengers such as cyclic adenosine monophosphate (cAMP).
This leads to a sequestering of cholesterol from low-density lipoproteins in
circulation and its mobilization to the cell mitochondria where steroidogenesis
takes place. Steroidogenesis in terrestrial mammals is well characterized and
is believed to be similar in marine mammals. The adrenal cortex produces
three classes of steroid hormones: glucorticoids (cortisol, corticosterone),
mineralocorticoids (aldosterone) and small amounts of sex steroids
(androgens, estrogens and progestins) (Figure 4.3). In general, the function
of these hormones in marine mammals is similar to that in terrestrial
mammals.

In terms of effects of contaminants on other endocrine systems, there is a
paucity of information. Haraguchi et al. (1992) reported fairly high concen-
trations of methylsulfate chlorobenzenes (MeSO4-CBs) and methylsulfate
DDE residues in adrenal tissues of seals from the Baltic Sea. Bergman and
Olsson (1986) observed adrenocortical hyperplasia among seals from the
Baltic; it was suggested that this was possibly a consequence of environ-
mental contaminants. DeGuise et al. (1995) also reported adrenal insufficiency
in beluga whales and suggested an association between this condition and
the present of environmental contaminants in tissues.

Lund (1994) studied the effects of DDT, PCB and their metabolites on
adrenal function in the gray seal (Halichoerus grypus). Additionally, this
study investigated the potential for in vitro bioactivation of DDT metabolites
by the adrenal gland. Results indicated that o,p′-DDD, a metabolite of
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Figure 4.3 Schematic representation of steroidogenesis by the mammalian adrenal
cortex, starting with progesterone and its metabolites. The enzymes
involved in the steroidogenic pathway are indicated in italics.

DDT, was selectively bioactivated to protein-binding intermediates in the
mitochondria of adrenal gland cells. This bioactivation was shown to be
oxidative and dependent upon cytochrome P450, resulting in perturbation of
adrenal function. These findings correspond to those found in mink (Mustela
vison) (Jonsson et al., 1993) and in dog (Hart et al., 1973). The metabolite o,p′-
DDD also exhibited inhibitory action on the enzyme steroid 11β-hydroxylase,
suggesting an interference with corticosteroid metabolism (Lund, 1994).
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Contradictory results from the few other studies on this subject demon-
strate that the mode of action of organochlorines, such as DDT and PCBs,
on the adrenal gland is unclear. In rats fed low levels of toxaphene, DDT,
and technical PCB (Aroclor 1254) for 35–155 days, no hyperplasias were
observed, but adrenal glucocorticoid production was inhibited (Young
et al., 1973; Mohammed et al., 1985; Byrne et al., 1988). Conversely, chronic
exposure of dogs to DDT caused adrenal enlargement but no effects on
steroid production (Copeland and Cranmer, 1974). Chronic exposure of mink
to relatively high concentrations of planar PCBs caused enlarged adrenal
glands (Aulerich et al., 1985, 1987).

Hence, conflicting results indicate the need for further study, but suggest
that observed adrenotoxicity may result from either the generation of
cytotoxic reactive intermediates, and/or inhibition of glucocorticoid-
synthesizing enzymes (Lund, 1994).

Reproductive systems

Perhaps the best-characterized endocrine systems of marine mammals are
the reproductive endocrine cycles. The reproductive systems of marine mam-
mals share the basic anatomical structures and organization found in terrest-
rial mammals, with minor adaptations to certain marine species (Anthony,
1922; Matthews, 1950; Brodie, 1971; Gaskin, 1988; DeGuise et al., 1994).
Gonadotropin releasing hormone (GnRH), produced and secreted by the
hypothalamus, stimulates the synthesis and release of follicle stimulating
hormone (FSH) by the adenohypophysis. This regulates the development of
the ovarian follicle and the production of estradiol (Kirby, 1990). The ovar-
ian follicle consists of thecal cells which synthesize androgens, and granulosa
cells where testosterone and androstenedione are converted to estradiol by a
cytochrome P450 enzyme referred to as aromatase. Estrogens released by
the developing ovarian follicle are responsible for feminization traits. GnRH
also stimulates the release of luteinizing hormone (LH), which acts upon the
ovaries in females and triggers ovulation, as well as ovarian production of
estradiol. In both cetacean and pinnipeds, follicular development normally
leads to formation of a single Graafian follicle (Kirby, 1990). In the northern
elephant seal (Mirounga angustirostris), ovulation occurs at the time of
mating (Kirby, 1990). As with other mammals, a corpus luteum is formed in
the ovary after ovulation. The corpus luteum is responsible for the produc-
tion of progesterone, which acts on the endometrium to stimulate secretions
and nutrients for the developing blastocyst (Kirby, 1990). In northern fur
seals (Callorhinus ursinus) progesterone remains low during the 3.5 months
of delayed implantation. An estradiol surge appears to act as the signal to
initiate blastocyst reactivation (Daniel, 1974, 1975, 1981).

In the male, FSH acts on Sertoli cells of the seminiferous tubules to
release androgen-binding protein, which stimulates spermatogenic cells to
bind and concentrate testosterone, which then promotes spermatogenesis.
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In males, LH binds to interstitial cells of the seminiferous tubule and stimu-
lates secretion of testosterone. Seasonal changes in circulating testosterone
concentrations suggest that for seals and cetaceans, the males impregnate
the females as testosterone levels increase, although this may occur prior to
reaching peak testosterone levels (Kirby, 1990). There is no information
regarding the hormone requirement for maintaining spermatogenesis in
marine mammals. In rodents, androgens can maintain spermatogenesis inde-
pendent of hypophyseal hormones (Handelsman et al., 1999).

Physiological control of reproduction in marine mammals is believed to
be comparable, and current information is based primarily on those species
that have been kept in captivity (Gaskin, 1988). The distinctive features
of reproduction in marine mammals relate to temporal adaptations to life-
style and climate. Most species are seasonal breeders, and exhibit highly
synchronized pupping, mating and delayed blastocyst implantation (Fisher,
1954; Atkinson et al., 1993). Generally, low concentrations of sex steroid
hormones (i.e. testosterone, progesterone and estrogens) are present in
immature animals, and higher but variable levels present in mature adults
(Wells, 1984; Kjeld et al., 1992; Desportes et al., 1994).

Most species of whales attain sexual maturity at about 5 years of age for
males, and 8 years for females; gestation lasts approximately 14.5 months,
and lactation can last for up to 2 years (Laws, 1959; Brodie, 1971; Sargeant
1973). Similarly, the gestation period for the walrus (Odobenus rosmarus)
is 15–16 months, and sexual maturation occurs between 9 and 10 years of
age for both males and females; however, males usually do not breed until
they are about 15 years of age, when they can successfully defend territories
(Lentfer, 1988). Sea lions reach sexual maturity at about 5 years of age for
females and 5–7 years for males but, like the walrus, males do not breed
until they are 9–13 years of age.

Seals generally reach sexual maturity between 3 and 8 years for males and
females, depending upon the species, and gestation periods are between
8.5 and 10.5 months (Lentfer, 1988). Kenyon (1969) reported that sea otters
(Enhydra lutris) have a gestation period of about 4 months, and sexual
maturity is attained at 5–6 years in males and 3– 4 years in females. The
polar bear (Ursus maritimus) usually first reproduces at between 4 and 8 years
of age; normal litters consist of one or two cubs, and females usually repro-
duce only once every 2 years.

It is evident, then, that in most species of marine mammals, sexual maturity
does not occur for at least 3– 4 years after birth, and the reproductive cycles
tend to be lengthy. Chronic exposure to even low levels of environmental
contaminants during periods of growth, development and reproduction can,
therefore, have significant consequences on a population.

Kihlstrom et al. (1992) performed various experiments in which female
mink were fed daily doses of PCBs or fractions of PCBs for different lengths
of time. Commercial PCBs are comprised of mixtures of chlorinated biphenyls
and several contaminants, including polychlorinated dibenzofurans (PCDFs)
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and polychlorinated naphthalenes (PCNs), the latter having chemical prop-
erties similar to those of PCDDs (polychlorinated dibenzo-p-dioxins). Two
commercial PCBs, Clophen A50 and Aroclor 1254, were separated into four
fractions, as described by Athanasiadou et al. (1992):

1 2–4-ortho-CBs, with two or more chlorine atoms substituted in the
ortho-position to the biphenyl bond;

2 1-ortho-CBs, with only one chlorine atom in the ortho-position to the
bond;

3 0-ortho-CBs, with no chlorine atoms in an ortho-position of the biphenyl
bond; these are also known as coplanar CBs; and

4 bi- and tri-cyclic contaminants, including PCN and PCDF.

Kihlstrom’s group studied effects of these compounds on reproduction, and
found that exposure to any single chlorobenzene fraction did not signific-
antly influence zygote implantation rate; however, the fraction containing
bi- and tri-cyclic contaminants (including PCDF and PCN) caused a signific-
antly greater number of living pups (whelps) and increased survival rate up
to day 5 after birth. In contrast, exposure to commercial PCB or mixtures of
two or more fractions of PCBs caused an increase in the number of inter-
rupted pregnancies, as well as a decrease in the number of living pups born
and a decrease in litter size; implantation rate was not significantly affected.
Exposure to PCBs or combinations of fractions also caused a significant
increase in liver weight and a corresponding increase in hepatosomatic index.
These effects are similar to those reported previously (Kihlstrom et al., 1976
(cited in Kihlstrom et al., 1992); Jensen et al., 1977, 1979; Aulerich et al.,
1987) in which PCB caused reproductive failure in mink but did not affect
the frequency of uterine implantation.

More recently, Sohoni and Sumpter (1998) reported evidence from yeast-
based assays that several environmental estrogens, such as DDE and o,p′-
DDT, also exhibit anti-androgenic activity. Thus, certain chemicals previously
thought to be estrogenic may actually be blocking androgen action, resulting
in changes normally associated with estrogen exposure.

Little is known regarding the effects of environmental pollutants on
reproduction in marine mammals, and the link between pathological con-
ditions and concentrations of various contaminants in tissues is difficult to
ascertain. However, given the generally much longer reproductive cycles of
these animals as compared to mink, the impact of reproductive failure on
populations could be far more significant.

Reijnders (1980) analyzed polluted waters of the western coast of the
Wadden Sea, The Netherlands and found that the major pollutants were
PCBs. Subsequent studies (Reijnders, 1986; Boon et al., 1987), in which
harbor seals were fed PCB-contaminated fish for 2 years, reported repro-
ductive failure of these animals. Examination of the hormone profiles of all
treated and untreated females suggested that PCBs impaired reproduction
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at the postovulation stage, around the time of implantation. The author
concluded that, from the evidence obtained, this reproductive impairment
was responsible for the significant population decline in seals of that area.
His findings substantiate those obtained from prior studies of PCBs in mink,
in which ovulation, mating and implantation occurred but were followed by
early abortion or resorption (Jensen et al., 1977).

Several studies (DeLong et al., 1973; Gilmartin et al., 1976; Martin et al.,
1976; Addison, 1989) indicate that seals fed PCB-contaminated fish exhibit
deficiencies in levels of thyroid hormone and vitamin A, resulting in increased
susceptibility to microbial infections and reproductive disorders (Brouwer
et al., 1989). Indeed, Reijnders (1986) has suggested that PCBs are involved
in poor reproduction among seals; however, in his studies, he does note that
the effects of high DDT residues cannot be excluded. It is further suggested
that there may be more than one mechanism involved in reproductive failure.

Gilmartin et al. (1976) found that California sea lions (Zalophus
californianus) with relatively high levels of DDT and PCB gave birth pre-
maturely, exhibited tissue imbalances of mercury, selenium, cadmium and
bromine, and in some, carried disease-causing agents. In different studies,
Helle et al. (1976) and Bergman et al. (1981) reported a low pregnancy rate,
associated with pathological changes in various female reproductive struc-
tures, in ringed seals (Pusa hispida) in the Gulf of Bothnia in the Baltic Sea.
These females had significantly higher concentrations of DDT and PCBs in
tissues, compared with pregnant females and females with no reproductive
pathologies. Reijnders (1984) suggested that PCBs may have interfered
with steriod hormones, leading to an imbalance that may have triggered
implantation failure or early resorption in Baltic seas (ringed seals, Pusa
hispida, and gray seals, Halichoerus grypus).

High concentrations of organochlorines and PCBs have also been asso-
ciated with a high incidence of prenatal and neonatal deaths, as well as birth
defects, in harbor seals of southern Puget Sound (Arndt, 1973; Newby,
1973; Calambokidis et al., 1978; Lentfer, 1988).

Freeman and Sangalang (1977) demonstrated that some metals and Aroclor
1254 (a PCB mixture) caused an increase in steroidogenesis in vitro in gray
seals (Halichoerus grypus). Increased PCB metabolism as a result of their
induction of P450 enzymes has also been demonstrated in marine mammals
(Tanabe et al., 1988; Boon et al., 1992). Furthermore, decreases in steroid
hormone concentrations in male Dall’s porpoises (Phocoenoides dalli)
(Subramanian et al., 1987) and female harbor seals (Reijnders, 1986, 1999)
have been associated with concentrations of DDE and PCBs in tissues. Similar
findings regarding negative correlations between PCB concentrations and
progesterone and testosterone metabolism have been reported for harbor
seals (Reijnders, 1999).

DeGuise et al. (1994) observed hermaphroditism in two of 120 beluga
whales examined from the St. Lawrence River. Abnormal testes and
changes in epididymal tissue in North Pacific minke whales (Balaenoptera
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acutorostrata) have been reported and may be associated with organochlorines
(Reijnders, 1999).

Conclusions

A significant problem in determining the effects of environmental contamin-
ants on the endocrine system of marine mammals is the relative lack of
information on normal endocrine physiology. Not only is it necessary to
understand endocrine cycles but also hormone action at the level of the cell.
This latter information is particularly important because it would allow for
the development of highly sensitive endpoints that could be used as indicators
of specific endocrine dysfunction. Given the important differences between
species of marine mammals and their reproductive strategies, significant
effort will be required to establish normal physiological parameters in a
sufficiently large population in order to demonstrate deviants from the norm
conclusively. Such information is needed particularly quickly because some
marine mammals have shown signs of endocrine and reproductive impair-
ment, and these populations should require immediate attention by the sci-
entific community.
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5 Opportunities for environmental
contaminant research: What we
can learn from marine mammals
in human care

Michelle L. Reddy and Sam H. Ridgway

Even more than before, marine mammals in captivity should be used to
obtain a set of reference data to interpret values obtained from animals
expected to be affected by contaminants.

Reijnders (1988)

Most reported levels of organochlorine (OC) contamination in marine
mammals are derived from deceased or moribund animals for which there is
little or no relevant biological information. In the absence of data for repro-
ductive and medical histories, parentage, and feeding habits, it is difficult
to understand the dynamics and consequences of contaminant exposure
(Bignert et al., 1993; Skaare, 1996). In addition, the time between death and
sampling of tissues has been shown to affect analysis (Borrell and Aguilar,
1990). Stranded specimens are generally recovered after some, often extensive,
degradation has taken place. Even when samples are fresh, it is difficult to
ascribe the cause of the event to a disease process or toxic exposure without
knowing anything about the animal’s history, the progression of clinical
illness, or the mechanism leading to the mortality event. Thus, the scope of
OC investigations on wild animals is limited. Logistical problems can place
significant restrictions on the experimental design of longitudinal studies to
monitor contaminants in wild populations over time. What is needed is a
population of animals that can be readily accessed for sampling and observa-
tion and for which long-term health and reproductive histories are available.
Marine mammals in the care of humans may fulfill the need.

Holden and Marsden first reported OCs in marine mammals in 1967
(Holden and Marsden, 1967). Over the next three decades, many studies
addressed the contaminant burdens of OCs in wild marine mammals (see
Aguilar and Borrell, 1997 for an annotated bibliography). However, most of
these studies lacked biologic data, indicators of exposure, and health data.
Their scope has generally been limited to assessing contaminant levels in
tissues, which does not equate to contaminant toxicity (Bayne, 1984). Care-
fully done studies that incorporate biological, physiological, and clinical
endpoints will be required to evaluate properly the effects of potentially
toxic contaminants on marine mammals. Studies on marine mammals in
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collections should comprise an integral component of this research. We
must employ every means at our disposal to meet the challenge head-on and
beat the prediction by Klamer et al. (1991), ‘If the increase in ocean PCB
concentration continues, it may ultimately result in the extinction of fish-
eating marine mammals.’

Benchmark population

The lack of comprehensive studies and the use of varying methodologies in
the study of OCs make it difficult to assimilate the results of all investiga-
tions. Such integration would be helpful in mapping global and species
distribution patterns, and linking findings of different studies from the
suborganismal level (subcellular and/or in vitro systems) to the organismal
(individual) level, up through the population level (Keith, 1996). The
development of standard reference materials with certified concentrations of
contaminants has allowed for interlaboratory calibration (Schantz et al.,
1993, 1995; Wise et al., 1993; de Boer et al., 1994) to improve comparability
of sample analysis procedures. Standardized sample collection and handling
protocols also enhance comparability between studies (Wise et al., 1993).

Even with the most stringent collection and analysis protocols, there are
often broad differences between OC studies, some of which are known, such
as species differences, and some of which are not known, such as reproduct-
ive histories. Because of these differences, it would be beneficial to establish
a reference population of living marine mammals to serve as a link between
various studies. In laboratory studies, this link is the control population.
However, because of the ubiquitous distribution of environmental contamin-
ants, it is unlikely that there are any marine mammal populations that
are unexposed, which could be used as a control and from which ‘normal’
OC levels can be derived. Because any measure of a synthetic compound in
these animals would not be ‘normal’, it is highly unlikely that any pristine
‘baseline’ population exists anywhere. However, it is possible to establish
a living benchmark population – one that is readily available for sample
collection, observation, and health assessment in a long-term monitoring
program of OC effects. This population could then be used as a point of
reference for other studies that are more limited in scope and duration.

Marine mammal collections are ideal benchmark populations for con-
taminant studies. There are established research programs at many research
and display facilities, with the needed expertise and animal accessibility
to conduct serial, long-term investigations. Collaborations between these
facilities, toxicologists, epidemiologists, chemists, biologists, veterinarians,
pathologists, and other experts, markedly improve our ability to evaluate
the effects of OCs at various concentrations. Some collection animals are
maintained in traditional marine mammal enclosures, while others are housed
in open ocean enclosures and are exposed to many of the same conditions
as wild animals. Collection animals are often conditioned for behaviors that
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Figure 5.1 Voluntary husbandary behaviors facilitate sample collection without
possible artifacts from capture. Reproduced with kind permission of the
US Navy.

facilitate medical procedures and serial sampling, including blood (Figure 5.1)
and milk collection (Kamolnick et al., 1994; Ridgway et al., 1995); ultra-
sound; fecal, urine, and semen collection (Ridgway, 1968; Schroeder and
Keller, 1989, 1990; Sweeney et al., 1999). Such behaviors support a regular
sample collection regimen while reducing the risk of stress-induced alterations
in measured health parameters as a result of capture. Clinical health of col-
lection animals is assessed on a regular basis, and in many cases, extensive
databases of clinical data, reproductive history, parentage, and other such
data are available for creating relational databases. Findings from studies
of collection animals can be used to assess the threat of contaminant loads
found in live animals or to evaluate the role of OC contaminants in mortality
events. Additionally, breeding programs that have become increasingly suc-
cessful in these populations (Asper et al., 1990; Duffield and Wells, 1991;
also see NMFS inventory) are a crucial component for monitoring effects
on reproduction, growth and development, and transgenerational effects of
maternal exposure (Figure 5.2).

The Marine Mammal Protection Act of 1972 recognizes the usefulness of
exhibit marine mammals for conducting research and raising environmental
awareness by specifically allowing for the collection of marine mammals for
such purposes. In its declaration of policy the MMPA states, ‘. . . (3) there is
inadequate knowledge of the ecology and population dynamics of such marine
mammals and of the factors which bear upon their ability to reproduce
themselves successfully; (4) negotiations should be undertaken immediately
to encourage the development of international arrangements for research
on, and conservation of, all marine mammals’ (MMPA section 2, p. 2).

Information obtained from collection animals has already yielded extensive
data on dolphin behavior, physiology (brain function, sleep, sound process-
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Figure 5.2 Breeding programs, which have become increasingly successful with col-
lection populations, are a crucial component for monitoring the effects of
environmental contaminants on reproduction, growth and development,
and transgenerational effects of maternal exposure. Reproduced with kind
permission of the US Navy.

ing, hearing), psychology, cognition, husbandry, communication, nutrition
and medicine (cf. Anonymous, 1998). Facilities caring for these animals and
the veterinary expertise acquired as a result of their care have contributed to
the success of rescue and rehabilitation programs for marine mammals.
Many studies begun with collection animals have been extended to studies
of wild animals. Martin and Smith (1999) attest to this, stating, ‘Experiments
on captive animals have answered some of the questions related to physio-
logical adaptations and strategies, and trained animals have extended the
experimental laboratory into the open sea.’ In reference to studies on wild
and collection animals, Norris (1984) stated, ‘both kinds of study are crucial,
really’. Unfortunately, and despite repeated recommendations to utilize col-
lection animals in OC studies (Reijnders, 1988; Erickson et al., 1995; Marine
Mammal Commission, 1999), populations of collection animals have been
largely ignored by most funding agencies and scientific investigators.

The use of marine mammals maintained in display and research facilities
is controversial from the standpoint of bioethics. Decisions to use marine
mammals should be based on a risk/benefit approach, considering the likeli-
hood of untoward events and reactions as well as the potential benefit to the
species if the research is conducted.

Case study

The importance of biological data in assessment of contaminant assessment
effects is demonstrated by unpublished data collected by the authors from
pregnant bottlenose dolphins (Tursiops truncatus). Two female bottlenose
dolphins, both approximately 7 years old, were collected from the wild within
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Figure 5.3 Long-term multigenerational studies are necessary to understand the
transfer of OCs from one generation to the next. Such studies can best
be conducted on marine mammals in collections, like the calf, mother,
grandmother trio seen here. Reproduced with kind permission of the US
Navy.

several days of each other, at approximately the same location. They were
maintained in the same enclosure at the same facility for the same length of
time and had similar diets. Both became pregnant for the first time within
days or weeks of each other, and gave birth to calves within the same week.
However, one calf died 6 days after birth, while the other calf was still alive
more than 6 years later. Blubber biopsies collected from the two dams prior
to parturition showed a marked difference in levels of ∑PCB (IUPAC # 52,
101, 118, 128, 153, 105, 138 + 158, 170, 180, 187) and tDDT ( p,p′-DDD,
o,p′-DDD, p,p′-DDE, o,p′-DDE, p,p′-DDT, o,p′-DDT). The animal whose
calf died had about four times greater concentrations of ∑PCB (22.8 versus
5.1 ppm, lipid weight) and tDDT (38.8 versus 9.8 ppm, lipid weight) than
the female whose calf survived. Because these animals were collected from
the wild, nothing is known about their orders of birth or the body burdens
of their mothers, both of which would impact the tissue levels measured.
First-born calves inherit a greater proportion of their mother’s residue load
of OCs than subsequent siblings (Fukushima and Kawai, 1981; Tanabe
et al., 1981a; Cockcroft et al., 1989). In this case, data from the previous
generation may have helped explain the difference between the two reproduct-
ive outcomes. Long-term multigenerational studies are necessary to under-
stand the transfer of OCs from one generation to the next (Figure 5.3). Such
studies can best be conducted on marine mammals in collections.

Model species

Toxicologists often use animal models, such as rats and mice, to conduct
controlled investigations to assess the effects of contaminant exposure. While
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such studies can produce valuable information regarding mechanisms of
action, risk assessment, and dose–response relationships, extrapolation of
these data to other species or populations must be made very judiciously
(Marine Mammal Commission, 1999). Studies with laboratory animals such
as rodents cannot be used as a substitute for assessing the effects of OCs on
marine mammals because of the species specificity that is characteristic of
some contaminants (Jacobson et al., 1983; Marine Mammal Commission,
1999). Therefore, it is necessary to conduct studies on representative marine
mammal species.

At an international workshop on marine mammals and persistent ocean
contaminants (Marine Mammal Commission, 1999), it was agreed that there
is a need for multidisciplinary studies on the significance of ocean contamin-
ants in relation to the health and well being of marine mammals. The model
species suggested for such investigations were those that have been studied
in the wild to a considerable extent and that are also well represented in
marine mammal facilities. None of these species: the California sea lion
(Zalophus californianus), the harbor seal (Phoca vitulina), the bottlenose
dolphin, or the beluga or white whale (Delphinapterus leucas) are endangered.
In a recent census of zoos, aquaria, and marine zoological parks in the
United States and Canada, three of the model species, bottlenose dolphins,
California sea lions and harbor seals represented 78 per cent of the animals
at these facilities (Andrews et al., 1997). Within this inventory, 70 per cent
of California sea lions, 56 per cent of harbor seals and 43 per cent of
bottlenose dolphins were captive-born, all species having second- and third-
generation births (Andrews et al., 1997).

Bottlenose dolphins

Of all the models, more is known about the medicine, pathology, and biology
of bottlenose dolphins than perhaps any other species (Ridgway, 1968;
reviewed by Leatherwood and Reeves, 1990; Wells and Scott, 1999). They
have a global distribution in warm and temperate waters that permits for
comparison of different tissue levels from various marine populations.
Additionally, bottlenose dolphins have both onshore and offshore popula-
tions that can be distinguished hematologically and morphologically (Duffield
et al., 1983). The existence of two distinct populations within the same
species allows comparison of levels of OCs in coastal and pelagic ecosystems.
Among cetaceans, this species has the greatest representation in public dis-
play and research facilities (Andrews et al., 1997). Although this species has
not been collected from the wild for display in US facilities since 1989, as a
result of successful breeding programs (Duffield and Wells, 1991; see also
NMFS inventory), the collection population is growing. Additionally, the
Sarasota Bay bottlenose dolphin population off the Gulf Coast of Florida is
the subject of the longest and most intensive long-term catch and release
study of wild marine mammals in the world (Scott et al., 1990). Since 1970,
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regular surveys and health assessments have been conducted to monitor this
population.

Worldwide, the largest collection of bottlenose dolphins, and the one that
has been monitored most extensively for OC contaminants, resides in open
water enclosures in San Diego Bay as part of the US Navy’s marine mammal
program. Because these animals are housed in netted enclosures, they are
physically exposed to fluctuations in temperature and other environmental
variables common to the natural environment. They are provided high-
quality fish that has been caught, fresh frozen and thawed under controlled
conditions to assure a high-grade diet. Fish eaten from the bay, if any,
represent a minor component of their diet. Their medical and reproductive
histories can be tracked with a newly developed relational database. Biological
data and tissue samples can be collected regularly; through gestation, lacta-
tion, and transgenerationally. Immunological studies can be conducted on-
site at a newly developed molecular laboratory dedicated to marine mammal
studies. Neurological assessment can be incorporated using a protocol
developed to measure reaction time to sound and/or light stimulus (Ridgway
et al., 1991; Ridgway and Carder, 1997) in animals conditioned for such
studies.

Measuring the effects of exposure to OC contaminants

Several studies have suggested a relationship between OCs and a wide variety
of reproductive, developmental, neurologic, and immune dysfunctions
(Barsotti et al., 1976; Colborn et al., 1993; Ankley and Giesy, 1998). Cause
and effect relationships are difficult to establish for environmental contamin-
ants, and evidence of a high body burden of contaminants in a beached
carcass is not proof that they are the causative agent in the demise of the
animal. Addison (1989) points out that much of the current cause and effect
evidence is weakened due to lack of control data, especially relevant bio-
logical data. To strengthen the link between cause and effect, Colborn and
Smolen (1996) suggest that it is necessary to demonstrate that the incid-
ence of effects in more highly contaminated populations is greater than in
less-contaminated populations. They also suggest that this be done on live
populations and not in response to a mass mortality. Collections of living
animals are available for sampling and can be monitored on a long-term
basis for any physiological effects of measured levels of OCs.

Reproduction and growth/development

Supervised breeding programs are crucial for measuring the effects of OCs
on reproduction and parental exposure in offspring. Many contaminants
have developmental and transgenerational effects (Colborn et al., 1993) that
may not manifest themselves until later in life (Arai et al., 1983; Gray, 1992;
Guillette et al., 1995; Ankley et al., 1997). Collection populations permit
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Figure 5.4 Collection populations permit subjects to be monitored from conception
through development, birth, growth and throughout adulthood. Re-
produced with kind permission of the US Navy.

subjects to be monitored from conception through adulthood (Figure 5.4).
Investigation of the effects of maternal blubber OC concentrations on
pregnancy is difficult on wild populations, where an unsuccessful pregnancy
is not likely to be detected. In marine mammal collections, ultrasound and
serial hormone levels are commonly used to diagnose early pregnancy.
Ultrasound can be used to confirm pregnancy within the first month, there-
fore an early miscarriage or resorbed fetus could be detected in a carefully
monitored pregnancy. In addition, serial blood and/or urine collections
would allow for circulating OCs and hormonal and ovarian cycles (e.g. pro-
gesterone and estradiol) to be monitored. Because many OCs are believed
to be endocrine disruptors, it is imperative to establish normal hormone levels.
These values can be correlated with the ovarian cycle, which can be mon-
itored using ultrasound examinations. Deviations from the normal endocrine
and/or ovarian cycle can be correlated with circulating levels of OC con-
taminants to identify alterations that may result from OC exposure. Preg-
nancies can be monitored via ultrasound and blood collection. Products of
failed pregnancies can be used to develop histologic, cellular, and morph-
ometric ‘normals’. Currently, there are few such data for assessing evidence
of contaminant exposure in marine mammals. Offspring can be followed
through development into adulthood, and endocrine-sensitive systems can
be monitored for normal development and function (Ankley et al., 1997).
Such comprehensive investigations would be impossible to conduct on wild
animals.

The US Navy’s bottlenose dolphin population has already been the sub-
ject of some preliminary OC investigations. Although it had been suggested
that as lactation progresses, contaminant levels in milk decrease (Aguilar and
Borrell, 1994a), the Navy animals were used to document the phenomenon
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for the first time. In a study conducted with lactating bottlenose dolphins
trained for serial milk collection, Ridgway and Reddy (1995) measured the
levels of OCs over the course of lactation. From animals conditioned for
volunteer collection, milk was sampled with a modified breast pump (Figure
5.5). From day 94 to day 615 of lactation, levels of PCB and DDE (lipid
weight) decreased by 69 per cent and 82 per cent, respectively.

Lactation is the primary route of excretion for OC contaminants (Kurzel
and Cetrulo, 1985) and it can significantly reduce body burden. In recent
years, spontaneous lactation in bottlenose dolphins has been observed at
marine mammal facilities (Ridgway et al., 1995). It may be possible to induce
lactation in an animal showing high levels of OCs, thereby reducing body
burden through repeated collection. Such investigations could employ animals
at a marine mammal facility.

Immunocompetence

While many laboratory studies may suggest cause and effect relationships
between OCs and immunosuppression, ‘there have been no systematic efforts
to evaluate the impact of pollutants on the immune functions of these an-
imals even though the available data suggest that such an impact might
be substantial’ (Martineau et al., 1994). An understanding of the cetacean
immune system is critical for evaluation of the effects and impact of environ-
mental contaminants on natural resistance to disease. Erickson et al. (1995)
stated, ‘Establishing correlations between environmental conditions and
immuno-competence in marine mammals will be possible only when base-
line values for healthy animals have been determined.’ Because of ongoing

Figure 5.5 To monitor levels of organochlorines in milk, dolphins were conditioned
to allow milk samples to be collected with a modified human breast pump.
Reproduced with kind permission of the US Navy.
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observation and regular health assessments, the best populations for such
studies are maintained in collections.

Prior to 1990, few intensive investigations on the cetacean immune system
were conducted, due, in part, to limited access to live animals and tissue
samples, the lack of cetacean-specific immunological reagents, and the chal-
lenge of designing and conducting non-invasive experiments for functional
studies on the cetacean immune system. Immune parameters such as lymphoid
function and subpopulations should be included in toxicity assessments
for these chemicals. Collaborative studies at the US Navy marine mammal
laboratory have facilitated significant progress in the area of cetacean
immunology (Romano et al., 1999). They have resulted in the development
of cetacean-specific reagents and assays to study and evaluate the immune
system, a protocol for generating monoclonal antibodies against cetacean
lymphoid cell surface markers, and an enzyme-linked immunosorbent assay
(ELISA) to use on cetacean lymphocytes to screen these cells for monoclonal
antibodies that recognize cetacean lymphocytes (Romano et al., 1999).

Live animals with known life, dietary, and medical histories provide a
source of blood samples for in vitro experiments investigating effects of OCs
on immune function. These studies allow for more direct evaluations of
the marine mammal immune system and assessment of the impact of marine
contaminants on immune function. Such studies will also help establish
critical time points and methodologies for optimal preservation of field
samples. It may be possible to extrapolate associations between individual
contaminant levels and individual immune function to population effects.

Dietary studies

Because the food chain is the most significant route of exposure of cetaceans
to OCs, studies on dietary exposure are crucial. While most of the dose–
response studies on OCs have been conducted on laboratory animals,
Reijnders (1986) and Ross et al. (1996a, 1996b) report on various dietary
intake responses involving studies of harbor seals in a semi-field situation.
To date, no such studies have been conducted on cetaceans, although such
studies are necessary for understanding exposure effects. Carnivorous
marine mammals eat food items such as fish and squid that contain marine
contaminants. Therefore, feeding studies where animals are exposed to
single contaminants are difficult to conduct due to lack of availability of a
contaminant-free diet. Use of single chemical exposures also fails to reflect
the natural exposure levels of these animals. However, because the diets of
collection animals are consistent and monitored for nutritional content, it is
feasible to monitor contaminant levels and conduct long-term ‘incidental
dosing’ studies with these animals. Additionally, natural diets involve mixtures
of contaminants as opposed to single contaminants, and therefore more
accurately resemble dietary exposure in the wild. Serial samples of blood
can be collected and health and reproductive parameters can be monitored
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to assess the impact of these contaminants on the endocrine and immune
systems.

Blood/blubber

Because blubber is the major storage site for lipids (Aguilar and Borrell,
1990), it is the predominant repository of lipophillic OCs (Tanabe et al.,
1981b; Cockcroft et al., 1990; Jenssen et al., 1996). Contaminants are trans-
ported throughout the body by the circulatory system (Aguilar and Borrell,
1994b). Blood samples are not generally available from dead animals, and it
may not always be possible to collect blubber samples from live wild animals.
Both samples can be collected from live collection animals. To aid in cor-
relating blubber and blood levels, Reddy et al. (1998) collected blood (RBC)
and blubber samples from clinically healthy, live animals. They assessed OC
levels in all the samples and used the data to develop regression tables for
use in estimating blubber levels of OCs from levels found in blood samples.
Because a recent meal can affect the blood concentrations of the compounds
as well as lipid profiles, samples were collected before the first feeding of the
day. These data will be helpful for correlating results of studies of wild
animals, those from which blood is collected and those from which blubber
is sampled. It will also help in studies of compartmentalization of contamin-
ants in various body tissues.

Conclusion

Marine mammals in collections are an underutilized yet valuable tool in the
study of marine contaminant effects. They are a natural benchmark popula-
tion for which biological data are easily monitored and from which samples
can be readily collected to investigate many suspected endpoints of contamin-
ant exposure. Biomarker effectiveness, comparability of various tissue levels,
immune response, reproductive effects, transgenerational effects, dietary
exposure, and neurological effects may be more readily assessed with marine
mammals in collections because of the availability of animals for long-term
monitoring. Used in conjunction with contaminant levels found in wild
populations, these data can provide an important tool for environmental
risk assessment.
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6 Persistent ocean contaminants
and marine mammals:
A retrospective overview

Thomas J. O’Shea and Shinsuke Tanabe

Introduction

The study of marine mammal toxicology is a relatively recent area of research.
This chapter provides a chronological summary of advances in knowledge
about marine mammals and persistent ocean contaminants, beginning with
the 1940s. We summarize major findings and advances for each decade in
the context of related events in environmental policy, toxicology and tech-
nology. We provide indices of the cumulative amount of information on
contaminants and marine mammals reached by the end of each decade,
based on our own compilations from the literature and those in other recent
reviews (e.g. Fossi and Marsili, 1997; O’Shea, 1999). We also illustrate pro-
gress made in the application of the scientific method to problems in the
field. This overview does not consider impacts of oil on marine mammals,
which has been a topic treated in depth in other sources (Geraci and St.
Aubin, 1990; Loughlin, 1994).

Methods

This chapter is a literature review emphasizing the history of studies of
persistent ocean contaminants and marine mammals. Our objectives are to
provide an overview of major developments in the field during the past half
century. As part of this overview we provide arithmetic summaries of informa-
tion on numbers and groups of marine mammals sampled for contaminant
residues and biomarkers each decade, and also illustrate growth in the num-
bers and the kinds of contaminants reported in tissues of marine mammals.
These summaries are based on data gleaned from: 289 references listed in
appendices to the recent summary by O’Shea (1999), generally extending
through 1996; over 40 references on biomarkers summarized by Fossi and
Marsili (1997); and an additional 90 recent references from primary sources
extending through most of 1998 (listed below). (The large number of pub-
lished references in just the past 2 years attests to the growing interest in the
field of marine mammal toxicology.) We do not claim that numbers we
tabulate are absolute totals, because we undoubtedly have failed to review
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all published reports in existence. However, we consider these totals to be
good relative indices of the amount of research carried out for a particular
time period. Full citations for the 289 papers summarized through 1996 can
be found in O’Shea (1999) and references on biomarkers in Fossi and Marsili
(1997). The more recent papers not summarized in those sources are: Aono
et al. (1997), Beck et al. (1997), Becker et al. (1997), Beckmen et al. (1997),
Bernhoft et al. (1997), Borrell et al. (1997), Calambokidis and Barlow (1991),
Cardellichio (1995), de Moreno et al. 1997), Dietz et al. (1996, 1998), Estes
et al. (1997), Fossi et al. (1997a, b), Gauthier et al. (1997a, b, 1998a, b),
Gerpe et al. (1990), Green et al. (1996), Hall et al. (1998), Hayteas and
Duffield (1997), Holsbeek et al. (1998), Hyvärinen et al. (1998), Iwata et al.
(1997, 1998), Jarman et al. (1996), Kannan and Falandysz (1997), Kannan
et al. (1996, 1997, 1998), Kiceniuk et al. (1997), Kim et al. (1996a, b),
Kleivane and Skaare (1998), Koistinen et al. (1997), Klobes et al. (1998),
Krahn et al. (1997), Law et al. (1997, 1998), Letcher et al. (1996, 1998),
Loewen et al. (1998), Madhusree et al. (1997), Marsili et al. (1997a, b, 1998),
Mathieu et al. (1997), McKenzie et al. (1997), Medvedev et al. (1997), Monaci
et al. (1998), Moreno (1994), Moreno et al. (1984), Mössner and Ballschmiter
(1997), Nakata et al. (1997, 1998a, b), Norstrom et al. (1998), Oehme et al.
(1996), Outridge et al. (1997), Parsons (1998), Peña et al. (1988), Prudente
et al. (1997), Rogan and Berrow (1996), Roots and Talvari (1997), Schantz
et al. (1996), Sepulveda et al. (1997), Storelli et al. (1998), Strandberg et al.
(1998), Sydeman and Jarman (1998), Szefer et al. (1998), Tanabe et al.
(1997a, b, 1998), Tarasova et al. (1997), Tilbury et al. (1997), Tirpenou et al.
(1998), Troisi and Mason (1997), Troisi et al. (1998), Vetter et al. (1996),
Wade et al. (1997), Wagemann et al. (1996, 1998), Watanabe et al. (1996,
1998), Weis and Muir (1997), Westgate et al. (1997), Wiberg et al. (1998),
Wolkers et al. (1998), Young et al. (1998), and Zitko et al. (1998).

The 1940s and 1950s

During this period much of the world was involved with and recovering
from massive military conflicts. Experience in mobilization of technology
to meet these conflicts was followed by great faith in the applications of
research in chemistry and physics to advance global social and economic
development. Tremendous growth in chemical industries occurred in the
decades immediately following the Second World War (Arora and Rosenberg,
1998; Hikino et al., 1998). As examples pertaining to impacts on marine
mammals, production of industrial polychlorinated biphenyls (PCBs) esca-
lated markedly (de Voogt and Brinkman, 1989), and the era of large-scale
use of organochlorine pesticides was also ushered in during this period;
DDT was released from restricted military applications to general public use
in the US in 1945 (Linduska, 1952). Worldwide expansion in the production
and use of other organochlorines also began by the late 1940s and increased
through the 1950s and 1960s (Stickel, 1968; Keith, 1991). The importance
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of such developments at the time is underscored by the awarding of a
Nobel Prize in 1948 for discovery of the insecticidal properties of DDT, a
compound which saved millions of people from death due to insect-borne
pathogens (Metcalf, 1973). However, DDT and metabolites were to be found
in blubber of marine mammals in remote reaches of the world, beginning
nearly 20 years later, and this chemical was subsequently to become one of
our most intensively studied persistent contaminants.

The widespread use of such compounds had effects that were not pre-
dicted at the time of their introduction. None the less, population impacts of
DDT and dieldrin in some groups of terrestrial and freshwater vertebrates
were apparent from field surveys of mortality beginning in the 1940s (e.g.
Linduska and Surber, 1948; Scott et al., 1959). In subsequent decades know-
ledge of direct mortality and reproductive effects, especially in birds, grew
from data gathered in several parts of the world. Concurrently, studies of
common laboratory mammals in the late 1940s and early 1950s gave the
first evidence of the accumulation of organochlorines in fatty tissues, their
transfer through milk during lactation, and their estrogenic activity (Keith,
1991). With the exception of radionuclide fallout from use and testing of
nuclear weapons, however, there was little widespread public recognition or
concern about environmental contaminants during this period, particularly
with regard to marine mammals. The scientific literature of the time is
absent of information on contaminants in marine mammals, although retro-
spective studies of commercial oils show that seals and whales contained
metabolites of DDT in the 1950s (Addison et al., 1972), and that mercury
was present at low levels in Southern Ocean fin whales (Balaenoptera physalis)
in the 1940s (Nagakura et al., 1974).

The 1960s

This decade witnessed a broad awakening of concern about the impacts of
persistent environmental contaminants on human health as well as on wildlife
and ecosystems, eventually leading to the first studies of the topic in marine
mammals. In Japan, local effects on human health from contamination of
sea foods with mercury at Minamata and Niigata Bays (Hammond, 1971)
attracted worldwide attention, as did human illnesses resulting from con-
tamination of rice oil with PCBs and polychlorinated dibenzofurans
(PCDFs) in Japan (Yusho disease) at around the time PCBs were first re-
cognized in environmental samples in 1966 (de Voogt and Brinkman, 1989).
Direct effects of DDT in avian mortality were confirmed by establishment
of diagnostic lethal concentrations in brains through controlled experiments
in captivity (Stickel et al., 1966). Evidence of indirect effects of DDT and meta-
bolites on reproduction in birds was supported by strong correlations with
eggshell thinning and reproductive failure in field studies (e.g. Ratcliffe, 1967),
confirmed by direct experimental evidence from captive feeding studies
(e.g. Wiemeyer and Porter, 1970).
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In 1966 the first publications on contaminants in marine mammals reported
DDT and metabolites in seals from the Antarctic (George and Frear, 1966;
Sladen et al., 1966), and The Netherlands (Koeman and van Genderen, 1966),
providing the initial documentation of this long-lasting issue. By the end of
the decade, the presence of mercury, DDT, DDE [2,2-bis-(p-chlorophenyl)-
1,1-dichloroethylene, the principal metabolite of DDT], DDD [2,2-bis-
(p-chlorophenyl)-1,1-dichloroethane, an additional metabolite of DDT],
dieldrin, and PCBs (Holden and Marsden, 1967; Jensen et al., 1969) had been
documented in tissues of marine mammals, with published organochlorine
data based on about 52 individual pinnipeds in six species, four harbor
porpoises (Phocoena phocoena) and one common dolphin (Delphinus delphis).
Mercury was the only toxic element reported in marine mammals in the
1960s, based primarily on examination of 32 ringed seals (Pusa hispida)
from Lake Saimma, Finland (Helminen et al., 1968; Henriksson et al., 1969).
In addition to residue determinations for organochlorines and mercury, a
few marine mammals were examined for radionuclides (Osterberg et al.,
1964; Holtzman, 1969). Although the findings of contaminants in marine
mammals raised hypotheses about possible effects, no detailed follow-up
investigations or experiments had taken place during this decade.

The 1970s

The 1970s were times of much formal worldwide recognition of the dangers
of chemical contamination of the environment, centered primarily on human
health concerns, and were marked by many advances in related legislation
and policy. Examples in the US included formation of the Environmental
Protection Agency in 1970, banning of the use of DDT in 1972, and passage
of the National Environmental Policy Act in 1975 and the Toxic Substances
Control Act in 1976. Recognition of the widespread contamination of the
environment by PCBs resulted in dramatic drops in production during this
decade. Total PCB production in France, Germany, Italy, Spain, UK, Japan
and the US dropped from 235 000 metric tons the first half of the decade to
121 000 in the second half (de Voogt and Brinkman, 1989). In Japan, where
PCB production began in 1954, manufacture and import of these chemicals
was terminated in 1972; in the US manufacture of PCBs was voluntarily
ended in 1977 (de Voogt and Brinkman, 1989).

Research on contamination of marine mammals expanded. The number
of potentially toxic elements reported for marine mammal tissues increased
to 18 (Table 6.1), and data on elements were reported for at least 1410 indi-
vidual marine mammals, including 10 species of pinnipeds and 17 species of
cetaceans (Table 6.2). Reports of the occurrence of lead and of very high
concentrations of cadmium and mercury were made for marine mammals in
various parts of the world (Braham, 1973; Anas, 1974a; Buhler et al., 1975;
Smith and Armstrong, 1975; Martin et al., 1976; Roberts et al., 1976; Duinker
et al., 1979). However, associated pathology was not observed, and it was
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discovered that marine mammals have mechanisms that detoxify some of
these naturally occurring substances. These include metallothionein proteins
which sequester cadmium (Olafson and Thompson, 1974; Lee et al., 1977),
and a protective action of selenium against mercury in the liver (Arima and
Nagakura, 1979; Koeman et al., 1973, 1975; van de Ven et al., 1979). The only
toxicological experiments ever conducted on captive marine mammals with
toxic elements were carried out by exposing a very small number of seals to
mercury to determine excretion rates (Tillander et al., 1972), possible hearing
organ pathology (Ramprashad and Ronald, 1977), tissue distribution (Free-
man et al., 1975; van de Ven et al., 1979) and pathology and concentrations
in tissues associated with lethal exposure (Ronald et al., 1975). In vitro studies
of steroid synthesis, enzymatic demethylation and P450 enzymes were also
carried out on seals (Freeman et al., 1975; Freeman and Sangalang, 1977; van
de Ven et al., 1979).

Organochlorines were reported for 1230 marine mammals during the 1970s,
including 11 species of pinnipeds and 26 species of cetaceans (Table 6.3).
The list of organochlorines reported in marine mammals expanded to about
30 compounds or groups of compounds (Tables 6.4 and 6.5). Organochlorine
residue studies began to show patterns of accumulation with sex and age,
geographic trends and ‘hot spots’, and characteristic statistical distributions
wherein most values were low or moderate (except in a few highly contamin-
ated locales), with a few more heavily contaminated individuals. Organ-
ochlorine concentrations in blubber of males typically increased throughout
life, whereas females reached a plateau or actually showed decreasing con-
centrations with age, beginning at the age of first reproduction (Figure 6.1).

Figure 6.1 Graphical model of the differences in the dynamics of accumulation with
age documented for some organochlorines in blubber of male and female
marine mammals. Concentrations of some organochlorines in blubber
tend to plateau or decrease at reproductive maturity in females, due to
transfer to offspring, primarily via milk. Females that fail to reproduce
and lactate, regardless of cause, can have patterns of accumulation with
age that are similar to those in males.

Ve
tB

oo
ks

.ir



106 T.J. O’Shea and S. Tanabe

T
ab

le
 6

.3
A

pp
ro

xi
m

at
e 

nu
m

be
rs

 o
f 

m
ar

in
e 

m
am

m
al

s 
an

al
yz

ed
 f

or
 o

rg
an

oc
hl

or
in

e 
co

nt
am

in
an

t 
re

si
du

es
 b

y 
de

ca
de

, b
as

ed
 o

n 
th

e 
lit

er
at

ur
e

re
vi

ew
ed

 f
or

 t
hi

s 
ch

ap
te

r

19
60

s
19

70
s

19
80

s
19

90
s

T
ot

al

S
pe

ci
es

In
di

vi
du

al
s

S
pe

ci
es

In
di

vi
du

al
s

S
pe

ci
es

In
di

vi
du

al
s

S
pe

ci
es

In
di

vi
du

al
s

S
pe

ci
es

In
di

vi
du

al
s

P
in

ni
pe

ds
6

52
11

92
1

12
11

43
20

18
70

26
39

86
C

et
ac

ea
ns

2
5

26
25

5
33

13
64

41
27

41
53

43
65

O
th

er
s

4
54

2
18

7
3

10
86

4
13

27

T
ot

al
8

57
41

12
30

47
26

94
64

56
97

83
96

78

‘O
th

er
s’

 r
ep

re
se

nt
 s

ir
en

ia
ns

, 
se

a 
ot

te
rs

 a
nd

 t
he

 p
ol

ar
 b

ea
r.

Ve
tB

oo
ks

.ir



Retrospective overview of contaminants 107
T

ab
le

 6
.4

O
rg

an
oc

hl
or

in
e 

pe
st

ic
id

es
 a

nd
 m

et
ab

ol
it

es
 r

ep
or

te
d 

in
 t

is
su

es
 o

f 
m

ar
in

e 
m

am
m

al
s 

by
 d

ec
ad

e,
 b

as
ed

 o
n 

th
e 

lit
er

at
ur

e 
re

vi
ew

ed
 f

or
 t

hi
s

ch
ap

te
r

19
60

s
19

70
s

19
80

s
19

90
s

D
ie

ld
ri

n
p,

 p
′-D

D
E

p,
 p

′-D
D

D
p,

 p
′-D

D
T

∑
 D

D
T

p,
 p

′-D
D

E
p,

 p
′-D

D
D

p,
 p

′-D
D

T
o,

 p
′-D

D
E

o,
 p

′-D
D

D
o,

 p
′-D

D
T

∑
 D

D
T

p,
 p

′-D
D

M
U

o,
 p

′-D
D

M
U

C
hl

or
da

ne

O
xy

ch
lo

rd
an

e
tr

an
s-

C
hl

or
da

ne
ci

s-
C

hl
or

da
ne

tr
an

s-
N

on
ac

hl
or

ci
s-

N
on

ac
hl

or
2-

C
hl

or
oc

hl
or

de
ne

H
ep

ta
ch

lo
r

H
ep

ta
ch

lo
r 

ep
ox

id
e

P
ho

to
he

pt
ac

hl
or

N
on

ac
hl

or
 –

 I
II

 (
M

C
6)

T
ox

ap
he

ne

A
ld

ri
n

D
ie

ld
ri

n
E

nd
ri

n
M

ir
ex

H
C

H
s

α-
H

C
H

β-
H

C
H

γ-
H

C
H

C
B

z
P

en
ta

ch
lo

ro
be

nz
en

e

H
C

B
C C

1
C

2
C

3
C

4

p,
 p

′-D
D

E
p,

 p
′-D

D
D

p,
 p

′-D
D

T
o,

 p
′-D

D
E

o,
 p

′-D
D

D
o,

 p
′-D

D
T

∑
 D

D
T

3-
M

eS
O

2-
p,

 p
′-

D
D

E
H

C
H

s

α-
H

C
H

β-
H

C
H

γ-
H

C
H

δ-
H

C
H

C
hl

or
da

ne
O

xy
ch

lo
rd

an
e

tr
an

s-
C

hl
or

da
ne

ci
s-

C
hl

or
da

ne
P

ho
to

-c
is

-C
hl

or
da

ne
tr

an
s-

N
on

ac
hl

or

ci
s -

N
on

ac
hl

or
H

ep
ta

ch
lo

r
H

ep
ta

ch
lo

r 
ep

ox
id

e
P

ho
to

he
pt

ac
hl

or
N

on
ac

hl
or

 –
 I

II
(M

C
6)

M
C

4
M

C
5

M
C

6

T
ox

ap
he

ne
T

ox
8/

T
2 

(P
ar

la
r 

26
)

T
ox

9/
T

2 
(P

ar
la

r 
50

)

T
ox

 5
0

A
ld

ri
n

D
ie

ld
ri

n
E

nd
ri

n
L

in
da

ne
 (

γ-
B

H
C

)
M

et
ho

xy
ch

lo
r

M
ir

ex
C

B
z

1,
2,

3,
4-

te
tr

ac
hl

or
ob

en
ze

ne
1,

2,
4,

5-
te

tr
ac

hl
or

ob
en

ze
ne

P
en

ta
ch

lo
ro

be
nz

en
e

H
C

B
C C

1A
C

2/
U

5
C

3
C

5
U

1
U

3
U

81

U
82

U
83

B
7-

14
53

B
8-

22
29

B
8-

14
12

B
8-

14
13

B
8-

14
14

B
8-

19
45

B
9-

16
79

C
H

B
32

C
H

B
62

T
S2

 (
P

ar
la

r 
39

) 
B

8-
53

1

A
ld

ri
n

C
hl

or
da

ne
s

D
ie

ld
ri

n
p,

 p
′-D

D
E

p,
 p

′-D
D

D
p,

 p
′-D

D
T

o,
 p

′-D
D

E
o,

 p
′-D

D
D

o,
 p

′-D
D

T
∑

 D
D

T

D
D

E
 p

he
no

lic
s

α-
H

C
H

β-
H

C
H

N
on

ac
hl

or

H
C

B
s

H
C

H
s

H
ep

ta
ch

lo
r

H
ep

ta
ch

lo
r 

ep
ox

id
e

L
in

da
ne

M
ir

ex
T

ox
ap

he
ne

M
et

hy
ls

ul
fo

ne
s 

of
 D

D
E

D
D

M
U

D
dP

D
D

A
tr

an
s-

N
on

ac
lo

r

Ve
tB

oo
ks

.ir



108 T.J. O’Shea and S. Tanabe

T
ab

le
 6

.5
In

du
st

ri
al

 o
rg

an
oh

al
og

en
s 

an
d 

m
et

ab
ol

it
es

 r
ep

or
te

d 
in

 t
is

su
es

 o
f 

m
ar

in
e 

m
am

m
al

s 
by

 d
ec

ad
e,

 b
as

ed
 o

n 
th

e 
lit

er
at

ur
e 

re
vi

ew
ed

 f
or

th
is

 c
ha

pt
er

19
60

s
19

70
s

19
80

s
19

90
s

P
C

B
s

M
et

hy
ls

ul
fo

ne
s 

of
 P

C
B

s
P

C
B

s
P

C
B

 p
he

no
lic

s
P

C
T

s

E
O

C
ls

E
O

B
rs

E
O

Is
T

C
P

tr
is

(4
-C

hl
or

op
he

ny
l)

-
m

et
ha

no
l

T
C

P
-M

et
ha

ne
O

ct
ac

hl
or

os
ty

re
ne

P
B

B
s

P
B

D
P

E
s

P
C

N
s

P
C

B
s

P
C

B
8

P
C

B
18

P
C

B
26

P
C

B
28

P
C

B
31

P
C

B
37

P
C

B
40

P
C

B
41

/7
1/

64
P

C
B

42

P
C

B
44

P
C

B
46

P
C

B
47

P
C

B
49

P
C

B
52

P
C

B
56

/6
0

P
C

B
58

/7
4

P
C

B
97

P
C

B
99

P
C

B
10

1
P

C
B

10
5

P
C

B
10

6
P

C
B

10
8

P
C

B
11

0
P

C
B

11
4

P
C

B
11

8
P

C
B

12
6

P
C

B
12

8
P

C
B

12
9

P
C

B
13

2
P

C
B

13
5

P
C

B
13

6
P

C
B

13
7

P
C

B
13

8
P

C
B

14
1/

17
9

P
C

B
14

6
P

C
B

14
7

P
C

B
14

8
P

C
B

14
9

P
C

B
15

1
P

C
B

15
3

P
C

B
15

6

P
C

B
60

P
C

B
61

/7
4

P
C

B
66

P
C

B
70

P
C

B
74

P
C

B
77

P
C

B
81

P
C

B
82

/1
51

P
C

B
83

P
C

B
84

/8
9

P
C

B
85

P
C

B
87

P
C

B
90

/1
01

P
C

B
91

P
C

B
95

P
C

B
97

P
C

B
99

P
C

B
10

1
P

C
B

10
5

P
C

B
10

7
P

C
B

11
0

P
C

B
11

4
P

C
B

11
8

P
C

B
11

9
P

C
B

12
0

P
C

B
12

6
P

C
B

12
8

P
C

B
12

9

T
C

P
P

C
P

P
C

B
s

P
C

B
16

/3
2

P
C

B
17

/1
8

P
C

B
28

P
C

B
31

/2
8

P
C

B
41

/7
1

P
C

B
44

P
C

B
47

P
C

B
49

P
C

B
52

P
C

B
56

/6
0

P
C

B
66

/9
5

P
C

B
70

/7
6

P
C

B
74

P
C

B
77

P
C

B
79

P
C

B
80

P
C

B
84

/8
9

P
C

B
85

P
C

B
87

P
C

B
89

P
C

B
91

P
C

B
95

/6
6

Ve
tB

oo
ks

.ir



Retrospective overview of contaminants 109

2,
3,

7,
8-

T
C

D
F

1,
3,

7,
8-

T
C

D
F

1,
3,

4,
7-

T
C

D
F

1,
2,

4,
7-

T
C

D
F

1,
2,

3,
7-

T
C

D
F

1,
6,

7,
8-

T
C

D
F

1,
2,

3,
8-

T
C

D
F

1,
3,

4,
9-

T
C

D
F

1,
4,

6,
9-

T
C

D
F

2,
4,

6,
7-

T
C

D
F

1,
2,

3,
9-

T
C

D
F

2,
3,

6,
7-

T
C

D
F

1,
2,

4,
7,

8-
P

eC
D

F
1,

2,
4,

8,
9-

P
eC

D
F

1,
2,

3,
7,

8-
P

eC
D

F
2,

3,
4,

7,
8-

P
eC

D
F

1,
2,

4,
6,

8-
P

eC
D

F
1,

3,
4,

7,
9-

P
eC

D
F

2,
3,

4,
6,

8-
P

eC
D

F
1,

2,
6,

7,
8-

P
eC

D
F

1,
2,

3,
4,

9-
P

eC
D

F
1,

2,
3,

4,
7,

8-
H

xC
D

F
1,

2,
3,

6,
7,

8-
H

xC
D

F
2,

3,
4,

6,
7,

8-
H

xC
D

F
1,

2,
3,

7,
8,

9-
H

xC
D

F

P
C

B
13

0/
17

6
P

C
B

13
1

P
C

B
13

2
P

C
B

13
4

P
C

B
13

5/
14

4
P

C
B

13
6

P
C

B
13

7
P

C
B

13
8

P
C

B
13

8/
16

3/
16

4
P

C
B

14
1

P
C

B
14

6
P

C
B

14
8

P
C

B
14

9
P

C
B

15
1

P
C

B
15

3
P

C
B

15
4

P
C

B
15

6
P

C
B

15
7

P
C

B
15

8
P

C
B

15
9

P
C

B
16

9
P

C
B

17
0

P
C

B
17

0/
19

0
P

C
B

17
1

P
C

B
17

2
P

C
B

17
4

P
C

B
17

5
P

C
B

17
7

P
C

B
17

8

P
C

B
17

9
P

C
B

18
0

P
C

B
18

2
P

C
B

18
3

P
C

B
18

5
P

C
B

18
7

P
C

B
18

7/
18

2
P

C
B

18
8

P
C

B
18

9
P

C
B

19
1

P
C

B
19

3
P

C
B

19
4

P
C

B
19

5
P

C
B

19
6/

20
3

P
C

B
19

8
P

C
B

19
9

P
C

B
20

0
P

C
B

20
1

P
C

B
20

2
P

C
B

20
3

P
C

B
20

5
P

C
B

20
6

P
C

B
20

7
P

C
B

20
8

P
C

B
20

9
∑

M
eS

O
2-

P
C

B
s

3-
M

eS
O

2-
P

C
B

4-
M

eS
O

2-
P

C
B

4-
M

eS
O

2-
2,

2′
,4

′,5
,5

′-
pe

nt
ac

hl
or

ob
ip

he
ny

l

P
C

B
15

7
P

C
B

15
8

P
C

B
16

1
P

C
B

16
3

P
C

B
16

9
P

C
B

17
0

P
C

B
17

2
P

C
B

17
3

P
C

B
17

4
P

C
B

17
7

P
C

B
17

8
P

C
B

17
9

P
C

B
18

0
P

C
B

18
3

P
C

B
18

5
P

C
B

18
7

P
C

B
19

4
P

C
B

19
6/

20
3

P
C

B
19

9
P

C
B

20
1

P
C

B
20

6
P

C
B

20
9

P
C

D
D

s
O

C
D

D
P

C
D

F
s

Ve
tB

oo
ks

.ir



110 T.J. O’Shea and S. Tanabe
T

ab
le

 6
.5

(c
on

t’
d

)

19
60

s
19

70
s

19
80

s
19

90
s

P
C

D
E

20
1

P
C

D
E

20
3

P
C

D
E

20
4

P
C

D
E

20
6

P
C

D
D

s
2,

3,
7,

8-
T

C
D

D
1,

2,
3,

7,
8-

P
eC

D
D

1,
2,

3,
4,

7,
8-

H
xC

D
D

1,
2,

3,
6,

7,
8-

H
xC

D
D

1,
2,

3,
7,

8,
9-

H
xC

D
D

1,
2,

3,
4,

7,
8,

9-
H

pC
D

D
1,

2,
3,

4,
6,

7,
8-

H
pC

D
D

1,
2,

3,
4,

6,
7,

9-
H

pC
D

D
O

C
D

D
P

C
D

F
s

2,
3,

7,
8-

T
C

D
F

1,
2,

4,
7,

8-
P

eC
D

F
1,

2,
4,

8,
9-

P
eC

D
F

1,
2,

3,
7,

8-
P

eC
D

F
2,

3,
4,

7,
8-

P
eC

D
F

1,
2,

3,
4,

7,
8-

H
xC

D
F

1,
2,

3,
6,

7,
8-

H
xC

D
F

2,
3,

4,
6,

7,
8-

H
xC

D
F

1,
2,

3,
7,

8,
9-

H
xC

D
F

1,
2,

4,
6,

8,
9-

H
xC

D
F

1,
2,

3,
6,

8,
9-

H
xC

D
F

1,
2,

3,
4,

6,
8,

9-
H

pC
D

F
1,

2,
3,

4,
6,

7,
8-

H
pC

D
F

1,
2,

3,
4,

7,
8,

9-
H

pC
D

F
1,

2,
3,

4,
6,

7,
9-

H
pC

D
F

O
C

D
F

3-
M

eS
O

2-
2,

2′
,4

′,5
,5

′-
pe

nt
ac

hl
or

ob
ip

he
ny

l
3-

M
eS

O
2-

2,
2′

,4
′,5

-
te

tr
ac

hl
or

ob
ip

he
ny

l
4-

M
eS

O
2-

2,
2 ′

,4
′,5

-
te

tr
ac

hl
or

ob
ip

he
ny

l
3-

M
eS

O
2-

2,
2′

,3
′,4

′,5
-

pe
nt

ac
hl

or
ob

ip
he

ny
l

4-
M

eS
O

2-
P

C
B

17
4

3-
M

eS
O

2-
P

C
B

17
4

+ 
16

 M
et

hy
l 

su
lf

on
es

P
C

D
E

s
P

C
D

E
47

P
C

D
E

85
P

C
D

E
99

P
C

D
E

10
0

P
C

D
E

11
8

P
C

D
E

13
7

P
C

D
E

13
8

P
C

D
E

14
0/

16
7

P
C

D
E

14
7/

15
3

P
C

D
E

15
4

P
C

D
E

17
0

P
C

D
E

18
0/

18
1

P
C

D
E

18
2

P
C

D
E

18
4

P
C

D
E

18
7

P
C

D
E

19
0

P
C

D
E

19
4

P
C

D
E

19
5

P
C

D
E

19
6

P
C

D
E

19
7

1,
2,

4,
6,

8,
9-

H
xC

D
F

1,
2,

4,
6,

7,
9-

H
xC

D
F

1,
2,

3,
4,

7,
9-

H
xC

D
F

1,
2,

3,
4,

6,
8-

H
xC

D
F

1,
2,

3,
4,

6,
9-

H
xC

D
F

1,
2,

3,
6,

8,
9-

H
xC

D
F

1,
2,

3,
4,

6,
8,

9-
H

pC
D

F
1,

2,
3,

4,
6,

7,
8-

H
pC

D
F

1,
2,

3,
4,

7,
8,

9-
H

pC
D

F
1,

2,
3,

4,
6,

7,
9-

H
pC

D
F

O
C

D
F

Ve
tB

oo
ks

.ir



Retrospective overview of contaminants 111

Once reproductively active, females had the opportunity to excrete these
compounds to their young through lactation, whereas males did not. These
patterns were demonstrated in seals (e.g. Frank et al., 1973; Addison and
Smith, 1974; Helle et al., 1976a, b; Addison and Brodie, 1977) and the harbor
porpoise (Gaskin et al., 1971), and were later verified with many other
species in the 1980s and 1990s. Extraordinarily high contamination of marine
mammals with organochlorines was noted in some coastal environments,
most notably the Baltic Sea and southern California (e.g. LeBouef and
Bonnell, 1971; Helle et al., 1976a).

Two important sets of observations were made during the 1970s that
suggested possible reproductive effects of organochlorines on females in
wild populations of California sea lions (Zalophus californianus) (DeLong
et al., 1973) and ringed and gray seals (Halichoerus grypus) in the Baltic Sea
(e.g. Helle, 1976a, b). California sea lions had a high incidence of premature
pups, and those which successfully raised young had lower DDE concen-
trations in blubber. The sea lion observations had complications to their
interpretation, including the presence of abortion-causing disease agents, as
noted in various subsequent findings (reviewed by Addison, 1989; O’Shea and
Brownell, 1998). Interpretation of this situation, and the observations of
higher organochlorines in Baltic Sea female ringed seals with uterine occlu-
sions and stenosis, also suffered from the problem that non-reproductive
females will have higher organochlorines regardless of cause because they
cannot excrete these chemicals through lactation (Figure 6.1). Thus inter-
pretations of cause and effect were frustrating.

The scientific method that underlies most fields of modern research usually
matures from early stages in which observations are made and questions
perceived, to phases wherein hypotheses are generated and tested to form a
body of theory and principles. Hypothesis-testing in wildlife toxicology
typically proceeds through gathering data in controlled experiments (as
was done regarding DDT/DDE and avian reproduction and mortality in
the 1960s), or by carefully designed field sampling and epidemiological
approaches. By the close of the 1970s, the science of marine mammal toxi-
cology had generated much observational data, leading to many questions,
but formal hypothesis-testing had been very limited. Other areas of research
in toxicology of marine organisms which had developed to experimental
stages by this time showed that impacts of contaminants followed typical
dose–response relationships: with increasing exposure organisms progressed
through stages of normal adjustment with no effects, physiological com-
pensation with detectable but subtle effects (e.g. biomarkers), to stages
with major disturbance in function and ultimately death at high exposure
(Sindermann, 1995). Such relationships had not been established for any
substance and marine mammals, but observations of exceptionally high
concentrations of contaminants in tissues engendered much speculation that
stages of major disturbances to normal physiological and perhaps population-
level function had been breached.
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The 1980s

Continued changes in policy towards the use of some persistent contaminants
progressed in the 1980s. China, for example, was the world’s largest pro-
ducer and user of hexachlorocyclohexane (HCH), but banned its production
in 1983 (Li et al., 1998). In the study of marine mammal toxicology, this
decade was marked by:

1 landmark experimental approaches with captive harbor seals (Phoca
vitulina);

2 more sophisticated analytical technologies allowing quantification of
individual PCB congeners and corresponding hypotheses about metabolic
capacities of marine mammals, and the possible vulnerability of their
endocrine physiology;

3 application of biomarkers to the study of contaminants in marine
mammals;

4 formation of hypotheses on adrenocortical function impairment due to
organochlorines; and

5 an ever-expanding set of information on chemical residues in the bodies
of marine mammals (primarily organochlorines in blubber and elements
in livers and kidneys).

In the first toxicological experiment with marine mammals and organ-
ochlorines, Reijnders (1986) showed that reproduction in a group of 12 capt-
ive female harbor seals was impaired when the diet consisted of fish with
higher concentrations of mixed organochlorines, in contrast to a group of 12
controls fed fish low in organochlorines. Reproductive failure was thought
to occur at the implantation stage, and retinol and thyroid hormone concen-
trations were lowered (Reijnders, 1986; Brouwer et al., 1989).

Tanabe (1988), Tanabe et al. (e.g. 1987, 1988), and Boon et al. (e.g. 1987,
1992) pioneered congener-specific quantification of PCBs in marine mam-
mals during the 1980s, and showed that, due to structural configurations,
certain PCB congeners (e.g. PCB 153) were especially recalcitrant to
metabolism in marine mammals (but with differences among species) based
on comparison of residue profiles in food and terrestrial mammals, and this
was linked with possible enzyme-induction deficiencies in mixed-function
oxidase (MFO) systems and possible endocrinological effects. Polar bears
(Ursus maritimus), in contrast, had congener profiles suggestive of a remark-
able capacity to metabolize PCBs (Norstrom et al., 1988; Norstrom and
Muir, 1994). Biomarker studies began to develop in the latter half of this
decade, with some form of biomarker information (including P450 and MFO
activities) gathered on at least 83 individuals in eight species of cetaceans
and 90 individuals in five species of pinnipeds (Fossi and Marsili, 1997). Most
of these studies, however, did not link enzyme activities with organochlorine
concentrations in blubber. A strong hypothesis on the role of organochlorines
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as interfering with adrenocortical metabolism, supported by pathological
observations, was also established during this decade, based on observa-
tions of Baltic seals that included reproductive tract lesions, adrenocortical
hyperplasia, hyperkeratosis, and claw deformations, some of which paralleled
captive PCB-feeding experiments on other mammals (Bergman and Olsson,
1985). The first reports of elevated PCB residues in belugas (Delphinapterus
leucas) in the St. Lawrence River and estuary in Canada were also associated
with reproductive pathology (Martineau et al., 1987, 1988). A modest cor-
relation (r2 = 0.44) was observed between testosterone levels in the blood
and DDE concentrations in blubber of 12 male Dall’s porpoises (Phocoenoides
dalli), but this correlation was not significant for PCBs (Subramanian et al.,
1987).

Much data on residues in tissues accrued in the 1980s, and many more
extensive studies verified strong patterns of accumulation of organochlorines
by sex and age across species for some compounds. Notable examples
include studies of ringed seals (Muir et al., 1988b), harbor porpoises (Gaskin
et al., 1982, 1983), Antarctic minke whales (Balaenoptera bonaerensis) (Tanabe
et al., 1986) and fin whales (Aguilar and Borrell, 1988). Observational data
on organochlorine contaminant residues continued to overshadow experi-
mental investigations, with our tabulations for the 1980s embracing another
2700 individuals in 47 species of marine mammals (Table 6.3). With advances
in analytical chemistry allowing capability for congener determination, the
number of organochlorines found in marine mammals (usually in blubber
and often at very low concentrations) expanded greatly to at least 148, and
included the polychlorinated benzodioxins (PCDDs) and PCDFs (Tables 6.4
and 6.5). Toxic element determinations were carried out on tissues of about
1770 individuals in 30 species (Table 6.2), and expanded to include at least
27 elements (Table 6.1).

The 1990s

In the decades between the Second World War and the present, the chemical
industry grew dramatically. It has become the largest manufacturing
industry in the United States, with 40 per cent of the global market shared
by the US and Japan (Arora et al., 1998). The list of chemical substances
registered by the American Chemical Society had also grown phenomenally
and numbered nearly 20 million by the end of this decade (Figure 6.2).
Attention in studies of marine mammals, however, continued to focus on
the organochlorines. General environmental concerns in the 1990s widened
to embrace the concept of endocrine disruptors (Colborn and Clement, 1992;
Reijnders, Chapter 3 in this volume), which included several organochlorines
that had been repeatedly found in marine mammal tissues over the previous
two decades. Policy and legislation continued to develop internationally,
including an announcement by Mexico in 1997 of a plan to phase out the
use of DDT and chlordane. Concern and debate about the influence of
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Figure 6.2 Cumulative numbers of chemical substances registered by the Chemical
Abstracts Service (1999) at or near the end of each decade, 1969–1999
(1999 data are through 4 April).

organochlorines on disease processes in marine mammals came to the fore-
front early in this decade, on the heels of highly publicized die-offs of seals
and small cetaceans, and this concern was coupled with additional focus on
the possible importance of endocrine disruptors on marine mammal popula-
tion dynamics. Although the amount of information on contaminants in
tissues of marine mammals grew at an accelerating rate in the 1990s, the
decade is highlighted by increased efforts at hypothesis-testing.

New reports on beluga whales in the highly polluted St. Lawrence River
(e.g. Béland et al., 1993; Martineau et al., 1994) and pinnipeds in the Baltic
(e.g. Bergman et al., 1992) showed various lesions (including skull bone
asymmetry in seals) strongly suggestive of contaminant impacts. Studies
designed to further elucidate relationships between organochlorines and the
adrenocortical function hypothesis in harbor porpoises, however, were not
conclusive but suggested that in this case adrenal hyperplasia was generally
related to chronic causes of death such as disease and starvation rather
than organochlorine exposure (Kuiken et al., 1993). Examination of harbor
porpoises found dead due to various diseases, in comparison with those
killed by trauma in fisheries, showed no significant differences in PCB con-
centrations (Kuiken et al., 1994). Young northern elephant seals (Mirounga
angustirostris) on the Pacific coast of the USA, however, were reported with
a skin disease syndrome that may be related to organochlorine exposure,
with ∑DDT in serum and blubber and PCBs in serum of diseased seals
significantly higher than in normal seals (Beckmen et al., 1997).

Die-offs of bottlenose dolphins (Tursiops truncatus) on the Atlantic Coast
of the US in the late 1980s (Geraci, 1989; Lipscomb et al., 1994; Duignan
et al., 1996) were followed by additional dramatic events involving pinnipeds
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and small cetaceans in Europe and the Gulf of Mexico during the late 1980s
and 1990s (Domingo et al., 1990; Lipscomb et al., 1996; Taubenberger et al.,
1996). Studies of these events included sampling designs that statistically
partitioned cause of death and organochlorine residue data among variables
such as age and sex in order to test hypotheses about linkages with disease
and contaminants. Results were sometimes conflicting. Hall et al. (1992)
designed an analysis comparing organochlorine concentrations in blubber
of harbor seals which succumbed to a morbillivirus epidemic in 1988 with
survivors sampled by biopsy in 1989, but determined that ‘data are not suffi-
cient to conclude that there was a direct link between mortality from PDV
infection and OC contamination’. Aguilar and Borrell (1994), however,
reported much higher PCBs in striped dolphins (Stenella coeruleoalba) that
succumbed to a morbillivirus outbreak in the Mediterranean in comparison
with individuals sampled before and after the outbreak. Other studies were
unable to confirm a relationship between organochlorine concentrations and
morbillivirus outbreaks in seals (Blomkvist et al., 1992; Kendall et al., 1992),
or in experimental susceptibility of seals with high or low PCB contamina-
tion to dosing with cell culture phocine distemper virus (Harder et al., 1992).
Die-offs associated with morbillivirus infections were very dramatic and
attracted much attention and speculation about links with contaminants,
but such infections are typically associated with a high mortality in naïve
mammalian populations even when contaminants are not present.

Other milestones in hypothesis-testing were achieved during this decade
in an experiment on immune function and organochlorines in the diet of
captive harbor seals (Ross et al., 1995, 1996a, b; de Swart et al., 1993, 1994,
1996), and a creative field experiment on mother–pup pairs of gray seals.
In the captive study, vitamin A levels were lower in the group of seals fed
a herring diet about five times higher in PCBs and DDTs than in the refer-
ence group. Counts of total white blood cells and granulocytes (but not
lymphocytes or monocytes) were higher, and natural killer cell activity and
lymphocyte function assays after stimulation with mitogens were signific-
antly lower in the seals with higher dietary organochlorine exposure (see
Vos et al., Chapter 21, and Ross et al., Chapter 20, in this volume for
greater details on results and conclusions from these experiments). Hall
et al. (1997) measured PCBs in the milk of wild gray seal mothers, and
challenged their pups with morbillivirus vaccines and stimulated them with
mitogens to determine immunocompetence. No relationships were found
between the prevalence of infection in pups (as an indicator of possible
immunosuppression) and cumulative exposure to PCBs in mothers’ milk.
Pups exposed to higher PCBs in milk did not show any biochemical,
hematological or immunological abnormalities. In vitro study of mitogen-
induced proliferation responses of lymphocyte cultures and organochlorines
in the blood of five free-ranging bottlenose dolphins showed an inverse cor-
relation between these immune responses and organochlorine concentrations
(Lahvis et al., 1995).
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Biomarker studies continued to increase in the 1990s, with some form of
biomarker sampling published for at least 184 cetaceans in nine species and
408 pinnipeds in ten species (Fossi and Marsili, 1997 and references noted in
the methods therein). Biomarker studies began to include organochlorine
determinations from biopsies or tissue samples from the same individuals,
and results generally showed a positive correlation with MFO activity (e.g.
Letcher et al., 1996; Fossi et al., 1997a, b; Troisi and Mason, 1997; Boon
et al., 1998; Marsili et al., 1998; Wolkers et al., 1998). Other observation-
level data continued to mount during this decade, with analytical chemistry
techniques continuing to expand the numbers of individual compounds
(especially industrial chemical congeners) and elements reported in marine
mammal tissues at even finer levels of sensitivity. During this decade at least
5695 marine mammals in 64 species were examined for organochlorine
residues (Table 6.3), including determinations of well over 200 compounds
(Tables 6.4 and 6.5). Some 50 toxic elements were reported in marine mam-
mals in the 1990s, based on surveys of over 7000 individuals in 64 species
(Tables 6.1 and 6.2). The latter represents a doubling of the cumulative
historical number of samples in just 9 years. Additionally, towards the close
of the 1990s hypothesis-testing had broadened to include more sophisticated
in vitro laboratory studies on specific contaminants and various physiologi-
cal and immunological response functions in marine mammal tissues and
cell cultures (e.g. De Guise et al., 1996, 1998; Gauthier et al., 1998b).

A few reports were published on polycyclic aromatic hydrocarbons (PAHs)
in marine mammals during the 1990s (Hellou et al., 1990, 1991; Law and
Whinnet, 1992; Zitko et al., 1998), including determination of up to 14 indi-
vidual compounds (Marsili et al., 1997b, Table 6.6). No evidence of toxic
effects was noted. Butyltins in tissues of marine mammals were first reported
in the 1990s (Iwata et al., 1994) and are becoming commonly determined
(e.g. Kannan et al., 1998; Tanabe et al., 1998; see Tanabe 1999 for a review),
but are of unknown toxicological significance to these species. One in vitro
study showed that MFO activity in hepatic microsomes of a Steller’s sea
lion (Eumetopias jubatus) and a Dall’s porpoise was inhibited by tributyltins
(Kim et al., 1998). A few additional studies of radionuclides also appeared

Table 6.6 Polyaromatic hydrocarbon compounds reported in tissues of marine
mammals, 1990s

Acenapthene Chryseine
Anthracene Fluoranthene
Benzo(a)anthracene Fluorene
Benzo(a)pyrene Naphthalene
Benzo(g,h,i)perylene C1–C4 naphthalenes
Benzo(b)fluoranthene Phenanthrene
Benzo(k)fluoranthene C1–C2 phenanthrenes
Dibenzo(a,h)anthracene Pyrene
C1–C2-dibenzothiophenes
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in this decade (Anderson et al., 1990; Calmet et al., 1992; Berrow et al.,
1998) but concentrations reported have not been considered detrimental.

Discussion

Despite what is becoming a very large database on contaminant residues
in marine mammals (organochlorine and toxic element data have been
documented for nearly 20 000 individuals in reports cited in our methods
section, with numbers sampled for organochlorines doubling each decade),
there are major limitations to our knowledge. Even the basic observational
residue data are biased by geography and taxon. About 90 per cent of the
samples in references we examined are from the northern hemisphere
(primarily Europe and Canada; only 10 per cent are from US waters). More
than three-quarters of the pinnipeds sampled for organochlorines are from
four species (Halichoerus grypus, 629; harp seal (Pagophilus groenlandicus),
497; Phoca vitulina, 956; and Pusa hispida, 909) with nearly two-thirds of the
cetaceans sampled in just five species (Balaenoptera physalis, 555; long-finned
pilot whale (Globicephala melas), 495; Phocoena phocoena, 951; Stenella
coeruleoalba, 430; and Tursiops truncatus, 381). Similar disparities exist in
toxic element analyses. Although 10 246 marine mammals in 70 species have
been examined for elements (there are about 78 cetaceans and 33 pinniped
species worldwide), 70 per cent of the pinnipeds are in three species
(Pagophilus groenlandicus, 397; Phoca vitulina, 586; and Pusa hispida, 1692);
about half (49 per cent) of the cetaceans are represented by just five species
(Delphinapterus leucas, 852; Globicephala melas, 355; Phocoena phocoena, 525;
sperm whale (Physeter macrocephalus), 435; and Stenella coeruleoalba, 488).
Despite this extensive sampling for organochlorine residues and trace ele-
ment concentrations, there have never been any deaths in marine mammals
that have been attributed directly to organochlorine poisoning, and to our
knowledge lethal or other serious toxic effects of elements have not been
observed and linked with concentrations in tissues of wild marine mammals.
Diagnostic concentrations of organochlorines in blubber that can be linked
to detrimental health effects in marine mammals have also not been estab-
lished. Indeed, the rate at which organochlorines are concentrated in the
blubber as lipid reserves are utilized is not well known, despite being critical
to interpretations of residues in ill animals in comparison with healthy indi-
viduals. Concentrations of DDE reported in blubber or milk of marine
mammals in many parts of the world are no higher than in contemporary
human adipose tissue or milk in some countries (Ejobi et al., 1996; Waliszewski
et al., 1996; Chikuni et al., 1997; Çok et al., 1997, 1998; Kinyamu et al., 1998;
Nasir et al., 1998; Pardio et al., 1998), or to those in humans in many parts
of the world in past decades (Jensen, 1983; Matsumara, 1985). Results of
different sampling designs in field studies executed to date sometimes show
conflicting results about the actual impacts of organochlorines on various
aspects of immune function, physiology or reproduction in marine mammals.
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How can the science of marine mammal toxicology progress in the future
to correct these deficiencies? And what are the practical applications that
should be sought from this research? Clearly, towards the end of the twentieth
century there was a much-needed advance towards the stage of testing
hypotheses about contaminant effects on marine mammals. The emphasis
should continue in this direction as much as possible, and steps should be
taken to increase the number of carefully designed non-lethal controlled
experiments in captivity, while field sampling designs should encompass
many more factors of relevance to interpreting impacts than simply residue
determinations. These two points were at the core of recommendations by
a recent international workshop on marine mammals and persistent ocean
contaminants (O’Shea et al., 1999; see Chapter 23 in this volume for a
synopsis). Although there are now two sets of feeding experiments on captive
seals exposed to mixtures of organochlorines in fish that show reproductive
and immunological effects, it has not been determined experimentally what
the toxic effects of a single organochlorine (such as the ubiquitous DDE)
are to any marine mammal species. It can certainly be argued that mixtures
of contaminants are what these animals are naturally exposed to in the ‘real
world’, lending relevance to these experimental treatments. However, many
developing countries allow large-scale use of several organochlorine com-
pounds because they are cheaper than alternatives that may be preferable
for marine mammal health. It is much more sensible to expect regulators
to restrict compounds based on experimental results rather than to disallow
the entire class of compounds based on suspicions about mixtures, particu-
larly when it is known from studies of reproduction and mortality in other
wildlife that different organochlorines can vary widely in their toxic effects.
Presumably one goal of this field beyond basic questions about toxicology
in a fascinating set of animal models is to apply results to help alleviate un-
necessary ocean pollution. Well-controlled experiments would be of especial
value, considering that human impacts on the marine environment in our
world today are very complex, and that marine mammal populations in the
wild are subject to many different stressors and their interactions (Figure 6.3).
These include harvesting and bycatch impacts and histories, fisheries deple-
tion and other food-chain shifts, eutrophication in nearshore environments,
global temperature shifts, exotic species introductions, fluxes in greenhouse
gases, changes in incoming radiation, ship traffic, noise pollution and toxic
algal blooms. Given such complexities, scientists should also caution policy
makers that persistent contaminants may not always be the root cause for
every die-off, reproductive anomaly, or failure for a marine mammal to thrive.

Despite these problems and inconsistencies, and the scientific desire for
more clear-cut cause-and-effect experiments, there is already ample justifica-
tion for concern. Research accomplished to date shows that organochlorines
can be expected to be found in every marine mammal on Earth. Laboratory
studies on other species of mammals show that organochlorines and toxic
elements can cause the kinds of effects seen or suspected in marine mammals
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at certain locations under certain circumstances. (However, they also show
that such effects are dose-related, and can vary with species across the
mammals.) In terms of policy implications, it is clear that these substances
are unlikely to be considered benign to marine mammals. In an enlightened
world, it might be hoped that restrictions on pollution of the marine
environment could be based on a ‘precautionary principle’ that considers
a weight of evidence approach (Gray and Bewers, 1996), and that there is
ample justification to stem contaminant inputs for the benefit of marine
mammals without waiting for results of difficult but definitive experiments
on cause–effect relationships (e.g. Sinderman, 1997). In contrast, there is
grave concern that no such actions will be taken in time to avoid ecological
catastrophe. Room for optimism seems narrow in a world where the number
of people have doubled to some 6 billion over the time span considered by
this review, and the number of registered chemical substances has increased
exponentially (from less than 2 million in 1970 to nearly 20 million by 1999
in the American Chemical Society Chemical Abstract Services Registry;
Figure 6.2), as have human impacts on the marine environment. Indeed, as
noted by Reeves and Leatherwood (1994): ‘Concern about impacts on human
health should be adequate incentive [for taking actions to stem marine
pollution] . . . If it is not, then there is little cause for optimism with regard
to limiting the exposure of cetaceans to environmental contaminants.’

Figure 6.3 Marine mammal populations in the wild are subject to numerous stressors
and complex interactions, making interpretation of impacts of contamin-
ants alone very difficult.
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7 Heavy metals in marine mammals

Krishna Das, Virginie Debacker, Stéphane Pillet
and Jean-Marie Bouquegneau

Introduction

During the past few decades, increasing concern about environmental pollu-
tion has led to many investigations on heavy metals and their distribution
in the sea, air or biological materials. The distribution of xenobiotics in the
marine environment is not homogeneous and a considerable variation of the
concentrations may occur regionally and temporally. The use of bioindicators
offers a useful alternative for pollution monitoring studies. Marine mam-
mals appear to be potentially valuable indicators of the level of heavy metals
accumulated in the marine environment: according to their top position in
the trophic network, their long life span and their long biological half-time
of elimination of pollutants, these animals accumulate high levels of chemicals
such as organochlorines (Kamrin and Ringer, 1994; Tanabe et al., 1994),
or heavy metals (Bouquegneau and Joiris, 1988, 1992; André et al., 1991a;
Dietz et al., 1998). The increased interest in studying contaminants in marine
mammals is due to large-scale die-off (Sarokin and Schulkin, 1992; Forcada
et al., 1994) or impaired reproduction (De Guise et al., 1995), which could
lead to population declines of some pinniped and small cetacean species in
Europe and North America, and the finding of relatively large contaminant
burdens in these animals. In many cases, morbillivirus infections were
the primary cause of the disease outbreaks (Heide-Jørgensen et al., 1992;
Thompson and Hall, 1993; de Swart et al., 1995a). These mass mortalities
among seals and dolphins inhabiting contaminated marine areas have led to
speculation about the possible involvement of immunosuppression associated
with environmental pollution.

Controlled experiments are unavailable to establish any definite causal
relation between these pollutant concentrations and any physiological
problem. Moreover, the data are always difficult to interpret because of the
presence of other chemical contaminants and other stressors. The physiolo-
gical status of the organisms (e.g. pregnancy, moulting, fasting, etc.) also
modulates the toxicity of heavy metals. In addition, the available measure-
ments have almost been all performed on animals found dead, which leaves
doubts about the general applicability of collected values at which an effect
at individual or population level might be expected.
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Several investigations have been carried out in an attempt to evaluate
contaminant effects at ambient environmental levels (Reijnders, 1986; Aguilar
and Borrell, 1994; De Guise et al., 1995; de Swart et al., 1995b, 1996). For
example, it has been demonstrated that seals fed polluted fish from the
Dutch Wadden Sea showed reduced pup production when compared to
those fed much less polluted fish from the Northeast Atlantic (Reijnders
et al., 1986). This study was the first sign of a causal relationship between
naturally occurring levels of pollutants and a physiological response in marine
mammals.

A more recent study over a 2-year period by de Swart et al. (1994, 1995b,
1996) has demonstrated an impairment of several immune parameters in
harbour seals (Phoca vitulina) fed herring from the polluted Baltic Sea when
compared to those fed with fish from the Atlantic Ocean. Among impaired
parameters, natural killer cell activity plays an important role in the first line
of defence against viral infections (de Swart et al., 1996). Moreover, those
seals consuming contaminated herring accumulated higher body burdens of
potentially immunotoxic organochlorines than seals fed relatively uncon-
taminated herring. In the latter study, heavy metal levels have unfortunately
not been determined either in fish or in seals.

Possible immunosuppressive actions of other groups of environmental
contaminants, such as heavy metals, cannot be ruled out. Indeed, many
laboratories and epidemiological studies have demonstrated the immunotoxic
effects of heavy metals in a variety of species (Zelikoff and Thomas, 1998).
Direct cause and effect links between a single kind of contaminant and pos-
sible population declines has not been established so far, and many researchers
have proposed the possibility of a synergistic role of different substances in
increasing the susceptibility of affected animals to diseases or biotoxins.

In this chapter we will focus on heavy metals and their possible effects
on marine mammals. Heavy metals are usually divided into essential (Zn,
Cu, Cr, Se, Ni, Al) and non-essential metals (Hg, Cd, Pb), the latter being
potentially toxic even at low concentrations. Nickel and copper hazards to
wildlife have been reviewed extensively by Eisler (1997, 1998). When con-
sidering marine mammals, there are limited data about heavy metals, except
mercury. Chromium, nickel and lead concentrations are generally low, rarely
exceeding a few µg/g dry weight (dw) in marine mammal tissues. No mean-
ingful assessment of their toxicity in marine mammals can be made as yet
(Law, 1996). However, investigations carried out on a ringed seal population
(Pusa hispida saimensis) from Finland showed a clear connection between
stillbirth of the pups and nickel concentrations in the air (Hÿvarinen and
Sipilä, 1984). These authors have underlined the considerable nickel input in
the environment from industrial activity in that particular area. On the other
hand, zinc, copper, cadmium and mercury concentrations often exceed several
tens of µg/g dw and so will be discussed in particular, as well as their levels
in the different marine mammal groups, detoxification mechanisms, potential
hazards and ecological implications.
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Factors affecting heavy metal concentrations in marine mammals

Some reviews about heavy metal contamination of marine mammals have
been published (Wagemann and Muir, 1984; Thompson, 1990; Kemper et al.,
1994; Law, 1994, 1996). Tables 7.1 to 7.5 present some selected references.
It appears that metal concentrations vary greatly within marine mammals,
especially those of non-essential metals such as cadmium and mercury
(Table 7.1).

The large variation in these data (Table 7.1) illustrates the numerous
physiological and ecological factors that might affect heavy metal contamina-
tion: geographic location, diet, age, sex, the tissues considered and metabolic
rates. Information concerning metabolic rates is largely unavailable for the
different marine mammals species so will not be discussed here. However it
must be kept in mind that ingestion and assimilation rates differ between all
the marine mammals species in relation with their weight and their migra-
tion or physiological status (fasting).

Geographic location

Heavy metal contamination sources can be both anthropogenic and natural,
and distinguishing between the two can be very difficult. The natural

Table 7.1 Examples of maximum and minimum metal concentrations for marine
mammals

Metal Minimum Maximum

Hg 0.2 13 156
Muscle Liver
Pusa hispida Tursiops truncatus
Western Arctic Mediterranean Sea
Wagemann et al. (1996) Leonzio et al. (1992)

Cd 0.007 2324
Muscle Kidney
Pusa hispida (<1 year) Pusa hispida (8 years)
Northwest Greenland Northwest Greenland
Dietz et al. (1998) Dietz et al. (1998)

Zn 2 4183
Blubber Liver
Leptonychotes weddellii (13 years) Dugong dugon (>30 years)
Antarctic Australia
Yamamoto et al. (1987) Denton et al. (1980)

Cu 0.4 600
Blood Liver
Leptonychotes weddellii (13 years) Tursiops truncatus
Antarctic Argentina
Yamamoto et al. (1987) Marcovecchio et al. (1990)

When available, the age of the animals is given (all the data are expressed in µg/g dry weight,
assuming a mean water content of 75 per cent of the tissue).
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Table 7.2 Heavy metal mean and range concentrations in livers (and kidney for Cd)
from odontocetes: selected references

Family

Pontoporiidae

Platanistidae

Delphinidae

Monodontidae

Kogiidae

Physeteridae

Phocoenidae

a Median.
When the range was not available, standard deviation was used. All the data are expressed in dry weight
assuming a mean water content of 75 per cent of the tissues.

Species

Pontoporia
blainvillei

Platanista
gangetica

Tursiops
truncatus

Globicephala
melas

Stenella
coeruleoalba

Delphinus
delphis
Lagenorhynchus
albirostris

Monodon
monoceros

Delphinapterus
leucas

Kogia
breviceps

Physeter
macrocephalus

Phocoena
phocoena

Phocoenoides
dalli

Location

Argentina

India

Argentina

South Carolina,
USA
Gulf of Mexico

Alaska

Faroë Islands

Newfoundland,
Canada
Northeast
Atlantic
Pacific Ocean,
Japan
Northeast
Atlantic
Newfoundland

Baffin Island
West
Greenland
West
Greenland
St. Lawrence,
Canada
Canadian
western Arctic
Canadian
eastern Arctic

Argentina

North Sea

North Sea

Baltic sea

West
Greenland
Northwestern
Pacific

n (age estimation)

2
(2 and 3 years)

4

1
(10 years)
34

10
Adult males
11

Hg: n = 8
Cd: n = 28
26

Hg: n = 8
Others: n = 22
Mature dolphins
n = 15
28
Stranding
26

38
n > 48

40

30

77

73

1

6

5

4

44

3

Hg-total

15 ± 6

nd

344 ± 29

71
<2–586
180
20–351
180
4–448
852 ± 776

63
0.3–298
206
5–348
820 ± 408

128
3–631
3
0.5–6

24 ± 12
21a

<0.02–171
7
0.3–123
134
1.5–808
108
1–464
41
5–154

47

41
9–61

170
1–504
/

16
2–80
6
(n = 1; fetus)

CH3-Hg

nd

nd

nd

nd

nd

nd

17 ± 15%

nd

nd

3.4%

7%

nd

/
/

/

/

/

/

/

5%
2–8%

37%

/

/

/
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Cd liver

13 ± 6

0.1
<0.04–0.15

3 ± 1

0.2
0.02–1
2
0.4–5
nd

308
6–668
78
0–190
17
0.2–51
nd

6
0–96
2
0.2–8

133 ± 130
43a

<0.06–295
9
<0.06–34
0.6
0.004–2
9
0.5–27
26
0.03–103

30

82
52–175

/

0.3
0.3–0.4
13
0.2–45
/
0–84

Cd kidney

40 ± 16

2
<0.04–6

114 ± 17

nd

nd

nd

344
6–976
43
0–102
91
0.1–199
nd

13
0.4–81
14
2–44

298 ± 192
156a

<0.06–500
41

6
0.004–15
39
15–88
90
0.3–314

1650

258
133–426

/

1.5
0.2–3
53
0.4–290
/
0–136

Se

nd

nd

nd

38
0.7–189
74
41–133
52
6–114
nd
0–480
31
3–113
nd

194 ± 115

nd

8
4–12

16 ± 7
13a

<0.8–144
15
2–111
/

75
3–235
21
1.5–91

/

18
6–43

/

/

11
2–36
/

Cu

64 ± 9

207
9–400

310 ± 1

43
5–316
nd

nd

nd
8–60
17
9–35
43
7–272
nd

12
3–32
20
3–32

21 ± 13
/

/

/

45
3–140
77
3–1324

40

8
5–12

/

24
18–6
48
20–200
/
20–329

Zn

330 ± 160

126
64–210

785 ± 136

227
46–1084
nd

nd

nd
100–900
264
68–716
167
33–385
nd

143
65–293
100
43–136

151 ± 40
144a

53–271
114
87–181
:

112
43–185
115
41–361

652

104
90–125

/

120
96–144
200
145–370
/
110–186

Source

Marcovecchio et al. (1990)

Kannan et al. (1993)

Marcovecchio et al. (1990)

Beck et al. (1997)

Kuehl and Haebler (1995)

Caurant et al. (1996)
Caurant and Amierd-Triquet (1995)
Muir et al. (1988)

Das et al. (2000)
André et al. (1991b)
Itano et al. (1984)

Holsbeek et al. (1998)

Muir et al. (1988)

Wagemann et al. (1983)
Hansen et al. (1990)

Hansen et al. (1990)

Wagemann et al. (1990)

Wagemann et al. (1996)

Wagemann et al. (1996)

Marcovecchio et al. (1990)

Bouquegneau et al. (1997b)
Holsbeek et al. (1999)

Joiris et al. (1991)

Szefer et al. (1994)

Paludan-Müller et al. (1993)

Fujise et al. (1988)
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background component of the input of heavy metals in marine ecosystems
may be as important as the anthropogenic one, and, in some areas, it appears
to be the major source. This is important because it emphasises that marine
mammals have been exposed to heavy metals long before the development
of human activities. For example, this is the case for the Mediterranean Sea
and the Arctic, which are known for their high natural metal levels: mercury
in the Mediterranean Sea and cadmium in the Arctic.

The mercury levels measured in dolphins from the Mediterranean Sea are
higher than those encountered in dolphins from Pacific coasts of Japan or
the north-east Atlantic (Figure 7.1) (Honda et al., 1983; André et al., 1991a;
Leonzio et al., 1992). According to André et al. (1991b), the origin of high
mercury levels observed in Mediterranean dolphins is natural because of the
large natural sources present in the Mediterranean basin.

The current state of knowledge of concentrations, spatial and temporal
trends of contaminants, including heavy metals, have been described extens-
ively in the Arctic (Muir et al., 1992; Dietz et al., 1996; AMAP, 1998). It
seems that cadmium concentrations have always been high in the Greenland
Arctic regions, as indicated by the lack of obvious temporal trends in sediment
cores, as well as historic hair samples from the fifteenth century from both
seals and Inuits (Dietz et al., 1998). Johansen et al. (1980) first reported that
cadmium levels in tissues of ringed seals from Greenland were higher than
previously reported for seals from the North Sea. Cadmium seems to accu-
mulate to higher levels in seals living in unpolluted Arctic waters than in
those taking their preys in the North Sea area, which receives large inputs of
pollutants. A similar observation can be made for porpoises (Figure 7.2).

Wagemann et al. (1996) have investigated the heavy metal distribution in
belugas (Delphinapterus leucas), narwhals (Monodon monoceros) and ringed
seals within the Arctic region. Mean mercury concentrations in the livers of

Figure 7.1 Mercury levels in livers from striped dolphins (Stenella coeruleoalba)
from the north-east Atlantic and the Mediterranean Sea. Concentrations
are expressed per gram dry weight, assuming a mean water content of
75 per cent of the tissues. (After André et al., 1991a, b.)
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belugas and ringed seals were significantly higher in the western Arctic than
in the eastern Arctic. This comparison was not possible for narwhals, as they
are not found in the western Canadian Arctic. On the contrary, cadmium as
well as zinc and copper concentrations in tissues (liver and kidney) of belugas
and ringed seals were higher in the eastern than in the western Arctic. These
differences in metal levels between marine mammals of the eastern and
western Arctic corresponded to the different geological settings and sediments
of these two regions (Wagemann et al., 1995, 1996).

Routes of entry

There exist several different routes of entry of heavy metals in marine mam-
mals: uptake from the atmosphere through the lungs, absorption through
the skin, across the placenta before birth, via milk through lactating, inges-
tion of sea water and ingestion of food. Nevertheless, the major route of
heavy metal contamination for marine mammals seems to be via feeding
(André et al., 1990a, b; Augier, 1993b; Law, 1996). Considering this, the
following discussion will mainly refer to the diet (including suckling) and its
influence on metal uptake.

Obviously, mysticetes are less contaminated by heavy metals than
odontocetes and pinnipeds (which are located at higher trophic levels in the
marine food web). Cadmium seems to be transferred to the highest trophic
levels of the marine food chain mainly by molluscs, particularly cephalopods,
which concentrate cadmium in their viscera (Honda and Tatsukawa, 1983;
Bouquegneau and Joiris, 1988; Miles and Hills, 1994). Long-finned pilot
whales (Globicephala melas), for example, are known to concentrate cadmium
in relation to a preferential cephalopod diet. Elevated levels of cadmium

Figure 7.2 Cadmium levels in kidneys from porpoises (Phocoena phocoena) from the
Baltic and North seas, and waters around the UK and south-western
Greenland. Concentrations are expressed per gram dry weight, assuming
a mean water content of 75 per cent of the tissues. (After Harms et al.,
1978; Falconer et al., 1983; Paludan-Müller et al., 1993.)
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Heavy metals in marine mammals 145

in Pacific walrus (Odobenus rosmarus divergens) and northern fur seals
(Callorhinus ursinus) have been reported in a population of the Bering Sea,
a remote area away from industrial activity (Miles and Hills, 1994). In an
attempt to find out which prey may transfer cadmium to the walrus, the
most common preys (mainly bivalves) found in the stomach contents were
analysed for their metal concentrations. Amongst the bivalves analysed, Mya
sp. showed the highest cadmium content, suggesting that this prey could be
a cadmium transmitter for walruses (Miles and Hills, 1994). Wagemann and
Stewart (1994) have studied heavy metal concentrations of walruses (Odobenus
rosmarus rosmarus) from the eastern Canadian Arctic in relation to their
food, mostly bivalves (Mya sp. and Serripes sp.). These authors showed that
bivalves could also be a source of lead for walruses, judging from the cor-
respondence between the high levels of lead in both bivalves and walruses
(Wagemann and Stewart, 1994).

However, some high cadmium levels have been reported in some marine
mammals that do not eat cadmium-contaminated prey (Denton et al., 1980).
Trace metals have been determined in the dugong (Dugong dugon), which
mostly feeds on seagrasses and algae. High cadmium and zinc concentra-
tions have been detected in their livers and kidneys. Denton et al. (1980)
have reported renal cadmium and hepatic zinc concentrations reaching,
respectively, 309 µg/g and 4183 µg/g dry weight, while low levels of these
metals are found in the seagrasses analysed. The authors suggested that the
low levels of copper in seagrasses may influence intestinal absorption of zinc
and cadmium in the dugong. Higher than normal zinc and cadmium
absorption through the intestinal tract occurs when dietary copper intake is
deficient, due to competition between the metals for available binding sites
on carrier proteins within the intestine (Denton et al., 1980). Unlike dugongs
of coastal Australia, which display a copper deficiency due to their seagrass
diet, Florida manatees (Trichechus manatus) are considered to be facing the
opposite problem: copper concentrations in the livers of Florida manatees
were significantly elevated in areas of high herbicidal copper usage (O’Shea
et al., 1984). Manatees might be inefficient at maintaining copper homeostasis
in the face of dietary excess. The death of a captive dugong was attributed
to exposure to copper sulphate added to its tank as an algicide (Oke, 1967).

The position of top predators in the food web influences mercury levels in
marine mammals as this highly toxic metal is biomagnified, when available
as methylmercury, through the food web (Bouquegneau and Joiris, 1988).
Diets, and especially those of marine mammals relying on fish, are responsible
for mercury contamination (Svensson et al., 1992; Nakagawa et al., 1997).
Much higher mercury concentrations have been reported in minke whales
(Balaenoptera acutorostra) from Greenland (Hansen et al., 1990) compared
to Antarctic minke whales (Balaenoptera bonaerensis), which are several times
less contaminated (Honda et al., 1986, 1987). Hansen et al. (1990) attributed
the lower mercury concentrations found in tissues of Antarctic minke whales
to differences in trophic levels and subsequently in the mercury content of
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the food items: northern minke whales feed mainly on fish while southern
minke whales feed on krill. Indeed, the food web in the Antarctic ecosystem
is rather simple, as the major food component is the Antarctic krill. The low
trophic position of the Antarctic minke whale is reflected in the very low
bioconcentration factor of mercury in this animal.

Age

Cadmium and mercury accumulated strongly with age in most marine
mammal tissues analysed (e.g. Honda and Tatsukawa, 1981, 1983; Hamanaka
et al., 1982; Honda et al., 1983; Augier et al., 1993b). This increase is enhanced
in the liver in which the excretion rate might be extremely low due to the
fossilisation of mercury under a detoxified form (see below). However, some
exceptions have been reported in the literature. Honda et al. (1986, 1987)
have studied the heavy metal distribution in Antarctic minke whales, and
compared it to their food habit and age. The age of these whales varies
between 1 and 45 years. They found maximum concentrations of cadmium
and mercury in the livers of 20-year-old minke whales. Both concentrations
increase with age until about 20 years and thereafter decrease. Because
there is no evidence that half-lives of cadmium and mercury change with
age, Honda et al. (1986, 1987) suggested a higher food intake for the younger
animals compared to older. They also suggested that these changes may
be due to the significant decrease in stocks of blue whales (Balaenoptera
musculus) and fin whales (Balaenoptera physalis). Both these species used to
occupy ecological niches similar to those of the minke whales in the Antarctic
marine ecosystems. The young minke whales would be less exposed to feeding
competition from blue and fin whales, than the older ones. Accumulations
of toxic metals such as cadmium or mercury may also have been influenced
by this ecosystem disruption (Honda et al., 1986, 1987).

High copper and zinc concentrations have also been observed in very
young animals and neonates (e.g. Julshamn et al., 1987; Wagemann et al.,
1988; Caurant et al., 1994). These essential elements are known to increase in
tissues undergoing rapid development and differentiation (Baer and Thomas,
1991). It has been suggested that these higher levels encountered in young
might reflect a specific requirement in newborns or a very low excretion rate
of these metals by the fetus (Wagemann et al., 1998).

Sex

Reproductive activities such as pregnancy, parturition and lactation can
modify the metal levels. Several studies have demonstrated that metal trans-
fer from females to pups occurs through the placenta or lactation: Honda
et al. (1987) reported a hepatic iron, cobalt, lead and nickel transfer from
mother to pup. As a consequence, these metal concentrations decrease in
the mature female with the progress of gestation.
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Canella and Kitchener (1992) found significantly lower levels of mercury
in pregnant and lactating sperm whales (Physeter macrocephalus) when com-
pared with non-breeding females. They suggested that this may be due to
hormonal changes or stress causing the redistribution of mercury in body
tissues.

Distribution within organs

The pattern of distribution of metals within the organism is tissue and metal
specific. For example, mercury is mostly concentrated in the liver, with kidney
and muscle having successively lower levels. On the contrary, the highest
cadmium concentrations are usually encountered in the kidney, due to the
presence of metal-binding proteins. This pattern prevails in most marine
mammals (Wagemann and Muir, 1984).

Yamamoto et al. (1987) have studied the distribution of heavy metals in
the whole organism of three Weddell seals (Leptonychotes weddellii) from
the Antarctic. These authors estimated the whole metal body burden, which
was calculated from the weight of the different tissues and their respective
concentrations. If whole-body burdens of metal are estimated for an adult
Weddell seal, zinc is mostly located in muscles and in bones, copper in muscles
and liver, mercury in liver and muscles, and cadmium in liver and kidney.
The apparent contrast between the low concentration of mercury generally
measured in marine mammal muscles and the high burden encountered here
is due to the high muscle mass of these animals. The redistribution of mercury
from highly contaminated organs such as liver or kidney through muscles
seem to be a protection mechanism against mercury toxicity (Cuvin-Aralar
and Furness, 1991).

Skin contains generally low mercury concentrations (Yamamoto et al.,
1987). However, the skin of marine mammals is not a homogeneous tissue.
It consists of four distinct layers, in which mercury increases progressively
outwards, with a concentration of 6 µg/g (estimation in dry weight) in the
outermost layer of Arctic belugas and narwhals. During the process of moult-
ing, the outermost and the underlying layers are shed, thus approximately
20 per cent of the total mercury in the skin is lost annually in belugas and
14 per cent in narwhals (Wagemann et al., 1996).

Toxicity of mercury and cadmium

As quoted above, the accumulation through the food chain is a major
risk for top predators. The accumulation of chemical substances may result
in toxic concentrations in organisms (secondary poisoning) even if the
concentration in the environment remains below the threshold level for
direct toxicity (Nendza et al., 1997). The finding of high concentrations of
metals such as cadmium or mercury have raised the question about their
toxicity.
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Reliable toxicity data for predating marine mammals are scarce. Instead,
threshold levels are often extrapolated from terrestrial species, i.e. interspecies
correlations are assumed to hold for rats or captive seals. The validity of
these extrapolations is highly questionable and can only be justified by the
current lack of better data and by ethical considerations. Indeed, potential
effects of toxic metals cannot be tested in free-living animals because experi-
mental manipulations are undesirable. In vitro experimentations or systematic
post-mortem investigations to establish the disease status of contaminated
animals in a relatively large number of individuals from the same species are
complementary and valuable alternative ways of understanding the numer-
ous processes involved.

Mercury toxicity

Mercury exists in several interchangeable forms in the biosphere (Kaiser
and Tölg, 1980), but the mercury accumulation through the food web mainly
occurs in an organic form, methylmercury (MeHg), as a result of its lipid
solubility and preferential assimilation during zooplankton grazing (Mason
et al., 1995). Above zooplankton, organic mercury is biomagnified along the
food chain up to marine mammals.

Total mercury concentration is a poor indicator of toxic effects, as organic
mercury compounds seem to be considerably more toxic to animals than
inorganic mercury. The biological and toxicological activity of mercury
depends on the form that is taken up, the route of entry in the body (skin,
inhalation or ingestion), and on the extent to which mercury is absorbed
(Kaiser and Tölg, 1980). Wolfe et al. (1998) have recently reviewed the
toxicity on mercury on wildlife.

In mammals, methylmercury toxicity is manifested primarily as central
nervous system damage, including sensory and motor deficits and beha-
vioural impairment. Animals become anorexic and lethargic. Methylmercury
is easily transferred across the placenta (Wagemann et al., 1988) and thus
concentrates in the fetal brain (Wolfe et al., 1998). This reproductive effect
ranges from development alterations in the fetus to fetal death.

Methylmercury is also absorbed by the gastrointestinal tract, while
inorganic salts of mercury are less readily absorbed. Mercury is absorbed
from fish mainly as the methylated form since almost all the mercury present
in fish is methylated (Svensson et al., 1992).

Experimental seal intoxication has led the animals to lethargy, weight loss
and finally death (Ronald and Tessaro, 1977). Four harp seals (Pagophilus
groenlandicus) were intoxicated with methylmercury by a daily oral intake.
Two seals were fed with mercury doses of 0.25 mg/kg of body weight per
day for 60 and 90 days. These two seals did not show abnormal blood con-
centrations but exhibited a reduction in appetite and consequent weight loss.
Two others seals fed 25 mg/kg of body weight per day died on day 20 and
day 26 of exposure. The measurements of blood parameters indicated toxic
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hepatitis, uraemia and renal failure. These pathologies have been related to
high accumulation of mercury in these tissues. The liver concentrations
reached more than 500 µg/g dry weight after the death. Almost 90 per cent
of the mercury analysed in the liver was methylmercury. No detoxification
mechanisms were described in this case.

However, this experimental study did not reproduce the real daily food
intake of marine mammals in the wild. Nigro and Leonzio (1993) have
calculated the mean daily food intake of small cetaceans to be approximately
3 kg of fish and cephalopods, with an average mercury concentration of
0.3 mg/kg fresh weight, from which the mean dietary mercury intake for an
adult specimen can be estimated at 0.9 mg mercury/day for the whole animal.
This is quite far from the 25 mg/kg of body weight/day administrated in gel
caps to seals in the study of Ronald and Tessaro (1977). Another feature
that might explain the absence of detoxification is the absence of selenium
added to the food. In the wild, if fish are a source of exposure to mercury,
they are also a source of selenium (Svensson et al., 1992), and in marine
mammals demethylation mechanisms occur in the presence of selenium
(see below). In this experimental study, the lack of additional selenium in
the diet was probably the limiting factor to detoxification.

Very few studies have tried to link metal concentrations measured in
free-ranging marine mammals and health status (Hÿvarinen and Sipilä,
1984; Rawson et al., 1993, 1995; Siebert et al., 1999; Bennet et al., 2001).
Only one case of mercury toxicity has been reported by Helminen et al.
(1968): the ringed seal suspected of mercury intoxication was from an area
of heavy industrial mercury dumping. Chronic mercury accumulation was
associated with liver abnormalities observed in stranded bottlenose dolphins
from the Atlantic. Large deposits of a brown pigment, identified as lipofuscin,
in the portal areas of the liver were observed in the livers of nine animals
with high hepatic mercury levels (>60 µg/g fresh weight). Analytical elec-
tron microscopy carried out on these pigments demonstrated that mercuric
selenide (HgSe) was the predominant material (Rawson et al., 1995).
Lipofuscin is believed to be derived from damaged subcellular membranes.
This pigment accumulation strongly correlated with mercury concentrations.
Mercury would have inhibited the activity of lysosomal digestive enzymes
and, therefore, reduced degradation of proteins, leading to excessive ac-
cumulation of lipofuscin within cells and finally cell death (Rawson et al.,
1993).

More recently, Siebert et al. (1999) examined the possible relationship
between mercury tissue concentrations and disease in harbour porpoises
from the German waters of the North and Baltic seas. A higher mercury
content has been measured in organs of harbour porpoises from the North
Sea compared to those of the Baltic Sea, indicating that mercury is a more
important threat for animals of the North Sea than for those of the Baltic
Sea. High mercury concentrations were associated with prevalence of para-
sitic infection and pneumonia.
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Bennet et al. (2001) have also used this indirect approach to investigate
the prediction that increased exposure to toxic metals results in lowered
resistance to infectious disease in harbour porpoises from the coasts of
England and Wales. Mean liver concentrations of mercury, selenium,
mercury : selenium ratio and zinc were significantly higher in the porpoises
that died of infectious diseases (parasitic, bacterial, fungal and viral path-
ogens such as pneumonia), compared to porpoises that died from physical
trauma (most frequently entrapment in fishing gear). Liver concentrations of
lead, cadmium, copper, and chromium did not differ between the two groups.

In some cases, balances between elements seem to be more important
than the absolute concentration when the possibility of toxic effects is con-
sidered. High premature birth rates have been observed and studied between
1968 and 1972 in the Californian sea lion (Zalophus californianus) from the
southern California Channel Island rookeries (Martin et al., 1976). These
premature pups were ataxic, had difficulties in breathing and died shortly
after birth. Heavy metals were analysed and compared between normal and
premature pups and between their respective mothers. The results revealed
that severe imbalance in the mercury : selenium : bromine ratio occurred
in the livers of the abnormal mothers. The absolute concentrations seemed
not to be involved in this case as mercury, selenium and bromine were in
higher concentrations in the livers of normal mothers compared to abnormal
mothers. This suggests that the selenium : mercury balance is a very com-
plex phenomenon and might be more important for general health status
than absolute concentrations.

Some in vitro studies have also been carried out to evaluate the potential
hazard of mercury in marine mammals. Freeman and Sangaland (1977)
demonstrated that methylmercury alters the in vitro synthesis of steroid
hormones which play an important role in reproduction. Genetic effects of
methylmercury on lymphocytes of one bottlenose dolphin (Tursiops truncatus)
have also been evaluated in vitro by Betti and Nigro (1996). Lymphocytes
were isolated from blood obtained from a 15-year-old dolphin (Adriatic
Sea). Methylmercury induces DNA single-strand breaks and cytotoxicity in
a dose-dependent manner. The doses of MeHg used in this study are likely
to be in the range of concentrations (between 1 and 10 µg/ml) naturally
occurring in the blood of wild dolphins found in the Mediterranean Sea
(Betti and Nigro, 1996). It appears that dolphin lymphocytes have a greater
resistance both to the genotoxic and cytotoxic effects of MeHg when com-
pared to human or rat cells. This feature can be interpreted as an adaptation
acquired by dolphins to counter the methylmercury exposure.

Cadmium toxicity

Cadmium is regarded as one of the most toxic metals. High dietary con-
centrations of cadmium in humans can lead to well-known heavy skeletal
deformities (‘itai-itai’ disease), kidney lesions (mainly on the proximal
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tubules) usually preceding lung damage, dysfunction of cardiovascular and
haematopoietic systems, as well as carcinogenic, mutagenic and teratogenic
effects (Förstner, 1980; Lamphère et al., 1984; Jonnalagadda and Prasada
Rao, 1993). The effect of cadmium on marine ecosystems has been reviewed
recently (AMAP, 1998). The renal concentrations can reach levels as high as
2000 µg/g dry weight in some Arctic ringed seals (Dietz et al., 1998). This is
much higher than the critical concentrations of approximately 800 µg/g dry
weight (200 µg/g fresh weight) associated with kidney damage in mammals
including humans (WHO, 1992). Moreover, following Elinder and Järup
(1996), this critical concentration has been largely overestimated, as cadmium-
induced renal dysfunctions have been displayed with kidney cortex concen-
trations of the order of 200 µg/g dry weight (50 µg/g fresh weight). For
comparison, in human adults, the renal cadmium concentrations amongst
non-smokers is less than 5 µg/g fresh weight (Pesch et al., 1989). No obvious
cadmium toxic effect has yet been registered in marine mammals, despite
the high levels encountered in several species, suggesting highly efficient
detoxification mechanisms (Dietz et al., 1998).

Detoxification mechanisms

The exposure of marine mammals to heavy metals has occurred throughout
their evolutionary history, during which they have developed mechanisms
either to control the internal concentration of certain elements or to mitigate
their toxic effects. The most obvious case is that of mercury in dolphins.

Compared to other terminal consumers, such as tunas or seabirds,
some marine mammals accumulate much higher levels of mercury, with
biomagnification factors in respect to prey of 500 in dolphins compared to
30 in predatory fish, for example (Leonzio, 1996). This can be explained by
physiological differences not only in the involved uptake and release, but
also – and sometimes mainly – in detoxification processes.

Mercury detoxification

Wagemann and Muir (1984) found mercury and selenium concentrations
reaching up to 510 µg/g fresh weight (approximately 2000 µg/g dry weight).
Despite such extremely high values, the animals did not show any overt signs
of mercury or selenium poisoning because the presence of the two elements
together provided protection to the animal. Many studies have demonstrated
the mutual antagonism between mercury and selenium (Pelletier, 1985; Cuvin-
Aralar and Furness, 1991). The mutual antagonism between these two
elements has become one of the strongest and most general examples of
interactions between heavy metals. This phenomenon occurs throughout the
animal kingdom from oysters and shrimps to marine mammals and human
beings. Koeman et al. (1973, 1975) first reported the strong correlation
between mercury and selenium in livers of marine mammal species. A molar
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Hg : se ratio of approximately 1 has been observed, suggesting mercury
detoxification mechanisms in the presence of selenium.

Different forms of mercury coexist in the environment. Methylmercury is
known to be one of the most toxic. Mercury is transferred up to marine
mammals in a methylated form. However, very small amounts of methyl-
mercury are generally found in the livers of marine mammals: less than
10 per cent of mercury is present in a methylated form in the livers of adult
marine mammals. Mercury also occurs in an inorganic form (Wagemann
et al., 1998), which implies that a demethylation process occurs (Joiris et al.,
1991). The fate of this inorganic mercury has been mainly elucidated by
histological studies carried out in livers from specimens of Cuvier’s beaked
whale (Ziphius cavirostris) and bottlenose dolphins (Martoja and Viale, 1977;
Martoja and Berry, 1980). These authors first observed granules composed
of mercuric selenide (HgSe). Successively, similar granules were also described
in the striped dolphin (Stenella coeruleoalba). Mercury and selenium occurred
as dense intracellular granules, located mainly in the liver macrophages, the
Kupffer cells, and in the proximal tubules of the kidney. These granules
appear as spherical or polygonal particles ranging from 15 to 80 Å (Augier
et al., 1993a; Nigro and Leonzio, 1993, 1996).

More recently, Rawson et al. (1995) found HgSe crystals in both the liver
and respiratory system of the bottlenose dolphin and short-finned pilot whale
and reported HgSe in the lung and hilar lymph nodes associated with soot
particles. In both the liver and hepatic lymph nodes, these crystals were
small, averaging 50 Å. In the lung and hilar lymph nodes, the crystals were
much larger, measuring 250–500 Å. Abundant carbon was present in the
hilar nodes, while only very small amounts were found in the hepatic nodes
and in the liver. These findings suggest an alimentary and a respiratory
entry for mercury in cetaceans: mercury in the liver is likely to be trophically
acquired, passing through the gastrointestinal tract and carried to the liver
by the way of portal veins. In the liver, it may be converted into HgSe which
accumulates as an end product (Martoja and Berry, 1980). In animals pro-
ducing large amount of HgSe, some of this may be carried to the hepatic
lymph nodes and even to the spleen (Rawson et al., 1995). HgSe in the lungs
and the hilar nodes appears to be closely associated with carbon, suggesting
an atmospheric association between these elements. Indeed, mercury and
selenium pollution is largely attributed to the burning of fossil fuel or waste
incinerations and these elements tend to aggregate as particles (Rawson
et al., 1995). However, in vivo precipitation of HgSe into the surfaces of
inhaled soot particles cannot be ruled out, and further investigations are
needed to understand this lung accumulation process. These mercuric selenide
granules seem to be the last step of a very efficient detoxification mechanism
leading to high but non-toxic concentrations in the organs. The molar ratio
of 1 has been generally observed in marine mammals. However, the Hg : Se
molar ratio found in the liver can vary within the range of 0.2 (Hansen
et al., 1990) to 2.49 (Caurant et al., 1996).
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Palmisano et al. (1995) have explained this variation: a Hg : Se molar
ratio of approximately 1 has been observed in the livers of striped dolphins
only after a certain threshold in the total mercury concentration (approx-
imately 100 µg Hg/g fresh weight) has been exceeded. Palmisano et al.
(1995) have proposed a two-stage mechanism for the demethylation and
accumulation process. At low mercury levels (first stage) the metal is re-
tained mainly in its methylated form. At higher mercury levels (second stage)
demethylation, with a concurrent accumulation of selenium, seems to be the
prevailing mechanism. Moreover, above the threshold only a small fraction
of mercury is present in a labile form as Hg2+ and MeHg+ bound to the
cysteine residue. These authors have determined that 63 per cent of the total
mercury analysed in the liver of one dolphin is involved in the formation of
a very insoluble selenocompound, certainly present as HgSe (tiemannite),
but in addition, mercury can be involved in the formation of other seleno-
compounds as Hg-selenoproteins. This hypothesis of a threshold has also
been suggested in other studies dealing with mercury speciation (Sanpera
et al., 1993; Caurant et al., 1996). Sanpera et al. (1993) have found no
decrease in the organic mercury fraction with increasing total mercury con-
centration in the livers of fin whales (Balaenoptera physalis). On the con-
trary, Caurant et al. (1996) found a decreasing correlation between organic
mercury and total mercury in the livers of long-finned pilot whales. Organic
mercury was lower than 2 per cent when the total mercury concentration
was higher than 100 µg/g fresh weight (400 µg/g dry weight). Only a small
fraction (<1 per cent) of total mercury is bound to heat-stable compounds
(which include the metallothioneins). These heat-stable proteins are able
to bind bivalent metals and are believed to participate in the heavy metal
detoxification processes (see above). More than 90 per cent of the mercury
was in the insoluble fraction, except in two animals. In these two indi-
viduals, insoluble mercury in the liver was less than 90 per cent and 14
and 35 per cent of the mercury was bound to metallothioneins. These indi-
viduals exhibited total mercury concentrations below 50 µg/g fresh weight
(200 µg/g dry weight) in their livers. When total mercury was higher than
this value, the percentage bound to metallothioneins was low, always less
than 1 per cent, whatever the total mercury concentration (Caurant et al.,
1996).

In some species, mercury concentrations can be low during their entire
life span. Fin whales feed at the bottom of the trophic web (Sanpera et al.,
1993) and their mercury levels stay relatively low. In their livers, the mean
ratio of organic/total mercury is about 40 per cent. This result seems very
high compared to other data (see Table 7.6). The authors suggest that
demethylation is carried out at a constant rate, probably because concentra-
tions remain low throughout their life span, between 50 and 500 µg/g dry
weight (Sanpera et al., 1993). It seems in this case that the specific threshold
has not been reached and so high percentages of organic mercury are
observed in the livers.
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Table 7.6 Comparison of mean percentage (%) methylmercury to total mercury in
suckling marine mammals compared to adults

Species Pups Adults Sources

Pagophilus groenlandicus 70 14 Wagemann et al. (1988)
Stenella coeruleoalba 45 2.5 Itano et al. (1984)
Globicephala melas 55 17 Caurant et al. (1996)

Young marine mammals can display a high percentage of methylmercury
(Table 7.6), suggesting that they do not reach a specific threshold (Palmisano
et al., 1995). A second hypothesis is that young individuals are still unable
to demethylate mercury efficiently (Caurant et al., 1996).

Cadmium detoxification

As quoted above, the concentrations of cadmium in kidneys of marine mam-
mals can reach levels more than two times the critical concentrations of
approximately 800 µg/g dry weight (200 µg/g fresh weight) associated with
kidney damage in terrestrial mammals, including humans (WHO, 1992).
This raises questions about the health status of such heavily cadmium-
contaminated marine mammals. Dietz et al. (1998) have compared kidneys
with low and high cadmium contamination from ringed seals from north-
west Greenland, by macroscopic and light microscopic examination. No
differences in renal morphology could be observed between experimental
groups. These investigations indicate that marine mammals appear to be
able to maintain considerable concentrations of cadmium without showing
renal damage. Dietz et al. (1998) have therefore postulated that ringed seals
are adapted to the naturally high cadmium levels of the Greenland Arctic
regions.

Role of metallothioneins

Marine mammals might mitigate the toxic effects of cadmium through its
binding to metallothioneins (reviewed by Das et al., 2000). The role of
metallothioneins in cadmium detoxification has often been raised since
the first isolation of this protein in horse kidney cortex by Margoshes and
Vallee (1957). The presence of these low molecular weight proteins has been
further demonstrated in many organisms, ranging from blue-green algae to
primates (Kägi, 1991). These soluble and heat-stable proteins are found in the
cytosolic fraction of the tissues. They are quite unique as they are charac-
terised by a high cysteine content, divalent ion inducibility, such as Cu2+ and
Zn2+, and high affinity in the binding of these cations (Kägi, 1991; Roesijadi,
1992, 1996). The primary function of metallothioneins is the homeostasis
of essential heavy metals, specifically zinc and copper. Zinc-thionein levels
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increase in tissues undergoing rapid development and differentiation, such as
the neonatal rat liver. Zinc-thioneins are also able to transfer zinc to metal-
dependent enzymes in the case of high metabolic demand (Baer and Thomas,
1991). As a result of this capacity to bind cations, metallothioneins are able
to bind non-essential metals such as Cd2+, Ag+, Hg2+ and Pb2+. In this way,
these proteins reduce the bioavailability of these ions and, consequently,
their toxicity. Metallothioneins are produced by several tissues, but liver
and kidney cells are the more potent producers and consequently prefer-
ential accumulation of heavy metals occurs in these tissues (Kägi, 1991).
According to Cosson et al. (1991), the participation of metallothioneins in
detoxification mechanisms would be due to nothing more than fortuitous
interactions of foreign cations with the normal homeostasis mechanisms for
zinc and, perhaps, copper. However, these proteins are able to bind important
amounts of cadmium and so prevent the cellular damage in the organism
(Viarengo, 1989; Roesijadi, 1992).

Metallothioneins have already been characterised from livers and kidneys
of different marine mammals such as grey seals (Halichoerus grypus) and
northern fur seals (Olafson and Thompson, 1974), California sea lions
(Ridlington et al., 1981), striped dolphins (Kwohn et al., 1986), harbour
seals (Mochizuki et al., 1985; Tohyama et al., 1986), narwhals (Wagemann
and Hobden, 1986) and sperm whales (Bouquegneau et al., 1997b; Holsbeek
et al., 1998). The role of metallothioneins has been reviewed recently by Das
et al. (2000). A study performed on harbour seals caught on Japanese coasts
showed that metallothionein concentrations are significantly correlated with
the level of cadmium and copper in the livers and cadmium, zinc, copper
and inorganic mercury in the kidneys (Tohyama et al., 1986). Correlations
were also found with age.

The percentage of the cytosolic cadmium bound to metallothioneins
varies from 9 to almost 100 per cent (Table 7.7). It is interesting to note that
this 9 per cent value has been measured in highly debilitated sperm whales
found stranded on the Belgian coast (Bouquegneau et al., 1997b; Holsbeek
et al., 1998). This implies that cadmium did not occur in a detoxified form.
These animals were seriously debilitated, as indicated by their reduced
blubber thickness and body weight (Jauniaux et al., 1998). Cadmium, which
is known to induce debilitation in mammals, can be considered as one of the
factors responsible for the debilitation of these animals, a condition which
could have favoured their stranding, in addition to stress and starvation
(Bouquegneau et al., 1997b).

Other results described in Table 7.7 have been obtained from captured
and not stranded animals. In the narwhal, more than 80 per cent of the
hepatic cadmium and 90 per cent of the renal cadmium was located in the
cytosolic fraction of the tissues in which metallothioneins are located. Almost
all this cytosolic cadmium was bound to these proteins, indicating that the
metallothionein mechanism was not saturated (Wagemann et al., 1984, 1988).
This could be an adaptation of this Arctic species to the high cadmium
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Table 7.7 Cadmium speciation in the whole tissue, the cytosolic fraction and
metallothioneins

Species Tissues Cd (%) of Cd % Cd bound Sources
(µg/g dw) in cytosolic to cytosolic

fraction metallothioneins

Stenella Kidney 87 58 98 Kwohn et al. (1986)
coeruleoalba
Zalophus Kidney 37 68 nd Ridlington et al.
californianus Liver <dl <dl <dl (1981)
Globicephala Kidney 548 nd 54 Amiard-Triquet and
melas Liver 312 nd 51 Caurant (1997)
Physeter Liver 50 90 nd Ridlington et al.
macrocephalus 95 49 9 (1981)

Kidney 258 83 40 Bouquegneau et al.
(1997b), Holsbeek
et al. (1999)

Monodon Kidney 332 92 72 Wagemann et al.
monoceros Liver 176 88 77 (1984, 1986)

Cadmium concentrations are estimated in µg/g dry weight.
nd, not determined; dl, detection limit.

concentrations present in its environment. More data on cadmium speciation
in marine mammals should be collected to better understand the precise role
of metallothioneins in detoxification processes. It has been suggested that
cadmium toxicity occurs when available metallothioneins are insufficient to
bind all the cadmium. Recent experiments with mice genetically deprived of
metallothioneins due to the loss of functional MTI and MTII genes (coding
for the two main isoforms of metallothionein involved in the detoxification
process) confirm the protective role of these proteins against cellular damage
from metals such as cadmium or inorganic mercury (Satoh et al., 1997;
Klaassen and Liu, 1998).

Cadmium spherocrystals

Cadmium-containing granules have been observed in the kidney of two
white-sided dolphins (Gallien et al., 2001). These two individuals, with high
cadmium concentrations, exhibited electron-dense mineral concretions with
diameters up to 300 nm in the basal membranes of the proximal tubule.
These spherocrystals are made up of numerous strata mineral deposits of
calcium, phosphorus and cadmium. Cadmium has been detected with a
molar ratio of Ca : Cd of 10 : 1 in the middle of these concretions. The
occurrence of metal-containing granules is well documented in invertebrates
(Simkiss, 1976) but this is the first report of granules containing cadmium
in wild vertebrates. In these marine mammals exhibiting high levels of
cadmium, these granules could constitute a way of immobilisation and
detoxication.
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Limits to detoxification

Remarkable tolerance of marine mammals to heavy metals has been sug-
gested through several detoxification processes such as tiemmanite storage
and binding to metallothioneins, but is there a limit to the detoxification
process and, if so, what is the actual hazard of heavy metals?

The ratios between different metals appear more important than their
absolute concentrations (Martin et al., 1976; Becker et al., 1995). Pups are
more affected by these metals as they exhibit a higher methylmercury
ratio compared to total mercury, due to their poorly efficient detoxification
mechanism (Wagemann et al., 1988). Moreover, a depressed molar ratio of
bromine: mercury: selenium in premature pups of California sea lions was
suggested to be a main death factor (Martin et al., 1976).

Caurant et al. (1996) have proposed that detoxification of mercury could
be limited in lactating long-finned pilot whales. Indeed, compared to other
females, mercury concentrations were much higher in lactating females, while
selenium concentrations were lower. Squid is the major food item of pilot
whales, but a greater quantity and variety of fish species have been observed
in the diet of lactating females. The authors suggested that the energy value
of fish is higher than squid and a higher consumption of fish would cover
the increasing need for energy to produce milk. The percentage of selenites
(the inorganic form of selenium) and the inorganic forms of mercury seem
to be higher in squids than in fish muscles, where methylated mercury is
dominant. Most of selenium found in fish occurs in an organic form, which
is less efficient than selenites in preventing the toxicity of mercury. The
different diet of lactating females could induce both higher levels of mercury
and a lower efficiency of the detoxification process (Caurant et al., 1996).

Binding of cadmium to metallothioneins could also be a limiting factor
to detoxification. In debilitated sperm whales stranded on the Belgian
coast, only a small amount of cadmium was bound to metallothioneins
(Bouquegneau et al., 1997b; Holsbeek et al., 1999). As quoted above, this
could explain the observed debilitation which could have favoured their
stranding. Precipitation of cadmium in a granule form could also lead to
some toxic effect (Gallien et al., 2001). The authors underlined the fact that
lesions could be associated with these granules, especially in older animals
exhibiting high cadmium concentrations, and so detoxification processes
could lead to some toxic effects.

We have to keep in mind that any detoxification process has a cost for the
cell or the organism involved and might have a threshold. This threshold
can not be fully defined in terms of tissue concentration because of the
number of parameters that can interact to limit physiological pathways
that lead to detoxification. For example, gender and hormonal activity can
modulate the synthesis of metallothioneins (Blazka and Shaikh, 1991). More-
over, detoxification processes can lead to the formation of compounds which
could have toxic effects. In mice, the accumulation and degradation of
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cadmium–metallothionein complex (CdMT) in the renal tubular epithelial
cells can induce nephrotoxicity that is counteracted by zinc, which has
a protective effect against this CdMT-induced nephrotoxicity (Liu et al.,
1996; Tang et al., 1998). As a result of their physiological function in the
homeostasis of essential metals, metallothioneins could be involved in many
cellular pathways. Thus, they could modulate physiological process as an
indirect effect of heavy metal exposure. For example, metallothioneins
have been demonstrated as potential modulators of some parameters of the
immune response (Leibbrandt et al., 1994; Borghesi et al., 1996). Detoxifica-
tion pathways could therefore lead to more subtle toxic effects underlying
the complexity of the toxic effects of heavy metals.

Conclusions

The actual toxic effects of heavy metals on marine mammals remain un-
clear. Are they responsible, even in part, for the decline of some marine
mammal species? This decline is obviously multifactorial: past overfishing,
present increasing human activities and accumulation of pollutants, among
which heavy metals can not be neglected. The role of marine mammals on
the whole marine ecosystem is still poorly understood: their contribution
in the recycling of nutrients is not very important, but their part in struc-
turing marine communities and in modifying benthic habitats is more
and more evident (Bowen, 1997). Marine mammals presently consume at
least three times more prey than do human fisheries, but that could be
low compared to their ecological role, which is still poorly understood.
Some species compete with fisheries, while others obviously do not, and
yet others partly compete but could be useful to fisheries by regulating the
development of non-commercial species, thereby limiting excessive com-
petition with commercial ones (Bouquegneau et al., 1997a). It is our belief
that marine mammals deserve their place in the oceans and are worth
protecting.
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8 Persistent organic contaminants in
Arctic marine mammals

Todd M. O’Hara and Paul R. Becker

Introduction

This chapter will address the concentrations and possible effects of selected
persistent organic contaminants (POCs) in marine mammals of the Arctic
region. Other recent sources of information concerning POCs in Arctic
marine mammals include Letcher et al. (1996, 1998), Becker et al. (1997),
Bernhoft et al. (1997), Muir et al. (1997), Weis and Muir (1997), Addison
and Smith (1998), De March et al. (1998), Norstrom et al. (1998), Wiberg et
al. (1998 and 2000), Krahn et al. (1999), O’Hara et al. (1999), Becker (2000),
Kucklick et al. (2001) and Seagars and Garlich-Miller (2001). Arctic marine
mammals are long-lived, develop large lipid or fat depots, and many occupy
high trophic levels in the lipid-rich, Arctic marine food webs. These factors
are important in the uptake and magnification of persistent, lipophilic
organic contaminants. Bowhead whales (Balaena mysticetus), which feed
almost exclusively on copepods, euphausiids and amphipods (Lowry, 1993),
account for some of the lowest tissue concentrations of ‘bioaccumulating’
organochlorines (OCs), and correspondingly occupy the lowest trophic level
of marine mammals addressed in this chapter (Hoekstra et al., 2000a, b).
Pacific walrus (Odobenus rosmarus divergens) and Atlantic walrus (Odobenus
rosmarus rosmarus) typically feed on mollusks, but also may occasionally
eat ringed seals (Pusa hispida) (Fay, 1960; Lowry and Fay, 1984). Other
Arctic marine mammals feed on a combination of invertebrates, fish and/
or mammals. One class of POCs, the polycyclic aromatic hydrocarbons
(PAHs), are readily metabolized by mammals and do not accumulate in
their tissues. Assessing the exposure of marine mammals to these com-
pounds is not as straightforward as is the case for lower vertebrates (e.g.
fish) and invertebrates. The latter have little capacity for metabolizing this
class of aromatic compounds; therefore PAHs will accumulate in their
tissues (Livingstone et al., 1992). Although specific cases of marine mammal
response to benzo[a]pyrene exposure will be discussed, we will not address
PAHs or petroleum effects in this review. Concentrations of contaminants
provided in this chapter are on a wet weight basis, except when noted
otherwise.
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Persistent organic contaminants of concern

The following chlorinated industrial compounds and pesticides are of
concern for marine mammals: polychlorinated biphenyls (PCBs), 2,3,7,8-
tetrachlorodibenzo-p-dioxin (dioxin) as a member of the polychlorinated
dibenzodioxins (PCDD), polychlorinated dibenzofurans (PCDFs), 1,1,1-
trichloro-2,2-bis( p-chlorophenyl) ethane and metabolites (DDTs), chlorinated
cyclodienes (chlordane, dieldrin, mirex/kepone), chlorinated bornanes
(toxaphenes), chlorinated benzenes (including hexachlorobenzene or HCB),
chlorinated cyclohexanes (HCHs) and, in very specific cases, benzo[a]pyrene
(a PAH). POC exposure and concentrations in tissues are affected by bio-
logical factors (age, sex, body condition, reproductive status and season),
spatial distribution (habitat or home range, global region) and temporal
relationships (i.e. based on historic data, are levels decreasing, increasing or
not changing?).

Potential sources and transport mechanisms

Generally, anthropogenic contamination of the Arctic with POCs is thought
to be the result of long-range atmospheric transport, with minor contribu-
tions from local sources (Wania and Mackay, 1993, 1996). Atmospheric
contamination is visible in the form of Arctic haze (Shaw, 1995) and may
threaten the health of Arctic residents (Barrie, 1986; Hoff and Chan, 1986;
Heintzenberg, 1989; Hoff et al., 1992; Kinloch et al., 1992; Dewailly et al.,
1993; Ayotte et al., 1995; Barrie et al., 1997). Many contaminants are trans-
ported in the gaseous phase, on particles and in aerosols, and are deposited
during precipitation events. These compounds may be trapped by the
colder temperatures associated with the Arctic, due to the relatively large
surface areas of both the sources and the receiver (the Arctic). Seasonal
changes in temperature can also affect atmospheric levels of contaminants
(Manchester-Neesvig and Andren, 1989; Hoff et al., 1992; Barrie et al.,
1997; Stern et al., 1997) that are delivered to the Arctic in snow (Gregor and
Gummer, 1989).

Physical-chemical partitioning of the contaminant is key to the introduc-
tion of such compounds into the Arctic food chain. All of the POCs have
ringed molecular structures. Positions of the chlorine (or other halogen)
atoms on these ring structures, and whether the chlorine is bound to aromatic
or aliphatic carbons, are major factors affecting bioaccumulation and
toxicity (Boon et al., 1992, 1994). For example, the planar molecules
(coplanar congeners) of PCBs and dioxins are the most toxic of these
compounds. This characteristic generally holds true for other chlorinated
hydrocarbons and for PAHs as well. It should also be stressed that ‘super
lipophilic’ (Kow > 106) agents have a decreased bioaccumulative potential
because they have an increased time to effective equilibrium, i.e. dissolution
time (Livingstone et al., 1992).
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The POCs are well known for their lipophilicity and ability to bioconcen-
trate, and the concentrations of these compounds are many times higher in
biota than in the aqueous and atmospheric media. Persistent OCs bind to
organic particles (including detritus, plankton and algae) and enter the base
of the food chain. This bioaccumulation (higher concentrations in biota
than in water) sets the stage for biomagnification (increased concentrations
in the predator versus the prey). The biomagnification factor, or BMF, is
commonly expressed as [X]predator/[X]prey (when > 1.0 it is ‘magnified’),
where [X] = contaminant concentration in lipid weight. Fish, pinnipeds
or baleen whales consume invertebrates, many of which consume organic
particles. Arctic cod (Boreogadus saida) appear to play a major role in
biomagnification of POCs in the Arctic. This small fish feeds extensively on
invertebrates and is a major prey of marine mammals in the Arctic.

PCB Aroclor mixtures (Monsanto Chemical Company) 1221, 1232, 1242,
1248, 1254, 1260 and 1268 contain 21, 32, 42, 48, 54, 60 and 68 per cent
chlorine, by weight, respectively, and theoretically contain 209 congeners
(O’Hara and Rice, 1996). As heat-stable oils, PCBs were used around the
world: in electrical transformers and capacitors, in hydraulic fluids, as flame
retardants, as plasticizers in waxes, in paper manufacturing and other uses.
PCBs are known to be transported in the atmosphere (Hoff et al., 1992) and
to interact with surface waters (Bidleman et al., 1989). PCBs are adsorbed
and carried on sediments and particles in water, as well as by migratory
organisms in both freshwater and marine systems (O’Hara and Rice, 1996;
Ewald et al., 1998). Fish represent a significant dietary source of PCBs to
many marine mammals. Adverse effects on fish as prey (decreased repro-
duction) could have effects on food availability.

Additional classes of POCs that originate from industrial activities are the
halogenated dibenzo-p-dioxins and dibenzofurans. Chlorinated or brominated
forms of dioxins and furans can result from combustion, the production of
other chlorinated organic compounds (e.g. chlorinated pesticides and PCBs)
or from industrial processes that mix halogens with organic material (i.e.
pulp-mill effluents). These compounds are easily distributed to the aquatic
and atmospheric environments. Brominated organic compounds are widely
used (i.e. flame retardants) as well, and have been reported in marine mam-
mal tissues (de Boer et al., 1998). The occurrence of brominated fire retardents
in biota of the Arctic will require further evaluation.

More than 30 kinds of POCs were developed intentionally for release into
the environment as pesticides. These chlorinated pesticides, which have been
used worldwide for the past 50 years, include DDT (o,p′- and p,p′-forms)
and associated metabolites (o,p′- and p,p′-forms of DDD and DDE),
chlorinated cyclodienes (chlordane, endrin, dieldrin, mirex/kepone), chlorin-
ated camphenes and bornanes (including toxaphene), chlorinated benzenes
and chlorinated cyclohexanes (primarily α-HCH, β-HCH, and γ-HCH, also
known as lindane). Industrial- or technical-grade versions of chemicals such
as chlordane and toxaphene contain many isomers or chemicals closely
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related to the parent or intended synthesized chemical. A mixture’s toxicity
is often related to these ‘by-products’. Toxaphene is produced by the
chlorination of camphene to 67–69 per cent, producing hundreds of con-
geners. Many studies have shown its wide global distribution and presence
in biota (Voldner and Schroeder, 1989; Saleh, 1991; Muir and deBoer, 1995;
Wade et al., 1995). Chlorinated pesticides are well known to be of low water
solubility and high solubility in oils and organic solvents. They tend to
accumulate and to be stored in lipids, are resistant to metabolic breakdown
and have relatively long half-lives in tissues of biota (Blus et al., 1996).

Movement of POCs from one medium to another is determined by their
vapor pressure, octanol/air partition coefficient, temperature of condensa-
tion and octanol/water (o/w) partition coefficient (high lipophilicity = high
octanol/water partitioning coefficient) (Bidleman et al., 1989). Compounds
such as HCB, dieldrin, HCHs, three-ringed PAHs, and PCB congeners
having six chlorine atoms or fewer per molecule have relatively high vapor
pressures and relatively low octanol/air partition coefficients. They are there-
fore easily transported via the atmosphere from lower latitudes to the Arctic
where, due to their relatively low temperatures of condensation, they can be
preferentially deposited (Wania and Mackay, 1993, 1996). Other compounds,
such as mirex, and octa- and nonachlorinated biphenyls (PCB congeners
containing 8–9 chlorine atoms per molecule) have relatively high octanol/
air partition coefficients, high temperature of condensation and relatively
low vapor pressures, and are not easily transported via the atmosphere.
Compounds such as chlordane, DDTs and toxaphene exhibit characteristics
mid-way between these two extremes; therefore, preferential deposition and
accumulation might be expected in the mid-latitudes rather than in the high
Arctic.

The relatively high octanol/water partition coefficients of these POCs
explain their accumulation in lipid-rich tissues (adipose, blubber, brain) and
partitioning from water to the surfaces of particles and sediments. The kind
of lipid also affects the degree of accumulation. For example, accumula-
tion in brain is lower than in blubber or adipose tissue, due to the high
phospholipid content of brain. Determination of concentrations of POCs in
brains is critical for diagnosis, because the brain is the target organ of acute
toxicosis. The trophic level of a species determines its respective exposure to
these lipophilic agents. Species such as seals, beluga whales (Delphinapterus
leucas) and narwhals (Monodon monoceros), that feed at the middle level
(i.e. consuming fish) have moderate concentrations in their tissues; and the
polar bears (Ursus maritimus), which consume mammals dependent upon
fish (i.e. seals), tend to have the highest exposures. Tissue burdens at these
higher trophic levels will also depend on the species-specific ability to absorb,
metabolize and/or eliminate these compounds. In addition to trophic level,
body size and metabolic rate also play a role in the accumulation of POCs.
Smaller species can have higher concentration in tissues but sometimes lower
total body burdens (Aguilar et al., 1999).
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Factors affecting POC concentrations and interpretation of effects

Many biological factors must be considered when interpreting POC con-
centrations and their possible effects (Aguilar et al., 1999). Parturition and
lactation are important excretion mechanisms for sexually mature and active
females. However, this also results in exposure of offspring in utero and
during lactation at critical phases in the development of neonatal organs
[especially the central nervous system (CNS), reproductive and immune sys-
tems]. In general, POC concentrations are lower in mature females than in
mature males for polar bear, ringed seals and bowhead, beluga and narwhal
whales (Muir et al., 1992a, b; O’Hara et al., 1999). This reproduction-
dependent route of excretion for the adult and exposure for the neonate
represents a critical pathway. Although this neonatal exposure may be the
highest and most significant for the entire life of the animal, indications
of adverse effects may be delayed until later life stages. Dysfunction in the
neonate may be expressed acutely, at maturation or in the next generation
(transgenerational). Transgenerational effects have only been noted in labor-
atory animals. Body burdens or concentrations in tissues usually increase
with age for both sexes until sexual maturity, when a difference based on
gender is usually detected (Boon et al., 1992). However, exceptions have
been reported. Stern et al. (1992) found no correlation of DDTs and PCBs
with increased age in male belugas from Greenland. Muir et al. (1996a)
suggest that this lack of correlation could result from a shift in the diet of
older males.

In most cases (the exceptions being marine mammals from highly con-
taminated areas), males continue to accumulate POCs as they increase in
age, whereas concentrations in females reach a plateau and stabilize or
decrease (Boon et al., 1992). This sex difference is due to the production of
offspring and lactation by the female, as described above. The largest POC
mobilization and subsequent excretion is likely to occur during lactation.
This varies by compound, with the higher lipophilic compounds probably
removed to a lesser degree by lactation (Boon et al., 1992). This should be
considered when comparing populations and assessing potential impacts to
critical life stages.

Blubber or fat is the main repository for POCs; hence changes in an
animal’s nutritional status may affect the concentrations of these compounds
in these lipid-rich tissues. However, measurement of nutritional status is
difficult, and reliable condition indices have not been developed as part of
contaminant studies for most cetaceans (IWC, 1995), pinnipeds or polar
bears. Blubber thickness is unreliable as a sole indicator of condition and,
instead, the use of blubber weight and lipid content of the blubber in stand-
ardized body locations is recommended. Lipid content is important, par-
ticularly in emaciated individuals, because lipid mobilization may be coupled
with increased water content of blubber, as is known for some pinnipeds
(Beck et al., 1993; Gales and Renouf, 1994; Fadely, 1997), and variations in
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lipid types could affect partitioning of the POCs. Collecting these biological
data is important for the toxicological interpretation of the results (Law,
1994), especially with respect to compounds that are lipophilic and susceptible
to changes with change in lipid status of the animal. Seasonal differences are
mostly reflective of feeding and reproductive behavior, and can influence the
concentrations of POCs (Boon et al., 1992). These can be caused by migrat-
ory behavior (differing concentrations in regional prey) or by opportunistic
feeding strategies (Boon et al., 1992).

Metabolism or biotransformation of POCs within an animal can affect
POC concentration patterns (Boon et al., 1992, 1994). Some PCB congeners
may be lower in concentration than expected simply based upon types and
concentrations in prey. This indicates possible metabolic elimination (Tanabe
et al., 1988, 1994). Research has emphasized the inducible Phase I mixed
function oxidase (MFO) system of the liver. The MFO system utilizes
cytochrome P450 enzymes (CYP) that occur as many different types (CYP1A,
CYP2, etc.). The P450 enzymes are well known for oxidizing many natural
(i.e. steroid hormones, PAHs) and some synthetic compounds (some POCs)
(Safe, 1990). Cytochrome P450 enzymes have not been studied to any great
extent in Arctic cetaceans. Of those whales that have been studied (i.e.
odontocetes) mostly CYP1A activity was detected and there was evidence
for the CYP3 subfamily, but no evidence of CYP2 (Boon et al., 1992).
Hepatic CYP1A1 isozymes have been characterized for use in monitoring
POC exposure in Arctic belugas (White et al., 1994). There have been many
differences seen in P450 activity with respect to age and sex for each species
that has been studied (Boon et al., 1992), thus complicating our understand-
ing of the role of MFOs in eliminating and detoxifying POCs.

Marine mammals can apparently metabolize some PCBs, especially the
CYP1A substrates (e.g. PCBs with vicinal H atoms in the o,m positions and
a maximum of one ortho-Cl); however, odontocetes may lack, or have very
low activity of, CYP2B (Boon et al., 1992; Norstrom et al., 1992). Metabolic
indices suggest lower levels of PB (phenobarbital or CYP2B)-inducible
or MC (3-methylchalanthrene or CYPIA)-inducible enzyme activities in
piscivorous cetaceans, seals and marine birds than those of other animals
which are not piscivores (Tanabe and Tasukawa, 1992). This phenomenon
was noted in both marine and terrestrial organisms and may reflect the
evolutionary loss of a specific P450-based oxidative capability (i.e. isozyme)
in piscivores. It has been speculated that perhaps this is because herbivorous
or non-fish prey may excrete specific types of lipophilic agents (thus need
the oxidative capacity), whereas the piscivores (carnivores) had no need to
maintain this specific P450 system if the lipophilic agents were not present
in the prey (Tanabe and Tasukawa, 1992). Carvan et al. (Chapter 16 in this
volume) discuss the cytochrome P450 system and interactions with aromatic
hydrocarbons in greater detail.

Physiologic and morphologic measures of exposure or response to con-
taminants in free-ranging animals are occasionally referred to as ‘biomarkers’.
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Biomarkers are needed for Arctic marine mammals to better assess impacts
of ‘high’ contaminant concentrations. Proposed toxicant biomarkers for
cetaceans include an assessment of DNA adducts, induction of the MFO
system, plasma hormone levels, immune responses (IWC, 1995) and lesions
(i.e. tumors). These biomarkers can show a documentable biological response
to measured contaminants. However, sample collection logistics and the
multiple biological variables that can affect these systems make interpreta-
tion very difficult. This is especially true for non-lethal sampling, where
sample size and type are extremely limited (i.e. skin/blubber biopsies, blood
samples). Neoplastic lesions are useful gross indicators, considering that
PCBs and the related PCDDs and PCDFs are known to cause preneoplastic
lesions, neoplastic nodules and hepatocellular carcinomas. Female mammals
tend to be more susceptible to these tumorigenic potentials through free-
radical generation, Ah-receptor interactions, lipid peroxidation, degeneration
of cell defense mechanisms and altered vitamin A metabolism (Livingstone
et al., 1992). In vitro immunoassays are being developed for Arctic belugas
and St. Lawrence estuary beluga whales (De Guise et al., 1997; Brousseau
et al., Chapter 14 in this volume) and other assays (Gauthier et al., 1999,
Chapter 15 in this volume) also show promise as biomarkers. Martineau
et al. (1999, and Chapter 13 in this volume) and De Guise et al. (1994a)
emphasized the use of neoplasia and non-neoplastic lesions (De Guise et al.,
1995; Lair et al., 1997) as biomarkers, used for the St. Lawrence estuary
beluga whales as examples (Martineau et al., 1988, 1994).

Some POCs have been implicated as endocrine disrupters by affecting
sexual or gonadal development in laboratory animals, as early as in utero.
Deficiency of the CYP2B activity and low activity of CYP1A in cetaceans
may limit their metabolic capabilities and the elimination of POCs, making
these animals more susceptible to reproductive derangement (Livingstone
et al., 1992). True hermaphroditism has been reported in the beluga whale
(De Guise et al., 1994b) and pseudohermaphroditism has been found in the
bowhead whale (Tarpley et al., 1995). However, cause–effect relationships
for these conditions have not been determined but are discussed further by
Reijnders (Chapter 3 in this volume).

Assessment of effects of contaminants has lagged behind analytical
chemistry (biotic and abiotic) and to date there has been little progress in
determining effects of contaminants in marine mammals. Biomarkers have
an important role in health assessments; however, there is still a large gap
between determining a ‘biomarker’ response and having a clear understanding
of how this really affects the health of an animal or a population. Recognizing
the known in utero and neonatal exposures to POCs in marine mammals,
several recent reports (IWC, 1995; O’Shea et al., 1999; Reijnders et al., 1999)
include recommended measures for assessing their effects (Table 8.1).

No laboratory test can replace a thorough necropsy and/or clinical examina-
tion, where one conducts gross (must include life history) and histologic
assessments (as complete as possible) to address general health and possible
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Table 8.1 Some endpoints for assessing possible effects of known in utero and neonatal
exposures to POCs in marine mammals (after IWC, 1995; O’Shea et al., 1999;
Reijnders et al., 1999)

Endpoints Matrix

Thyroid hormone p, b, l
Vitamin A p
Steroid hormones p
Estrogen receptors o, b, l
Clinical signs, histopathology + biochemistry CNS, e, i
Gross and histopathology Routine*

p, Plasma; o, ovary; b, brain; l, liver; CNS, central nervous system; e, endocrine glands; i,
immune; * for ‘ruling in’ and ‘ruling out’ other disease factors.

confounding variables related to disease (‘ruling in’ and ‘ruling out’). True
examination must provide for long-term interdisciplinary studies to encour-
age collaboration of multiple perspectives, and report findings in a timely
manner (this helps future experimental designs and allows managers to
respond). Standardizing field and laboratory protocols, and statistically
‘powerful’ experimental designs will enhance interpretative potential and allow
for comparisons. There is great need to link exposure to effects as expressed
at the whole animal and population levels (beyond classical biochemical
biomarkers) in a ‘dose–response’ manner.

Persistent organic contaminants in Arctic cetaceans

Arctic cetaceans are long lived, especially the bowhead whale, which is
estimated to live for more than 100 years (George et al., 1999). Bowhead
whales feed almost exclusively on copepods, euphausiids and amphipods
(Lowry, 1993) and occupy the lowest trophic level of the cetaceans addressed
here. The beluga and narwhal feed on invertebrates and fish. The summer
diet of the narwhal was investigated on northern Baffin Island, Canada,
where Arctic cod and Greenland halibut (Reinhardtius hippoglossoides) made
up 51 per cent and 37 per cent (by weight) of the diet, respectively. Squid
(Gonatus fabricii) beaks were noted but squid mass could not be quanti-
fied. Deep-water fish [halibut, redfish (Sebastes marinus), and polar cod
(Arctogadus glacialis)] were found in the stomachs of males and may be
from deeper dives than in females (Finley and Gibb, 1982). This high trophic
level feeding (piscivory) sets the stage for POC biomagnification.

Bowhead whales

Bowhead whales are baleen whales (suborder Mysticeti) and feed mainly on
invertebrates in Arctic waters for most of the year. Occasionally, bowhead
whales have been known to consume small fish, crabs, mollusks and even
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sediments, but these are likely infrequent and represent insignificant path-
ways for contaminant exposure (Bratton et al., 1993). The few POC studies
in the bowhead whale do not address possible effects of these pollutants, but
only pollutant concentrations in tissues at the time of death (Bratton et al.,
1993). This hampers assessment of effects, which will require extrapolation
from other species. Although the bowhead whale is a mysticete and is
assumed to be of low risk for bioaccumulation (O’Shea and Brownell, 1994)
as a ‘filter feeder’ (as compared to a ‘fish eater’), we should not be com-
pletely unconcerned about biomagnification and potential effects of POCs
on this species. Bratton et al. (1993) noted that the bowhead whale is en-
dangered, and the unknown but potential effects of contaminants on their
reproduction and on their young (lactational exposure) could be critical.
The bowhead whale is also a major subsistence resource for Arctic people.
Considering the lack of knowledge about effects of POCs, we point out the
documentation of male pseudohermaphroditism in two bowhead whales
(Tarpley et al., 1995) for which the cause is unknown. In addition to POCs,
exposure of bowhead whales to petrogenic hydrocarbons (PAHs, benzene,
etc.) is of great concern considering the exploration and development of
oil reserves in the Arctic, especially in northern Alaska. Exposure could be
by direct external contact, ingestion or inhalation of volatile components
during a spill (Bratton et al., 1993). Petroleum avoidance has been a con-
troversial issue, but oil exposure can affect a variety of systems including
the dermis, baleen, eyes, respiratory, gastrointestinal, hematopoietic (blood
formation) and hepatic systems. Surprisingly, studies are very limited with
respect to petroleum contamination and assessment of potential target
organs.

A few reports have described POC concentrations in bowhead whale
blubber or liver sampled in Alaska (McFall et al., 1986; O’Hara et al.,
1999). Mean concentration of the sum of PCB congeners (∑PCBs) was
0.212 µg/g (McFall et al., 1986), indicating low concentrations as compared
to other marine mammals. Mean concentrations of chlorinated pesticide in
blubber were: sum of DDT, DDD and DDE (∑DDTs) 0.032 µg/g; chlordane,
0.007 µg/g; dieldrin, 0.017 µg/g; heptachlor epoxide, 0.008 µg/g; and lindane,
0.009 µg/g (McFall et al., 1986). Both unsubstituted (parent) and alkyl-
substituted PAHs were detected in the blubber at concentrations of 0.028
and 0.025 µg/g, respectively, and would be considered background exposure
(McFall et al., 1986). As part of the Alaska Marine Mammal Tissue Archival
Project (AMMTAP) liver and blubber have been archived from more than
70 bowhead whales (Becker et al., 1997 and recent sampling efforts) and the
POC analyses have been completed on some of these animals (O’Hara et al.,
1999; Hoekstra et al., 2000a, b). More recent data indicate that concentra-
tions are low compared to some odontocetes, and are similar to concentra-
tions reported by McFall et al. (1986). Female bowhead whales do not
accumulate POCs with age, but 7 of 11 POCs that were measured accumu-
late in males (O’Hara et al., 1999).
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The enantiomeric fractions (EFs) of α-HCH and chlordane-related com-
pounds were near racemic (1 : 1) in water and plankton samples off the
coast of northern Alaska. The (+)-α-HCH and (+)-cis-heptachlor epoxide
were selectively enriched in bowhead blubber and liver relative to plank-
ton and water samples, and independent of sex, season and age. The EFs of
other chlordane-related compounds were near racemic (Hoekstra et al.,
2000a). Although previous studies have determined PCB concentrations in
tissues of bowhead whales, Hoekstra et al. (2000b) analyzed chiral PCB
congeners. Blubber and liver samples were analyzed for several chiral
PCB congeners (PCBs 91, 95, 136, 149, 174 and 176) and for many achiral
PCB congeners. PCB concentrations in bowhead whales were dominated by
penta- and hexachlorobiphenyl congeners and were relatively low (mean:
671 ng/g lipid). Female bowhead whales (regardless of age) and shorter
(<13 m) male bowhead whales were characterized by near-racemic enantio-
meric ratios (ER = 1.0) for many chiral PCB congeners. Nonracemic enantio-
meric ratios (ER > or < 1.0) for PCBs 91, 95 and 149 were found in larger
(>13 m) male whales. Hoekstra et al. (2000a) suggest that PCB biotransforma-
tion or uptake from the marine environment is enantioselective and may be
age- and/or sex-dependent for the bowhead whale.

For consumers of bowhead whale blubber there is little, if any, significant
exposure to POCs that warrants any dietary restriction, based on our cur-
rent understanding (O’Hara et al., 1999). However, concentrations of con-
taminants in tissues are not a sole determining factor for evaluating animal
toxicosis. Other histologic, biochemical, immune and physiologic assess-
ments (i.e. health assessment) would better evaluate whether or not there is
an effect. Some of these ‘effects endpoints’ are currently being evaluated as
part of an ongoing study in northern Alaska, but only in the short term
(1998–2001).

Beluga and narwhal whales

Belugas are generally circumpolar in distribution, but some populations
occur outside of the Arctic. The latter include populations in the St. Law-
rence estuary (between Canada and USA in the Great Lakes region; see
Chapters 13–15 in this volume) and in Cook Inlet (near Anchorage, Alaska,
USA). The narwhal has a more limited range, encompassing the eastern
Arctic of Canada and Greenland. Both species are important animals for
people of the north, both culturally and nutritionally.

The PCB and DDT concentrations in blubber of Arctic beluga whales
from Alaska are similar to those reported from the Canadian Arctic and
Greenland belugas, narwhals and polar bears, but at least an order of
magnitude lower than in beluga whales of the St. Lawrence estuary (Becker
et al., 1997; Krahn et al., 1999). The mean concentrations of ∑DDTs and
∑PCBs in blubber of narwhal (NWT, Canada) were 3.51 and 10.09 ug/g,
respectively (Wagemann and Muir, 1984). However, total chlordane
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(∑chlordanes) and toxaphene concentrations in blubber of beluga whales
from Alaska are similar to those in belugas, narwhal and polar bears from
Arctic Canada, and belugas of western Greenland, and are within the same
order of magnitude as in blubber of beluga whales of the St. Lawrence
estuary (Becker et al., 1997). There appears to be enrichment or biological
accumulation of specific PCCs as compared to a toxaphene standard.
Based on an evaluation of narwhal blubber and burbot (Lota lota) liver,
octachloro- and nonachlorobornanes are increased (enriched) in the narwhal
(Bidleman et al., 1993). The concentrations of total chlordanes, HCHs and
chlorobenzenes in Arctic beluga are not significantly different from those
in beluga whales of the St. Lawrence estuary, suggesting that the similar
concentrations are a result of the relatively higher volatility of these com-
pounds and atmospheric transport to regions more distant from the sources
(Muir et al., 1990, 1992).

For the less volatile (and more chlorinated) PCBs and DDT, the concen-
trations were 25- and 30-fold lower, respectively, for Arctic belugas as com-
pared to beluga whales of the St. Lawrence estuary, which may be related to
their higher chlorination (Muir et al., 1990; Letcher, 1996). The beluga whales
of the St. Lawrence estuary had about 100 times higher concentrations of
mirex than beluga of the Canadian Arctic; however, the BMFs for mirex
and PCB are similar in both locations (Muir et al., 1990, 1996a). The BMF
for mirex and ∑PCBs from fish to beluga ranged from 11 to 16 (Muir et al.,
1996a). The TEQs (2,3,7,8-TCDD toxic equivalents) averaged 330 ng/kg
in females and 1400 ng/kg in males, and were dominated by PCB 126, 105
and 118 for the St. Lawrence estuary beluga whales. It would appear that
local sources of DDT, PCBs and mirex from the Great Lakes area outweigh
atmospheric inputs, and the St. Lawrence estuary beluga whales have higher
loading values for DDT, PCBs and mirex when analyzed using principal
components analysis (Muir et al., 1996a). Total concentrations of non-ortho
PCBs 77, 126 and 169 in blubber of St. Lawrence estuary beluga whales
(8000 ng/g in males) were 10–20 times higher than in Arctic belugas (Muir
et al., 1996a). In the case of the Greenland beluga whales, Muir et al. (1996a),
found no correlation with age for POC concentrations in blubber, which
may be explained by a shift in diets of older males.

Becker et al. (1995, 1997) reported concentrations of POCs in beluga
whales from Alaska as part of the AMMTAP. The ratio of 4,4′-DDE to
∑DDTs concentrations in blubber from the Alaska whales was similar to
that of Canadian and Greenlandic beluga whales. For blubber from beluga
whales of Alaska, the descending order of PCB congener concentrations
was 153, 138, 149, 118, 101, 180, 187, 52 and 66/95. Becker et al. (1995 and
1997) concluded that toxaphene and total chlordanes represent a more
significant proportion of the total chlorinated hydrocarbons in these Arctic
animals. Becker et al. (1997) reported lower concentrations of POCs (most
notably the chlordanes) in beluga whales of the Cook Inlet stock (Alaska),
which may be exposed to different anthropogenic sources of POCs than
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beluga stocks in Chukchi and Beaufort Seas, Alaska. However, toxaphene
concentrations were in the same range for all Alaska stocks studied (Becker
et al., 1997), and ranged from 500 to 6620 ng/g. Wade et al. (1995) reported
toxaphene concentrations ranging from 1.35 to 8.21 µg/g (1350–8210 ng/g)
and 3.20 to 15.9 µg/g lipid weight (3200–15 940 ng/g) in blubber of beluga
whales from Point Lay, Alaska. Krahn et al. (1999) indicated that concen-
trations and patterns of POC vary by stock in Alaska.

It is evident that POC contamination differences by region vary by
specific class (PCBs, DDT, toxaphene, etc.). There was a surprising lack
of PCDDs in beluga blubber (detection limit 2 ng/kg). In narwhal blubber
the chlorobornanes were the predominant OCs, ranging from 2990 to
13 200 ng/g in males and from 1910 to 8390 ng/g in females. These were
mostly octachlorobornane and nonachlorobornane, which are two- to four-
fold lower than in St. Lawrence estuary beluga whales (Muir et al., 1992b).
Toxaphene in Alaska beluga whales ranged from 1.49 to 8.94 µg/g dw (Wade
et al., 1995), which indicates significant transport to the Arctic as well.
∑PCBs ranged from 2250 to 7290 ng/g in males and 894–5710 ng/g in female
Canadian Arctic belugas; concentrations were about 15-fold lower than in
beluga whales of the St. Lawrence estuary (Muir et al., 1992a). However,
∑HCHs, dieldrin and ∑chlorobenzenes differed by less than twofold between
these two groups (Muir et al., 1992a).

Comparative studies of PCB metabolic capacity in mammals indicate that
the capacity is greatest in terrestrial species, moderate in some pinnipeds,
and lowest in whales (Tanabe et al., 1988, 1994; Boon et al., 1992). There is
evidence for a lack of bioaccumulation of 2,3,7,8-TCDD in Arctic beluga,
even though ringed seals from the same area with lower concentrations of
∑PCBs have detectable 2,3,7,8-TCDD. These findings may indicate that
belugas have the ability to metabolize PCDDs but not PCDFs (Muir et al.,
1996a, b). However, they may also be explained by varying dietary sources.
Eels represented a likely source of the contaminants detected in the
St. Lawrence estuary beluga whales (Muir et al., 1996a, b). The presence of
PCDF congeners not fully chlorinated at positions 2, 3, 7 and 8 may imply
a diet dominated by invertebrates, as opposed to fish (Muir et al., 1996a).
The relative abundance of certain PCDD/F and non-ortho-substituted PCB
congeners can be easily explained by metabolic elimination, because the
POC profiles (TCDF greater than TCDD) and non-ortho PCBs (126>77>169)
are similar in St. Lawrence estuary beluga whales and the Arctic belugas
(Muir et al., 1996a). The non-ortho and mono-ortho PCBs (PCBs 105, 114,
118 and 156) contributed 98 per cent to total TCDD equivalents in narwhal
and beluga (Ford et al., 1993). PCB 126/153 ratios indicated that belugas
were depleted in PCB 126, as compared to fish (Norstrom et al., 1992). This
is additional evidence that CYP1A isozyme activity is present and likely high
in beluga whales (Muir et al., 1996a). Muir et al. (1996a) concluded that the
differences of PCB52/153 and PCB126/153 ratios between beluga whales of
the Arctic and the St. Lawrence estuary might be due to local sources versus
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long-range transport, as well as due to a greater (i.e. induced) metabolic
capability in the animals with the higher exposure. This was shown by Muir
et al. (1996a), using the congener classification developed by Boon et al.
(1994), where the relative ratios (Rrel) for St. Lawrence estuary beluga whales
had values that averaged 0.14 and 0.11 for groups III and IV, respectively
(indicating metabolism); and values of 1.16, 3.61 and 1.90 for groups I, II
and V (indicating a lack of metabolism) of meta, para-substituted congeners
or congeners with more than three ortho-chlorines. The results indicate
that the St. Lawrence estuary beluga whales have a much greater ability to
metabolize congeners with vicinal unsubstituted meta, para-positions, as well
as ortho, meta-positions, than the Arctic whales. This implies greater CYP2B
and CYP1A activity, which may be a physiologic response to elevated PCB
burdens (Muir et al., 1996a). Correlations of CYP1A content and ethoxy-
resorufin-O-deethylase (EROD) activity in the liver, and non-ortho/mono-
ortho PCB content in the blubber of beluga whale supports this hypothesis
(White et al., 1994). However, there is the possibility of effects due to mul-
tiple confounding variables when interpreting metabolic potential using
residue data alone.

This allows us to speculate as to why St. Lawrence estuary beluga whales
have elevated concentrations of PCBs and DDT, and to a lesser extent
chlorinated benzenes/hexanes and ∑chlordanes, as compared to other beluga
whale populations (Muir et al., 1996a). Local sources are likely playing a
significant role. The BMFs for mirex and ∑PCBs from fish to beluga were
similar to those for Arctic beluga whales, and the lack of age correlations
with ∑PCBs and ∑DDTs is also similar (Muir et al., 1996a). This apparent
enhanced metabolic capability of the St. Lawrence estuary beluga whales
may lead to detoxification. However, it should be recognized that in some
cases more potent compounds might be produced, resulting in injury to
different target organs than by the parent POCs. The toxicity of these POC
metabolites has been poorly characterized.

Temporal changes in POC concentrations have been noted in beluga whales
of the St. Lawrence estuary. Based on lipid-normalized and age-adjusted
contaminant data, a decline over time was noted for ∑DDTs, Aroclor PCBs,
hexachlorohexane and ∑chlorobenzenes in males from 1982–5 to 1993–4
(Muir et al., 1996b). Mean concentrations rose for toxaphene, whereas
concentrations of dieldrin, ∑chlordanes and mirex showed no trend (Muir
et al., 1996b). Declines in POCs were not detected in females. This type of
temporal assessment is required for beluga and narwhal populations of the
Arctic to determine whether increases or decreases are occurring for these
persistent contaminants. If atmospheric and other sources have been reduced,
we may see this reflected as lower concentrations in biota over time. How-
ever, if we have not yet reached a steady state and/or loading of the Arctic
continues, concentrations in tissues will likely continue to increase.

Beluga whales span the range of exposure and possible effects and should
be recognized as a critical species for study within and outside the Arctic.
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Persistent organic contaminants in Arctic pinnipeds

The suborder Pinnipedia consists of a diverse group of marine mammals
classified into three families: Phocidae, the ‘true’ or ‘hair’ seals, Otariidae,
the ‘eared’ pinnipeds (sea lions and fur seals), and Odobenidae, the walruses.
One view is that all pinnipeds are descended from a common ancestor, while
others suggest that the otariids and odobenids are descended from the
dog–bear stock and the phocids from otter-like carnivores (Mitchell, 1975;
Repenning, 1976). The following species of phocids are considered to be
Arctic species and will be discussed in this section: ringed seal, spotted or
largha seal (Phoca largha), ribbon seal (Histriophoca fasciata), harp seal
(Pagophilus groenlandicus), bearded seal (Erignathus barbatus), and hooded
seal (Cystophora cristata). Two species of otariids, the northern fur seal
(Callorhinus ursinus) and Steller’s sea lion (Eumetopias jubatus), occur seas-
onally (spring and summer) in the southern portion of the Arctic (central
and southern Bering Sea), but are considered to be North Pacific rather
than Arctic species and are not discussed in this chapter. The single species
of odobenid, the walrus (Odobenus rosmarus), is considered to be a true
Arctic species.

Almost all species of arctic pinnipeds are considered to be important
subsistence food resources for coastal indigenous human populations. The
concentrations of POCs in the tissues of these animals have important
implications regarding human health and risk to humans from consumption
of meat (muscle) and organs (liver and kidney), and oil derived from the
rendering of blubber. As a group, pinnipeds feed at various trophic levels
and overlap both baleen whales (including gray whales, Eschrichtius robustus)
and odontocetes in their principal food resources. Generally speaking, for
those pinnipeds that feed near the top of the food web, the potential for
accumulation of POCs is probably not as great as that for the Arctic
odontocetes (beluga whale and narwhal) and polar bear. The Arctic pinnipeds
generally are not as long-lived as cetaceans; therefore, the potential for
accumulation may be somewhat less. Most pinnipeds are characteristic
of near-shore waters, where they have the potential for being exposed to
coastally derived contaminants. However, this is probably not as important
in the Arctic as it is in temperate regions because the principal source of
POCs in the Arctic is apparently derived from atmospheric transport from
lower latitudes (Wania and Mackay, 1993). Evidence also suggests that meta-
bolism and excretion of DDT and PCBs may be less efficient in odontocetes
than in pinnipeds, leading to greater magnification in the former (Tanabe
et al., 1988, 1994).

Ringed seals

Ringed seals are the most abundant and most widely distributed of all of the
Arctic phocids, and most of the POC data for Arctic pinnipeds has been
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generated on this species. Through use of their long front claws, ringed seals
are able to maintain breathing holes in the Arctic land-fast ice throughout
the winter. They are the only pinnipeds to remain in the high Arctic during
the entire winter, feeding on Arctic cod and invertebrates. They are the
principal winter food for polar bears. As such, they are an important com-
ponent of the Arctic marine food web leading to the top predators, the
polar bear and humans. Although the data are not geographically uniform
throughout the range of this species, the ringed seal has the largest POC
database of any of the Arctic pinnipeds. In addition, reference data on
physiological effects of POCs, such as PCBs and DDT, has been generated
on this species in some areas of its range, particularly the Baltic Sea (Helle
et al., 1976a, b; Helle et al., 1983; Olsson et al., 1992, 1994).

The geographical data on POCs in ringed seals are most abundant for the
North American Arctic, particularly for the Canadian Arctic, although some
data are also available from Spitzbergen (Svalbard) and the South Kara Sea
in the Russian Arctic (Muir et al., 2000). Surveys in the mid-1980s (Muir
et al., 1988; Weis and Muir, 1997) showed similar concentrations in ringed
seals throughout the Canadian Arctic, although differences were found in
patterns of the individual POCs. For example, there were higher propor-
tions of penta- and hexachlorobiphenyls in seals from Hudson Bay com-
pared to seals from other more northerly and westerly regions. Additional
data from the late 1980s and early 1990s showed higher concentrations
of POCs in ringed seals from Hudson Bay. Muir et al. (1997) suggested this
might be due to these populations being nearer contaminant sources in
southern Canada and the eastern United States. Concentrations of ∑PCBs
and ∑DDTs were higher in the blubber of ringed seals from Spitzbergen
than in those animals from the North American Arctic (Muir et al., 1992a).
Additional data on ringed seals from Alaska (Krahn et al., 1997; Kucklick
et al., 2001) suggest similar concentrations of PCBs and DDTs in ringed
seals across the western North American Arctic. However, Kucklick et al.
(2001) found the concentrations of PCBs to be higher in ringed seals from
the Chukchi Sea near Barrow, Alaska, than concentrations reported by Krahn
et al. (1997) in ringed seals from Norton Sound in the Bering Sea (e.g.
710 ± 182 versus 249 ± 75 ng/g wet weight in blubber of males when sum-
ming the same 17 dominant PCB congeners). ∑DDTs and ∑chlordane were
also higher in the Chukchi Sea animals (e.g. 685 ± 205 versus 188 ± 63 ng/g
and 885 ± 612 versus 157 ± 67 ng/g wet weight in blubber of males, respect-
ively). In the Canadian Arctic the non-ortho and mono-ortho PCBs (PCBs
105, 114, 118 and 156) were important contributors (about 50 per cent)
to total TCDD equivalents in ringed seals (Ford et al., 1993). These PCB
congeners have also been found in the tissues of ringed seals from Alaska
(Becker et al., 1997; Krahn et al., 1997; Kucklick et al., 2001).

At least for one geographical location, the ringed seal has the longest
temporal database on persistent organic contaminants for any Arctic
marine mammal (Addison et al., 1986). Recently, Addison and Smith (1998)
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published the results from a 20-year study of organochlorine residues in
ringed seals from Holman, Northwest Territories, Canada. This study
included the re-analysis of blubber samples collected in the early 1970s from
the same study area to assess methodological errors in POC analyses, which
has improved over time. They found that the concentrations of ∑DDT in
blubber were about the same between 1972 and 1981, but after that period
these compounds began to decrease. In 1991 4,4′-DDE was about one-third
and 4,4′-DDT was about 20 per cent of the 1972 values (mean 1972 concen-
trations for 4,4′-DDE were 0.3 mg/g for females and 0.8 mg/g for males,
whereas 4,4′-DDT concentrations were 0.3 mg/g for females and 0.5 mg/g
for males). Concentrations of PCBs appeared to decrease early (between
1972 and 1981) and remained relatively constant between 1981 and 1991
(one-third of the 1972 concentrations, which were 1.8 mg/g for females and
3.8 mg/g for males). Although during the 1981–1991 period the concentra-
tions of total PCBs remained relatively constant, the relative proportions
of individual congeners changed. This suggests possible metabolic effects
on these compounds or other mechanisms of redistribution of congeners.
Between 1981 and 1991, the concentrations of HCHs did not change, but
HCB decreased by 50 per cent in both males and females.

Historically, the most success in linking contaminants to health effects
and population declines in pinnipeds occurred in studies of ringed seals,
gray seals (Halichoerus grypus) and harbor seals (Phoca vitulina) in the
Baltic Sea during the 1980s (Olsson et al., 1992, 1994; see Bergman et al.,
Chapter 19 in this volume). A decline in pinniped populations in the Baltic
was first observed in the 1950s and the suspicion that it was linked to
organochlorine pollution was formulated during the 1960s (Olsson et al.,
1992). Key to these studies was the indication of reproductive impairment
and symptoms suggesting immune dysfunction in these animals, bone deteri-
oration (particularly in the area around the teeth), gastrointestinal lesions
and proliferation of gastrointestinal parasites. Reproductive impairment was
first noticed by the decreases in fecundity, followed by the documentation of
abnormalities in the reproductive organs of the females (i.e. uterine stenosis
or occlusions) (Olsson, 1972, 1978; Helle et al., 1976a, 1983; Olsson et al.,
1994). A 60 per cent decrease in the number of females becoming pregnant
occurred in ringed seals from PCB-contaminated Bothnian Bay (Helle et al.,
1976a).

Spotted seals

Spotted seals range in distribution in the western Arctic from the eastern
Beaufort Sea to the western Chukchi Sea, south to the Aleutian Islands and
along the western Pacific coast down through the Sea of Japan. In the winter
and spring this species occurs along the ice front, and during the summer
months it is very common in small groups in the Chukchi Sea. For areas
where they occur in abundance, these animals are an important subsistence
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food resource. The only data on concentrations of POCs in this species is
from Tanabe et al. (1988), who reported ∑PCBs concentrations in blubber
of spotted seals from waters off Hokkaido, Japan, as ranging between 0.67
and 1.5 µg/g (mean = 0.98 µg/g; n = 4). This is within the range of concentra-
tions reported for harbor seals from the Gulf of Alaska and ringed seals in
the Arctic (Krahn et al., 1997). Because of its similarity to ringed seals and
harbor seals in trophic position, one would expect concentrations of these
compounds in spotted seal tissues to be similar to the other two species,
particularly where the ranges of these three species overlap (Alaska).

Ribbon seals

Ribbon seals are somewhat solitary. They range in distribution in the west-
ern Arctic from the eastern Beaufort Sea to central Chukchi Sea and south
to the Aleutian Islands, and along the western Pacific coast down through
the Sea of Okhotsk. Not much is known about this species. It is associated
with the sea ice and maintains itself away from coastal areas. Although
occasionally taken by indigenous subsistence hunters in the Arctic, it is a
very minor component of the marine subsistence resources, as compared
to ringed seals, bearded seals, spotted seals and walrus. Tanabe et al. (1988)
reported ∑PCBs in the blubber of ribbon seals from waters off Hokkaido,
Japan, ranging from 1.0 to 1.5 µg/g (mean = 1.3 µg/g; n = 5).

Harp seals

Harp seals occur in the open sea of the eastern Arctic from the Kara Sea
to Greenland, and from the high Arctic of eastern Canada south to New-
foundland and the Gulf of St. Lawrence. In some regions, harp seals are
used for food. This species occurs in gregarious migratory groups associated
with sea ice. The most recent data on POCs in harp seals come from papers
by Addison et al. (1984), Ronald et al. (1984), Beck et al. (1994), Oehme
et al. (1995, 1988) and Zitko et al. (1998). These are based on harp seals
from the Gulf of St. Lawrence, Hudson Strait and Greenland Sea.

Concentrations of PCBs in the blubber of harp seals from the Gulf of
St. Lawrence declined by about 50 per cent between 1972 and 1981, as did
PCBs in the blubber of Arctic ringed seals (Addison et al., 1984). Zitko et al.
(1998) also reported declines in PCBs and DDTs for harp seals over a 20-
year period. PCDD and PCDF concentrations in blubber of harp seals from
the Greenland Sea were slightly lower than those of ringed seals from the
Arctic, but concentrations of PCBs were comparable (Oehme et al., 1995).
Concentrations of PCDD, PCDF, non-ortho substituted (or coplanar) PCBs
(77, 126 and 169), and di-ortho substituted PCBs in brain and blubber of
harp seals were also compared, and concentrations in brains were one to
two orders of magnitude lower. A highly significant positive correlation
existed between age and the concentrations of 4,4′-DDE and di-ortho PCBs
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(suggesting metabolism) and between single PCDD and coplanar PCBs in
blubber (Oehme et al., 1995). Zitko et al. (1998) reported concentrations of
dibenzo-p-dioxins, dibenzofurans, PCBs and organochlorine pesticides to be
lowest in the muscle of harp seals, intermediate in kidney and liver, and
highest in the blubber. Concentrations of PCBs and chlorinated pesticides
in blubber were equivalent in males and females; however, concentrations
of these compounds in muscle, liver and kidney were 2–3 times higher in
males.

Bearded seals

Bearded seals are circumpolar in distribution, but do not remain in the high
Arctic during winter. They tend to follow the ice edge, moving to lower
latitudes during the fall and winter, and into the high Arctic during the
spring and summer. Due to its large size, use of hide for constructing skin
boats (umiaq), and palatability, it is one of the most popular subsistence
pinnipeds in the Arctic, especially Alaska. The bearded seal feeds on bottom
invertebrates (e.g. crabs, shrimp, clams, octopus) and near-bottom fish in
relatively shallow water. It is also an important component of the polar bear
diet during periods when it is available.

The bearded seal occupies a very different position in the food web as
compared to the ringed seal and, therefore, one would expect concentra-
tions in tissues and patterns of POCs to be different. Concentrations of
PCBs, DDTs, ∑HCHs and chlordane in blubber have been reported for
bearded seals sampled at Baffin Island in the mid-1980s (Thomas and
Hamilton, 1988). Concentrations of each of these groups of compounds
were similar to what was reported for the same period for Arctic ringed
seals. A comparison between individuals of these two species sampled in
the same region, season and year would be more informative. Krahn et al.
(1997) compared concentrations of PCBs, DDTs, chlordane, HCB and
dieldrin in the blubber of bearded seals and ringed seals sampled in Norton
Sound (Alaska) in 1993–5. For both species, concentrations in adult males
ranged from 0.05 to 0.36 mg/kg for PCBs, 0.01–0.36 mg/kg for DDTs,
and 0.01–0.45 mg/kg for chlordane. PCBs and DDTs were slightly lower
in the bearded seals, but this difference was not significant; differences in
concentrations of chlordane were not apparent, but concentrations of
HCB and dieldrin in the bearded seals were an order of magnitude lower
than in the ringed seals. Considering the subsistence value of bearded seals
for indigenous people of the Arctic, additional information on the POC
concentrations in this animal is warranted. The proposed difference in trophic
level as compared to ringed seals must be questioned, based on the similar-
ity of contaminant concentrations in bearded to ringed seals. Studies
currently under way in northern Alaska will test this comparison using
concentrations of POC, carbon and nitrogen stable isotopes, and heavy
metals.
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Hooded seals

Hooded seals occur in the open sea of the eastern Arctic from Spitzbergen
to Greenland and from the high Arctic of eastern Canada south to New-
foundland and the Gulf of St. Lawrence. This species prefers deep water
and thick, drifting ice flows. Somewhat solitary, it forms small family groups
during the spring breeding season. Although Clausen et al. (1974) and
Johansen et al. (1980) reported PCB and DDT concentration data for this
species in Greenland, the hooded seal is an Arctic pinniped for which we
have no recent POC information.

Walruses

Walruses are circumpolar, shallow-water pinnipeds that feed on benthic
organisms such as clams and gastropods, but some specialize in feeding on
seals. Two subspecies are recognized, Odobenus rosmarus rosmarus occurs
in the eastern Arctic and O. rosmarus divergens occurs in the western Arctic
(King, 1983). This species prefers areas of moving pack ice. This allows
individuals to feed and rest over large geographical areas, and provides a
means of transport during the spring and fall, while minimizing energy
expenditure. The walrus is an extremely important subsistence food resource
to the indigenous population of the Arctic coast.

Earlier studies reported very low concentrations of POCs in the blubber
of walrus over all geographical areas (Born et al., 1981; Thomas and
Hamilton, 1988; Taylor et al., 1989). However, Muir et al. (1995) reported
concentrations of PCBs and chlorinated pesticides orders of magnitude
higher in walrus blubber from some Hudson Bay groups, and attributed this
to the possible consumption of seals, a habit reported by Lowry and Fay
(1984) for some of the older male Alaska walrus. The Hudson Bay males
had median concentrations of ∑PCBs and ∑DDTs (11.5 and 2.2 mg/kg,
respectively) that were two orders of magnitude higher, and chlordane con-
centrations (6.3 mg/kg) one order of magnitude higher, than reported for
other Arctic areas (Muir et al., 1995; de March et al., 1998). Elevated con-
centrations similar to those in Hudson Bay walrus were found by Skaare
et al. (1994) in skin/blubber biopsies of walrus from Svalbard. The hypothesis
of seal-eating to explain these relatively high POC concentrations was
supported by carbon and nitrogen isotope analysis of the walrus muscle
tissue in comparison with that of ringed seals and other walrus prey (Muir
et al., 1995).

These elevated concentrations have not been found in any of the Alaska
walrus so far. Seagars and Garlich-Miller (2001) report levels of POCs meas-
ured in 27 walrus sampled in the Bering Sea in 1991 to be similar to the low
levels previously reported by Taylor et al. (1989). Efforts are also under way
at the National Institute of Standards and Technology (NIST) Charleston to
selectively analyze blubber tissues from older male walruses that have been
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archived at the National Biomonitoring Specimen Bank, to see if a pattern
of elevated POCs can be identified in any of these samples from the western
Arctic walrus population. Preliminary results indicate very low POC con-
centrations in these samples, similar to those reported by Seagars and Garlich-
Miller (2001) and J. Kucklick (NIST-Charleston, personal communication).

Polar bear

POC concentrations in tissues and associated biological factors

Polar bears are considered a critical species for biomonitoring programs
because they occur throughout the Arctic and Subarctic and are top pre-
dators that accumulate and integrate many contaminants (Norstrom et al.,
1998). However, many factors can affect POC concentrations in polar bears,
including diet, fasting (i.e. pregnant sows), region or stock, season, sex, age,
presence or absence of cubs, available prey, forage preferences of prey
(food-web structure) and others (Polischuk et al., 1995; Norstrom et al.,
1998). The difficulty in collecting adequate samples is also restrictive. The
primary prey species, ringed seal, is also Holarctic and will integrate con-
taminants over a limited range (Norstrom et al., 1998). Differences in POC
accumulation and possible physiologic and metabolic roles as compared to
other marine mammals are emphasized here.

Kucklick et al. (2001) determined the ‘apparent bioaccumulative factor
(ABAF)’ for polar bears and ringed seals from Barrow, Alaska, based on
the ratio of the lipid-based organochlorine concentrations in fat of polar
bear divided by that in ringed seal, and compared these with ABAFs
for polar bears and ringed seals from several Canadian Arctic locations.
The lower ABAFs for Barrow, Alaska, for compounds that substantially
biomagnify in polar bear, suggest that the polar bears from the western
North American Arctic (and Alaska in particular) may prey on a much
wider variety of prey than polar bears from the eastern North American
Arctic, which may be more restricted to preying on ringed seals.

Chlordanes

The largest contributor to total chlordane in polar bear fat and liver is the
metabolite oxychlordane (56 per cent and 61 per cent, respectively) (Letcher,
1996). Total chlordane was dominated by oxychlordane (62 per cent) in
polar bear fat, with approximately equal concentrations of nonachlor-III
(13 per cent), trans-nonachlor (11 per cent), and heptachlor epoxide (11 per
cent) (Zhu et al., 1995). In studies by Zhu et al. (1995) of POCs in ringed
seals, polar bears, and the blood plasma from humans from northern Quebec,
it was found that polar bear fat contained 5–6 times more total chlordane
(4287 ng/g lipid) than did human plasma (840 ng/g lipid) or seal blubber
(706 ng/g lipid). Photoheptachlor in polar bear was 3.4 per cent of total
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chlordanes and had a similar BMF as oxychlordane. The oxychlordane con-
tribution was approximately 40 per cent for ringed seal blubber and 10 per
cent for whole Arctic cod, indicating the metabolic capacity (formation of
oxychlordane) may be cod < seal < bear (Letcher, 1996), or variability in
absorption and biomagnification. Nonachlor-III is an original component
of chlordane that is not easily biotransformed, and is biomagnified nearly
ten-fold from seal blubber (59 ng/g lipid) to polar bear fat (545 ng/g lipid)
(Zhu et al., 1995). The median concentration of total chlordane was
2.3 µg/g lipid, 72 per cent of which was represented by the metabolite
oxychlordane.

Young and subadult bears had significantly higher chlordane concentra-
tions than adult and old male bears (Bernhoft et al., 1997), and concentra-
tions in matched sows and cubs were twice as high in cubs (Polischuk et al.,
1995; Norstrom et al., 1998). The sum chlordanes (CHL) in fat of polar
bears from Hudson Bay was higher for cubs and subadults (<5 years old)
than adults, and decreased from young of the year (YOY) to 5 years of age
(Norstrom et al., 1998). Norstrom et al. (1998) indicated that sum chlordanes
(geometric mean) was 30 per cent lower in males than females (with and
without cubs). The decrease in CHL over approximately 4 years for subadults
would fit with a half-life of 1 year (nearly achieving a steady state in 4 years),
suggesting a very slow clearance rate (Norstrom et al., 1998) if one makes
many toxicokinetic assumptions. For chlordane, the decrease with age in
male bears and the lower concentration in male than in female adults may
be due to sex differences in metabolism. However, Norstrom et al. (1998)
also considered the higher concentrations of ∑PCBs as inducers of hepatic
CYP2B, which may increase clearance of CHL. Whatever the mechanism,
polar bears do appear to metabolize chlordane when concentrations in prey
are compared to concentrations in the bear (Letcher et al., 1996; Wiberg
et al., 2000; Kucklick et al., 2001). These results are in contrast to the
findings of higher chlordane concentrations in males than females of other
marine mammals, which do not have this metabolic capacity (Bernhoft
et al., 1997).

PCBs and DDTs

In general, the ratio of higher to lower chlorinated PCBs decreased from
west to east in polar bears from the Bering Sea to Greenland, indicating
there may be a higher input of higher chlorinated PCBs to the eastern Arctic
(Norstrom et al., 1998). Declines in pinnipeds, critical prey species for polar
bears, have been causally linked with PCBs elsewhere, based upon known
reproductive and immunologic effects of this class of POCs (Borrell, 1993;
Kuiken et al., 1994), and ringed seal blubber makes up the majority of the
polar bear diet (Best, 1985). Therefore any decreases in seal productivity
could affect the polar bear. ∑PCBs concentrations in bear fat (6819 ng/g
lipid) were more than ten times that of seal blubber and human plasma, and
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congener patterns were similar (Zhu et al., 1995). In previous studies of
polar bears in arctic Canada, Norstrom et al. (1988) found that the ∑PCBs
and total chlordane accounted for more than 80 per cent of the total
organochlorines in polar bear adipose tissue.

The PCB concentrations present in the polar bears of Svalbard are
extremely high. The POC patterns in yearlings reflect the low transfer of the
highest chlorinated PCB congeners into maternal milk, and the other PCB
congeners were at higher concentrations in the yearlings compared to their
mothers (Bernhoft et al., 1997). The median concentration of ∑PCBs in
subcutaneous fat for 85 polar bears was found by Bernhoft et al. (1997) to
be 15.5 µg/g lipid, 62 per cent of which was contributed by PCB 153 and
180. The highest concentration of the PCBs was found in adult male bears,
and was significantly higher than in young and adult female bears. Nine of
14 congeners showed significantly higher concentrations in adult males than
in one or more of the other age or sex groups studied. Concentration of the
PCBs seems to increase with age until about 7 years in females and 14 years
in males, and thereafter declines (Bernhoft et al., 1997). However, the ∑PCB
was higher for cubs and subadults (<5 years) than adults; and concentra-
tions were 46 per cent higher in male than female adults (Norstrom et al.,
1998). In lactating bears, similar concentrations of chlordane, HCB and
∑HCHs were found in lipids of milk, subcutaneous tissue and plasma. The
concentrations of DDE, and penta- and hexa-chlorinated PCBs in milk lipid
were similar to the corresponding concentrations in plasma lipids. The POC
concentrations in subcutaneous fat of yearlings were generally higher than
in their mothers. However, the concentrations of the hepta- to decachlorinated
biphenyls (PCB 187, 194, 206, 209) in yearlings compared to their mothers
decreased gradually with increased chlorination and were below maternal
concentrations. PCB 105 and 118, and DDE were found in similar con-
centrations in mothers and yearlings. Mothers that had been lactating for
1.25 years contained significantly less chlordane, HCB, ∑HCHs, and ∑PCBs
than females that had been lactating for 2.25 years or had no young.

Denning status is regarded as a measure of polar bear reproduction suc-
cess. The POC concentrations in denning bears were not significantly differ-
ent from those not denning (Bernhoft et al., 1997). Concentrations of ∑PCBs
in adult males from Svalbard were about six and three times higher than the
averages in polar bears in Alaska and Canada (Bernhoft et al., 1997). ∑PCBs
were significantly higher (11–16 mg/kg) in eastern Greenland, Svalbard and
M’Clure Strait, above 14 other study areas which averaged 3.7 ± 1.6 mg/kg.
Bernhoft et al. (1997) associated this with geographical differences in POC
distribution, but we should consider differences in feeding behavior of bears
and seals in these regions as well. In ringed seals, higher concentrations of
PCBs are found in the Svalbard area as compared to the Canadian Arctic
(Muir et al., 1992a). Biomagnification of oxychlordane, HCB, HCHs and
PCBs from ringed seals to polar bears is evident, with a BMF of about 10
for PCBs. Metabolism of lower chlorinated PCBs and biomagnification of
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the more highly chlorinated forms can explain the species differences observed
(Bernhoft et al., 1997).

Tri- and tetrachlorinated biphenyls, in addition to penta- and hexa-
chlorinated biphenyls with meta-para adjacent hydrogen atoms, are not
found in polar bears (Bernhoft et al., 1997). These are typically present in
other marine mammals. The age- and sex-based differences for most of the
PCBs and the HCHs (disproportional accumulation with age in males) is
opposite that of chlordane. The deviation in females from the PCB concen-
trations seen in males at 7–11 years of age coincides with sexual maturation
and breeding, with the first offspring occurring at 6–7 years of age. This
represents the initiation of reduction in female body burdens of POCs through
transfer to the offspring during pregnancy and lactation (Bernhoft et al.,
1997). Milk has a high fat content and lactation may occur for as long as
2.5 years. The incomplete transfer of lipid from the circulatory system may
reduce the efficiency of the POC transfer, particularly for the most lipophilic
compounds. This is supported by the correlations between plasma and milk
lipids for most POCs, particularly for the higher chlorinated PCBs and
DDE (Bernhoft et al., 1997).

Concentrations of POCs in subcutaneous fat of yearling polar bears
reflect a similar pattern to that of the mother’s milk. Most of the POCs are
present at higher concentrations in the yearling offspring than in the mother
(Bernhoft et al., 1997). Seal blubber gradually becomes a more available
food source for young polar bears and is less contaminated than maternal
milk (Bernhoft et al., 1997). Higher concentrations have been found in cubs
in other studies (Polishuck et al., 1995). A difference in POC content between
pregnant versus non-pregnant females was not detected, but the sample size
was limited. There is concern, because high cub mortality has been observed
in polar bears at Svalbard (Bernhoft et al., 1997). PCBs have been suggested
as potential causative agents in seven cases of vestigial male reproductive
organs (both male and female genital structures) in ‘genetically’ female
polar bears of Svalbard, some of which have cubs (Wiig et al., 1998). The
capability to metabolize several toxic POCs may protect the polar bear.
However, the generation of toxic metabolites, as well as age-based accumu-
lation and rather high exposure of offspring via lactation, are of concern.
Mean PCB concentrations in fat are difficult to interpret because they are
4–10 times lower than concentrations associated with reproductive effects
based on laboratory studies (Norstrom et al., 1998), but if the polar bear is
sensitive to these compounds, some individuals may be approaching levels
of concern. The unique metabolism of polar bears may enhance excretion
and elimination of these compounds, but may also produce active metabolites
with affinity for critical tissues (e.g. liver, adrenal gland). Occupying the
highest trophic level and the potential for high metabolic activity related to
OCs makes the polar bear a critical animal for improving understanding of
the impact(s) of PCBs in arctic marine mammals.
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Polychlorinated dibenzo-p-dioxins and dibenzofurans

Polychlorinated dibenzo-p-dioxins and dibenzofurans were determined in
ringed seals and polar bears. No apparent biomagnification (BMF < 1.0) of
TCDD, OCDD or TCDF occurred from seal to bear fat; in contrast, the
BMFs for PCBs and HCB were 5–17 and 14–21, respectively (Norstrom
et al., 1990). All polar bears studied had detectable concentrations of TCDD
and OCDD, but no TCDF or HxCDD. The polar bear must have a mechan-
ism for efficient elimination of TCDD and TCDF. OCDD may accumulate
in bears, but the limitation of the detection level hampered this assessment
(Norstrom et al., 1990). PCDD and PCDF have been detected in blubber of
ringed seals from the eastern northern Atlantic (Oehme et al., 1988; Bignert
et al., 1989). Norstrom et al. (1990) indicated that the highest concentra-
tions were in bears from Barrow Strait and Larsen Sound, and lowest from
Hudson Bay, similar to patterns in ringed seals. This distribution is the
opposite of that reported for ∑PCBs, ∑chlordanes, ∑DDTs, ∑HCHs, and
dieldrin (Norstrom et al., 1988, 1990; Norstrom and Muir, 1994).

Toxaphene and HCH

Fifteen congeners of toxaphene were analyzed in polar bear fat (total
1.0 mg/kg) and ringed seal blubber (total 0.25 mg/kg) (Zhu and Norstrom,
1993). Proportions of toxaphene compounds were quite different for
polar bears and ringed seals compared to other marine organisms. Only
8–11 per cent of total toxaphene was octachloroborane (T2) and nonach-
lorobornane (T12) in ringed seal and polar bear (Zhu and Norstrom, 1993),
whereas these typically dominate in Arctic amphipods, burbot, narwhal and
beluga (Stern et al., 1992; Bidleman et al., 1993). A better understanding of
toxaphene pathways in Arctic biota is needed.

The median concentrations of DDE, HCB and ∑HCH in blubber were
272, 146 and 240 ng/g lipid, respectively. Males had higher concentrations
of ∑HCH and ∑PCBs than females. The lower HCH concentration in females
corresponds with the finding of relatively high concentrations of HCHs in
milk (Bernhoft et al., 1997). In males, ∑HCH increased with age until about
12 years, whereas in females no change with age was evident. The HCH
accumulation was not expected, because ∑HCH has been noted to decrease
up the food chain. However, β-HCH, which is the most persistent isomer of
HCH, constituted 81 per cent of the ∑HCH (Bernhoft et al., 1997). Tanabe
et al. (1996) proposes that higher β-HCH/∑HCH indicates higher metabolic
capacity of a species to metabolize α-HCH and γ-HCH. Furthermore, both
HCH and PCB patterns differ between polar bear and ringed seal: β-HCH
dominating in the polar bear, whereas α-HCH was the dominant form in
ringed seal, and γ-HCH (lindane) was found in the seal but not the polar
bear.
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POC metabolism

POC metabolism and mixed function oxidases (MFO)

Polar bears were shown to metabolize congeners of PCBs and 4,4′-DDE
that are normally recalcitrant or not biotransformed (Letcher, 1996; Letcher
et al., 1996) in other mammals addressed here. This is presumably based
upon differences in hepatic CYP metabolic capacity and differential transfer
of some PCB congeners from one trophic level to the next (cod → ringed
seal → polar bear) (Figure 8.1). PCB 153 represented 44 per cent, 14 per cent
and 4 per cent of the ∑PCBs of the polar bear, ringed seal and cod, respect-
ively, indicating a proportional magnification of PCB 153 and/or loss of
non-PCB 153 congeners. This PCB congener is known to be resistant to
metabolism and can be used to determine metabolic indices (Letcher, 1996).
Many congeners present in cod are not present in polar bears (Figure 8.1) and
this indicates likely metabolic degradation and/or excretion by the polar bear.

The presence in ringed seals of PCBs with meta-para vicinal hydrogen
atoms indicate low CYP2B-type metabolism for seals as compared to polar
bears. CYP1A-type metabolism of PCBs occurs in ringed seals, but at a
lower activity in ringed seals than in polar bears (Letcher, 1996; Letcher
et al., 1996). This high CYP1A activity seems to be unique in the polar bear
as compared to other marine mammals in the Arctic regions of the western
hemisphere. CYP2B-type activity was also high, as evidenced by the lack of
PCBs with meta-para vicinal hydrogen atoms and high concentrations
of methylsulfone polychlorinated biphenyls (MeSO2-PCBs) (Letcher, 1996;
Letcher et al., 1996). There is clear evidence of mobilization of MeSO2-PCBs
from adipose tissue, and lactational transfer from mother to cub, which
may be more rapid during fasting (Letcher, 1996). The accumulation of
methylsulfone metabolites of PCBs has been shown to be enantioselective
for ringed seals and polar bears (Wiberg et al., 1998). This can involve select-
ive formation, uptake, transport, storage and/or clearance. The presence
of MeSO2-CBs in polar bears results from both formation by the bear (e.g.
3- and 4-MeSO2-PCB 91 and 4-MeSO2-PCB 149) and accumulation from

Figure 8.1 (opposite) Ratios of various PCB congeners to PCB 153 in blubber or fat
of Arctic cod (Boreogadus saida), ringed seals (Pusa hispida) and polar
bears (Ursus maritimus). Polar bears metabolize congeners of PCBs that
are normally recalcitrant or not biotransformed in other mammals. This
is presumably based upon differences in hepatic CYP metabolic capacity
and differential transfer of some PCB congeners from one trophic level
to the next (cod → ringed seal → polar bear). PCB 153 represented 44,
14 and 4 per cent of the ∑PCBs of the polar bear, ringed seal and cod,
respectively, indicating a proportional magnification of PCB 153 and/or
loss of non-PCB 153 congeners. Many congeners present in cod are not
present in polar bears and this indicates likely metabolic degradation
and/or excretion in the polar bear. (After Letcher, 1996; Letcher et al.,
1996.)
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the seal (3- and 4-MeSO2-PCB 132). However, the Arctic cod does not
produce these metabolites (Wiberg et al., 1998).

Bandiera et al. (1995) immunochemically evaluated rat subfamily
cytochrome P450s and detected homologues for 1A, 2B, 2C and 3A, and rat
epoxide hydroxylase in polar bear liver. The bears had ‘high’ concentrations
of 1A and 2B compared to other marine mammals, and this could be a
consequence of induction by environmental contaminants (Bandiera et al.,
1995). Letcher et al. (1996) showed CYP1A (P450 expression) was cor-
related with concentrations of PCBs, PCDDs and PCDFs, and that CYP2B
(P450 expression) was correlated with ortho-Cl substituted PCBs and
chlordanes. A better understanding of polar bear metabolism is needed. This
will be key to recognizing their unique detoxification/excretion mechanisms,
and to better recognize the potential target organs (e.g. adrenal glands) for
these metabolites.

DDT and PCB methylsulfones

The considerably lower DDE concentrations in polar bears than in ringed
seals possibly reflects the capacity of the polar bear to metabolize the most
persistent of the DDT compounds. Similar DDE concentrations were found
in polar bears from Svalbard, Canadian bears (Bernhoft et al., 1997) and
Alaskan bears (Kucklick et al., 2001). The tendency of decreasing DDE
concentrations from young to subadults may suggest a lower capacity for
metabolism of DDE in younger bears (Bernhoft et al., 1997). The findings in
polar bears are in contrast to the age-related accumulation of DDTs seen in
other male marine mammals. The lack of significant age-class or sex differ-
ences in DDE concentrations in polar bears may be due to a higher metabolic
capacity of DDT-based compounds in polar bears than in other mammals
(Kucklick et al., 2001). Females with cubs have 32 per cent higher sum
DDTs than males, and Norstrom et al. (1998) reports 22 per cent higher
DDE concentrations in females with cubs as compared to solitary females
and males. Polar bear fat contained more than 98 per cent of the total
body burden of POCs, except for 38.5 per cent of the methylsulfone-DDE
(S-MeSO2-4,4′-DDE) which was in the liver (liver mass makes up only
2.6 per cent of the total body mass of polar bears) (Letcher, 1996).

Polar bears are exposed to high concentrations and different MeSO2-PCB
and -4,4′-DDE patterns, indicating that the potential toxicological risks
from chronic exposure may be different in polar bears relative to ringed
seals. Methylsulfone-DDE formation in bears was high; however, another
unknown metabolic path must be substantial for 4,4′-DDE. The retention
of MeSO2-PCBs and -4,4′-DDE may be a consequence of stellate cells
specialized in the retention of polar retinols and retinol esters or binding to
specific proteins. This clearly favors pentachloro-3- and MeSO2-PCB 87
(Norstrom et al., 1998). Letcher et al. (1998) showed that Arctic cod had no
detectable MeSO2-PCBs or 4,4′-DDE (detection level of <0.01 ng/g lipid). In

Ve
tB

oo
ks

.ir



POCs in Arctic marine mammals 195

contrast, ringed seals contained 0.4 ng/g 3-MeSO2-4,4′-DDE and 13 ng/g
3- and 4-MeSO2-PCB isomers, and polar bear fat contained 432 ng/g of
MeSO2-PCB isomers and 2.0 ng/g 3-MeSO2-4,4′-DDE. Fifteen MeSO2-PCB
congeners are likely bioaccumulated, whereas seven are completely or par-
tially formed in the bear (Letcher et al., 1998). However, this may also result
in the production of toxic metabolites, and may be related to the presence
and amount of CYP.

High activity of CYP1A (loss of PCB 105 and 118, small change in PCB
99), and high CYP2B activity (loss of PCB congeners with meta-para vicinal
hydrogen atoms in bear versus seal) were evident in polar bears (Letcher,
1996). Induction may enhance this enzymatic process, and the presence of
POCs may be critical for the maintenance of the CYP system at this ‘high’
activity level. All PCBs with significant bioaccumulation potential in polar
bears have 2,2′,4,4′ Cl substitutions (Letcher, 1996; Letcher et al., 1996).
According to Letcher (1996), the residual anthropogenic compound patterns
demonstrate that, relative to ringed seals and cod, the polar bear has a high
capacity to depurate, with or without metabolism, all persistent OCs measured.

Methylsulfones of six PCB congeners (99, 153, 138, 180, 170, 194) made
up about 93 per cent of the PCB metabolites in polar bears and beluga
whales (Bergman et al., 1994). Based on PCB and MeSO2-PCB patterns,
ringed seals have low cytochrome P450 (CYP) 1A and CYP2B-type enzyme
activities, whereas polar bears apparently have higher levels of both types
(Letcher, 1996; Letcher et al., 1996). In polar bears these enzyme levels
correlated with the presence of some chlorinated hydrocarbons. All pre-
cursor PCBs had 2,5- or 2,5,6-chlorination on the MeSO2-substituted ring.
The polar bear is capable of metabolizing some POCs because the BMF is
less than 1.0 for 4,4′-DDT and some PCB congeners are altered (Muir et al.,
1988; Norstrom et al., 1988). Muir et al. (1988) showed that ringed seals did
not accumulate (concentrations were less in seals than in cod) PCB 177, 183,
187, 194 and 201, and these would not reach the polar bear. Polar bears
can biotransform additional congeners, reducing further the number of con-
geners (those in seals plus PCB 99, 128, 138 and 177) that it accumulates
(Muir et al., 1988). The congeners PCB 153, 180 and 194 are persistent
(Muir et al., 1988).

Reproduction implications and associations

Risk from exposure to POCs in polar bears may be greatest at two phases in
the reproduction cycle: lactation and delayed implantation. Polar bear mating
occurs in spring and the fertilized eggs do not implant until September–
October. This implantation is usually concurrent with denning. Only preg-
nant females tend to den. Species with delayed implantation may be more
susceptible to POCs (Sandell, 1990). The cubs are born in late December or
early January and the mother and cubs emerge from the den in March or
April. At this point the mother has fasted for approximately 6 months, but
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continues to lactate. Polar bears can enter a hyperphagic phase in the late
spring and early summer, and as a result more than 50 per cent of their
body weight can be lipid. During phases of fasting and lactation these lipid
stores are mobilized (Polischuck et al., 1995). As fasting takes place, a higher
concentration of some persistent OCs (e.g. PCBs) is found in milk and fat of
sows, whereas others (such as 4,4′-DDT) do not change and may be affected
by metabolism (Polischuk et al., 1995). The cubs of the year had the highest
OCs of any life stage, and this indicates a significant transfer of contaminants
to young. This could be a significant phase to examine for adverse health
effects or exposure leading to delayed effects of parent compounds or meta-
bolites of POCs. In utero and/or neonatal exposure to persistent OCs has
been implicated as a possible cause of female pseudohermaphrodites at
Svalbard (north of Scandinavia) at a rate of 1.5 per cent (4 of 269 examined
animals) (Wiig et al., 1998). However, investigations of other polar bear
stocks (i.e. less contaminated) are needed to determine the ‘baseline’ occur-
rence of pseudohermaphroditism in relation to POC exposure.

Special significance of POCs in polar bears

In summary, the polar bear may be quite unique in its exposure, metabolism
and expression of possible adverse effects, compared to other marine mam-
mals in the Arctic. This species merits special consideration for effects assess-
ment, not simply residue analysis, because it represents the top of the food
chain and integrates these accumulative compounds of the Arctic. Evidence
indicates that the most contaminated of the polar bears (i.e. Svalbard animals)
are suffering suspicious effects that may be related to POC exposure.

Conclusions

This chapter reviewed the occurrence and possible effects of POCs in Arctic
marine mammals. Recent work has clearly indicated that many differences
in ecologic, regional and physiologic factors are related to exposure and
potential adverse effects of POCs for these species. Unfortunately, we do not
understand how these differences relate to individual and population health
and responses. Current efforts will only detect gross, dramatic changes, and
at that point we are unlikely to be able to reverse unwanted trends. A better
understanding of POC effects and toxicoses is needed for these marine
mammals from the Arctic, especially if we are concerned about cetacean (i.e.
beluga whale), pinniped (i.e. ringed seal) and polar bear populations and
health.
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9 Inorganic pollutants in Arctic
marine mammals

Todd M. O’Hara, Victoria Woshner
and Gerald Bratton

Introduction

Species and elements

This chapter addresses two specific areas: Arctic marine mammals and
selected inorganic pollutants. The species covered include cetaceans [bowhead
(Balaena mysticetus), beluga (Delphinapterus leucas), and narwhal whales
(Monodon monoceros) ], pinnipeds [ringed (Pusa hispida), bearded (Erignathus
barbatus), spotted or largha (Phoca largha), ribbon (Histriophoca fasciata),
harp (Pagophilus groenlandicus), and hooded (Cystophora cristata) seals;
Pacific (Odobenus rosmarus divergens) and Atlantic walrus (O. rosmarus
rosmarus) ] and polar bears (Ursus maritimus). Arctic marine mammals are
long-lived, develop large fat depots and frequently occupy high trophic levels.
Bowhead whales are known to live more than 100 years (George et al.,
1999). These biological factors are key to the entry and magnification of the
persistent and lipophilic forms of metals in this lipid-dependent food web,
and for elements with non-lipid-dependent accumulation mechanisms. High
trophic-level feeding (piscivory) sets the stage for biomagnification and
bioaccumulation (increased levels in the predator versus the prey), where
some chemicals can biomagnify (BMF = [X]predator/[X]prey > 1.0; where
BMF = biomagnification factor and [X] = contaminant concentration).
Polar bears feed on seals and are apex predators.

Minerals discussed in this chapter include inorganic and organic forms of
mercury (Hg), cadmium (Cd), selenium (Se), silver (Ag), arsenic (As), lead
(Pb), copper (Cu), zinc (Zn) and others. Radionuclides addressed include
cesium-137 (137Cs), strontium-90 (90Sr), plutonium (238Pu, 239Pu, 240Pu), polo-
nium (210Po) and potassium-40 (40K). Concentrations of contaminants are
given on a wet weight basis, except where noted otherwise. There are many
influences on exposure to, and concentrations of, inorganic contaminants in
tissues, including biological factors (age, sex, body condition, reproductive
status, season, trophic level), spatial distribution (habitat or home range,
global region) and temporal relationship (trends with time). In this report
we consider available data with respect to potential adverse health effects
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for each species. However, the lack of basic biologic and health assessment
information pertaining to these Arctic species hampers interpretation of
contaminant data. As a subsistence resource, marine mammals have signific-
ant cultural and nutritional value and are sources of contaminant exposure
to humans who consume them.

It is necessary to determine the chemical form of potentially toxic trace
elements and the various mechanisms of detoxification [International Whaling
Commission (IWC), 1995] in each species. Investigation into elements other
than Cd and Hg is warranted, as is consideration of within-population vari-
ation in the ability to detoxify metals (Caurant et al., 1994). Tissues other
than kidney and liver should be examined, because metals could alter the
effects of many other substances (other metals, trace minerals) (IWC, 1995),
and other tissues (i.e. muscle and blubber) are important sources of food for
many northern peoples. The Inuit in the coastal communities of arctic Canada
and Greenland have always hunted marine mammals for food, and metals
in the diet are of concern to these people (e.g. Dietz et al., 1996; Wagemann
et al., 1996). They commonly eat the flesh (meat) of marine mammals, and
preferentially the skin (muktuk) of whales, which can be raw, cooked or
fermented. Muktuk, for example, is rich in essential elements such as Se and
Zn (Wagemann et al., 1996), and the associated fat is rich in omega-3 fatty
acids. Concerns about metals in marine mammal tissue arose when studies
showed that Hg concentrations were well above the Canadian export guide-
line for Hg in fish muscle (0.5 µg/g; Health and Welfare Canada, 1979;
Wagemann et al., 1996), and exceeded various limits developed by other
organizations and agencies. Clark (1989) showed that regulatory levels for
Hg range from 0.7 to 1.5 µg/g in edible tissue, depending on the country,
and more recently, the United States Environmental Protection Agency
(USEPA) has established a reference dose for methylmercury of 0.1 µg/g
(USEPA, 2001).

Compared to the variety and number of organic compounds, the metals
are fewer and generally of a simpler chemical structure. Although not con-
sidered biodegradable, metals can occur in several valence states and can be
major components of organic molecules (i.e. organometallic compounds),
and once absorbed may undergo very complicated metabolism and distribu-
tion. Valence state and organic versus inorganic form also have a direct
effect on bioavailability and toxicity. Metals frequently induce complicated
toxicoses because they tend to affect a number of cellular processes in more
than one organ system. Many elements undergo significant interactions.
A deficiency of one element may predispose an organism to toxic effects
of another element at lower levels of exposure than normally expected. For
example, laboratory studies have established that Hg and Se are mutually
protective, in that each offsets the toxicity of the other. A significant cor-
relation between these two elements is common in the liver of some marine
mammals, where they increase in parallel. Absolute or functional mineral
deficiencies may increase susceptibility to other agents, as well as produce
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outright signs of deficiency, but we found no documentation of this in Arctic
marine mammals. The bioavailability (absorption) of metals may range from
essentially no uptake (no concern) to nearly complete absorption and/or
prolonged retention in some organs (Cd in kidney, Hg in liver or muscle).
We refer readers to Table 7.5 of the Arctic Monitoring and Assessment Pro-
gram (AMAP, 1998) with respect to these bioavailability comparisons.

Acute or chronic heavy metal toxicosis, diagnosed on the basis of mortal-
ity or morbidity through clinical signs or lesions, has not occurred in any
wild cetacean and most marine mammal species. We have no examples of
target organs, lesions, effects or levels of concern for metals in these Arctic
species. Few studies (for example, Ronald et al., 1977) of adverse effects due
to heavy metals in marine mammals have been conducted, making the health
impact of exposure to metal difficult to assess, especially during strandings
or mortality events. Consequently, we have completely depended upon
extrapolations from very unrelated laboratory animal models or domestic
species. Only recently have attempts been undertaken to correlate pathology
with levels of inorganic contaminants in cetaceans (Wagemann et al., 1990;
Béland et al., 1993; Rawson et al., 1993; Siebert et al., 1999; Woshner, 2000;
Woshner et al., 2002) and seals (Dietz et al., 1998).

Potential sources and transport mechanisms

Metals

In general, metal concentrations are low in sea water. However, some Arctic
Ocean surface waters contain higher concentrations of some metals (Cd, Zn
and Cu), probably because of the dearth of organic material that can bind
with them and cause them to settle at greater depths. Therefore, metals can
be more bioavailable to the invertebrates at the base of the Arctic Ocean
food web in comparison with warmer areas. It is very likely these metals in
Arctic surface waters are from natural sources with minimal anthropogenic
input. Phytoplankton and zooplankton are well known to bioaccumulate
metals and are the principal prey for baleen whales and fish, which in turn
are prey for toothed whales and most pinnipeds. Cadmium accumulates
more effectively in the bowhead whale (Bratton et al., 1997; Woshner et al.,
2001a) and other baleen whales (via invertebrates; Honda et al., 1990),
whereas Hg and Se tend to increase in beluga (Woshner et al., 2001a) and
narwhal via fish and some invertebrates (Friberg et al., 1986). Concentra-
tions in water have very little direct effect on exposure and subsequent body
burdens in the Arctic marine mammals, because exposure occurs mostly by
ingestion.

Anthropogenic contamination can be through long-range transport (Ayotte
et al., 1995; Shaw, 1995) or from local sources (Jaffe et al., 1995), with some
studies indicating that the latter mode contributes more significantly to body
burdens of trace elements in marine animals than the former (Muir et al.,
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1992; Ford et al., 1995; Wagemann et al., 1996). Natural sources of trace
elements include erosion, fires, sediment disruption and volcanic eruption.
Cadmium is commonly associated with Cu and Zn deposits and, while releases
in the Arctic probably occur naturally, there is increased potential for
anthropogenic releases with growth of human populations and associated
industrial activities (smelting, drilling, mining, oil production, etc.) (Barrie,
1986). Effects of temperature and prevailing air and ocean currents may
favor deposition of some contaminants in the Arctic (Bidleman et al., 1989;
Gregor and Gummer, 1989; Manchester-Neesvig and Andren, 1989).

Radionuclides

Specific releases of radionuclides in the Arctic, such as atmospheric emissions
associated with the Chernobyl accident and marine discharges of nuclear
waste by the former Soviet Union, have increased concerns. Nevertheless,
anthropogenic radionuclide content of sediments collected in 1993 in the
Beaufort Sea was predominantly due to global fallout (Efurd et al., 1996).
Very little anthropogenic radioactivity was detected in fish, birds and marine
mammals sampled from north-western Alaska (Efurd et al., 1996). Although
there is some evidence of radiocesium accumulation by Bering and Chukchi
Sea benthic organisms (Cooper et al., 1995) and marine mammals (Efurd
et al., 1996; Cooper et al., 2000), marine sediments from the Bering and
Chukchi Seas, including the Yukon River delta, showed low levels of 137Cs
compared to tundra or lake sediments (Cooper et al., 1995).

Global fallout is the major source of Pu in biota of the former Soviet
Union and US, with virtually no detectable Pu from European close-in
fallout or from dumped nuclear reactors in the Kara Sea (Baskaran et al.,
1996; Efurd et al., 1996). However, a significant portion of radiocesium and
a small portion of Pu released from the Sellafield reprocessing plant (UK)
are transported to the North Sea, Norwegian Sea, Barents Sea, Arctic Ocean
and Greenland (Baskaran et al., 1996). Marine sources affecting the Barents
and Greenland seas are estimated to be 26–46 per cent of the total Pu
from European reprocessing plants (Holm et al., 1986). Baskaran and Naidu
(1995) showed that the East Chukchi Sea (Alaskan Arctic) sediment 137Cs
concentrations were as expected based on fallout patterns, and that former
Soviet Union nuclear dump sites have not contaminated this region as
of the time of sampling. Although Pu in benthic marine invertebrates is
100 times greater than that in free-swimming organisms (Pillai and Mathew,
1976, cited in Baskaran et al., 1996), in general the concentrations appear to
decrease significantly up the food chain (Marshal et al., 1974).

At present, marine food chains do not appear to be affected by
radionuclides. The US Food and Drug Administration’s screening limit for
137Cs is 370 Bq/kg (Efurd et al., 1996) and is well above any reasonable
consumption rate and subsequent exposure (Cooper et al., 2000) via Arctic
marine mammals.
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Basic toxicity and interactions of elements

General considerations

Metals bind to proteins and alter enzymatic activity. This results in the
cellular damage that underlies clinical signs at the gross level. Metals can
also interfere with the ‘normal’ function of essential elements, some of which
are required cofactors crucial to enzymes for proper function. When rendered
deficient, either by inadequate intake or by displacement or inhibition by a
toxic element (toxicoses), deleterious effects may be seen. However, this has
not been documented in Arctic cetaceans or pinnipeds. It is very likely that
marine mammals have been exposed to high concentrations of metals for
millennia and have evolved adaptive mechanisms to reduce their toxicity.
However, many of these mechanisms are as yet unknown (Dietz et al., 1998;
Sonne-Hansen et al., 2000). Unanswered questions are: Does a mechanism
exist for metal detoxification that is unique to marine mammals? Has a well-
conserved system (i.e. metallothionein) been enhanced? Have both occurred
to reduce toxicity of the ‘high’ metal levels that confront some marine
mammals?

Metal and radionuclide toxicoses are well described for domestic and
laboratory mammals, but not well understood for marine mammals. Many
studies have determined concentrations of metals in tissues of marine
mammals, but very few have attempted any assessment of health effects.
Monitoring studies attempt to explain ‘elevated’ concentrations by com-
parisons to terrestrial species or to other marine mammals, but this is
inadequate. Marine mammals differ markedly from terrestrial mammals in
many aspects of their physiology, as well as with respect to routes and types
of exposure to contaminants. The differences in metal concentrations among
marine mammals are most likely based on feeding ecology and region (i.e.
eastern versus western Arctic for some elements). This hampers our under-
standing of adaptive mechanisms in marine animals, which may differ among
species that occupy diverse ecological and geographical niches. Without
adequate study of the species of concern, we will continue to extrapolate
from species that may have very little in common with Arctic marine
mammals. Concern about elevated metal exposure is warranted, however,
in light of the plethora of studies that have documented numerous adverse
effects of metals on laboratory and domestic animals, as well as humans.
These include impacts on viability, reproductive performance, immune func-
tion, genetic components (mutagenicity), growth and carcinogenicity, and
are mostly due to severe functional alterations resulting from the interaction
of metals with enzyme systems and proteins (Friberg et al., 1986; Furness
and Rainbow, 1990; Bratton et al., 1997). Studies of metals in Arctic marine
mammals have been published for bowhead whale (Byrne et al., 1985; Bratton
et al., 1993, 1997; Krone et al., 1998; Woshner et al., 2001a), polar bear
(Eaton and Faurant, 1982; Norstrom et al., 1986; Lentfer and Galster, 1987;
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Braune et al., 1991; Norheim et al., 1992; Dietz et al., 1995; Woshner et al.,
2001b), ringed seal (Smith and Armstrong, 1978; Mackey et al., 1996; Goessler
et al., 1998; Woshner et al., 2001b), harp seal (Jones et al., 1976; Ronald
et al., 1984), bearded seal (Smith and Armstrong, 1978), walrus (Born et al.,
1981; Taylor et al., 1989), narwhal (Wagemann et al., 1983; Hansen et al.,
1990) and beluga (Hansen et al., 1990; Wagemann et al., 1990; Becker
et al., 1992; Zeisler et al., 1993; Mackey et al., 1996; Woshner et al., 2001a).
Very limited literature exists for radionuclides in these species, but initial
reports indicate that the levels are very low for marine mammals of northern
Alaska (Cooper et al., 2000) and other regions of the Arctic (AMAP, 1998)
compared to terrestrial mammals in the same region.

Variations in concentrations of metals in cetaceans are dependent on the
species, tissue sampled, portion of the tissue sampled (i.e. kidney medulla or
cortex), age, location (geographic), predominant forage or prey and other
factors. Thus multiple factors must be considered when making compar-
isons of concentrations of metals in marine mammals. O’Shea and Brownell
(1994) and Bratton et al. (1997) reported that a comparison of the available
data showed that, in general, baleen whales have lower concentrations of
metal residues in tissues than odontocetes, except for Cd. Cadmium is well
known to accumulate mostly in kidney, followed by liver, with much lower
concentrations in muscle and blubber. This accumulation is age dependent,
but appears to be independent of sex (Bratton et al., 1997; Woshner et al.,
2001a, b). No lesions (i.e. histopathology) or effects have been documented
with respect to Cd in marine mammals (Dietz et al., 1998; Sonne-Hansen
et al., 2000; Woshner, 2000; Woshner et al., 2002). Only small amounts of
Cd are likely to be transferred to the fetus (Wagemann et al., 1988).

Copper and iron

Copper is an essential element required by mammals for numerous pro-
cesses. Copper in liver and kidney of free-ranging Alaska beluga whales was
at concentrations that would be in the marginal range compared to domestic
species (Woshner et al., 2001a). Such species comparisons are difficult to
interpret in apparently healthy animals because concentrations are likely
to be ‘normal’. Iron is an essential element needed for production of the
oxygen-binding molecules hemoglobin and myoglobin, as well as other sub-
stances. Blood contains variable and large quantities of Fe. This can make
interpretation of analytic data difficult when organs (i.e. liver) are congested
with blood, resulting in highly variable concentrations.

Mercury and selenium

The origin of mercury that is transferred through the food web to marine
mammals can be natural, anthropogenic or some combination thereof
(Vandal et al., 1993). Mercury (Hg) can occur in inorganic and organic
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forms. Toxic effects of Hg are well known but vary according to form. In
general, ingested inorganic Hg tends to be poorly absorbed and distributed
throughout the body, and as a consequence is less toxic than organic Hg
(i.e. methylmercury). Bacteria and marine invertebrates are able to convert
inorganic Hg to organic Hg (Furness and Rainbow, 1990; Sadiq, 1992).
Organic and inorganic forms of Hg coexist in varying ratios in the diet,
complicating the interpretation of Hg concentrations in tissues associated
with exposure and toxicity. In addition, the disparate chemical properties
of the two forms result in differences in absorption, metabolism, tissue-
tropism, target organs and susceptibility of different phases of the life cycle
(fetal, neonatal, adult, reproductively active). In general, the majority of Hg
in muscle of marine mammals is in the organic form (50–100 per cent),
whereas the inorganic form is a higher proportion of the total Hg (70–90
per cent) in liver and kidney (Gaskin et al., 1979; Itano et al., 1984a, b, c;
Julshamn et al., 1987; Dietz et al., 1990; Law et al., 1991; Zeisler et al., 1993;
Woshner et al., 2001a, b).

The most common form of Hg in marine fish and invertebrates is
methylated (Falandysz, 1990; Bloom, 1992). Methylmercury is easily
absorbed from the gut (90 per cent) and is well known to bioaccumulate in
marine organisms and biomagnify through the food chain (Francesconi and
Lenanton, 1992). Mercury concentrations greater than 0.15 µg/g in muscle
of marine fish are not unusual and are, as a rule, much higher in visceral
organs (Clark, 1989). Some pelagic fish accumulate high concentrations of
Hg (exceeding 5.0 µg/g), whereas the levels in fish from polluted areas in the
North Sea can exceed 1.3 µg/g. Levels in Polar cod (Boreogadus saida) ranged
from 0.01 to 0.41 µg/g, depending on geographical region (AMAP, 1998).

The toothed whales are likely to have enhanced exposure to mercury, the
majority of which is probably in the more bioavailable form (methylmercury),
through the consumption of fish and certain invertebrates. Because
methylmercury (MeHg) can be excreted in milk (Piotrowski and Coleman,
1980, cited in Bratton et al., 1997) and passes to the fetus via the placenta
(Andre et al., 1990; Muir et al., 1992; Meador et al., 1993) these physiologic
processes could decrease Hg concentrations in the mature female. Whole
body half-life of Hg in cetaceans has been variously estimated to be roughly
10 years (Wagemann et al., 1990) and 1000 days (Law et al., 1992). In the
liver of young whales a higher proportion of Hg tends to be organic, as
compared to the proportion in the liver of older whales (Zeisler et al., 1993),
which may result from the accumulation of inorganic Hg following
demethylation of MeHg. In addition, it has been suggested that the ability
to demethylate organic Hg is less efficient in younger walruses as compared
to mature animals (Born et al., 1981).

The positive correlation between Hg and Se in marine mammals has been
observed for many years, but the reason for it remains unclear (Krone et al.,
1998; Woshner et al., 2001a, b). Based on molar ratios, Hg and Se appear to
accumulate in a 1 : 1 fashion in liver and kidney, and it has been proposed
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that each element offsets the toxicity of the other. This may involve
demethylation of organic Hg, a process that may require Se (Se can increase
demethylation) and result in the formation of inert complexes (inorganic
and/or proteinaceous) that can be stored in hepatic lysosomes (Friberg
et al., 1986; Cuvin-Aralar and Furness, 1991; Woshner et al., 2002). The role
of other elements requires investigation. For example, Cd may accumulate
in parallel with Hg and Se in liver of beluga whale (Becker et al., 1995a;
Woshner et al., 2001a). Caurant et al. (1996) indicated that pilot whales
(Globicephala melas) have a remarkable tolerance to heavy metal contamina-
tion (mean hepatic Hg = 64 mg/kg) that may reflect effective detoxification
(i.e. demethylation) processes. Although the presence of a small molecular
weight metallothionein-like peptide was shown, 95 per cent of the Hg was
in the high molecular weight, insoluble, cellular fraction. They suggested
the formation of Hg–Se complexes that would undergo subsequent
demethylation. This process probably occurs predominantly in the liver and
to only a very limited extent in muscle (Caurant et al., 1996).

There is also evidence that Hg and Se form a complex, known as
tiemannite, that is stored as inert concretions in marine mammal hepatocytes,
thus detoxifying these elements by insolubilization (Martoja and Berry, 1980).
This is clearly important, because most Arctic marine mammals are prin-
cipally exposed to methylmercury through their prey, but the major form of
Hg in marine mammal liver is inorganic. This suggests that the liver is the
major site of demethylation and accumulation of Hg and Se (Caurant et al.,
1996). However, in the polar bear a 1 : 1 ratio is also found in the kidney,
which in this species has even higher Hg and Se concentrations than liver
(Dietz, personal communication). This detoxification is more evident with
increased age, by comparing percent methylmercury for immature versus
mature animals as follows: 55 and 3–18 per cent in pilot whales (Caurant
et al., 1996); 45 and 2.5 per cent in striped dolphins (Stenella coeruleoalba);
70 and 14 per cent in harp seals (Wagemann et al., 1988); and 45 and 19 per
cent in beluga whales and narwhal (Dietz et al., 1990). As the concentration
of total Hg increased, the methylated fraction decreased, so that only 2 per
cent of the Hg was methylated in pilot whales with total Hg levels above
100 mg/kg.

Selenium has been well documented to influence the distribution, kinetics
and toxic effects of mercury (Cuvin-Aralar and Furness, 1991). It has been
theorized that the antioxidative property of Se plays a role, as part of the
glutathione peroxidase system. This system quenches free radicals and reactive
intermediates (reactive oxygen species) and, in turn, affects demethylation
of Hg. It has been proposed that the hydroxy free-radical (OH·) (Suda
et al., 1991) and myeloperoxides (Suda and Takahashi, 1992) may remove the
methyl group. This role of free radicals in demethylation not only implicates
Se, but also vitamin E (rarely analyzed) in marine mammals, and vitamin E
has been shown to be protective in rats (Welsh, 1979) and hamsters (Chang
et al., 1978) exposed to MeHg. Once demethylated, the more water-soluble
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Hg is trapped in the cell, where it can bind other ligands, including sulfur
or selenium. Demethylation is known to occur in liver, kidney and
gastrointestinal cells, and to be slow in the brain (Hansen and Danscher,
1995).

Metallothionein (MTH) is important for detoxification of Hg in terrest-
rial mammals, but appears to be much less so for marine mammals (Caurant
et al., 1996). In narwhals, 5 and 10 per cent of Hg was bound to MTH in
liver and kidney, respectively (Wagemann and Hobden, 1986).

Clearly, Hg is a very important contaminant with respect to consumers
of marine fish and mammals across the Arctic. Suggested exposure levels
(provisional tolerable weekly intake, or PTWI) and the 0.5 µg/g limit in fish
tissue (Canada) are exceeded in some cases. Consumers of pilot whale meat
from the Faroe Islands have been estimated to consume 1200–2900 µg Hg/
week (Andersen et al., 1987) and Hg concentrations in this population were
elevated compared to those in Norwegians (Julshamn et al., 1989; Grandjean
et al., 1992). This led to a consumption advisory that whale meat and
blubber should only be eaten once a week (Simmonds et al., 1994), and that
internal organs should be avoided (Gibson-Londale, 1990). Ohi et al. (1980)
fed rats a diet high in Se and MeHg originating from sperm whale (Physeter
macrocephalus) and sebastes (Sebastes iracundus), a deep sea fish. They
showed that protection from neurotoxicity (delay in signs of 7 weeks) was
not solely related to conjugation of Se with MeHg, but probably also involved
other protective agents, such as vitamin E, As, and Zn. The complicated
interaction of Se and the two forms of mercury is very important to inter-
preting the impact of these elements on Arctic marine mammals (which
display high levels) and on those dependent upon them for food. If Se
truly allows for protection in the marine mammals, as well as in humans
who consume them, then we will be much less concerned about adverse
health effects, and will better understand mechanisms of detoxification that
may be used in the future to treat or prevent Hg, or other metal-induced,
toxicoses.

Methylmercury determinations in harp seal pups caught shortly after birth
and fasted postnatally showed that placental transfer of MeHg occurred.
Moreover, analysis of non-fasted pups showed only slight increases in MeHg
burdens, suggesting that transfer via milk is low; however, the effects of
‘growth dilution’ need to be considered. Total Hg distribution was similar
among pups and dams, being highest in liver (0.33 µg/g and 7.65 µg/g in pups
and dams, respectively) and lowest in brain (0.063 µg/g and 0.135 µg/g).
Among 20 mother–pup pairs from the Gulf of St. Lawrence, Canada, the
distribution of Hg mirrored that observed in other studies, with tissues in
order of highest to lowest concentration being liver, kidney and muscle
(Wagemann et al., 1988). Although mean hepatic Hg was 30 times lower in
pups than dams, a far greater percentage of the Hg was in the methylated
form (70 per cent in pups versus 14 per cent in dams). Total Hg burdens in
pups were greater than would have been expected based upon Hg concen-
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trations in milk and estimated intake, leading Wagemann et al. (1988) to
concur with Jones et al.’s (1976) assertion that the majority of Hg in pup
tissues was acquired transplacentally as MeHg rather than through milk,
and to conclude that pups may not have been able to demethylate this form
of Hg effectively. This supposition was supported by Se concentrations,
which showed a significantly different tissue distribution between mothers
and pups (Wagemann et al., 1988).

Ronald et al. (1977) examined the effects of methylmercuric chloride
administered orally at low (0.25 mg/kg/day) and high (25 mg/kg/day) dosages
to harp seals. The two seals in the high-dose group died on day 20 and 26 of
the experiment, after exhibiting signs of renal failure and acute uremia,
including vomiting and convulsions. The only clinical signs exhibited by the
two seals in the low-dose group during the experiment were decreased activity,
appetite and body weight in comparison to controls. No neurologic lesions
were found in any of the study animals, but lesions typical of inorganic Hg
were observed in the renal convoluted tubular epithelium. Cochlear surface
preparations from this same group of seals exhibited a dose-dependent
toxicity of MeHg to sensory hair cells (Ramprashad and Ronald, 1977), the
significance of which is difficult to interpret. In the two low-dose seals, given
0.25 mg/kg of MeHg for 61 days, significant demethylation occurred,
with over 70 per cent of total mercury in most tissues (including liver
and kidney) being inorganic, whereas muscle was much higher in MeHg
(Freeman et al., 1975).

Lesions assumed to be associated with Hg have been reported in liver and
kidneys of bottlenose dolphins (Tursiops truncatus) from the Atlantic (Rawson
et al., 1993;) at concentrations generally above 50 µg/g. Among the changes
noted was increased hepatic lipofuscin deposition (Rawson et al., 1993).
However, Woshner et al. (2002) found no such correlation between lipofuscin
deposition and liver Hg concentrations in cetaceans. Moreover, discrepancies
between tissue localization of Hg versus lipofuscin were observed using
histochemical methods (Woshner et al., 2002). In vitro exposure of beluga
whale skin fibroblasts to Hg induced micronuclei formation (DNA damage)
(Gauthier et al., 1998). Reports of disease occurrence that implicate con-
taminants (organochlorines, metals, etc.) in the St. Lawrence Estuary beluga
whale include Béland et al. (1991), De Guise et al. (1994a, b) and Lair et al.
(1997). However, Leonzio et al. (1992) and Itano et al. (1984a, b, c) did not
detect any significant lesions at similar levels in dolphins. Most studies of
Arctic species have not included a rigorous assessment of lesions.

Hansen and Danscher (1995) described Hg concentrations and histology/
histochemistry in sledgedogs that were on a marine animal diet (Thule,
Greenland) and showed that, in most organs, Hg concentrations increased
with age of the dog. Mesenteric lymph nodes had the highest concentrations
of Hg (24.8 µg/g in 10–15-year-old dogs) followed by liver (14.2 µg/g). This
led to the suggestion that the lymphatic system may circulate Hg to target
organs (Hansen and Danscher, 1995). This assertion complements the findings
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of Suda and Takahashi (1990), that the reticuloendothelial system is the
main site for MeHg biotransformation. Hansen and Danscher (1995) also
showed a decreased proportion of MeHg in comparison to inorganic Hg
with increasing age, except in cardiac and skeletal muscle, where all Hg
was methylated. Histochemical techniques (autometallography and electron
microscopy) revealed that Hg was primarily in lysosomes and occasionally
in secretory vesicles in most organs, as well as in macrophages in the lymph
nodes and livers of these dogs. The autometallographic technique detects
inorganic Hg present in sulfide or selenide crystal lattices, which was evident
in all tissues except skeletal muscle and brains of pups, where all Hg was
in the methylated form. Autometallography was used to localize inorganic
Hg in liver and kidney of Alaska beluga whales (Woshner et al., 2002).
Inorganic Hg was evident in cytoplasm of the entire uriniferous tubular
epithelium. In liver, inorganic Hg was concentrated in stellate macrophages
and hepatocytes in the bile cannalicular domain of the cytoplasm. In the
liver, inorganic Hg was concentrated primarily in periportal regions, fol-
lowed by pericentral and, finally, by midzonal areas of the hepatic lobule
(Woshner et al., 2002).

Although it is an important nutrient, Se is capable of inducing toxicoses
in a variety of species at excessive concentrations. Human consumption of
Se at 5 mg/day has resulted in chronic toxicoses (WHO, 1987) and diets
containing 5–10 µg/g can be toxic. Selenium has been established to increase
with age or length for some cetaceans, including beluga whales (Becker
et al., 1995a; Woshner et al., 2001a), seals (Becker et al., 1995b, 1997; Smith
and Armstrong, 1978; Woshner et al., 2001b) and polar bears (Norstrom
et al., 1986; Braune et al., 1991; Woshner et al., 2001b). High concentrations
of Se in marine mammals may result from its accumulation in conjunction
with Hg during detoxification of the latter element, or from high dietary
concentrations (i.e. fish).

Silver

Silver (Ag) has not been measured often in marine mammals and is not a
metal of major concern for toxicity. Silver is currently not considered an
essential element for mammals. However, Ag has been shown to play a role
in mimicking Se deficiency in vitamin E-limited animals, which was accom-
plished by Se and Ag binding to form insoluble complexes (Hammond and
Beliles, 1980). Little is known regarding the metabolic pathways of Ag in
mammalian systems and, of the limited studies of Arctic marine mammals
thus far, only the beluga whale appears to amass appreciable concentrations
of Ag (Mackey et al., 1996). Silver in the livers of beluga whales ranged
from 6–40 µg/g, with an extreme value of 107 µg/g (Mackey et al., 1996).
There are conflicting data pertaining to Ag, with one study (Becker et al.,
1995a) implying that it accumulates with age in the livers of belugas, whereas
another study (Woshner et al., 2001a) found that it does not.
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Lead

Lead is not essential for any known biological process. Deposition of Pb
in the Arctic from increased anthropogenic activity has been documented
(Ng and Patterson, 1981) but current concentrations in tissues of Arctic
marine mammals do not appear to be of concern.

Vanadium

Vanadium (V) has been reported to accumulate to relatively high concen-
trations in some marine mammals in comparison to terrestrial mammals
(maximum of 1.2 µg/g in bowhead liver), and it appears to be higher
in Alaskan marine mammals compared to those from the eastern USA.
Vanadium was found to accumulate in the livers of Alaskan beluga whales,
ringed seals, bowhead whales and bearded seals (Mackey et al., 1996). Mackey
et al. (1996) concluded that the relatively high concentrations of V in these
marine mammals might reflect a unique dietary source, geochemical source
or anthropogenic input to the marine system in Alaska. Hepatic V was
shown to increase (range 0.1–1.0 µg/g) with size or age in these four species
of Arctic marine mammals, and appears to be higher than in other marine
mammals outside of the Arctic (Mackey et al., 1996). Hepatic age-related
accumulation of V has been documented in three species of pinnipeds
from the Swedish coast (Frank et al., 1992) and four species of pinnipeds
from the northern Pacific (Saeki et al., 1999). Saeki et al. (1999) reported
that approximately 90 per cent of the body burden of V in pinnipeds
was distributed in liver, hair and bone. However, most studies do not
address V.

Vanadium is a rather abundant element, with sources including crude
oil, geochemical disturbance, terrestrial run-off, atmospheric transport
(minimal input) and local or regional petroleum seepage, most of which
are recognized in Alaska (Mackey et al., 1996). Accumulation has been
documented in organisms at lower trophic levels (Robertson and Abel,
1979), and has been shown to be 106 times for some ascidians (orders
Aplousobranchia and Phlebobranchia) (Michibata and Sakuri, 1990).
Ingestion of these invertebrates may lead to higher exposure in Arctic
marine mammals (Mackey et al., 1996). Ascidians and other benthic inver-
tebrates are eaten by walrus (Fay et al., 1977), and walrus had the highest V
concentrations of Arctic marine mammals (Warburton and Seagers, 1993).
Piscivorous marine mammals, such as the beluga whale, may be exposed the
least; beluga whales had the lowest concentration among ringed seals, bearded
seals, bowhead and beluga whales, as determined by Mackey et al. (1996).
Vanadium toxicity does not appear to be an issue for marine mammals or
subsistence consumers of them (Mackey et al., 1996), but further research is
required to determine pathways of exposure and the role of vanadium in
health.
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Zinc

Zinc is an essential element with no apparent accumulation in any particular
soft tissue. Zinc toxicoses or deficiency would be considered very unlikely
in marine mammals. However, we emphasize that Zn is likely to interact
with many elements and requires further study. A Zn–Cu relationship was
evident in polar bear liver (Norstrom et al., 1986), and in various tissues of
cetaceans (Koeman et al., 1973; Honda et al., 1983; Wagemann et al., 1983,
1988; Julshamn et al., 1987; Muir et al., 1992; Woshner et al., 2001a), includ-
ing bowhead whale blubber (Bratton et al., 1997; Woshner et al., 2001a). A
Zn–Cd correlation was evident in cetacean liver and kidney (Honda et al.,
1983) and in kidney of beluga whale, bowhead whale, ringed seal, polar bear
and narwhal (Wagemann et al., 1983; Hansen et al., 1990; Woshner et al.,
2001a, b); whereas Zn, Cd and Hg were correlated in livers of northern
minke whales (Balaenoptera acutorostrata) (Honda et al., 1990). A Zn–Hg
correlation was noted in bowhead whale muscle (Bratton et al., 1997) and in
liver of the Antarctic minke whale (Balaenoptera bonaerensis) (Honda et al.,
1987).

Butyltin

The butyltin compounds are of increasing interest, based on recent findings
that these compounds accumulate in marine mammals (Yang et al., 1998).
Butyltins do not appear to accumulate with respect to lipid content, but
more so with protein binding capabilities, as determined in Steller’s sea lions
(Eumetopias jubatus) (Kim et al., 1996). This class of contaminants will cer-
tainly receive more attention in Arctic species and should also be considered
for toxicologic assessment.

Interpreting metal concentrations in tissues

Metals (or any other contaminant or stressor) might affect Arctic marine
mammals in many ways. Directly, one might see metal-induced lesions or
pathology. Indirect effects could include immunosuppression, decreased
and adversely affected metabolic or physiologic function, altered organ
function, neurologic (behavioral) effects, decreased prey/forage, or decreased
foraging and reproductive success. From an ecological perspective, metal
contamination might change community structure and alter health or avail-
ability of suitable prey. These are rarely considered in contaminants research,
in which metals typically are evaluated in harvested or animals found dead,
with little basic biological data (e.g. age, gender, stock, body condition)
or pathologic effects assessments included. Varying concentrations among
and within tissues should also be addressed; for instance, the renal cortex
has higher concentrations of Cd than the medulla. Sampling procedures
and handling can be critical, especially considering some of the logistical
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constraints associated with collecting specimens from Arctic marine mam-
mals. Strict protocols, as discussed in Becker et al. (1991) and Bratton et al.
(1997), must be carefully followed. If there is suspicion of iatrogenic con-
tamination, the analyses and interpretation of data will always be suspect.
Sources of metal contamination include: blood, feces, state of decomposition,
blood congestion (especially hepatic), stomach contents, knives, glass or
plastic containers, table tops, fumes (exhaust), soil/sand, method of killing
(lead bullet, gun powder, shrapnel) and others. This quality control is essen-
tial and also extends to the laboratory (Bratton et al., 1997).

Human use and exposure

Wheatley (1996) clearly points out that researchers must consider the social
and cultural importance of marine mammal consumption and not just the
direct clinical effects of chemical contamination. Aboriginal peoples are
influenced by a holistic concept of health and environment. Perceptions of
change and the disruption (i.e. contamination) of this environmental con-
cept have a considerable impact on social, cultural, spiritual and economic
well being. Scientists and policy-makers who establish formal guidelines
must be aware of their impacts on the lifestyle, and therefore on the health,
of aboriginal peoples (Wheatley, 1996). Certain cultures (e.g. Inuit, Nor-
wegians, Greenlanders, Russians) still depend heavily on Arctic marine
mammals for nutritional, cultural and spiritual reasons. This cultural reliance
on marine mammals must be balanced with concern for marine mammal
populations and the effects of contaminants on them. Consequently, we
advocate the holistic health approach that Wheatley (1996) applies to
aboriginal peoples when considering Arctic marine mammals and indigenous
peoples.

Access of animals for study

There continue to be numerous obstacles to collection and transport of
marine mammal tissues to proper facilities for evaluation (IWC, 1995). This
is sometimes compounded by difficulty in involving appropriately trained
experts. Obstacles occur at many levels, including international (treaties),
national (federal authorities and regulations), local (animal rights activists)
and sometimes individuals (scientists). It is a difficult topic to address,
but some recent events have shown clearly that scientific investigation and
diagnostic efforts can be hindered severely by lack of cooperation and political
or bureaucratic obstacles. Scientists need to recognize that, in the majority
of cases, they are funded by the public and are working for the welfare of
the natural resource. In most cases, they are not ‘independent’ and do not
‘own’ the data, nor have sole jurisdiction over a species or population. There
are many professional and user conflicts that affect the management, study
and care of marine mammals, and these conflicts hamper our attempts to
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understand the role of heavy metals and radionuclides in Arctic marine
mammal health. We encourage open discussion and a multidisciplinary
approach to unraveling the ‘Gordian knot’ of contaminant–marine mammal
interactions. All groups that value marine mammals – scientists, conserva-
tionists, subsistence users, wildlife professionals and countless others – need
to cooperate in their management. It is the only chance for these marine
mammals.

Inorganics in Arctic cetaceans

Bowhead whales

Bowhead whales are baleen whales (suborder Mysticeti) that feed in Arctic
waters throughout the year. The bowhead whale is a large cetacean of con-
siderable cultural and nutritional importance to the indigenous cultures of
arctic Alaska, Russia and Canada, as well as a highly endangered species in
some regions of the world (i.e. Sea of Okhotsk, Davis Strait). Among the
marine mammals addressed in this chapter, bowhead whales exhibit some of
the lowest concentrations of metals (i.e. Hg) and radionuclides. This is because
they occupy the lowest trophic level, feeding almost exclusively on copepods,
euphausiids and amphipods (Lowry, 1993). Much of the data concerning
contaminants in bowhead whales has been acquired from animals taken in
the subsistence hunt in northern Alaska by the Inuit. Five reports have
addressed heavy metals in bowhead whales: Bratton et al. (1993, 1997),
Byrne et al. (1985), Krone et al. (1998) and Woshner et al. (2001a). Bratton
et al. (1997) and Woshner et al. (2001a) have presented the most compre-
hensive work related to metal concentrations in the bowhead whale.

Copepods and euphausiids have low Hg concentrations (Honda et al.,
1983) that may account for the low Hg concentrations found in bowhead
whale tissues (mean in liver = 0.059 µg/g and kidney = 0.052 µg/g) as com-
pared to other Arctic marine mammals (Bratton et al., 1997). Consequently,
Hg is not considered a significant risk for this species, or for consumers
of bowhead whale tissues. Muscle was the only tissue in which Hg concen-
trations correlated with body length (used as a surrogate indicator of age;
Woshner et al., 2001a). Among samples collected from 1983 to 1990 (Bratton
et al., 1997) and 1995–7 (Woshner et al., 2001a) there was considerable
variation in concentrations of elements among individuals and tissues. Fur-
thermore, in general: As was highest in blubber, followed by liver ≈ kidney
≈ muscle; Cd was highest in kidney > liver > muscle > blubber > epidermis
(in which concentrations were below the detection limit); Cu was highest in
liver > kidney ≈ muscle ≈ blubber ≈ epidermis; Pb concentrations in liver ≈
kidney ≈ muscle > blubber; Hg in liver ≈ kidney > blubber ≈ muscle ≈
epidermis; Se in liver ≈ kidney > epidermis > muscle ≈ blubber; and Zn in
liver ≈ muscle > kidney > blubber ≈ epidermis (Woshner et al., 2001a). Iron
was highest in liver > muscle > kidney > blubber (Bratton et al., 1997). Total
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body length (age-related) was positively correlated with: Cd concentrations
in liver, kidney and muscle; Se in liver and epidermis; Zn in blubber and Hg
in muscle. Body length was negatively correlated with Cu and Ag in liver.
Hepatic Se showed a strong positive correlation with Hg, Cd and Zn. Mercury
was correlated with Cd in liver and kidney, probably due to mutual accre-
tion with age (Woshner et al., 2001a). Arsenic, Pb and Hg were low in
bowhead whales in comparison to other cetaceans (Bratton et al., 1997;
Woshner et al., 2001a). Concentrations of Mo, Co, Mg and Mn in tissues
were within normal ranges for domesticated species (Woshner, 2000).

Of the metals analyzed, only Cd in renal tissue was noted to be elevated
(occasionally 50 µg/g or higher) in bowhead whales. However, Cd concen-
trations appear to be elevated in a variety of Arctic marine mammals. For
bowhead whales, the average concentration of Cd was 20.0 and 9.6 µg/g in
kidney and in liver (Woshner et al., 2001a), respectively, which is similar to
most baleen whales and narwhal (Wagemann et al., 1983; Hansen et al., 1990).
Toxicologically, these concentrations would be considered at the high end of
a normal range in some domestic livestock. Although the Cd concentrations
in kidneys noted here are not unusual for some marine mammals, the thresh-
old for Cd-induced chronic renal toxicosis is not known for these species.
According to Eisler (1985), Cd concentrations of 10 µg/g indicate contamina-
tion, and concentrations above 15 µg/g represent a potential hazard; others
have claimed the hazard range is 100–400 µg/g (described in Dietz et al., 1998).
Among terrestrial mammals, including humans, a renal cortical concentra-
tion of 200 µg/g has been acceded as the critical threshold for chronic Cd
toxicosis, seen clinically as a low molecular weight proteinuria (WHO, 1992).

It is important to recognize that the studies of bowhead whales cited
herein, as well as most other studies in marine mammals, have documented
Cd concentrations in entire renicules, including medulla. Cd concentrates in
proximal tubular cells of the cortex. Because the cortex averages 22 per cent
of the thickness of the entire bowhead whale renicule (Haldiman and Tarpley,
1993), it might be assumed that cortical Cd concentrations are proportion-
ately greater. Dietz et al. (1998) conjectured that analysis of intact marine
mammal renicules would underestimate cortical Cd concentrations by about
25 per cent. Nevertheless, the concentrations reported here are very similar
to those in other marine mammals in which no adverse health effects were
shown (although in most studies of Cd in marine mammals the investigation
of effects is typically not extensive).

Fujise et al. (1988) indicated that the kidney of the Dall’s porpoise
(Phocoenoides dalli) might develop lesions at 20 µg/g. Histologic examina-
tion of renal tissue from five bowhead whales revealed a generalized, non-
inflammatory, periglomerular and interstitial fibrosis that was mild in three
immature animals, but moderate in two adults (Woshner, 2000). Although
Cd was at elevated concentrations (range 12.2–44.1 µg/g), the lesion observed
was not typical of a Cd-induced nephropathy. Moreover, lesion severity did
not track Cd concentrations but was believed to be a normal aging change
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for this species. Continuing research addressing bowhead whale histopatho-
logy should help to clarify the significance of kidney changes in relation to
renal Cd concentrations in this species. Due to the complicated interactions
of Cd with other elements (Zn, Cu, Fe, Se, etc.) and the possibility of increased
exposure due to human activities, we should enhance our understanding
of the subcellular Cd distribution and of the systems (metallothionein) that
protect the cell and, ultimately, the organ. For example, Se correlated posi-
tively with Cd (Bratton et al., 1997; Woshner et al., 2001a) in bowhead
whale liver. In some laboratory experiments Se has been shown to decrease
Cd toxicity (Ridlington and Whanger, 1981; Caurant et al., 1994). Extrapola-
tion from the laboratory animal model to cetaceans may not be appropriate,
because the observed Cd : Se correlation may be spurious if both elements
simply accumulate with age.

Cadmium concentrations in bowhead whale kidney are of potential con-
cern for subsistence users. Kidneys of 57 per cent of the whales analyzed
were above the weekly allowable intake established by the World Health
Organization (WHO), based on consumption of small portions (Bratton
et al., 1997). However, we must be very cautious in applying this safety level
to kidneys of bowhead whales because it includes assumptions regarding
weekly intake, life-long exposure, Cd from other sources (i.e. not mam-
malian renal tissue), safety factors and other considerations. The nutritional
(Cu, Zn, Se and Fe) and cultural importance of this subsistence resource
must be weighed against the ‘apparent’ or ‘potential’ risks of Cd exposure.

Bratton et al. (1997) measured eight metals (As, Cd, Cu, Fe, Hg, Pb, Se
and Zn) in the tissues (liver, kidney, blubber, muscle and visceral fat) of 41
bowhead whales. Additional data were added from 20 bowhead whales in
which As, Cd, Co, Cu, Pb, Mg, Mn, Hg, Mo, Se, Ag and Zn were analyzed
in liver, kidney, muscle, blubber and epidermis (Woshner et al., 2001a).
There were no significant differences between gender and year of sampling
for the metals studied. The concentrations of Zn in bowhead whale were
similar to those reported for other cetaceans (Bratton et al., 1997). Concen-
trations of Se in bowhead whales were low (Bratton et al., 1997) compared
to other Arctic marine mammals. For example, mean Se was 1.6 µg/g in
both bowhead liver (n = 54) and kidney (n = 46), but roughly two and four
times higher in livers and kidneys of ringed seals, respectively (Woshner
et al., 2001b), and 20 and four times higher in belugas of Alaska (Woshner
et al., 2001a). Woshner (2000) observed acute myodegeneration (in cardiac
and/or skeletal muscle) in 3 of 6 whales, which was consistent with an etiology
of exertional myopathy that may have occurred when the animals were
obtained (subsistence hunt). Whales with this lesion had muscle Se con-
centrations below the mean for the study, and one of these whales had
the lowest muscle Se concentration (0.08 µg/g) observed among 42 whales
sampled. Although no signs of chronic Se deficiency were observed, Woshner
(2000) suggested that exertion and associated oxidative stress imposed by
the hunt, diving, migration, fasting, etc. might have overwhelmed the
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protection afforded by Se concentrations, and culminated in the observed
myodegeneration.

Arsenic concentrations were relatively low in the bowhead whale and
present mostly in the organic form (98 per cent) as arsenobentaine (Bratton
et al., 1997), and highest in the blubber (range 0.005–1.92 µg/g) (Woshner
et al., 2001a). Studies of other cetaceans have also found highest As concen-
trations in blubber (Wagemann et al., 1983; Bloch et al., 1985; Julshamn
et al., 1987). In bowhead whale epidermis, a preferred food item of the
Inuit, As concentrations are quite low (mean = 0.08 µg/g). Arsenic is of little
concern as a contaminant for the bowhead whale or to human consumers of
bowhead whale tissue.

Very few reports in cetaceans have included Cu. Copper concentrations
in the bowhead are below what would be considered the normal range for
terrestrial domesticated species (Puls, 1994), but are consistent with reports
in cetaceans (Kannan et al., 1993; Wagemann et al., 1996). Copper was
negatively correlated with: body length (age) in liver, Se and Zn in kidney,
and Zn in muscle, while exhibiting a strong positive correlation with Ag in
liver and Se in muscle (Woshner et al., 2001a).

Analysis for radionuclides in tissues (liver, kidney, muscle, blubber and
epidermis) of 14 Alaskan bowhead whales revealed lower burdens of the
γ-emitter 137Cs (mean activity < 0.3 Bq/kg) than those observed for marine
mammals in the North Atlantic (Cooper et al., 2000). The α- and β-emitters,
90Sr and 239,240Pu, were at or below levels of detection; thus radionuclides do
not currently merit concern with respect to bowhead whales or subsistence
consumers of them (Cooper et al., 2000).

The authors of this chapter, among other researchers, are continuing
studies on bowhead whale metal toxicology, including analysis of metals in
tissues, histologic assessment (light microscopy, special staining and elec-
tron microscopy), characterization of metallothionein RNA and kidney and
liver cell culture (Goodwin et al., 1999). Research on metals in the bowhead
whale is evolving and requires a multidisciplinary approach to answer some
basic questions with respect to effects of metals on ecological, animal and
human health.

Beluga whales

Beluga whales in eastern and western Arctic Canada spend summers in nine
common areas: James Bay, South Hudson Bay, West Hudson Bay, East
Hudson Bay, Northern Hudson Bay, Ungava Bay, Southeast Baffin, Baffin
Bay and the Beaufort Sea (Wagemann et al., 1996). Mitochondrial and
nuclear DNA studies have confirmed some of these stock identifications
(Brown et al., 1994, cited in Wagemann et al., 1996). The St. Lawrence
estuary beluga whale population is isolated and not considered a part of the
Arctic beluga whales. In Alaska, there are five concentrations of beluga
whales in summer: Cook Inlet, Bristol Bay, Norton Sound, the eastern
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Chukchi Sea and the eastern Beaufort Sea. These concentrations represent
geographically separate stocks, based on differentiation in mitochondrial
DNA and, to a lesser degree, on differences in body size, contaminant
profiles and population trends (O’Corry-Crowe et al., 1997). Beluga whale
feeding can be quite varied and likely is affected by the availability of, or
preference for, various prey in the above summering areas (Becker et al.,
1995a). Known prey include numerous species of fish, cephalopods, shrimp,
euphausiids and many other invertebrates (Seaman et al., 1986).

Beluga whales in Alaska have much higher concentrations of hepatic
Hg (Zeisler et al., 1993; Mackey et al., 1996; Woshner et al., 2001a), than
bowhead whales harvested from the same geographical locations (Bratton
et al., 1997; Woshner et al., 2001a). The source of Hg is likely fish, but may
include some invertebrates that the bowhead whale may not commonly
consume. However, very little is known about the feeding ecology of the
beluga whale, and possible sources of contaminants require careful interpreta-
tion. Livers of belugas contain Hg concentrations of concern to consumers,
but our experience in Alaska indicates that liver is not commonly consumed
by people, and that the majority of Hg is in the inorganic form. Neverthe-
less, consumption patterns need to be further investigated, because local
food preferences exist for certain tissue types.

Methylmercury reported for livers of Alaska beluga whales ranges from 3
to 29 per cent of total (inorganic and organic) mercury (Becker et al., 1995a),
and organic mercury ranges from 18 to 39 per cent of total mercury in
beluga whales from Greenland (Dietz et al., 1990), with the proportion of
MeHg apparently decreasing as total mercury increases (Becker et al., 1995a).
Organic forms other than MeHg occur in liver and may constitute more
than 50 per cent of the organic fraction (Wagemann et al., 1997). Becker
et al. (1995a) stated that the relatively high concentrations of Se and total
Hg in livers of beluga whales from Point Lay (north-western Alaska) as
compared to whales from the Canadian Arctic (Wagemann et al., 1990)
could not be explained by age differences alone. A spatial relationship was
noted for Hg concentrations in beluga and ringed seals, with concentrations
of Hg in livers higher in the western versus the eastern Canadian Arctic
(Wagemann et al., 1996). This difference was attributed to differences in the
geological formations of the two regions. A similarly different (i.e. higher)
environmental Hg exposure may be encountered by beluga whales known to
migrate from southern Alaska to the Mackenzie River delta, and is consist-
ent with their designation as a separate stock (O’Corry-Crowe et al., 1997).
Hansen et al. (1990) and Wagemann et al. (1996) examined temporal trends
from the early 1980s to early 1990s and noted that Hg increased in livers
of beluga whales from both the eastern and western Canadian Arctic during
this period. Beluga whales from the St. Lawrence River had significantly
higher mean Hg concentrations as compared to whales from Arctic Canada
(Wagemann et al., 1996) or Alaska. Wagemann et al. (1996) noted a signific-
ant positive correlation for Hg and Se in livers of beluga whales.
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Wagemann et al. (1996) reported that total Hg concentrations in beluga
whale muscle ranged from 0.70 to 1.34 µg/g and increased with age, such
that animals above 4 years of age had mean concentrations greater than the
Canadian guidelines for human consumption, of 0.5 µg/g for Hg in fish
(Wagemann et al., 1996). In comparison, beluga whales from Greenland had
total mercury concentrations (mean 1.31 µg/g for animals > 14 years; Hansen
et al., 1990) similar to those seen in the eastern Canadian Arctic, and also
accumulated Hg in conjunction with Se (Hansen et al., 1990). Beluga whales
sampled during 1993–4 had mean total Hg concentrations of 0.78 µg/g
(western Arctic) and 0.59 µg/g (eastern Arctic) in muktuk (skin), with 50–
60 per cent having concentrations greater than 0.5 µg/g (Wagemann et al.,
1996). In addition, Hg concentrations were highest closer to the surface of
the skin, so that an estimated 20 per cent of the skin Hg burden is lost
during the annual molt (Wagemann et al., 1996). Woshner et al. (2001a)
noted an increase with age for total Hg (including both divalent Hg and
MeHg) in beluga liver, although the percentage of total Hg present as MeHg
declined. In beluga epidermis and muscle (where virtually all Hg is MeHg),
total Hg, divalent Hg and MeHg all accumulated with age. No significant
correlation was observed between Hg and Se in epidermis; whereas in muscle,
Se was positively correlated with divalent Hg, but not with any other form
of Hg. Methylmercury was negatively correlated with Cu in both epidermis
and muscle, and with Zn in epidermis (Woshner et al., 2001a).

Arsenic concentrations in liver, kidney and muscle (Zeisler et al., 1993)
were generally below 1 µg/g. Arsenic was positively correlated with Se in
beluga liver and epidermis (Woshner et al., 2001a), as has also been reported
in pilot whale kidney (Caurant et al., 1994) and liver (Julshamn et al., 1987).
Arsenic in beluga whales occurs mostly in the organic form, as arsenobetaine
(Goessler et al., 1998). Among Alaskan beluga whales, As was highest
in blubber (mean = 1.41) followed by epidermis (mean = 0.30), whereas
kidney, liver and muscle all had similarly low concentrations (Woshner
et al., 2001a). This type of tissue distribution of As is similar to that seen in
other cetaceans (including bowhead whales) and supports evidence indicat-
ing that As is in the organic (non-toxic) form (Vahter et al., 1983; Sabbioni
et al., 1991).

Most marine animals have Ag concentrations < 1 µg/g, whereas Alaskan
beluga whales had mean concentrations in liver of > 10 µg/g (Becker et al.,
1995a; Woshner et al., 2001a). Silver can be accumulated by shellfish and
other invertebrates (Rouleau et al., 2000), with reported concentrations of
0.65–2.22 µg/g in crab muscle and 3.4–85 µg/g dry weight (dw) in a gastropod
(Robertson and Abel, 1979), whereas fish show lower concentrations. Among
Arctic marine mammals, only the beluga whale appears to accumulate Ag
(Mackey et al., 1996). This includes a rarely detected form, silver-108, which
is a radionuclide solely of anthropogenic origin that was detected in bomb
fallout following atmospheric weapons tests (Cooper et al., 2000). Silver
concentrations were one to three orders of magnitude higher in livers of
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beluga whales as compared to pilot whales as well as to previous reports in
other marine mammals (Becker et al., 1995a). Although Hg, Se and Ag were
all positively correlated, Ag correlated more strongly with Se than did Hg in
these beluga whales (Becker et al., 1995a). In light of these relationships,
Becker et al. (1995a) suggested a possible role for Se in Ag accumulation
and the potential for Ag to interfere with free-radical-scavenging enzyme
systems, as well as with the normal detoxification of Hg in belugas. It was
indicated that Hg, Se and Ag may increase in parallel with age, but differ-
ences in accumulation of these elements based upon sex, stock (geographical
and/or genetic separation), feeding behavior or other factors were not ruled
out (Becker et al., 1995a). More recent research in Alaskan belugas found
no accumulation of Ag in liver, but on the contrary, a slight decrease (not
statistically significant) of Ag in liver with age, although Ag did amass in the
kidney (Woshner et al., 2001a). Moreover, a correlation between Ag and Se
was not evident in livers. In kidney of beluga, Ag was positively correlated
with Se, Cd and Hg. A positive correlation between hepatic Ag and Cu was
observed in beluga (and bowhead) whales, which Woshner et al. (2001a)
speculated might connote binding by a common ligand.

Mean Cd concentration in liver and kidney was higher in eastern (mean
kidney and liver = 22.4 and 6.51 µg/g, respectively) as compared to western
(mean kidney and liver = 9.68 and 2.27 µg/g, respectively) Canadian Arctic
beluga whales, whereas concentrations in muktuk and muscle were low and
did not differ between regions (Wagemann et al., 1996). Although positive
linear correlations for hepatic Cd and length or age are known for beluga
whales (Mackey et al., 1996), this geographic difference was attributed to
differences in geological formations. In addition, Zn was higher in muktuk
and kidney, whereas Cu was higher in muscle, liver and kidney of eastern as
compared to western Canadian Arctic belugas. There was no temporal trend
associated with Cd in the tissues of belugas, ringed seals and narwhal over
a 10–12-year period in the Canadian Arctic (Wagemann et al., 1996). Lead
concentrations in tissues for both eastern and western Canadian Arctic beluga
whales were low as compared to the St. Lawrence River population, which
probably is reflective of anthropogenic inputs in the latter population
(Wagemann et al., 1990, 1996).

Mean Se concentrations in liver of belugas were higher in the western
Canadian Arctic, which was expected because Hg was also higher (Wagemann
et al., 1996). The Se concentrations in muktuk and muscle were similar for
eastern and western Canadian Arctic belugas. In Alaskan beluga whales,
Se concentrations were similar to those in western Canadian Arctic belugas
and were approximately 16–20 times that in bowhead whale liver, and
approximately four times higher than in bowhead kidney (Tarpley et al., 1995;
Woshner et al., 2001a). In beluga and narwhal whales, Zn concentrations
were highest in the epidermis (muktuk), where concentrations were 2–3 times
greater than in other tissues (Wagemann et al., 1996). In eastern as compared
to western Canadian belugas, Zn concentrations were higher in kidney and
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muktuk, whereas Cu was higher in muscle, liver and kidney (Wagemann
et al., 1996).

Butyltin compounds (mono-, di and tri-butyltin) were measured in liver
and blubber of beluga whales from the St. Lawrence River population (Yang
et al., 1998). Butyltin concentrations were highest in liver. Concentrations in
blubber were affected by lipid content. The authors concluded that butyltins
are accumulating in these belugas, which is cause for concern due to the con-
tinued use of butyltins as ship antifouling agents and the known potential
for their bioaccumulation and toxicity.

Woshner (2000) examined subsistence-harvested Alaskan beluga whales,
both grossly and histologically, and found no lesions supportive of a diagnosis
of chronic metal toxicosis. Similarly, Siebert et al. (1999) noted no specific
lesions attributable to Hg toxicosis among harbor porpoises (Phocoena
phocoena) and whitebeaked dolphins (Lagenorhynchus albirostris) obtained
as bycatch or stranded in the North and Baltic Seas. However, Siebert et al.
(1999) associated Hg burdens (Hg concentrations in liver ranged from 0.2 to
130 µg/g) with increased prevalence of parasitism and severity of pulmonary
disease (pneumonia), presumably through immunosuppressive mechanisms.
Among the 25 beluga whale lungs examined by Woshner (2000), all dis-
played inflammatory changes, which ranged from mild to severe and focal
to multifocal. However, there was no apparent link between Hg concentra-
tions in tissues (total Hg in liver ranged from 0.33 to 83.5 µg/g) and pulmon-
ary lesions, with a few belugas with the highest concentrations of total Hg in
livers among those with the mildest lung disease (Woshner, 2000).

Autometallography (AMG) was used to localize inorganic Hg in kidney
and liver of beluga whales, and to compare deposition patterns to bowhead
whales (Woshner et al., 2002). AMG granules reflecting Hg deposition were
observed in the cytoplasm of epithelial cells throughout the entire length of
the uriniferous tubule (kidney) of belugas. In beluga livers, AMG granules
were concentrated in stellate macrophages and in the bile cannalicular domain
of hepatocytes. In belugas with lower hepatic Hg concentrations, AMG
granules aggregated in periportal regions, whereas AMG granule deposition
extended to pericentral and midzonal regions of liver lobules among whales
with higher hepatic Hg burdens. Mean areas (measured surface areas, µm2)
occupied by AMG granules correlated well with hepatic Hg concentra-
tions. Locations of Hg-induced AMG granules were compared with those
of lipofuscin (as an index of oxidative damage) in beluga liver. The AMG
granules and lipofuscin were occasionally co-localized, but more often were
not, implying that Hg was not a component of the lipofuscin deposition
in belugas (Woshner et al., 2002). These findings contrasted with those
of Rawson et al. (1993), who implicated liver Hg accumulation in the
pathogenesis of lipofuscin deposition and hepatic disease in stranded
bottlenose dolphins in Florida.

In experiments using stimulated (mitogenic response) splenocytes and
thymocytes of beluga whales that were exposed to various concentrations
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(10−4–10−7 M) of the chloride salts of Pb, Hg and Cd in vitro, the highest
experimental concentrations of Hg and Cd decreased the proliferative
response (De Guise et al., 1996). The authors claimed that concentrations
employed were relevant, based on known concentrations in liver of wild
belugas. However, we caution that this interpretation may be unwarranted
because the liver is known to accumulate these elements and detoxify them,
probably by complexation with Se over a long period (years). These in vitro
assays were conducted over a 66-hour period (De Guise et al., 1996).
Although we do not discourage the use of cetacean in vitro models, careful
interpretation and extrapolation to in vivo is imperative.

Narwhal

Two narwhal stocks have been identified, based on areas utilized in summer
in eastern Canada: the Baffin Bay and the North Hudson Bay stocks
(Wagemann et al., 1996). Narwhal are not commonly found in the western
Canadian Arctic. The summer diet of narwhal off northern Baffin Island,
Canada, was predominantly polar cod (Arctogadus glacialis) and Greenland
halibut (Reinhardtius hippoglossoides), which made up 51 and 37 per cent,
respectively, of dietary intake by weight. Squid (Gonatus fabricii) beaks
were observed, but squid mass could not be quantified. In stomachs of male
narwhal, deep-ocean fish [halibut, redfish (Sebastes marinus) and arctic cod
(Boroegadus saida)] were found and may be evidence of diving to greater
depths than is usual in females (Finley and Gibb, 1982).

Wagemann et al. (1996) reported the following mean total Hg concen-
trations in tissues of narwhal sampled in 1992–4: muktuk 0.59 µg/g, muscle
1.03 µg/g, liver 10.8 µg/g and kidney 1.93 µg/g. As seen in belugas, Hg was
not evenly distributed in the skin (muktuk) and it was predicted that 14 per
cent of the total skin Hg burden would be lost during the annual molt
(Wagemann et al., 1996). Wagemann et al. (1996) noted a significant positive
correlation for Hg with Se concentrations in liver of narwhal. Most of the
total Hg in kidney and liver was in the pelleted fraction of cell lysates,
indicating that only a small fraction was associated with the cytosol. This is
in contrast to Cu, Zn and Cd, which were mostly in the cytosolic fraction
(Wagemann et al., 1983). In general, Cd was associated with low molecular
weight proteins, whereas Hg was apparently bound to high molecular weight
proteins (Wagemann and Hobden, 1986).

Cadmium concentrations in narwhal kidney were among the highest known
in Canadian Arctic marine mammals, with means of 38–81 µg/g in different
groups, and an overall mean of 54.1 µg/g (Wagemann et al., 1996). Wagemann
et al. (1983) described a bimodal distribution of Cd with age in the narwhal,
such that Cd was lower in the youngest and oldest animals compared to
mature animals of middle age. Cadmium has also been shown to increase with
age in polar bears (Norstrom et al., 1986), seals (Ronald et al., 1984) and
many other cetaceans (as reviewed by Bratton et al., 1997). Although the
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concentrations noted may be of concern, the kidneys were not examined
histologically and nearly all the cytoplasmic Cd was associated with
metallothionein (Wagemann and Hobden, 1986; Wagemann et al., 1996).
Cadmium concentrations in narwhal liver and muscle were 29.7 and
0.21 µg/g, respectively (Wagemann et al., 1996).

Concentrations of Pb in tissues of Arctic Canadian narwhal are low
(Wagemann et al., 1996). The mean concentration of Se in narwhal muktuk
was more than 10 times higher than in muscle, whereas that of Zn was
2.6 times higher. Hepatic Zn was higher and Cu was lower in narwhal as
compared to belugas (Wagemann et al., 1996). Wagemann et al. (1983, 1990)
indicated that Cu concentrations decreased in narwhal liver with increasing
body length. Arsenic was highest in the blubber of narwhal (Wagemann
et al., 1983), a finding that was mirrored in studies of pilot, beluga and bow-
head whales (Bloch et al., 1985; Julshamn et al., 1987; Woshner et al., 2001a).

Inorganics in Arctic pinnipeds

The Arctic pinnipeds represent a variety of species, niches and regions that
affect the interpretation of metal residue data. The ringed seal may be best
suited for circumpolar comparison because adequate data are available on this
species for some parts of the Arctic. Mercury has been shown to accumulate
with age in a variety of species of seals (Smith and Armstrong, 1975, 1978;
Ronald et al., 1984). Total Hg in kidneys ranged from 0.08 to 0.45 µg/g in
Arctic seals and was about five times higher in gray (Halichoerus grypus)
and harbor seals (Phoca vitulina) than in other species (Skaare et al., 1994).
Selenium concentrations in livers of Arctic seals ranged from 0.8 to 3.7 µg/g,
and were 1.0–23.3 µg/g for harbor and gray seals. For seals with concentra-
tions above 15 µg/g in liver, the Hg : Se molar ratio was close to unity
(Skaare et al., 1994; Dietz et al., 1998). Cadmium concentrations in livers
were also shown to increase with age in seals, whereas Cu did not differ over
length or between sexes (Ronald et al., 1984). A positive correlation for Cu
and Pb was reported in liver of harp seals (Ronald et al., 1984).

Ringed seal

With population estimates in the millions (Wagemann et al., 1996), ringed
seals are very common, and represent a significant food source to the polar
bear, as well as to indigenous people of the North. A circumpolar species
associated with land-fast ice, the ringed seal feeds on polar cod (Boreogadus
saida) and other fish during ice-cover months, and mostly on crustaceans
(Parathemisto sp., Thysanoessa sp. and Mysis sp.) during open-water periods
(Smith and Armstrong, 1978). This species has been identified as essential
for contaminant monitoring (AMAP, 1998).

Ringed seals have Hg concentrations intermediate to those in beluga
and bowhead whales. Total Hg concentrations in ringed seals from Norway
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were 30 per cent of that reported by Wagemann et al. (1989) for Arctic
Canadian animals and less than 1 per cent of those reported for Baltic Sea
seals. Mercury concentrations in muscle of ringed seals from Arctic Canada
were determined for both eastern (mean 0.39 µg/g) and western (mean
0.41 µg/g) groups (Wagemann et al., 1996). These concentrations of Hg in
ringed seal flesh are close to the Canadian human consumption guideline
level of 0.5 µg/g. Mean Hg concentrations in liver were much higher, at 32.9
and 8.34 µg/g for western and eastern Canadian Arctic groups, respectively.
Skaare et al. (1994) detected low Hg concentrations in Arctic ringed seal,
ranging from 0.2–0.7 µg/g, as compared to more coastal (Norwegian) species.
Ringed seals showed a similar geographic pattern for Hg accumulation as
that described for Arctic Canadian belugas (Wagemann et al., 1996). The rates
of accumulation for the seals were 2.54 and 0.750 µg/g/year for the western
and eastern regions, respectively (Wagemann et al., 1996). Narwhal and
ringed seals showed similar temporal increases, such that, in ringed seals, the
annual rate of hepatic Hg accretion 15–20 years ago was 0.866 µg/g/year,
whereas more recently it was shown to be 2.54 µg/g/year (Wagemann et al.,
1996). Riget and Dietz (2000) found no consistent temporal trends in Cd
or Hg concentrations among ringed seals sampled in Greenland from the
late 1970s to the mid-1990s. However, they noted that Cd concentrations
in ringed seal liver increased to a maximum among animals approximately
6–8 years of age and declined in older animals.

Most of the total Hg in liver was in the inorganic form and likely asso-
ciated with Se, with higher concentrations in the west probably reflecting
differing geology (Wagemann et al., 1996) or possibly food habits, because
shifts in prey (invertebrates versus fish) could alter exposure to Hg and Cd
(Dietz, personal communication). As would be expected, concentrations
of Se paralleled those of Hg in the liver and were higher in seals from the
western versus the eastern Canadian Arctic (Wagemann et al., 1996). The
mean Se concentration in livers of the western Arctic seals was comparable
to that in livers of seals from the Baltic Sea (median = 19 µg/g) (Frank et al.,
1992; Wagemann et al., 1996). In ringed seals, the reported Se concentrations
in kidney and in liver are roughly two and four times higher, respectively,
than in the same organs of bowhead whales. As in the beluga whale, the
source of Hg to ringed seals is probably fish, but could include some inver-
tebrates. Ringed seal liver (Hg content 8.34–27.5 µg/g), which is commonly
consumed by Canadian Native people in the Arctic, significantly exceeds
a Hg guideline for human food consumption (Wagemann et al., 1996).
However, the major proportion of this hepatic total Hg is in inorganic form
(probably complexed with Se), which is believed to render it non-bioavailable
to consumers (Martoja and Berry, 1980).

A regional trend similar to that observed for Canadian belugas also was
seen in ringed seals, where Zn in the kidney and Cu in the liver and kidney
were greater in animals taken from eastern areas as compared to those from
western areas (Wagemann et al., 1996). There appeared to be no difference
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in Cd concentrations in liver and kidney among ringed seals from the east-
ern and western Canadian Arctic, in contrast to the east–west gradient noted
for Cd in beluga whales (Wagemann et al., 1996). Positive linear correla-
tions for hepatic Cd and length or age have been documented in ringed seals
(Mackey et al., 1996). As with Hg, concentrations of Pb in ringed seals were
higher in western than eastern Canada (Wagemann et al., 1996). However,
Pb concentrations in harvested species must be interpreted with caution,
because bullets can be a major source of contamination. The higher concen-
trations of Pb in livers of Canadian seals were comparable to those in seals
sampled from the Baltic Sea (0.11–0.27 µg/g) (Frank et al., 1992; Wagemann
et al., 1996).

Oral dosing of a ringed seal with radioactive methylmercury proteinate
followed by whole-body counting resulted in maximum activity detected at
27 days: this was attributed to an initial phase of redistribution to fat near
the body surface (Tillander et al., 1972). This was succeeded by bimodal
excretion, in which the rapid phase accounted for 55 per cent of the dose
with a half-life of 20 days whereas the half-life of the slow component was
500 days.

Bearded seal

Mean concentrations (µg/g) of total Hg in livers were determined for 64
bearded seals from three locations across Canada: 143.0 (n = 6) at W. Victoria
Island, 26.2 (n = 56) at E. Hudson Bay and 44.3 mg/kg at Barrow Strait
(n = 2). These concentrations were positively correlated with Se (Smith
and Armstrong, 1978). Lower concentrations were reported in livers of
three Alaskan bearded seals by Mackey et al. (1996), ranging from 1.4
to 9.4 µg/g for Hg and 0.43–5.3 µg/g for Se. They also reported concentra-
tions of hepatic Cd from 0.99 to 2.0, and of Ag from 0.075 to 0.17 µg/g.
Among the variety of elements analyzed in these three bearded seals, Mackey
et al. (1996) also noted an apparent increase in hepatic V with age (0.15–
1.04 µg/g).

Dietz et al. (1990) evaluated Hg in three bearded seal females from Green-
land, two of which were juveniles. Hepatic total Hg ranged from 5.0 (7.2 per
cent of which was organic) to 27.3 (1.6 per cent of which was organic) µg/g.
In kidney and muscle total Hg ranged from 0.94 (12.8 per cent organic) to
2.74 (6.7 per cent organic) µg/g, and from 0.21 (78.5 per cent organic) to
0.23 (71.7 per cent organic) µg/g, respectively (Dietz et al., 1990).

Spotted seal

Numerous trace elements (including Cd, As, Ag, Se and Cs) were analyzed
in liver samples from a single spotted seal archived in the National Bio-
monitoring Specimen Bank. Concentrations were typical of those observed
in other phocids (Becker et al., 1997).
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Ribbon seal

Very little data were available from the published literature.

Harp seal

Harp seals are an Arctic pelagic seal occurring in Norwegian waters and the
White Sea. The mean concentrations of Hg in livers of harp seals caught in
Jarfjord (east Barents Sea stock) was 3 per cent of that for harp seals from
St. Lawrence Bay, and 7 per cent of that of a seal from NW Greenland
(Newfoundland stock) (Ronald et al., 1984). Skaare et al. (1994) detected
low concentrations of Hg in livers of harp seals as compared to more coastal
(Norwegian) seals, ranging from 0.04–1.0 µg/g. Among tissues of ten female
harp seals and their pups taken within 1 week postpartum in eastern Canada,
highest total Hg concentrations were found in the liver, but were ten times
lower in livers of pups (mean of 0.46 µg/g in pups versus 4.6 µg/g in mothers)
(Freeman and Horne, 1973). The discrepancy was much narrower in
muscle, where the mean total Hg concentration was 0.46 and 0.22 µg/g
for mothers and pups, respectively (Freeman and Horne, 1973). Three harp
seals from Greenland had total Hg concentrations in livers ranging from
0.31 µg/g (40.1 per cent of which was organic) to 1.01 µg/g (65.5 per cent
of which was organic). In kidney and muscle, total Hg ranged from 0.23
(28 per cent organic) to 1.07 (19.5 per cent organic) µg/g, and from 0.09
(63.7 per cent organic) to 0.25 (67.1 per cent organic) µg/g, respectively
(Dietz et al., 1990).

Mean total Hg in muscle and liver of 30 harp seals taken in Newfound-
land was 1.7 and 2.33 µg/g, respectively (Botta et al., 1983). Total Hg con-
centrations in muscle were invariably lower than the Canadian consumption
guideline of 0.5 µg/g. Total and MeHg residue concentrations were analyzed
in blubber, liver, kidney and brain of four adult lactating females and
16 neonatal (ten male, six female) harp seals from the Gulf of St. Lawrence
(Jones et al., 1976). Mercury was not detectable in blubber. Concentrations
in the liver, kidney and brain did not differ between sexes in 10-day-old
pups, although MeHg in blood was slightly higher in females than in males
(0.06 µg/g versus 0.03 µg/g). Although mean Se concentrations in kidney
and muscle did not differ between dams and pups, mean Se concentrations
in livers were an order of magnitude higher in mothers. Liver displayed the
highest Se concentrations among adults, but kidney had the highest concen-
trations of this element among tissues of pups. Se correlated positively with
Hg in livers and kidneys of dams and pups. Additionally, Se concentrations
correlated strongly between dams and pups for all tissues, signifying that Se
crosses the placenta in harp seals.

In contrast, Cd was not detectable in any neonatal tissues, despite being
relatively elevated in maternal tissues, in which concentrations correlated
positively with age (Wagemann et al., 1988). Tissue distribution of Cd in
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these harp seal dams was similar to that observed in other marine mammals,
with highest concentrations observed in kidney (27.7, 6.6 and 0.04 µg/g in
kidney, liver and muscle, respectively). Among tissues, liver of both adults
and pups had the most Cu and Zn; also, these two elements were signific-
antly greater in tissues of pups as compared to dams, in which they were
negatively correlated with age. In maternal kidney tissue, positive correla-
tions existed for Cd and Hg with Zn, and for Cd and Zn with Cu. These
associations were believed to be due to the concurrent induction and binding
of Cu–Zn metallothionein by Cd and coincidental renal accumulation of Cd
and inorganic Hg with age (Wagemann et al., 1988).

Strontium-90 and cesium-137 were measured in muscle and mammary
glands of seven Canadian harp seal females and in the muscle of their
pups (Samuels et al., 1970). Strontium-90 was generally below detection
limits; the mean concentration of cesium-137 was higher in muscle of pups
(3.6 pCi/g ash) than in their dams (2.3 pCi/g ash), with milk being the
apparent source to pups (Samuels et al., 1970).

Hooded seal

Among four hooded seals from Greenland, the mean total Hg concentrations
in liver ranged from 5.32 (4.7 per cent of which was organic) to 91.8 µg/g
(1.5 per cent of which was organic). In kidney and muscle, total Hg ranged
from 1.63 (8.7 per cent organic) to 3.90 (14.9 per cent organic), and from
0.10 (103 per cent organic) to 0.75 (88 per cent organic) µg/g, respectively
(Dietz et al., 1990; and reviewed in AMAP, 1998).

Walrus

Walrus are associated with the pack ice circumpolarly, and are known to
consume large amounts of mollusks (Riedman, 1990) as well as some seals
(Muir et al., 1995). Measurement of 15N/14N (δ15N) and 13C/12C (δ13C) has
been used to determine trophic level, by assessing δ15N, which shows enrich-
ment in predators, and food source by δ13C (Muir et al., 1995).

Between 1981 and 1989 the US Fish and Wildlife Service (USFWS) evalu-
ated metals in adult (11–32-year-old) Pacific walrus harvested in the spring
by Alaska natives (Warburton and Seagers, 1993). Cadmium increased with
age in both liver and kidney. Zinc and As in kidney, and As in liver, also
increased with age. Mercury concentrations were not considered elevated
and correlated with Se concentrations (Warburton and Seagers, 1993). Con-
centrations of Se in liver were higher in females (mean 7.0 mg/kg dw) versus
males (mean 4.7 mg/kg dw), whereas mean As concentrations in liver and
kidney of males (liver = 0.49, kidney = 1.31 mg/kg dw) were higher than in
females (liver = 0.31, kidney 0.70 mg/kg dw) (Warburton and Seagers, 1993).
Arsenic was considered to be very low in liver (Norstrom et al., 1986; Taylor
et al., 1989). Mercury concentrations did not appear to increase with age in
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liver or kidney; however, only adults were sampled (Warburton and Seagers,
1993). Data from walrus are contradictory, with Hg concentrations increas-
ing with age in one study (Born et al., 1981), but not in others (Taylor et al.,
1989; Warburton and Seagers, 1993). Born et al. (1981) observed that MeHg
concentrations in walrus pups were similar to that of their mothers, indicat-
ing maternal transfer of MeHg. Warburton and Seagers (1993) claimed a
weak correlation for age and Cd concentrations in liver and kidney, but
only adults were sampled. Some mollusks have been implicated as signific-
ant sources of Cd for walrus (Miles and Hills, 1994). Warburton and Seagers
(1993) reported that mean Ag concentration was 1.49 µg/g (dw) and ranged
from 0.70 to 5.11 µg/g (dw), two orders of magnitude less than that reported
for belugas from the same region (Becker et al., 1995a).

Inorganics in polar bears

Polar bears are considered critical for Arctic biomonitoring programs because
they are well distributed throughout the Arctic and Subarctic and are top
predators that accumulate many contaminants (Norstrom et al., 1998).
The primary prey species, ringed seal, is also Holarctic and will integrate
contaminants over a limited range (Best, 1985; Norstrom et al., 1998). This
food chain is crucial for understanding how elements move to apex predators
in the Arctic, including humans.

Polar bears have concentrations of Hg in their livers several times higher
than that of their primary prey, ringed seals (Woshner et al., 2001b).
Mercury has been shown to accumulate with age in polar bears (Eaton and
Faurant, 1982; Norstrom et al., 1986; Lentfer and Galster, 1987). The same
geographical distribution of Hg described in belugas and ringed seals is also
reflected in the tissues of polar bears (Norstrom et al., 1986; Braune et al.,
1991). Geometric mean concentrations of Hg and Se in livers by location
ranged from 36.7 to 99.8 µg/g for Hg, and 14.7 and 32.8 µg/g for Se, from
east to west (Norstrom et al., 1986; Muir et al., 1992). Mercury concentra-
tions in livers of polar bears from Greenland were lower than in those from
more western areas, and ranged from 2.83 to 23.9 µg/g (Dietz et al., 1990,
1995, 1998; Muir et al., 1992). Mercury correlated with an accumulation of
Se in polar bear liver (Norstrom et al., 1986; Braune et al., 1991; Norheim
et al., 1992) and kidney, which is the primary tissue for Hg accumulation in
this species (Dietz et al., 1995). Mean concentrations of Hg adjusted for age
in polar bear liver ranged from 18.5 to 200.3 µg/g dw (6.0–71.1 µg/g ww)
(Braune et al., 1991). However, mean Se concentrations adjusted for age
only ranged from 3.9 to 63.4 µg/g dw (1.27–14.5 µg/g ww) in liver while Ag
was 0.21 to 0.54 µg/g (0.07–0.20 µg/g ww) (Braune et al., 1991).

Cadmium increased with age in polar bears, with mean concentrations
of 0.61 µg/g (Norstrom et al., 1986) and 0.16–1.2 µg/g (Braune et al., 1991)
in liver. Regional differences in Cd concentrations in livers of polar bears
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were detected across the Arctic (Norstrom et al., 1986). The spatial trend
observed for belugas for Cd was also noted for polar bears by Norstrom
et al. (1986) and Braune et al. (1991). Vanadium concentrations in liver were
low, at 0.07 µg/g (Norstrom et al., 1986). In general, tissue disposition of
metals in polar bears is more like that of terrestrial mammals than cetaceans
or pinnipeds, with Pb and Hg reaching greatest concentrations in the
kidney, whereas As tends to accumulate in liver (Dietz et al., 1995; Woshner
et al., 2001b).

Radionuclide levels are low in polar bears of Alaska, and are similar to
those in other marine mammals sampled in Alaska (Cooper et al., 2000).
Polar bear milk sampled from two animals in 1968 was evaluated for
selected radionuclides. Sr-90 was not detected and Cs-137 was low
(0–71 pCi/l) as compared to human samples collected from northern Alaska
(0–220 pCi/l), indicating low exposure and low transfer to cubs (Baker
et al., 1970).

Conclusions

Marine mammals, including Arctic species, accumulate tissue burdens of
some elements, particularly Cd, Hg and Se, that are elevated in comparison
to levels in terrestrial mammals. Interactions between elements can affect
their bioavailability and effects in the body, with such interactions poten-
tially being antagonistic or synergistic. One well-known example of an
antagonistic interaction in marine mammals is the protective effect of Se
on the toxicity of Hg. Trophic transfer of metals through diet appears to be
the primary mode of bioaccumulation in these species. To date, there is
contradictory evidence as to whether anthropogenic increases in global metal
mobilization are reflected in Arctic marine mammals, with geographic
and trophic variation proving more influential factors in metal exposure.
Although marine mammals appear well adapted to tolerate high concentra-
tions of some toxic metals in tissues, few studies have attempted to relate
metal concentrations in tissues to effects (i.e. histopathology, enzymology,
disease prevalence) and associated threshold levels. The potential for increased
anthropogenic input of toxic metals (especially Hg) to the Arctic marine
environment, the possibility of synergistic effects with other pollutants, and
the dearth of information on both normal and abnormal responses to these
compounds by marine mammals underscore the imperative for more research
into the mechanisms and effects of persistent toxicants upon these irreplace-
able species in the vulnerable Arctic environment.
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10 Impacts of algal toxins on
marine mammals

Frances M. Van Dolah, Gregory J. Doucette,
Frances M.D. Gulland, Teri L. Rowles and
Gregory D. Bossart

Introduction

Diatoms and dinoflagellates are microalgae that make up the base of the
marine food webs that support marine mammals. However, certain species
produce potent toxins that are responsible for extensive fish kills and human
illnesses. Acute morbidity or mortality events occur almost annually among
marine mammals that also appear to correlate with the presence of toxic
algal blooms. Four classes of algal toxin have been associated to date with
marine mammal morbidity and mortality events (Figure 10.1, Table 10.1).
All are neurotoxins, but are structurally diverse and act on a variety of
different cellular receptors, leading to expected differences in symptomology,
pathology and epidemiology in exposed animals. Exposure to algal toxins
may be direct, through respiratory exposure, or indirect via food-web
transfer. Thus, the potential for exposure of marine mammals to these toxin
classes is dependent upon the occurrence of toxin-producing microalgae
within the habitat of the mammals in question and, in the case of food-web
transfer, the co-occurrence of appropriate prey species with the toxin pro-
ducer. This chapter reviews our current understanding of the impacts of
algal toxins on marine mammals.

Historically, the identification of an algal toxin as the causative agent
in marine mammal events has been difficult due to inadequate detection
methods for these toxins, the lack of hallmark symptoms in marine mammals
associated with intoxication by a particular algal toxin class, and difficulty
in obtaining fresh tissues from stranded animals for pathological and toxico-
logical analyses. However, with the improvement in toxin detection methods
over the past decade, evidence is mounting to support the hypothesis that
marine algal toxins may play a significant role in previously unexplained
episodic mass mortalities of marine mammals. The global occurrence of
harmful algal blooms has expanded over the past half century, in terms of
both frequency and geographic distribution (Smayda, 1990; Hallegraeff, 1993;
Van Dolah, 2000), due, at least in part, to anthropogenic impacts on the
coastal environment, including the effects of global warming. This suggests
that the impacts of algal toxins on marine mammals may likewise increase.
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Saxitoxin

Brevetoxin
Domoic Acid
Ciguatoxin

Figure 10.1 Global distributions of algal toxins associated with marine mammal
morbidity or mortality events.

Table 10.1 Marine algal toxins implicated in marine mammal morbidity and mortality

Toxin

Saxitoxin

Brevetoxin

Ciguatoxin

Domoic
acid

NMDA, N-methyl--aspartate.

Causative organism

Alexandrium spp.
Gymnodinium
catenatum
Pyrodinium
bahamense var.
compressum
Karenia brevis
(formerly
Gymnodinium breve)
Chattonella spp.
Gambierdiscus
toxicus

Pseudo-nitzschia
spp.

Known or (potential)
vector for marine
mammals

Mackerel,
(zooplankton, krill??)

Aerosol, water, fish

Fish, invertebrates
Reef fish

Anchovy, mole crab
(krill, squid)

Pharmacologic
target

Voltage-dependent
sodium channel,
site 1

Voltage-dependent
sodium channel,
site 5

Voltage-dependent
sodium channel,
site 5
Glutamate
receptors (NMDA
and kainate
subtypes)
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Figure 10.2 Structures of algal toxins associated with marine mammal morbidity
or mortality events: (a) saxitoxin; (b) domoic acid; (c) brevetoxin; and
(d) ciguatoxin.

The currently known global distribution of toxic algal blooms implicated in
marine mammal mortalities is summarized in Figure 10.2, and serves as a
guide to which toxin class(es) may be anticipated to be involved in marine
mammal events in different regions of the world.

Saxitoxins

Saxitoxins (STXs) are a suite of water-soluble, heterocyclic guanidinium
toxins (Figure 10.1a), of which there are currently more than 21 recognized
congeners. These toxins are produced in varying combinations by several
gonyaulacoid and gymnodinioid dinoflagellate species in three genera:
Alexandrium, Gymnodinium and Pyrodinium. In humans, STXs are respons-
ible for paralytic shellfish poisoning (PSP), with symptoms that include:
tingling and numbness of the perioral area and extremities, loss of motor
control, drowsiness, incoherence and, in extreme cases, death. Saxitoxins
bind with high affinity (Kd ~2 nM) to site 1 on the voltage-dependent sodium
channel, inhibiting channel opening, and thereby causing a neuronal block-
ade. The polarity of the STX molecule largely excludes it from traversing the
blood–brain barrier in mammals; therefore, the primary site of STX action
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appears to be the peripheral nervous system, with respiratory paralysis being
the primary cause of death. Clearance of STXs from the blood is rapid
(<24 h in humans), with the primary route being via the kidney in humans
(Gessner et al., 1997), rats (Hines et al., 1993) and cats (Andrinolo et al., 1999).

STXs have been implicated in the mortality of humpback whales
(Megaptera novaeangliae), in Cape Cod Bay, Massachusetts, between Novem-
ber 1987 and January 1988 (Geraci et al., 1989). During late fall, humpback
whales usually prey on sand lance (Ammodytes spp.) on Stellwagen Bank,
off the Massachusetts coast (Anderson and White, 1989). However, in the
fall of 1987, sand lance were largely absent from this area, and humpbacks
were apparently feeding on Atlantic mackerel (Scomber scombrus). Fourteen
whales died within 5 weeks in Cape Cod Bay and northern Nantucket Sound.
Baleen whales have not previously been found to mass strand, and therefore
the mortality of 14 humpback whales was highly unusual. The whales affected
in this event were in robust form, with abundant blubber. Furthermore,
death appeared to occur quickly, based on the observation of one whale
that exhibited normal behavior 90 minutes before it was found dead. The
stomachs of six of nine carcasses examined contained incompletely digested
fish, indicating that the whales had been feeding not long before death.
Therefore, an acutely toxic substance was suspected. In this region the STX-
producing dinoflagellate, Alexandrium tamarense, blooms annually and there-
fore STXs were investigated as a potential causative agent. STX-like activity
was detected in whale stomach contents, liver and kidney, as determined by
mouse bioassay; however, the presence of toxin could not be corroborated
by high performance liquid chromatography (HPLC) analysis. Thus the
identification of STX as the causative agent remains circumstantial. None
the less, STX was found by both mouse bioassay and HPLC in the viscera
and livers of mackerel caught in local waters during the same time frame,
with an average body burden of approximately 80 µg/100 g. Curiously, no
congeners other than STX were found in the mackerel livers, although sub-
sequent studies have reported multiple STX congeners in the livers of the
same species during the 1988 Alexandrium bloom season (Haya et al., 1989).
At the toxin concentration found in the mackerel, Geraci et al. (1989) estim-
ated that a whale consuming 4 per cent of its body weight daily would have
ingested 3.2 µg STX/kg body weight. By comparison, the lethal dose of
STX in humans is estimated at 1–4 mg (c. 6–24 µg/kg) (Levin, 1992). Large
mammals are generally found to be more sensitive to the effects of bioactive
compounds, and thus linear extrapolation from human to humpback whale
cannot be assumed for STX (Stoskopf et al., 2001). Two additional physio-
logical adaptations may make the humpback whale highly susceptible to the
toxic effects of STXs: (1) approximately 30 per cent of their body weight is
blubber, into which the water-soluble STXs would not partition, thus being
more highly concentrated in metabolically sensitive tissues; and (2) the
diving physiology of the humpback whale concentrates blood in the heart
and brain and away from those organs required for detoxification, further
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concentrating a neurotoxin in sensitive tissues (Geraci et al., 1989). This
proposed enhancement of toxicity during a dive is consistent with the extreme
sensitivity of the cetacean respiratory system to anesthetics (Ridgway and
McCormick, 1971; Haulena and Heath, 2001).

STXs are also suspected in the mortality of highly endangered Mediter-
ranean monk seals (Monachus monachus) on the coast of Mauritania, west
Africa, during May–June 1997. In this event, over 100 monk seals died,
making up over 70 per cent of the local population and one-third of the
world population of Mediterranean monk seals. A previously undescribed
morbillivirus (WAMV-WA) was isolated from three monk seal carcasses
from this event (Osterhaus et al., 1997), indicating that this virus was active
in the population at the time. Morbilliviruses have been identified as caus-
ative agents of mass mortality events of other marine mammal species, and
therefore were identified as a likely causative agent in this event. However,
unlike previous morbillivirus-associated events, these animals appeared to
die quickly, with no signs of long-term illness. Dying seals exhibited lethargy,
motor incoordination and paralysis in the water, symptoms similar to those
associated with STX exposure. Histopathological analysis indicated that the
monk seals suffered severe respiratory distress, with congestion of the lungs a
consistent finding. Hernandez et al. (1998) identified three toxic dinoflagellate
species present at moderate concentrations in the waters near the seal colony:
Alexandrium minutum, Gymnodinium catenatum and Dinophysis acuta. Fish
collected from seal feeding grounds were positive for STX-like activity as
assessed by the Association of Official Analytical Chemists (AOAC) mouse
bioassay and by HPLC using fluorometric detection (Hernandez et al., 1998),
with up to 90 µg decarbamoyl STX (dcSTX)/100 g viscera. Seal liver and a
composite mussel sample from the same area were below the detection limit
(35 µg/100 g tissue) in the mouse bioassay (Osterhaus et al., 1998). However,
seal tissue tested positive at concentrations below the detection limit of the
mouse bioassay, when analyzed by HPLC (Hernandez et al., 1998). STX
congeners, decarbamoyl STX, neoSTX and GTX1, were identified in liver,
kidney, skeletal muscle and brain. Decarbamoyl STX was present in liver at
approximately 12 µg/100 g and in brain at approximately 3 µg/100 g. The
presence of dcSTX and neoSTX toxins in prey and in seal livers was further
confirmed by high performance liquid chromatography – mass spectrometry
(HPLC–MS) (Reyero et al., 1999). As in the case of the humpback whales,
whether the levels of STXs observed were sufficient to have caused mortality
is difficult to determine without further insight into effect levels in these
animals.

Episodic mass mortalities from PSP toxins could be extremely important
to the population biology of long-lived mammals such as the Mediteranean
monk seal (Forcada et al., 1999). The 1997 mortality event was age specific,
with adults being mostly affected, and resulted in a significant change in the
age structure of the population (12 per cent juveniles prior to the event
versus 29 per cent after). The event reduced the breeding population to less
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than 77 individuals, possibly altering genetic heterogeneity of the popula-
tion, and ultimately the survival of this highly endangered species.

In addition to their role in epizootic events, PSP toxins may also have a
long-term influence on the population distribution of predator species, as
hypothesized by Kvitek and Beitler (1991) for the distribution of sea otters
(Enhydra lutris) in Alaskan coastal waters. Sea otters are voracious pre-
dators of bivalves, consuming 20–30 per cent of their body weight per day.
In Alaskan waters, the butter clam (Saxidomus giganteus) accounts for the
majority of prey eaten by otters (Kvitek et al., 1991). The butter clam is
capable of sequestering STXs at high concentrations in its siphon, where they
are retained for as long as 1 year, presumably as a chemical defense against
predation (Kvitek and Beitler, 1991). In the Kodiak region of Alaska, butter
clams are abundant and sea otters and butter clams are co-distributed in both
inside passage waters and on the outer coast. Butter clams are also abundant
throughout south-eastern Alaska, but become toxic only in inside passage
waters, where they remain toxic year round due to seasonal Alexandrium
blooms. However, in south-eastern Alaska, butter clams on the outer coast
are never toxic. Correspondingly, sea otter distribution in south-eastern
Alaska is limited to the outer coast. To test the hypothesis that the distribu-
tion of sea otters in south-eastern Alaska is influenced by butter clam toxicity,
Kvitek et al. (1991) carried out feeding studies on caged sea otters. Otters
fed live butter clams both decreased their rate of consumption when offered
toxic clams and selectively discarded the most toxic tissues, the siphons and
kidneys, of clams containing even low levels (<40 µg/100 g) of toxin. These
findings indicate that sea otters have the ability to detect and avoid toxic
clams, and such behavioral avoidance of toxic prey is consistent with the
hypothesis that sequestration of STXs by the butter clam is a chemical
defense against predation that may influence sea otter distribution.

Domoic acid

Domoic acid (Figure 10.1b) is a water-soluble tricarboxylic amino acid that
acts as an analog of the neurotransmitter glutamate and is a potent glutamate
receptor agonist. Domoic acid (DA) is produced by several species of diatom
in the genus Pseudo-nitzschia (Subba-Rao et al., 1988; Bates et al., 1989;
Bates, 1998). Seven congeners to domoic acid have been identified, of which
three, isodomic acids D, E and F, and the C5′ diasteriomer are found in small
amounts, in addition to domoic acid, in both the diatom and in shellfish
tissue (Wright et al., 1990; Walter et al., 1994). The first insight into domoic
acid as an algal toxin resulted from a human intoxication event in Prince
Edward Island, Canada in 1987, when approximately 100 people became ill
after consuming contaminated mussels. A unique hallmark of this intoxication
event was permanent loss of short-term memory in certain victims; domoic
acid intoxication in humans has therefore been termed amnesic shellfish
poisoning (ASP). The symptoms of ASP in humans include gastrointestinal
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effects (e.g. nausea, vomiting, diarrhea) and neurological effects, including
dizziness, disorientation, lethargy, seizures and permanent loss of short-
term memory. Domoic acid binds with high affinity to both kainate
(Kd ~ 5 nM) and alpha-amino-3-hydroxy-5-methyl-4-isoxazolepropionic
acid (AMPA) (Kd ~ 9 nM) subtypes of glutamate receptor (Hampson et al.,
1992; Hampson and Manalo, 1998). Persistent activation of the kainate
glutamate receptor results in greatly elevated intracellular Ca2+, through co-
operative interactions with N-methyl--aspartate (NMDA) and non-NMDA
glutamate receptor subtypes, followed by activation of voltage-dependent
calcium channels (Xi and Ramsdell, 1996). Neurotoxicity due to domoic
acid thus results from toxic levels of intracellular calcium, leading to neuronal
cell death and lesions in areas of the brain where glutaminergic pathways are
heavily concentrated. The CA1 and CA3 regions of the hippocampus, areas
responsible for learning and memory processing, are particularly susceptible
to domoic acid toxicity, and display extensive lesions in experimental animals
(Peng et al., 1994). In rats, the LD50 (intraperitoneal) for domoic acid is
4 mg/kg, whereas the oral potency is substantially lower (35–70 mg/kg)
(Clayton et al., 1999). However, in the 1987 outbreak, human toxicity
occurred at 1–5 mg/kg, indicating greater sensitivity to oral exposure.

In 1991, the first evidence of domoic acid on the west coast of North
America was obtained as a consequence of a mass mortality of pelicans
(Pelecanus occidentalis) and cormorants (Phalacrocorax penicillatus) in
Monterey Bay, California. Affected birds exhibited neurological symptoms
similar to those reported in experimentally exposed mice, including scratch-
ing and head weaving (Work et al., 1993). Domoic acid was present in the
stomach contents of the affected birds, of which northern anchovies (Engraulis
mordax) were the main component. Moreover, frustules (siliceous cell walls)
of Pseudo-nitzschia spp. were found in the stomach contents of the fish,
confirming the trophic transfer of the toxin through this vector species.

The first confirmed domoic acid poisoning of marine mammals occurred
on the California coast in 1998. In May and June, 1998, 70 California sea
lions (Zalophus californianus) were stranded along the central California
coast, from San Luis Obispo to Santa Cruz (Scholin et al., 2000). All
animals were in good nutritional condition and displayed clinical symptoms
that were predominantly neurological, including head weaving, scratching,
tremors and convulsions (Gulland, 2000). Of the 70 animals that stranded,
57 died. The majority of clinically affected animals were adult females, of
which 50 per cent were pregnant. Juveniles were of both sexes. No adult
males were affected, which may reflect normal differences in sex distribution
along the California coast. Many of the fetuses of pregnant females were
found to be dead and two pups born during the episode did not survive.
Domoic acid was identified in serum, urine and feces of many (but not all)
of the sea lions that exhibited clinical symptoms, with the highest concentra-
tions found in urine and feces. The highest concentration observed in serum
(0.17 µg DA equiv./ml) was of similar magnitude to those in mice treated
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with 4 mg/kg DA, the LD50 dose of toxin (Peng and Ramsdell, 1996). The
highest concentration measured in urine was 3.7 µg DA equiv./ml. No meas-
urable toxin was found in other tissues. This is consistent with a rapid,
renal route of toxin clearance, as observed in rodents (Iverson et al., 1989).
Clearance of domoic acid from rodents and primates following intravenous
(i.v.) injection occurs in under 4 hours (Truelove and Iverson, 1994).

All California sea lions that died within 24 h of stranding (n = 27) had
significant histologic lesions in the brain, consistent with domoic acid pois-
oning. The predominant lesion observed was neuronal necrosis that was
most severe in the CA3 and CA4, followed by CA1 and CA2, regions of the
hippocampus and in the dentate gyrus (Gulland, 2000). The heart was the
second most frequently affected organ, with myofiber necrosis and edema
present in 21 of the animals that died early in the event.

The origin of the domoic acid responsible for this mortality event appears
to be a bloom of Pseudo-nitzschia australis that developed in Monterey Bay
during May 1998, reaching its peak at about May 22 (Scholin et al., 2000).
The greatest concentration of cells recorded was ~200 000 cells/l. Anchovies
collected from the bay on May 22 had levels of domoic acid of approxim-
ately 70 µg/g in their gut (Scholin et al., 2000), and P. australis frustules
were visible in their stomach contents. Anchovy vertebrae, and otoliths and
frustules from P. australis, were also found in California sea lion fecal
samples, which contained toxin levels exceeding 182 µg DA equiv./g (Lefebvre
et al., 1999).

Overall, this mortality event is likely to have affected larger numbers of
sea lions than recorded, due to the extensive areas of coastline in central
California that are inaccessible for monitoring and the lack of post-mortem
examinations on animals that stranded dead and were decomposed. None
the less, as the overall population of California sea lions is estimated at
167 000 individuals, an event causing mortality of less than 0.0004 per cent
does not constitute a threat to the overall population. Moreover, the 1998
sea lion mortality event does not appear to be unique. Retrospective analysis
reveals that clusters of stranded animals showing symptoms similar to those
animals in the 1998 event have been reported at other times along the
California coast, although no causes of death were determined. In 1978, 40
California sea lions stranded in Ventura County, displaying similar neurologic
effects (Gilmartin et al., 1980); in 1986, 1988 and 1992 sea lions with similar
symptoms were admitted for rehabilitation to the Marine Mammal Center
in Saulsalito, CA; and in 1992 18 sea lions stranded in San Luis Obispo
County, also displaying the same symptoms (Beckmen et al., 1995).

A similar event occurred in 2000 involving 187 California sea lions that
stranded on the central coast of California, primarily in San Luis Obispo
County, beginning in June and continuing through December. Analysis of
serum and urine samples confirmed the involvement of domoic acid (Ch’ne
and VanDolah, unpubl.), and blooms of P. australis were found in Monterey
Bay at different times during the extended mortality event.
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Approximately 1 month following the peak of strandings of California sea
lions in the 1998 event, an increased number of southern sea otter (Enhydra
lutris nereis) deaths was observed in the same region. The southern sea otter
is a threatened species with a distribution limited to a 250 mile range along
the California coast, from Santa Cruz to Purisima Point, that supports a
current population of approximately 1900 individuals. Despite its protected
status, the population of southern sea otters remains well below its optimum
sustainable population (Laidre et al., 2001). Analysis of serum, urine, kidneys
and stomach contents collected from southern sea otters that died from
unidentified causes between 1995 and 2000 (n = 50) revealed 28 positive for
domoic acid-like activity in one or more fluids/tissues (Powell et al., unpub-
lished). Most of the domoic acid-positive animals died during the 1998 (15)
or 2000 (13) Pseudo-nitzschia bloom events. Unlike the California sea lion,
the southern sea otter feeds primarily upon benthic invertebrates, including
crabs, clams and mussels. Many of the animals positive for domoic acid
were found to have been feeding upon the spiny mole crab (Blepharipoda
occidentalis) and, less frequently, another mole crab species (Emerita analoga).
Although there are no data on domoic acid levels in B. occidentalis, E.
analoga is an intertidal suspension feeder that can consume Pseudo-nitzschia
spp., and was shown to have accumulated domoic acid during Pseudo-
nitzschia blooms in Monterey Bay (Ferdin et al., 2002). This study identifies
E. analoga as a potential benthic vector of domoic acid transfer to marine
mammals that, given its position in the swash zone, can become toxic either
by exposure to an ongoing Pseudo-nitzschia bloom event or following the
sinking out of a decaying bloom.

The gray whale (Eschrichtius robustus) is another benthic-feeding marine
mammal that appears to have been impacted by the 2000 P. australis bloom
in Monterey Bay. Abnormally high numbers of gray whale strandings
occurred in 2000, primarily during their northward migration from their
Baja Mexico calving grounds to their northern feeding grounds. A total of
350 gray whale deaths were documented along the migration route in 2000,
compared with 273 in 1999 and less than 50 in previous years. Many of the
gray whales stranded in emaciated condition. Among the whales that stranded
in California, there was a cluster of 25 dead whales in the San Francisco Bay
area (San Mateo to Marin counties) in April–May. Their strandings followed
a bloom of P. australis in Monterey Bay, through which the whales would
have migrated. Although gray whales generally feed in the pelagic zone,
they can consume benthic invertebrates by disturbing the sediment and then
sieving the disrupted benthos through their baleen. Of the 25 whales that
stranded in this area, samples for domoic acid analysis were obtained from
only 12, due to decomposition. Of these, domoic acid was confirmed in the
serum (0.8 µg/ml), urine (0.5 µg/ml) and feces (0.4 µg/g) of only one young
animal that stranded live on the beach near Santa Cruz, at concentrations
sufficient to implicate domoic acid toxicity (Ch’ne and VanDolah, unpub-
lished). Among the other gray whales tested, all of which stranded within
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San Francisco Bay, we cannot be certain that either toxin clearance from
these fluids, or degradation of DA in the decomposing tissues, did not occur
prior to sample collection. None the less, the individual positive-testing an-
imal confirms the exposure and potential impact of domoic acid on a baleen
whale. It is likely that malnutrition was a predisposing factor in this case. In
addition to enhancing susceptibility to toxic effects, malnutrition may alter
feeding behavior, so that gray whales feed on prey not normally consumed.
Although it was previously believed that gray whales do not forage signific-
antly during their migrations from the nursery grounds to their summer
feeding grounds, records as early as the 1970s in California and Washington
indicated that gray whales, including juveniles, feed along the migration
route. Observations of their feeding behavior indicate that domoic acid
could have been acquired by feeding on kelp-associated invertebrates, krill
swarms or from the benthos (R. Kvitek, personal communication). Recent
studies on krill, Euphasia pacifica and Thysanoessa spinifera, suggest that
they readily consumed toxic P. australis during the 2000 blooms in Monterey
Bay, accumulating domoic acid at levels up to 44 µg/g (Bargu et al., in
press). Krill serve as a major prey item for baleen whales, in particular the
blue whale (Balaenoptera musculus), which can consume up to 2 tons of
krill/day. Although domoic acid has not been implicated in blue whale deaths,
Bargu et al. (in press) estimate that, based on the domoic acid levels accu-
mulated in the 2000 Monterey Bay P. australis bloom, krill could convey up
to 85 g domoic acid to a blue whale per day (0.85 µg/kg. Because P. australis
frustules have been identified in fecal samples of both gray whales and blue
whales during the 2000 P. australis bloom season (Bargu, unpublished), it is
apparent that the latter was also exposed to domoic acid, perhaps at sub-
acute or even sub-effect levels.

Brevetoxins

Brevetoxins (PbTx) are a suite of ladder-like polycyclic ether toxins, of which
there are nine known congeners (Figure 10.1c). Brevetoxins are best known
as the Florida red tide toxin, produced by the dinoflagellate Karenia brevis
(formerly Gymnodinium breve). However, PbTxs have also been shown to be
produced by newly identified K. brevis-like species in New Zealand (Haywood
et al., 1996) and by raphidophytes, Chattonella marina and C. cf. verruculosa
in Japan (Khan et al., 1995a, b) and C. cf. verruculosa in the mid-Atlantic
coast of the US (Bordelais et al., 2002).

Brevetoxins bind with high affinity (Kd = 1–50 nM) to site 5 on the
voltage-dependent sodium channel (Poli et al., 1986), such that they interact
with both the voltage sensor, on the extracellular side of the channel, and
the inactivation gate, on the intracellular side (Trainer et al., 1994; Gawley
et al., 1995; Baden and Adams, 2000). Binding to this site therefore alters
both the voltage sensitivity of the channel, resulting in inappropriate
opening of the channel under conditions in which it is normally closed, and
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inhibits channel inactivation, resulting in prolonged channel opening. One
route of brevetoxin exposure in humans is through the consumption of toxic
shellfish, and it is thus termed neurotoxic shellfish poisoning (NSP), with
symptoms that include nausea, tingling and numbness of the perioral area,
severe muscular aches, loss of motor control and, in particularly severe
cases, seizure (Poli et al., 2000). NSP has not been documented as a fatal
intoxication in humans. The LD50 (i.p.) of PbTx3 in the mouse is 200 µg/kg,
whereas the oral potency is approximately fivefold lower, around 1 mg/kg.

A second route of exposure to brevetoxins is through aerosolization of the
toxin, due to lysis of fragile K. brevis cells by wind or wave action. In humans,
exposure to aerosolized toxin results in coughing, gagging and burning of
the upper respiratory tract (Baden, 1988). Fish are particularly susceptible
to brevetoxins, probably because the fragile K. brevis cells are lysed as water
passes by their gills, permitting passage of these lipophilic toxins across the
gill epithelium directly into the bloodstream (Baden, 1988). Consequently,
Florida red tides are generally associated with extensive fish kills.

Karenia brevis red tides initiate off the west coast of Florida essentially
annually in late summer/early fall, and may persist for several months.
Offshore blooms may be carried into coastal waters, where they have their
most significant impacts. They may also become entrained in the Loop
Current which carries them around the base of Florida into the Atlantic
Ocean, where they are carried northward by the Gulf Stream (Steidinger
et al., 1998). Based on circumstantial evidence, PbTxs have long been sus-
pected to be responsible for mortalities of Florida manatees (Trichechus
manatus latirostris) and bottlenose dolphins (Tursiops truncatus) in the Gulf
of Mexico and on the south Atlantic coast of the US. With improvements in
detection methods for PbTx over the past decade, the presence of PbTx in
both manatees and dolphins during red tide-associated mortality events has
now been confirmed.

Layne (1965) first reported a potential link between a Florida red tide and
the mortalities of seven manatees during March–April 1963 in the Fort
Myers area of south-western Florida. Further circumstantial evidence of
the involvement of brevetoxins in manatee deaths was documented for
an epizootic that occurred between February and April 1982, in which 39
manatees died in the lower Caloosahatchee River, its estuary, and nearby
bays, near Fort Meyers (O’Shea et al., 1991). Timing of the mortality event
coincided with the presence of a persistent K. brevis bloom and associated
fish kills and cormorant (Phalacrocorax auritus) mortalities. Both male (18)
and female (21) manatees, adults and calves, were affected. Behavior of
the affected individuals included disorientation and inability to submerge or
maintain a horizontal position, listlessness, flexing of the back, lip flaring
and labored breathing. Histological lesions were found in three of five brains
examined, which consisted of congestion of blood vessels in the cerebellum
or choroid plexus, or hemorrhage associated with the meninges. No con-
sistent lesions were found in other tissues. Neither microbial nor chemical
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contaminants were identified in tissues from these animals that could explain
the mortalities. In most cases, the stomachs were full, indicating recent feed-
ing, the contents consisting largely of seagrasses and filter feeding tunicates
(Molgula spp.) that are found in association with seagrasses. However,
tunicates tested for PbTx, using the standard mouse bioassay, did not con-
tain measurable amounts of PbTx. Thus, although PbTx was certainly linked
to this event by circumstantial evidence, conclusive identification of PbTx
as the causative agent was not made. Interestingly, a resident population of
bottlenose dolphins appeared to be unaffected during the 1982 epizootic of
manatees (O’Shea et al., 1991).

In a remarkably parallel episode, 149 manatees died during March–April
1996, along approximately an 80-mile stretch of south-western Florida, cen-
tering around the mouth of the Caloosahatchee River. At the time a signific-
ant, persistent K. brevis red tide was present in the same geographic area. As
in the 1982 epizootic, stomach contents of the manatees consisted largely of
seagrass. However, tunicates were not a consistent component. PbTx activity
was found to be present in stomach contents, liver, lung and kidney from
ten manatees tested, using a receptor binding assay (Baden, 1996) which has
a detection limit approximately two orders of magnitude lower than the
mouse bioassay used in the previous epizootic. All tissues varied widely in
concentration, from background to a maximum of over 450 ppb in stomach,
and maximum values of 158 ppb in lung, 138 ppb in kidney and 51 ppb in
liver. The receptor assay reports the combined activity of any PbTx-like com-
pounds present. The chemical identification of PbTx3 in liver and lung from
several manatees affected in the 1996 epizootic was independently confirmed
by high performance liquid chromatography – tandem mass spectrometry
(HPLC-MS/MS) (Moeller et al., unpublished). Based on extrapolation from
the human symptomatic dose of 1.6 mg/68 kg person (c. 24 µg/kg), Baden
(1996) estimated that a dose of less than 16 mg could be sufficient to cause
symptoms in a 700-kg manatee (c. 22 µg/kg). Based on stomach contents,
it was estimated that, by oral exposure alone, a manatee eating 7 per cent
of its body weight/day could obtain this level of PbTx. However, the high
concentrations found in lung tissue suggest that these animals acquired toxin
by both oral and respiratory routes.

Histopathological analysis of tissues from the affected manatees showed
consistent, severe congestion in nasopharyngeal tissues, bronchi, lungs, kid-
ney and brain (Bossart et al., 1998). Lungs, liver, kidney and brain displayed
edema and hemorrhage, whereas the gastrointestinal (GI) tract showed no
gross lesions. Immunohistochemical staining of liver, lung and lymphoid
tissues with an anti-PbTx antibody showed intense positive staining of
lymphocytes and macrophages in the lung, liver and lymphoid tissues (Bossart
et al., 1998). These results further support the involvement of PbTx in the
1996 epizootic, and furthermore, that its toxic effect in the manatees may
not have been due to its acute neurotoxic effects alone, but rather may have
resulted from chronic inhalation. In addition to its activity at the voltage-
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dependent sodium channel, indirect evidence supports the hypothesis that
PbTx may also inhibit the activity of cysteine cathepsins, a class of lysosomal
proteases that function in antigen presentation in B cells (Baden, 1996;
Bossart et al., 1998). Cathepsin inhibition would likely result in immune
suppression. It is also of note that immunohistochemical staining for the
interleukin-1b-converting enzyme (ICE) in these tissues showed positive
staining in the same cells. This confirms that the PbTx-immunopositive cells
were activated macrophages. ICE is a key mediator of release of inflammat-
ory cytokines from activated macrophages, which can result in fatal toxic
shock (Bossart et al., 1998). Retrospective immunohistochemical analysis
of tissues from animals affected in the 1982 epizootic also showed positive
staining for PbTx in tissue macrophages. Further insight into the implications
of the extensive PbTx immunostaining in tissue macrophages will require
exposure studies in an appropriate experimental model.

The 1982 and the 1996 manatee epizootics occurred under similar environ-
mental conditions. In both cases, the outflow of the Caloosahatchee River
was low, due to drought and water management practices, with resulting
high salinity in the bays and lower reaches of the river. Salinity in these
embayments, usually less than 26 parts per thousand (ppt), was well within
the 31–37 ppt salinity optimal for the maintenance of coastal blooms of
K. brevis during both the 1982 and 1996 events. Because river outflow is
regulated for water management purposes, it is possible that modification of
existing water management strategies during drought years, to maintain lower
salinities in the estuaries and lower river reaches, may provide some protec-
tion to manatees in the future (O’Shea et al., 1991; Bossart et al., 1998).

Like the manatees, mortalities of bottlenose dolphins have long been
linked circumstantially to red tides. The earliest report documenting the co-
occurrence of a red tide with mortalities of bottlenose dolphins was in south-
western Florida in 1946–7 (Gunter et al., 1948), where an extensive Florida
red tide persisted for 8 months, November 1946–August 1947, from Florida
Bay to St. Petersburg. At the time, the identity of K. brevis (then known as
Gymnodimium brevis) as the causative organism was tenuous and the toxin
was unidentified.

Brevetoxin was also proposed as a causative agent in an unprecedented
mortality of over 740 bottlenose dolphins, which occurred from June 1987 to
February 1988. The strandings began in New Jersey and continued southward
during fall and winter. During the fall of 1987, a rare bloom of K. brevis was
carried via the Loop Current from the Gulf of Mexico into the Atlantic, where
it became entrained in the Gulf Stream and moved northward as far as North
Carolina. A shoreward intrusion of warm Gulf Stream water onto the narrow
continental shelf in North Carolina carried the bloom shoreward in late Octo-
ber and permitted its maintenance in coastal waters until March 1988, where
it resulted in toxic shellfish and human NSP intoxications (Tester et al., 1991).
The unusual presence of a PbTx-producing bloom in mid-Atlantic coastal
waters prompted the investigation of PbTx in the dolphin mortalities.
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The evidence that PbTx was involved in this event remains equivocal.
PbTx was identified in fish from the stomach contents of one dolphin that
stranded in Florida in January 1988, as assessed by fish bioassay of a crude
chloroform extract and of thin-layer chromatography (TLC)-separated frac-
tions, and by HPLC analysis using ultraviolet (UV) detection at 215 nm.
Livers of 17 beached dolphins were similarly examined by fish bioassay of
extracts and by HPLC; eight livers tested positive for PbTx by these criteria
at levels of 0.083–15.82 µg/g (Baden, 1989), whereas livers from 17 control
bottlenose dolphins did not contain measurable PbTx. Five of the eight
positive livers were from bottlenose dolphins that stranded in Virginia in
August–September, prior to the K. brevis bloom that was documented in
North Carolina beginning in late October; whereas the other three positive
dolphins were from Florida and stranded in January–February 1988 (Geraci,
1989). In order for the animals from Virginia to have died from PbTx
exposure, Geraci (1989) propose that a bloom of K. brevis may have existed
in the Gulf Stream unnoticed prior to when the North Carolina bloom
occurred. However, based on the calculated transport rates of the Gulf
Stream system Tester et al. (1991) suggest that the origin of the October
North Carolina bloom was more likely a bloom that occurred in Charlotte
Harbor in September 1987. Transport to North Carolina would have taken
22–54 days, placing it in North Carolina by October 3–23. In the absence of
more definitive analytical methods at that time, HPLC-UV analysis suggested
that the toxin activity present in livers was PbTx-2. However, more recent
data suggest that PbTx-2 is rapidly metabolized to PbTx-3 and to polar
metabolites by both shellfish and mammals (Dickey et al., 1999; Poli et al.,
2000). Thus it is unlikely that PbTx-2 alone would be present. This further
calls into question the identity of PbTx-2 in livers of dolphins impacted in
the 1987 mortality event.

Most of the stranded dolphins in the 1987 epizootic exhibited a wide
range of pathologies associated with chronic physiological stress, including
fibrosis of the liver and lung, adhesions of abdominal and thoracic viscera,
and secondary fungal and microbial infections associated with immune
suppression, which was evidenced by pathological changes in lymph nodes
(Geraci, 1989). Levels of organic contaminants in the blubber were among
the highest recorded for a cetacean (Geraci, 1989). However, extensive
analyses for organic contaminants and infectious agents did not identify a
causative agent at the time of the investigation. In a retrospective study,
however, histologic examinations of lung and lymph nodes using an immun-
operoxidase staining technique identified morbillivirus antigen in 42 of 79
dolphins examined (Lipscomb et al., 1994). Morbillivirus infection in other
mammals causes immunosuppression that commonly promotes opportunistic
infections; the frequent occurrence of fungal and bacterial infections in the
dolphins was consistent with an immunocompromised condition. Although
this was the first report of morbillivirus in bottlenose dolphins, morbilliviruses
have been suggested to be a major causative agent of pinniped and cetacean
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mortality events worldwide (Lipscomb et al., 1994; see also Chapter 1 in this
volume).

Analysis of the involvement of PbTx in the most recent dolphin epizootic
associated with red tide benefited from improvements in analytical methods
for PbTx that have occurred over the past decade. During August 1999–
February 2000, over 120 bottlenose dolphins stranded along the Florida
panhandle, a fourfold increase over historical records for this area. Two peaks
of stranding coincided with a persistent K. brevis bloom in the same region,
which also came ashore as two pulses, the first around St. Josephs Bay in
September 1999 and the second around Choctawhatchee Bay in November
1999–January 2000. The strandings were evenly distributed among sexes
and age classes. Most animals were in good physical condition. However,
autolysis of tissues following stranding made only 24 animals suitable for
analysis. Histopathological examination showed significant upper respirat-
ory tract lesions, which consisted of lymphoplasmacytic oropharyngitis and
tracheitis (Mase et al., 2000). Other changes included lymphoplasmacytic
intersititial pneumonia and lymphoid tissue depletion. Polymerase chain
reaction (PCR) analysis for morbillivirus was negative in the animals tested.
Brevetoxin-specific staining was found in the lung and spleen of two fresh-
dead animals suitable for analysis, using the immunoperoxidase method of
Bossart et al. (1998). In addition, brevetoxin was identified by receptor
binding assay and confirmed by LC-MS/MS in 29 per cent of the stranded
animals, with the highest concentrations found in stomach contents
(undetected to 474 ng/g), followed by liver (undetected to 163 ng/g) and kidney
(undetected to 4.8 ng/g) (Leighfield and Van Dolah, unpublished). Brevetoxin
was not found in either the spleen or lung by these methods. This differs
from the tissue distribution of PbTx observed in manatees in the 1996
epizootic, in which brevetoxin was present in lung (3.7–158 ng/g) and kidney
(1.75–138 ng/g) at higher concentrations than liver (5.7–51.4 ng/g) (Baden,
1996). Because little was known about the metabolism of brevetoxins, and
nothing was known about their metabolism in marine mammals, liver and
stomach extracts were fractionated by HPLC, and column fractions were
tested for cross-reactivity using a radioimmunoassay (RIA) (method of Poli
et al., 2000). PbTx-3 was predominant in stomach contents, made up prim-
arily of fish. Since PbTx-2 is the predominant toxin produced by K. brevis,
this implies that PbTx-2 had been metabolized to PbTx-3 in the fish, or
that PbTx-3 had been selectively retained. Of PbTx-positive livers (n = 12)
examined by RIA, ten contained only PbTx-3, while two samples had both
PbTx-3 and a minor peak co-eluting with PbTx-2 (Leighfield and VanDolah,
unpublished). None of the polar metabolites of PbTx that have been identi-
fied in shellfish (Dickey et al., 1999; Poli et al., 2000) were present.

These data collectively provide evidence of PbTx involvement in the 1999–
2000 dolphin mortality event. However, neither acute nor chronic adverse
effect levels have been defined for brevetoxin exposure in bottlenose
dolphins, and the lethal dose is yet to be determined. In this mortality event,
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cell counts of K. brevis were as high as 4 × 106 cells/l in adjacent waters, with
brevetoxin concentrations of up to 26 µg/l (Leighfield, unpublished). This
cell concentration is no higher than concentrations frequently encountered
farther south on the west coast of Florida, where bottlenose dolphins are
essentially exposed to K. brevis red tides annually. The affected animals
were found to be coastal animals, as opposed to animals from an offshore
population, based on DNA analysis (P. Rosel, personal communication).
As in both the 1982 and 1996 manatee events, the K. brevis blooms asso-
ciated with the bottlenose dolphins mortalities on the Florida panhandle
were caught in semi-enclosed embayments. Possible explanations for the
unusually severe impact of this event on the bottlenose dolphins population
may include the involvement of another underlying agent that resulted in
increased susceptibility to PbTx, or the possibility that these animals were
physiologically or behaviorally ‘naïve’ to K. brevis blooms, which are his-
torically rare in this part of the Florida coast.

Ciguatera

Ciguatera fish poisoning (CFP) is another intoxication caused by a suite of
ladder-like polyether toxins known as ciguatoxins (CTX; Figure 10.1d), of
which there are currently more than 18 known congeners. CTXs are produced
by the dinoflagellate, Gambierdiscus toxicus, which grows as an epiphyte on
filamentous macroalgae associated with coral reefs and reef lagoons world-
wide (for a review, see Lewis and Holmes, 1993). CTX enters the food web
when these algae are grazed upon by herbivorous fishes and invertebrates,
and the toxins are biotransformed and bioaccumulated in the highest trophic
levels of reef fishes. Although ciguatera occurs persistently at certain loca-
tions, outbreaks are sporadic and unpredictable at others. Reef disturbance
due to storm damage or human activities frequently precedes ciguateric
conditions (Ruff, 1989; Kaly and Jones, 1994). The overgrowth of corals by
macroalgae, due to coral bleaching, overfishing or nutrient enrichment, may
also promote ciguateric conditions, by providing increased substrate for the
epiphytic G. toxicus (Bagnis, 1987; Kohler and Kohler, 1992).

The CTXs are structurally related to the brevetoxins and compete with
brevetoxin for binding to site 5 on the voltage-dependent sodium channel
with a high affinity (Kd ~ 0.04–4 nM) (Vernoux and Lewis, 1997). However,
the potency of CTX is much greater than that of PbTx: the minimum
toxicity level to humans is estimated at 0.5 ng/g fish flesh (Legrand, 1998).
The symptoms of ciguatera in humans include nausea, vomiting and diarrhea,
which may be followed by a variety of neurological symptoms, including
numbness of the perioral area and extremities, temperature dysthesia,
muscle and joint aches, headache, itching, tachycardia, hypertension, blurred
vision, paralysis and, in extreme cases, death. Following acute intoxication,
chronic symptoms often persist for weeks, months or even years.
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Evidence for the involvement of ciguatera in the morbidity or mortality
of marine mammals currently remains speculative. Ciguatera has been pro-
posed as one potential factor in the decline in populations of the highly
endangered Hawaiian monk seal (Monachus schauinslandi). A number of
other factors have also been attributed to its decline: habitat disturbance as
a result of human activity, starvation due to fishery competition, mobbing
behavior, predation by sharks, and a decadal-scale decrease in the product-
ivity of the central North Pacific, resulting in decreased food sources (Craig
and Ragen, 1999; Ragen and Lavigne, 1999). For the past several decades,
the largest population of monk seals has been located at French Frigate
Shoals, an atoll approximately 950 km north-west of Oahu, which reached a
peak in numbers in the 1980s, when it is believed the population was at its
carrying capacity. The population decline that has occurred over the past
decade has been attributed primarily to the poor survival rates among juven-
iles, associated with reduced sizes of weaned pups, emaciation and slower
growth rates of juveniles (Craig and Ragen, 1999). Populations elsewhere
in the atoll chain are also diminished, including those at Kure Atoll and
Midway Island. The relocation of young female monk seals from French
Frigate Shoals to Kure Atoll, as part of the Hawaiian monk seal recovery
plan, has been successful in increasing that population. Midway Island, the
former location of a naval air station, is the site of the most depleted monk
seal population (Gilmartin and Antonelis, 1998). This most likely reflects
habitat disturbance due to human inhabitation. With the closure of the air
station, a recovery plan for the Midway monk seal populations was put into
place, in which young females were relocated from French Frigate Shoals to
Midway. However, only 2 of 18 introduced animals survived beyond 1 year
(Gilmartin and Antonelis, 1998). The reasons for this mortality rate are
not clear, because prey populations were believed to be adequate, but one
hypothesis is that the reefs at Midway support a high incidence of ciguatera.
This suspicion was based in part on the possible involvement of ciguatera in
the deaths of 50 seals on Laysan Island in 1978 (Gilmartin et al., 1980) and
a historical record of human outbreaks of ciguatera on Midway (Banner
and Helfrich, 1964; Wilson and Jokiel, 1986). Preliminary surveys of known
prey fish species from the Midway lagoon were carried out in 1986 (Wilson
and Jokiel, 1986) and in 1992 (Vanderlip and Sakumoto, 1993), using the
‘stick test’ immunoassay for CTX (Hokama, 1985). Both surveys yielded
similar results, in which more than half of all fish tested were positive or
borderline-positive for the presence of CTX. Unfortunately, this assay and
its revisions are known to yield false positives, making the results ambigu-
ous (Vanderlip and Sakumoto, 1993; Dickey et al., 1994). Therefore, further
evaluation of the occurrence of ciguateric fish in Midway atoll, as well as its
potential impact on monk seals, is recommended as a research agenda for
the recovery plan for the Hawaiian monk seal population at Midway Island
(Gilmartin and Antonelis, 1998).
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Conclusions

Investigations into marine mammal mortality events over the past two
decades have yielded considerable insight into the ecological conditions asso-
ciated with exposure of marine mammals to harmful algal blooms, the food
web vectors that carry toxins to marine mammals, the symptoms associated
with algal toxin exposure, pathology of toxin exposure and, to some degree,
toxicokinetics of specific toxin classes in marine mammals. Compelling
evidence points to the involvement of three of the major algal toxin classes
in marine mammal morbidity and mortality: saxitoxins in mass mortalities
of humpback whales and Mediterranean monk seals; domoic acid in
mortalities of California sea lions, sea otters and gray whales; and brevetoxins
in mortalities of bottlenose dolphins and Florida manatees. Circumstantial
evidence suggests that ciguatoxins may be involved in the poor survival of
Hawaiian monk seals. However, confirmation of any of these toxins as the
sole causative agent remains difficult because acute, subacute and chronic
adverse effects levels have not been defined for any toxin or toxin metabolite
in any species of marine mammal. Coordinated, multidisciplinary responses
to unusual mortality events, in combination with establishing the background
body burdens, particularly of the lipophilic toxins, will be critical to resolv-
ing these questions.
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11 Toxicology of sirenians

Thomas J. O’Shea

Introduction

Marine mammals of the order Sirenia differ greatly from cetaceans, pinnipeds,
sea otters and polar bears. Sirenians have an evolutionary lineage distinct
from these groups, and among living mammals are more closely related to
the terrestrial elephants and hyraxes than to other aquatic species. Sirenians
are herbivores that feed primarily on marine and freshwater plants, and are
thus exposed to toxic substances through ingestion solely at lower levels of
food webs. Unlike other groups of marine mammals, they occur only in
warm, tropical or subtropical coastal waters and associated freshwater sys-
tems, primarily in the developing world (Marsh and Lefebvre, 1994). Their
distribution is limited to areas where macroscopic aquatic plants occur, and
by an intolerance to cool water dictated by low metabolic rates and high
thermal conductance (Whitehead, 1977; Gallivan and Best, 1980; Irvine,
1983). The four species of extant sirenians are all protected worldwide by
various laws and treaties because of concern about their population status.
In many areas populations are considered declining or have been extirpated
(Marsh and Lefebvre, 1994). Most of the negative human impacts on sirenian
populations have been a result of hunting, incidental entanglement in artisanal
fisheries, habitat change and accidental collisions with boats.

There is limited evidence for direct impacts of toxic substances on sirenian
populations, with the exception of biotoxins (Bossart et al., 1998, see Van
Dolah et al., Chapter 10 in this volume for review). Nevertheless, because
sirenian populations are naturally limited in growth potential by slow
reproductive rates and require high survival to maintain stable or increasing
populations (O’Shea et al., 1995), any added impacts of toxic substances on
reproduction or mortality of these animals could have serious consequences
for population recovery and would be cause for concern. For this reason,
a number of investigators have examined tissues of sirenians from various
parts of the world for the presence of contaminants, or have otherwise
evaluated them from a toxicological standpoint. This chapter provides an
overview of this previous work and its implications. Modern sirenians are
classified in two families (Rathbun, 1984). The Dugongidae includes the
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dugong (Dugong dugon) and the recently extinct Steller’s sea cow
(Hydrodamalis gigas). The Trichechidae comprises three species of manatees.

Dugongs

Although the dugong is distributed across the warm marine waters of the
coastal Indo-Pacific from Malagasy to eastern Australia, toxicologic informa-
tion is limited to individuals from Australia and Sulawesi Island, Indonesia
(Tables 11.1 and 11.2). Polychlorinated biphenyls (PCBs) have been reported
in one study of dugongs from Australia at concentrations ranging from
not detected to 3 ng/g in fat (Table 11.1; Haynes et al., 1999a), and from
unquantifiable concentrations to 209 µg/kg (lipid weight) in a second study
(Vetter et al., 2001). These concentrations are very low in comparison with
those in marine mammals other than sirenians, and are several orders of
magnitude less than maximum values found in pinnipeds or odontocete
cetaceans globally (which can range to 1000 µg/g or more in exceptional
cases, as summarized in O’Shea, 1999). Maximum concentrations of ∑PCBs
in blubber of dugongs from north-eastern Queensland were two orders of
magnitude less than in blubber of bottlenose dolphins (Tursiops truncatus)

Table 11.1 Summary of toxic organic contaminant residue surveys in tissues of
dugongs (wet weight basis, unless otherwise noted)

Contaminant Tissue n Concentration Reference
mean (range) and

comments

PCBs
∑PCBs Muscle 2 ND A
∑PCBs (17 congeners) Liver 3 ND B
∑PCBs (10 congeners) Blubber 7 NQ-209 µg/kg lipid D
PCB 28 Fat 3 2.14 (0.89–3.00) ng/g B
PCB 170 Fat 3 0.06 (0.03–0.07) ng/g B

Blubber 7 NQ–29 µg/kg lipid D
PCBs 52, 77, 99, 101, Fat 3 ND B
105, 118, 126, 138,
153, 156, 169, 180,
199, 202, 209
PCB 138 Blubber 7 13–127 µg/kg lipid D
PCB 153 Blubber 7 34–68 µg/kg lipid D
PCB 180 Blubber 7 10–31 µg/kg lipid D

PAHs Fat 3 ND B

PCDDs/PCDFs
2,3,7,8-TCDD Blubber 3 3.7 (2.3–6.0) ng/kg C
1,2,3,7,8-PeCDD Blubber 3 8.4 (5.8–10) ng/kg C
1,2,3,4,7,8-HxCDD Blubber 3 9.9 (7.6–11) ng/kg C
1,2,3,6,7,8-HxCDD Blubber 3 12.2 (8.7–14) ng/kg C
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Table 11.1 (cont’d)

Contaminant Tissue n Concentration Reference
mean (range) and

comments

1,2,3,7,8,9-HxCDD Blubber 3 11.3 (7.9–13) ng/kg C
1,2,3,4,6,7,8-HpCDD Blubber 3 59.3 (44–72) ng/kg C
OCDD Blubber 3 206 (170–250) ng/kg C
2,3,7,8-TCDF Blubber 3 ND C
1,2,3,7,8-PeCDF Blubber 3 ND C
2,3,4,7,8-PeCDF Blubber 3 ND C
1,2,3,4,7,8-HxCDF Blubber 3 ND C
1,2,3,6,7,8-HxCDF Blubber 3 ND C
1,2,3,7,8,9-HxCDF Blubber 3 ND C
2,3,4,6,7,8-HxCDF Blubber 3 ND C
1,2,3,4,6,7,8-HpCDF Blubber 3 5.2 (2.5–6.7) ng/kg C
1,2,3,4,7,8,9-HpCDF Blubber 3 ND C
OCDF Blubber 3 20.3 (3.5–9.5) ng/kg C

OC Pesticides
p,p′-DDE Liver 3 0.5 (ND–1.2) µg/g B

Fat 3 4.0 (0.9–8.0) µg/g B
Muscle 2 ND A
Blubber 7 NQ–161 µg/kg lipid D

p,p′-DDD Liver, Fat 3 ND B
Muscle 2 ND A
Blubber 7 NQ–5.4 µg/kg lipid D

p,p′-DDT Liver, Fat 3 ND B
Muscle 2 ND A
Blubber 7 NQ–6.5 µg/kg lipid D

Dieldrin Liver 3 0.3 (ND–0.5) µg/g B
Fat 3 1.6 (0.9–2.1) µg/g B
Muscle 2 ND A
Blubber 7 NQ–14 D

Aldrin Liver, Fat 3 ND B
HCB Liver, Fat 3 ND B

Muscle 2 ND A
Blubber 7 NQ D

ϒ-BHC Liver, Fat 3 ND B
Muscle 2 ND A

Heptachlor Liver, Fat 3 ND B
Heptachlor epoxide Liver, Fat 3 ND B
Oxychlordane, trans-, Blubber 7 NQ D
cis-chlordane, trans-,
cis-nonachlor
Toxaphene compound Blubber 7 NQ D

ND, not detected, entered as 0 in computations; NQ = not quantified due to low level or
interference.
References and comments: A, Sulawesi Island, Indonesia, 1975 (Miyazaki et al., 1979); B,
Great Barrier Reef region, Australia, 1996 (Haynes et al., 1999a); C, Great Barrier Reef region,
Australia, 1996 (Haynes et al., 1999b); D, coastal Queensland, Australia, 1996–1999 (Vetter et
al., 2001).
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Table 11.2 Summary of toxic element residue surveys in tissues of dugongs (µg/g dry
weight basis except as noted)

Element Tissue n Concentration Reference and
mean (range) comments

Ag Muscle 25 (<0.1–<0.2) F
Liver 42 (0.2–38.8) F
Kidney 28 (<0.1–8.0) F
Brain 3 (0.8–1.4) F

Al Muscle 3 (6.4–54.9) B
Liver 3 (10.8–27.4) B

As Muscle 2 0.03 (0.015–0.05) A
Muscle 3 (0.44–0.605) B
Liver 3 (2.2–3.1) B
Muscle 1 <0.12 C
Muscle 4 (0.12–0.29) D

Cd Muscle 2 0.08 (0.03–0.12) A
Muscle 3 (0.046–0.081) B
Muscle 1 <0.6 C
Muscle 4 0.04–0.12 D
Muscle 1 <0.16 E
Muscle 25 (<0.1–<0.2) F
Liver 3 (3.6–5.9) B
Liver 2 14 (13–15) C
Liver 4 (18–36) D
Liver 2 26.5 (16.4–36.7) E
Liver 42 (0.1–58.8) F
Kidney 1 57 E
Kidney 28 (0.2–309) F
Brain 3 (0.1–0.2) F

Co Muscle 2 0.41 (0.40–0.43) A
Muscle 25 (<0.2–<0.5) F
Muscle 3 (0.098–0.36) B
Liver 42 (0.5–72.0) F
Liver 3 (22–40) B
Kidney 28 (0.1–6.5) F
Brain 3 <0.4 F

Cr Muscle 25 (<0.3–<0.5) F
Muscle 3 (1.1–1.95) B
Liver 42 (<0.2–<0.5) F
Liver 3 (0.62–0.93) B
Kidney 28 (<0.2–<0.3) F
Brain 3 <0.3 F

Cu Muscle 2 0.86 (0.74–0.97) A
Muscle 3 (1.2–1.7) B
Muscle 25 (0.4–2.9) F
Muscle 1 0.95 E
Muscle 1 <1.1 C
Muscle 4 (0.53–1.15) D
Liver 42 (9.1–608) F
Liver 2 64 (21.9–107) E
Liver 2 37 (8.6–28) C
Liver 4 (83–1406) D
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Table 11.2 (cont’d)

Element Tissue n Concentration Reference and
mean (range) comments

Liver 3 (77–168) B
Kidney 28 (2.7–16.6) F
Brain 3 (7.8–11.7) F

Fe Muscle 2 25 (18–32) A
Muscle 25 (28–337) F
Muscle 1 77 E
Muscle 3 (90–100) B
Liver 42 (778–82 363) F
Liver 2 (25 879–69 377) E
Liver 3 (2360–19 800) B
Kidney 28 (222–3059) F
Brain 3 (115–138) F

Hg Muscle 2 (0.002–0.005) A
Muscle 1 0.01 G
Muscle 1 <0.02 C
Muscle 4 <0.04 D
Muscle 3 <0.005 B
Liver 2 (0.05–0.05) G
Liver 2 (<0.02–0.03) C
Liver 4 (0.08–0.15) D
Liver 3 (0.069–0.1) B
Kidney 2 (ND–0.05) G

MeHg Muscle 2 (ND–0.004) A
Mn Muscle 2 0.063 (0.031–0.094) A

Muscle 25 (0.1–3.6) F
Muscle 1 <0.2 C
Muscle 3 (0.6–7) B
Liver 3 (8.7–34.9) B
Liver 42 (1.3–9.2) F
Liver 2 (4.3–9.9) C
Kidney 28 (1.3–8.9) F
Brain 3 (1.1–2.2) F

Ni Muscle 2 0.9 (0.55–1.25) A
Muscle 25 (<0.2–<0.5) F
Muscle 3 (0.16–0.31) B
Liver 42 (<0.1–<0.3) F
Liver 3 (0.28–2.1) B
Kidney 28 (<0.1–<0.3) F
Muscle 1 ND E
Liver 2 ND E
Kidney 1 ND E
Brain 3 <0.4 F

Pb Muscle 25 (<0.3–<0.5) F
Muscle 2 0.22 (0.20–0.25) A
Muscle 1 0.13 C
Muscle 4 (0.08–0.16) D
Muscle 3 (0.076–0.34) B
Liver 42 (<0.1–<0.30) F
Liver 2 (0.17–0.38) C
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Liver 4 (0.19–0.38) D
Liver 3 (0.15–0.49) B
Kidney 28 (<0.1–<0.3) F
Muscle 1 ND E
Liver 2 ND E
Kidney 1 ND E
Brain 3 <0.5 F

Se Muscle 2 0.08 (0.074–0.087) A
Muscle 4 (0.25–0.90) D
Muscle 3 (0.34–0.72) B
Liver 4 (4.2–6.1) D
Liver 3 (1.3–2.4) B

Zn Muscle 2 22.2 (14.8–29.5) A
Muscle 25 (32–113) F
Muscle 1 0.39 E
Muscle 1 82 C
Muscle 4 (5–98) D
Muscle 3 (31–73) B
Liver 2 (1378–1928) E
Liver 42 (219–4183) F
Liver 2 (1205–1380) C
Liver 4 (380–2736) D
Liver 3 (2010–3470) B
Kidney 28 (74.4–278) F
Kidney 1 164 E
Brain 3 (35.7–36.3) F

ND, not detected, entered in computations as 0.
References and comments: A, Sulawesi Island, Indonesia, 1975, wet weight basis (Miyazaki
et al., 1979); B, Great Barrier Reef region, Australia, 1996 (Haynes et al., 1999a); C, McArthur
River, Northern Territory, Australia, 1992 (Parry and Munksgaard 1992, 1993, cited in Haynes
et al., 1999a); D, Boigu Island, Torres Strait 1991–1993 (Dight and Gladstone, 1993; Gladstone,
1996, cited in Haynes et al., 1999a); E, McArthur River, Northern Territory, Australia 1984
(Marsh, 1989); F, northern Queensland, Australia, 1974–1978 (Denton et al., 1980); G, north-
ern Queensland, Australia, 1977–1980, wet weight basis (Denton and Breck, 1981).

Table 11.2 (cont’d)

Element Tissue n Concentration Reference and
mean (range) comments

sampled in the same study (Vetter et al., 2001). Interestingly, however, the
congener-specific profile reported for a small number of dugongs sampled
in one study (Haynes et al., 1999a) was very different from that found in
cetaceans or pinnipeds. In these other taxa, more highly chlorinated congeners
predominate, such as the di-ortho PCBs 138, 153 and 180 (e.g. Marsili and
Focardi, 1996; Tanabe et al., 1997; Wolkers et al., 1998). These congeners
were not detected in dugongs from the northern Queensland coast, whereas
PCBs 28 and 170 were the only two congeners found of the 17 analyzed;
these are usually only minor contributors to the total PCB profiles in other
marine mammals. These preliminary findings may imply that exposure to
individual congeners may be very different at the dugong trophic level, at
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least in north-eastern Australia, or that dugongs have a very different meta-
bolic capacity for PCBs (PCBs that are very recalcitrant to metabolism in
cetaceans and pinnipeds were not found in dugongs). In a second study of
PCBs in blubber of dugongs from north-eastern Queensland, however, Vetter
et al. (2001) detected minor amounts of PCBs 138, 153 and 180, as well as
PCB 170. In the latter study, highest concentrations were reached in females
rather than males, unlike the typical situation in other marine mammals. As
in other marine mammals, low concentrations of PCBs (2.6–19 µg/kg lipid)
and DDT and metabolites (<8 µg/kg lipid) found in blubber of a fetus verify
that these compounds can cross the placenta in dugongs (Vetter et al., 2001).

In contrast to low concentrations of PCBs and organochlorine pesticides
and metabolites in dugongs, a recent report (Haynes et al., 1999b) reveals
dioxins and dibenzofurans in blubber of dugongs from north-eastern
Australia at concentrations ranging up to 390 ng/kg (Table 11.1), relatively
high amounts for marine mammals. For example, a maximum concentra-
tion of 250 ng/kg OCDD in one of these dugongs exceeds all published
estimates for this congener in blubber of cetaceans of which I am aware,
including over 50 individuals in seven species of odontocetes from widely
scattered areas of the world’s oceans (Kannan et al., 1989; Buckland et al.,
1990; Norstrom et al., 1990; Jarman et al., 1996; van Scheppingen et al.,
1996). Only congeners with at least 2,3,7,8-chlorination were found in these
dugongs, PCDDs predominated over PCDFs, and OCDD was highest. Octa-
and hepta-chlorinated compounds predominated over tetra- and penta-forms.
Dugongs appear to be unlike other marine mammals, where the total toxic
equivalents (TEQs) are attributed primarily to certain classes of PCBs rather
than PCDDs/PCDFs. The sources and possible effects of these dibenzodioxins
and dibenzofurans on dugongs are not fully understood. Possible sources
could include higher exposure than in other marine mammals because of
feeding close to sediments, relatively higher inputs of OCDDs and hepta-
chlorinated dibenzodioxins (hepta-CDDs) from adjacent agricultural regions,
biotransformation from precursors during hindgut digestion, or unique
metabolic degradation capacities (Haynes et al., 1999b). Recent analysis of
PCDD and PCDF concentrations in sediments and seagrass samples from
dugong habitat in the Great Barrier Reef supports the hypothesis that high
exposure from contaminated sediments is the likely explanation (McLachlan
et al., 2001).

Organochlorine pesticides and metabolites reported from fat of dugongs
include p,p-DDE and dieldrin, at concentrations ranging up to 8.0 and
2.1 µg/g, respectively (Table 11.1). Several other organochlorines have been
reported as not detectable in fat or other tissues of most dugongs sampled
thus far, including p,p-DDD, p,p-DDT, aldrin, HCB, α-benzene hexachloride
(BHC), β-BHC, γ-BHC, heptachlor and heptachlor epoxide, and various
other components of chlordane and toxaphene (Table 11.1; Miyazaki et al.,
1979; Haynes et al., 1999a; Vetter et al., 2001). In addition to organochlorines,
Haynes et al. (1999a; David Haynes, 27 September 2001, personal
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communication) examined fat samples of three dugongs for a range of 2- to
6-ring PAHs, but found none (detection limit 2.6 ng/g). Vetter et al. (2001)
reported the presence of polybrominated compounds in tissues of dugongs
from coastal north-eastern Queensland, but concentrations appeared to
be about two orders of magnitude less than in small cetaceans from the
same region. Blubber of these dugongs was also reported to contain a natur-
ally occurring persistent organochlorine, ‘Q1’ (C9H3Cl7N2), most likely a
heptachlorobipyrrole (Vetter et al., 2001).

Metals have been reported in various tissues of about 57 dugongs
(Table 11.2). In the most extensive study, Denton et al. (1980) reported on
cadmium, chromium, cobalt, copper, iron, lead, manganese, nickel, silver
and zinc in muscle, liver and kidneys of dugongs collected from northern
Queensland in 1974–1978. They also analyzed elements in seagrasses used
as forage. The focus of the study was based on nutritional considerations,
rather than environmental pollution. Negligible amounts of nickel, lead and
chromium were found in dugong tissues. Findings included numerous cor-
relations among elemental concentrations in various tissues, correlations
with element concentrations in tissues and age, as well as differences by sex.
Concentrations of cadmium in kidneys were positively correlated with age,
consistent with findings in other mammals, and marine mammals in par-
ticular (O’Shea, 1999). Maximum concentrations of 309 µg/g (dry weight)
cadmium were reported in a 30-year-old dugong from Mornington Island
(Denton et al., 1980). Other elements that occurred in exceptionally high
concentrations were iron, zinc, copper, cadmium, cobalt and silver in livers.
Manganese and copper decreased with age in livers and kidneys, whereas
zinc increased; iron increased with age in muscle and liver, silver increased
in kidneys and cobalt increased in livers; and no relationships were observed
with age and silver in livers, iron and cobalt in kidneys, and zinc in muscle
(Denton et al., 1980). Maximum concentrations of iron, zinc, copper, cobalt
and silver in livers were much higher than in other marine mammals. It was
hypothesized that unusual aspects of the metal status of dugongs were related
to dietary imbalances of elements in their seagrass forage. High natural
levels of elements such as iron were found in seagrasses from the study area,
whereas copper was low. Extensive hemosiderin pigment granulation was
observed in histological examination of livers, particularly in older speci-
mens. No pathological changes were observed. It was suggested that with
high dietary iron, and relatively low dietary phosphates and copper, dugongs
store excess iron in the liver as hemosiderin. These authors also suggested
that depigmented areas of skin may be associated with dietary deficiencies
of copper. The many intriguing relationships of elements in tissues of dugongs
merits further study, particularly from a nutritional standpoint.

Analyses of mercury in dugong tissues have been limited to muscle tissues
of two individuals from Sulawesi Island, Indonesia, and liver, muscle and
kidney of one and liver of a second from northern Queensland (Table 11.2).
Concentrations were very low. Analyses for methylmercury were only
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carried out in muscle of the dugongs from Indonesia. One individual had
0.004 µg/g (wet weight) methylmercury and 0.005 µg/g total mercury;
the other had no detectable methylmercury and 0.002 µg/g total mercury
(Miyazaki et al., 1979). Arsenic has also been reported at low concentra-
tions in tissues of a few dugongs (Table 11.2). Concentrations of aluminum,
arsenic, cadmium, chromium, cobalt, copper, iron, mercury, manganese,
nickel, lead, selenium and zinc were determined in liver, muscle and fat of
three dugongs from the Great Barrier Reef region of Australia (Table 11.2;
Haynes et al., 1999a). Concentrations of elements in liver and muscle of
these three dugongs were generally consistent with the findings of others and
were largely unremarkable. Results of elemental analyses in fat were uni-
formly low (fat tissue is not usually an important depot for potentially toxic
elements) and are not tabulated in this review.

There have been no verified reports of die-offs of dugongs unequivocally
attributed to specific toxic substances. St. Aubin and Lounsbury (1990)
summarize reports by others of 53 dugongs found dead in 1983 in the
Persian Gulf. Numerous other marine vertebrates were also found dead at
this time, which coincided with major oil pollution events from drilling well
platforms damaged during the Iran–Iraq war. Preen (1988) reported the
occurrence of at least 37 dugong carcasses on the shores of Saudi Arabia
and Bahrain during the Nowruz oil spill from 1983 to 1985, but no carcasses
were examined (Preen, 1988). Unlike manatees, few dugongs have been held
captive. To my knowledge, none have been used to document clinically nor-
mal values for biomarkers or other toxicologic data in the scientific literature.
One report (Oke, 1967) attributed the death of a captive dugong to exposure
to copper sulfate added to its holding tank as an algicide, but did not
provide further information to substantiate this hypothesis.

Manatees

There are three species of manatees, which inhabit large rivers, estuaries or
coastal areas of the tropical and subtropical Atlantic. To my knowledge,
there is no toxicological information available on West African (Trichechus
senegalensis) or Amazonian manatees (T. inunguis), but a limited amount of
data exist for the West Indian manatee (T. manatus). PCBs in the Florida
manatee subspecies (Trichechus manatus latirostris) are very low in com-
parison with those in cetaceans and pinnipeds. Ames and Van Vleet (1996)
detected no PCBs (Aroclor standard) in 11 blubber, 19 kidney and 15 liver
samples (at 0.1 ng/g detection limits) of Florida manatees collected in 1990–
3. In samples collected about a decade earlier (1977–81), O’Shea et al. (1984)
reported PCBs (Aroclor standard) in 13 of 26 blubber samples (at 0.1 µg/g
detection limits), ranging between 0.5 and 4.6 µg/g in positive samples
(Table 11.3); all of the 13 with PCBs were from carcasses recovered from
relatively urbanized areas of Florida. PCBs were not detected in four blubber
samples collected from south-western Florida manatees in 1982 (O’Shea
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Table 11.3 Summary of toxic organic contaminant residue surveys in tissues of Florida
manatees (wet weight basis)

Contaminant Tissue n Concentration Reference and
mean (range) comments

∑PCBs Blubber 26 0.7 (ND–4.6) µg/g A
Blubber 4 ND B
Blubber 1 <1.0 µg/g C
Blubber 11 ND D
Liver 15 ND D
Liver 1 <1.0 µg/g C
Kidney 19 ND D
Brain, Muscle, 1 <1.0 µg/g C
Mammary

OC Pesticides
∑DDT Blubber 26 0.04 (ND–0.28) µg/g A
p,p′-DDE Blubber 4 0.01 (ND–0.25) µg/g B

Blubber 1 <1.0 µg/g C
Blubber 11 ND D
Brain, Liver, 1 <1.0 µg/g C
Muscle
Mammary 1 ND C

o,p′-DDT Blubber 11 ND D
Liver 15 0.03 (ND–0.36) µg/g D

o,p′-DDD Liver 15 0.04 (ND–0.67) µg/g D
Kidney 19 0.04 (ND–0.67) µg/g D
Blubber 11 ND D

Dieldrin Blubber 26 0.04 (ND–0.36) µg/g A
Blubber 11 ND D
Blubber, 1 ND C
Mammary,
Muscle
Liver 1 <1.0 µg/g C
Brain 1 <1.0 µg/g C

ND, not detected, entered into computations as 0.
Summaries of other organochlorines investigated but not detected appear in the text of this
chapter.
References and comments: A, throughout Florida, 1977–81 (O’Shea et al., 1984); B, south-
western Florida, 1982 (O’Shea et al., 1991); C, north-eastern Florida, 1974 (Forrester et al.,
1975); D, throughout Florida, 1990–3 (Ames and Van Vleet, 1996).

et al., 1991). Individual PCB congener determinations have not been made
in Florida manatee tissues, nor have determinations of PCDDs/PCDFs or
PAHs.

Organochlorine pesticides and metabolites have been analyzed in various
tissues of up to 50 individual Florida manatees. Concentrations are also very
low in comparison with some other marine mammals. Positive analytical
results (Table 11.3) include detection of dieldrin (at 0.1 µg/g detection limits)
in just 4 of 26 blubber samples collected in 1977–81, none of four collected
in 1982, and in none of 11 blubber, 19 kidney and 11 liver samples collected
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in 1990–3. ∑DDT was reported at 0.5–4.6 µg/g in only 5 of the 26 blubber
samples from 1977 to 1981, and as p,p′-DDE in 2 of 4 sampled in 1982
(Table 11.3). More recent samples from 1990–3 reported o,p′-DDD in 1 of
15 livers (at 0.67 µg/g) and 1 of 19 kidneys (at 0.67 µg/g), and o,p′-DDT in 2
of 15 livers (at 0.087 and 0.356 µg/g), but no DDT metabolites in 11 blubber
samples (at 0.1 ng/g detection limits). No p,p′-isomers were detected in these
recent samples, which is unusual in that in most marine mammals these
isomers are much more prevalent and at higher concentrations than the
o,p′-isomers (O’Shea, 1999). Trace amounts of HCB were found in 1 of 11
blubber and 1 of 15 liver samples, and traces of γ-BHC were found in 1 of
15 liver and 4 of 15 kidney samples from manatee carcasses found from
1990 to 1993. It is noteworthy to also summarize what was not detected in
these studies. O’Shea et al. (1984, 1991) failed to detect (at 0.1 µg/g detection
limits) the following organochlorines in any of 30 blubber samples: heptachlor
epoxide, oxychlordane, cis-chlordane, trans-nonachlor, cis-nonachlor, endrin,
HCB, mirex or toxaphene. Ames and Van Vleet (1996) failed to detect (at
0.1 ng/g detection limits) the following organochlorines in any liver, kidney,
or blubber samples from up to 19 individuals: aldrin, α-BHC, β-BHC,
γ-BHC, cis-chlordane, trans-chlordane, p,p′-DDE, p,p′-DDD, p,p′-DDT,
o,p′-DDE, dieldrin, endrin, heptachlor, heptachlor epoxide, mirex, trans-
nonachlor, simazine or toxaphene. Clifton and Wright (1995) examined a
series of Florida manatee livers for 34 organic compounds, but found no
detectable residues.

The occurrence of potentially toxic elements has been reported for tissues
of Florida manatees, and for the Antillean manatee subspecies (Trichechus
manatus manatus) from the Bay of Chetumal, Mexico (Table 11.4). Concen-
trations reported have not been suggestive of toxicity. Clifton and Wright
(1995) also recently examined a series of Florida manatee livers for 28 ele-
ments, but detected only aluminum, cadmium and copper in both fresh and
moderately decomposed samples. Elements investigated in Florida manatees
collected during the late 1970s and early 1980s were cadmium, copper, iron,
lead, mercury and selenium. Mercury was found at very low concentrations
(maximum of 0.5 µg/g dry weight basis) in livers of 27 Florida manatees,
and was not detected in muscle (O’Shea et al., 1984, 1991). Some species
of cetaceans and pinnipeds, in contrast, have mercury concentrations of
hundreds and even thousands of µg/g in livers, without apparent harm
because of detoxification mechanisms that include a positive correlation
with selenium (summarized in O’Shea, 1999). Selenium concentrations in
Florida manatee tissues are uniformly low (Table 11.4). Methylmercury
investigations have not been reported in manatees.

Lead concentrations in livers and kidneys of Florida manatees were
higher and more variable than mercury or selenium, and maxima were
typical of upper estimates for other marine mammals (summarized in O’Shea,
1999). An unusually high concentration of 128 µg/g (wet weight) lead in
bone of a manatee from Chetumal Bay, Mexico is amongst the highest lead
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Table 11.4 Summary of surveys of West Indian manatee tissues for toxic elements
(µg/g dry weight basis except where noted)

Subspecies Tissue Element n Concentration Reference and
mean (range) comments

Trichechus Kidney Cd 38 25.7 (ND–190) A
manatus Cd 8 – (1.2–22.4) B; wet weight basis
latirostris Pb 20 5.2 (3.3–7.1) A

Liver Cu 54 175 (4.4–1200) A
Cu 8 42.8 (21.8–56.8) B
Fe 35 1920 (460–8200) A
Hg 19 0.01 (ND–0.2) A
Hg 8 0.2 (ND–0.54) B
Pb 19 2.7 (1.8–4.4) A
Pb 8 1.7 (0.44–5.1) B
Se 19 0.42 (ND–1.1) A

Muscle Hg 27 ND A
Brain Hg 2 ND–0.11 B

Pb 2 ND–0.5 B
Trichechus Bone Hg 19 0.1–3.2 C
manatus Bone 14 elements 19 See text C
manatus Blood 4 elements 9 See text C

ND, not detected, entered in computations as zero.
Dashes indicate data unavailable in original report.
References and comments: A, throughout Florida, 1977–81 (O’Shea et al., 1984); B, south-
western Florida, 1982 (O’Shea et al., 1991); C, Chetumal Bay, Mexico, wet weight basis
(Austrebertha et al., 1999).

concentrations reported in marine mammals (Austrebertha et al., 1999).
Cadmium concentrations in kidneys showed high variability in Florida
manatees, reaching as high as 109 µg/g dry weight. Much of this variability
was positively correlated with body length, a surrogate for age (O’Shea
et al., 1984). Age-related increases in cadmium in kidneys of other marine
mammals, to even higher concentrations, are well known, and cadmium
toxicity has not been observed in these animals, presumably because of an
ameliorative effect of metallothionein proteins (O’Shea, 1999). Evidence of
lead or cadmium poisoning has not been reported in Florida manatees.
However, high concentrations of lead and cadmium can be reached in tissues
of aquatic plants growing in contaminated environments (Mayes et al., 1977;
Cooley and Martin, 1979; Welsh and Denny, 1980). Because of this, future
studies of manatee carcasses should continue to determine concentrations of
these elements and examine tissues for associated pathology.

One interesting finding regarding potentially toxic elements in Florida
manatees surrounded exposure to copper during the late 1970s and early
1980s. Copper-based herbicides were used to control nuisance aquatic plants
in some parts of the state, and were particularly heavily used in one import-
ant manatee refuge. In most mammals, copper typically decreases with age
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and is highest in neonates. This was also found in Florida manatees, but
even after statistical adjustment for age-related effects, manatee carcasses
in areas with high copper herbicide use had significantly greater concentra-
tions of copper in livers (O’Shea et al., 1984). Concentrations as high as
1200 µg/g (dry weight basis) were observed. No evidence of an influence of
dietary iron on copper concentrations was found. Investigators in this study
were unable to uncover field evidence of copper poisoning in manatees, and
did not claim that toxic impacts had actually occurred. However, they noted
that prudent aquatic weed management should reduce the use of copper as
an herbicide in areas relied on by manatees for feeding. They based this
recommendation on the findings that some of these manatees had very high
copper levels in livers, comparable to some other mammalian species in
which toxicity had been demonstrated, and that treated aquatic plants can
concentrate copper to amounts known to be toxic in feeding studies of other
species of mammals (O’Shea et al., 1984).

Bones from 19 and blood from nine individual manatees from Quintana
Roo, Mexico, were analyzed for up to 14 elements (Austrebertha et al., 1999).
In bone, highest variability was found in copper, iron, mercury and potassium,
and lowest in calcium, cadmium, chromium, lead, magnesium, nickel and
zinc. Element concentrations varied according to bone type, and numerous
inter-element correlations were found. In comparison with values in the
literature on bone from other species of marine mammals, manatee bone
from Quintana Roo was relatively high in cadmium, copper, lead, mangan-
ese and mercury.

There have been reports of multiple deaths of manatees tied to red-tide
outbreaks of the dinoflagellate Karenia brevis on the Gulf coast of Florida
(Layne, 1965; O’Shea et al., 1991; Bossart et al., 1998). Until the most recent
and largest mass mortality event, in which at least 149 manatees were found
dead along the south-western coast of Florida in March–April 1996, solid
toxicological findings implicating the responsible agent were elusive, and
conclusions about causative agents relied on circumstantial and epidemio-
logical evidence. However, Bossart et al. (1998) were able to uncover direct
evidence based on the 1996 event, and could retrospectively assign similar
characteristics based on tissues saved from an earlier event in 1982. They
detected the presence of brevetoxin in manatee tissues with a synaptosomal
assay, and utilized immunohistochemical staining with a polyclonal primary
antibody to brevetoxin to demonstrate that the presence of the agent pro-
duced by this Karenia brevis red-tide was correlated with histopathologic
lesions. Results suggested that both acute and chronic exposure responses
may occur. Inhalation of aerosolized toxins was the likely mode of expos-
ure, a hypothesis which was supported by findings of extensive lesions in
the upper respiratory tract (Bossart et al., 1998). Two pathways of toxicosis
are probably involved with brevetoxin exposure: a neurotoxic mode, and
a hemotoxic mode, involving hemolytic anemia and hemosiderosis in mul-
tiple tissues following more chronic exposure. There is also potential for a

Ve
tB

oo
ks

.ir



Toxicology in sirenians 283

fatal toxic shock syndrome through the release of inflammatory mediators,
consistent with immunostaining results and general lesions observed in the
manatees. The immunohistochemical findings also supported theoretical
explanations for the molecular and cellular modes of action of these polyether
marine toxins (Bossart et al., 1998).

Several studies of captive and wild manatees have reported clinical ranges
for various hematological and blood chemistry parameters that can be con-
sidered biomarkers of potential use as reference values for future toxicological
studies (e.g. Medway et al., 1982a, b; O’Shea et al., 1985; Converse et al.,
1994; Walsh and Bossart, 1999). Although no controlled toxicological
experiments have been carried out on manatees, they are generally easier to
maintain in captivity than dugongs, and dozens are held at various facilities
around the world. Phillips (1964) reported that 2–3 captive manatees died at
Miami Seaquarium in the 1950s after the area adjacent to the tank had been
sprayed with DDT and chlordane, and suggested that airborne oil droplets
containing these organochlorines had reached the water surface and were
subsequently absorbed, causing death. However, no further documentation
to substantiate this suggestion is available. Although not directly related to
chemical toxicology, Florida manatees are known to ingest marine debris
and to suffer injuries and death as a consequence (Beck and Barros, 1991).
No large oil spills have occurred in Florida or elsewhere accompanied by
reports of toxic impacts on manatees. It is possible that manatees could
ingest tar balls or fresh petroleum, and could encounter spilled oil, resulting
in cutaneous and mucous membrane exposure, but these possibilities and
subsequent toxicological effects are limited to the realm of speculation
(St. Aubin and Lounsbury, 1990).

Conclusions

Studies undertaken thus far suggest that anthropogenic chemicals have not
reached high concentrations in sirenians in comparison with other marine
mammals. This is likely due in part to their low position in marine food
webs. No evidence has been uncovered that suggests direct toxic effects of
environmental pollutants on sirenians. However, this does not mean that
future research on this topic should be of low priority. Not only are these
species of conservation concern, but they also present unique comparative
models for the science of toxicology. The number of studies directly address-
ing the topic of toxicology in sirenians has been very limited, particularly
considering the extensive distribution of these taxa. No data are available
concerning aspects of toxicology in two of the four species. Much of the
kind of information that has emerged from studies of other marine mammals
does not exist for any sirenians, including activities of P450 enzymes or the
presence of other biomarkers. The determination of specific congeners and
complex metabolites of various organochlorines in sirenians also suffers
from inadequate sampling. Conservation implications remain important
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because many of the areas where sirenians currently exist are in developing
tropical countries, where pollution controls may be weak, and where some
organochlorines and other chemicals banned in developed nations continue
to be produced and applied. Some sirenian populations occupy coastal
nearshore areas and rivers, where agricultural and industrial contamination
may be very high (e.g. Mou Sue et al., 1990). Because manatees and dugongs
spend a considerable time in contact with sediments where certain con-
taminants can accumulate, their exposures may contrast strongly with those
of pelagic marine mammals. Certain contaminants may be more prevalent
in sediments, such as the butyltins (Tanabe, 1999) (not yet investigated in
sirenians) or the dioxins (found in interesting patterns in three dugongs).
Furthermore, aquatic vegetation can accumulate unusual concentrations
of some potentially toxic elements (e.g. Denton et al., 1980; O’Shea et al.,
1984) not typically encountered by other marine mammals. The patterns
of contamination seen with some organochlorines in sirenians appears to be
unique in marine mammals, albeit with low amounts of compounds present
but at atypical relative abundances of certain metabolites and congeners in
comparison with cetaceans or pinnipeds. This may imply unique metabolic
degradation systems in sirenians, perhaps tied to natural selection for bio-
chemical resistance to plant defensive compounds during their evolutionary
history. The possible existence of such pathways are worthy subjects for
further toxicological study. The presence of a reasonably large number of
manatees in captivity could allow such studies if designed in a non-harmful
way. The large number of manatees recovered dead in Florida each year in
a systematic carcass recovery program (Ackerman et al., 1995) could also
provide considerable numbers of samples for study. The development of
unique immunohistochemical techniques to study brevetoxins in manatees
in response to a die-off in 1996 (Bossart et al., 1998) is a prime example of
the potential applications of studies of sirenians to more general advances in
the science of toxicology.
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12 Cetaceans and contaminants

Theo Colborn and Michael J. Smolen

Introduction

This chapter builds on an earlier epidemiological analysis of the literature
on cetaceans that focused on the health status of individuals and populations
in relation to concentrations of organochlorine contaminants in the animals
(Colborn and Smolen, 1996). It includes recent literature on cetaceans
and incorporates information about other chlorinated and non-chlorinated
contaminants that are now becoming recognized as hazardous to living
organisms. It also takes into consideration the growing knowledge about the
physical and chemical condition of the cetaceans’ environment and focuses
on those contaminants, newly reported or increasing in background concen-
trations, in marine systems. When available, information from laboratory
studies about the health effects of the contaminants is presented. In closing,
this chapter relates this information to how contaminant-driven, phenotypic
shifts among a sizable proportion of individuals in a population might lead
to population destabilization.

There are still no directed, long-term studies on the status of the health of
large whales and their populations relative to their exposure to contaminants.
Instead, the synthesis that follows includes information about patterns of
damage and the mechanisms of action of chemicals that can lead to the
effects reported in other cetaceans, pinnipeds, other wildlife that thrive in
marine systems, laboratory animals and humans exposed to the same chem-
icals. Parallel results from other species are presented as insight into possible
health effects in cetaceans. By applying what is known about the concentra-
tions of chemicals in individual animals, and what is known about the impacts
of these chemicals on cell, tissue and organ function in other vertebrates,
an attempt is made to provide an estimation of the potential risks to large
cetaceans. This approach is based on the shared and highly conservative
biochemical pathways and processes among vertebrate taxa, with an emphasis
on animals’ endocrine systems.

Demonstrating a relationship between an adverse health effect and an
environmental contaminant in humans poses severe challenges because
there are no unexposed populations for comparison and because, for ethical
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reasons, experiments cannot be undertaken on humans. Because so little is
known about cetaceans compared with humans, any attempt to provide
unequivocal evidence of a causal relationship between the health of a cetacean
and a specific chemical would be impossible unless the exposure were
extremely high and large-scale mortality was evident. Because this chapter
addresses insidious health hazards from exposure to environmentally relevant
concentrations of a number of widely distributed anthropogenic chemicals,
inference and the weight of evidence are used to interpret the findings.

Background

Since the mid-1940s, large numbers of industrial chemicals and pesticides
have been released in the environment, which have changed the chemical
composition of the biosphere. Today, the most persistent, large-volume chem-
icals of the past 75 years have become ubiquitous, their final resting place,
the large seas and oceans (Mackay et al., 1992; Iwata et al., 1993). As these
man-made chemicals continue to build up in the marine environment, they
pose a threat to top predators such as large odontocete and mysticete whales
(Tanabe et al., 1994). Even though organic chemical analytical techniques
over the past two decades have become increasingly more sensitive, the high
cost of this analysis has limited their use. As a result, chemists tracked only
a small group of compounds in the organochlorine family that were fat
soluble and accumulated in animal tissue. Recently, however, scientists have
discovered that other large-volume chlorinated and non-chlorinated com-
pounds (e.g. brominated and chlorinated fire retardants, phenolic detergents,
fluorinated compounds and plastics components) that were overlooked in
the past also have the potential to interfere with the development and func-
tion of all animals, including cetaceans. Like the organochlorine chemicals,
these newly discovered toxicants were considered to be benign at the time
they were first released, and, consequently, are now widely dispersed in the
marine environment.

Persistent organochlorine contaminants

Evidence of the pervasiveness and persistence of several industrial and agricul-
tural organochlorine chemicals led to their restricted use, or bans, in a number
of developed countries in the early 1970s. This included polychlorinated
biphenyls (PCBs), 1,1,1-trichloro-2,2′-bis-p-chlorophenyl-ethane (DDT),
dieldrin, chlordane, camphenes (toxaphene), lindane (hexachlorocyclohexane
or HCH), hexachlorobenzene (HCB), and mirex. As a result, concentrations
of the above chemicals declined in European and North American waters,
as well as in animal tissues, between the late 1970s and mid-1980s (Addison
and Zinck, 1986; Gregor et al., 1995). Since the late 1980s, concentrations
have remained relatively constant in these regions, with the exception of DDT,
which appears to be declining once again in some regions (Aono et al.,
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1998). However, in other regions of the world, and especially in marine
systems, PCBs appear to be increasing (Gregor et al., 1995). For example, in
an extensive survey of organochlorine contaminants in minke whales from
the Antarctic (Balaenoptera bonaerensis) and the North Pacific (Balaenoptera
acutorostrata), Aono et al. (1998) found that PCB and HCB concentrations
increased significantly in the Antarctic whales sampled during 1984–5
and 1992–3. There was little change in the concentrations of the other
organochlorine chemicals since 1985, which is similar to the pattern in the
developed regions of the northern hemisphere. PCBs also increased in North
Pacific whale samples between 1987 and 1994 (Aono et al., 1998). Concen-
trations of organochlorine chemicals in tissues of the Antarctic minke whales
were lower than in the North Pacific minke whales, perhaps because the
Antarctic whales feed lower in the food web (krill) than the northern whales.
Also, the animals in the 1990s survey were older and therefore exposed
longer, which may add bias to the results. Aono et al. (1998) suggest that
their results may reflect the continuous input of PCBs into the system and
that perhaps some equilibrium of PCBs is taking place in the North Pacific.

A number of the organochlorine chemicals found in cetacean tissues have
the potential to interfere with an animal’s ability to develop and behave
normally, to reproduce, or to cope with stress and infectious diseases (Colborn
et al., 1993). Today, no young whale is born without some of these chem-
icals in its body, and in some cases, at relatively high concentrations. The
chemicals accumulate in the mother over her lifetime and are transferred
to the offspring from her blood during gestation and from her milk during
lactation (Béland, 1996a). For example, a female beluga (Delphinapterus
leucas) in the St. Lawrence River estuary delivers 10 ppm PCBs to her calf
in her milk fat (Béland, 1996a). This is ten times higher than the concentra-
tion in the breast milk fat of human mothers living at lower latitudes in the
industrialized world (Jensen and Slorach, 1991). It is also ten times higher
than the concentration at which neurodevelopmental deficits are measurable
in human infants (Jacobson and Jacobson, 1996). It is acknowledged here
that analytical protocols for determining total PCB concentrations in an
individual can vary among and within laboratories over time. Tissue selec-
tion varies as well, making comparisons difficult at the individual level.

Unequivocal evidence from humans and laboratory animals reveals that
the unborn and nursing offspring are far more sensitive to chemical per-
turbation than their adult counterparts (Bern, 1992). Prenatal or lactational
exposure to chemicals that interfere with the natural hormones that control
development can affect the offspring’s ability to reach its fullest potential
and impair its reproductive success (McLachlan et al., 1981). In most cases,
such prenatal effects are permanent and may not be recognizable until long
after birth (Gray, 1992), if they are recognized at all. Such shifts in func-
tionality imposed indirectly by synthetic chemicals from one generation to
the next make it difficult to determine with any accuracy the health status of
an individual animal or its population.
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In light of the growing knowledge about these transgenerational effects,
concern has broadened beyond acute toxicity and gross and obvious birth
defects when determining the hazards of exposure to toxic chemicals. It now
includes the invisible, but equally devastating, damage to an individual’s
immune, endocrine, nervous and reproductive systems, and the developing
brain that undermine the individual’s ability to function at its fullest potential
and to reproduce. For example, cetaceans have evolved with unique audit-
ory and visual faculties that allow them to live in the ocean environment.
They need the fullest complement of their special sensory and behavioral
systems to insure their reproductive success and survival. Biologists may
never be able to evaluate hearing integrity or any of the other vital functions
in whales that assure their survival. However, they should not dismiss con-
cerns that the performance of a whale’s vital systems has been altered. Con-
sequently, biologists cannot assume that a population of whales is stable
when they observe breeding-age adult whales accompanied by what appear
to be healthy young. Only continued monitoring of survival of individual
whales and their offspring and long-term population recruitment studies will
provide the necessary assessment to determine whether the offspring have
the functional capacity to survive and reproduce (Rolland et al., 1995, 1997;
Colborn et al., 1998).

Health status of large cetaceans

Not much is reported in the scientific literature about the health status of
individual larger toothed whales, and less about baleen whales. This is also
the case for the amount of data on contamination in the larger whales. The
whales’ pelagic environment, secretive lifestyle and migratory behavior limit
human observation and contribute to this lack of information.

Contaminants in large cetaceans

Because the concentration of a synthetic chemical in cetacean tissue alone
provides little insight about its toxicity, scientists must rely on studies
involving other species of wildlife, laboratory animals and humans to estim-
ate the toxicity of the chemical. As specific mechanisms of action of con-
taminants at the molecular level are described for other species, considerations
about similar processes can then be applied to cetaceans. For example, a
slight change or shift from normal in a biochemical process or physiological
function, as a result of exposure, may not be visible or immediately appear
harmful. On the other hand, it has now been demonstrated that such a change
at the molecular or cellular level can set off cascades of events that eventu-
ally lead to changes in an individual’s phenotype, although the individual’s
life expectancy may not be shortened. These phenotypic differences might
include structural, physiological and behavioral shifts from the norm. Wide-
spread, insidious changes of this nature among individuals can undermine
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their potential and the stability of a population, thereby increasing its risk
of extirpation (Rolland et al., 1997; Colborn et al., 1998).

Dioxin toxicity factors and equivalents

An assay that measures a compound’s ability to bind to the aryl hydrocarbon
(Ah) receptor and activate the cytochrome P450 system in rat liver hepatoma
cells (H4IIE) is frequently used by wildlife biologists to link quantitative
chemical data in animal tissue with a measurable biochemical response (Cook
et al., 1997). The assay provides additional evidence of the presence of
certain compounds in a tissue sample, as well as a measure of a compound’s
potential toxicity. Of the chemicals that bind to the Ah receptor, 2,3,7,8-
TCDD (dioxin) has the greatest potency. The non-, mono-, or di-ortho
chlorine-substituted PCB congeners and some furan congeners have planar
configurations similar to dioxin that facilitate their binding to the receptor as
well. Upon binding to the receptor, they elicit the same receptor-mediated
changes in in vitro cell assays, but with less potency. Because the planar
organochlorine chemical, dioxin, activates the strongest response in living cells,
it has been used as a standard to establish toxicity equivalence factors (TEFs)
for other chemicals that bind to the Ah receptor. Chemicals that induce the
Ah enzyme have been associated with immune suppression (Ross et al., 1996a),
dermal disorders, birth defects and cancer (Safe, 1990). They have also been
associated with neurodevelopmental and neurobehavioral deficits in wildlife
and human offspring as the result of prenatal exposure (Brouwer et al., 1995),
interfering with production, metabolism and excretion of estrogenic and
androgenic hormones (Keys et al., 1985; Sanderson et al., 1997), and inter-
fering with normal sexual development and behavior (Peterson et al., 1992).

There are a number of instances where application of Ah enzyme assays
have been employed to determine potential adverse health effects in cetaceans
(Gauthier et al., 1997; Weisbrod et al., 2000). For example, by multiplying
standardized dioxin TEFs adopted by the World Health Organization (WHO)
for 12 PCB congeners (77, 81, 105, 114, 118, 123, 126, 156, 157, 167, 169 and
189) with the amount of each of these congeners in a biological sample and
summing them, the total of the activity of PCBs quantified in samples can
be reported in terms of dioxin toxicity equivalents (TEQs) (van Leeuwen,
1997) (Table 12.1). Tissue samples can also be introduced into the Ah in vitro
assay system to measure their Ah activity directly. It should be pointed out
that in almost every instance when the results of this direct technique were
compared with the results from the TEF approach, the summed TEQ values
were higher, suggesting that some antagonistic activity takes place in the real
world (Jones et al., 1996). The WHO has standardized TEFs for mammals,
fish and birds, and found little difference in induction activity among labor-
atory animals and wild mammals. Because there are not enough data to
provide TEFs specifically for cetaceans, the WHO TEF values for humans
and mammals were used in this estimation.
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An interim method for estimating baleen whale risk from
exposure to dioxin-like PCBs

Specific PCB congener data for baleen whale tissue are rare. However, an
estimation of the hazard of exposure to dioxin and dioxin-like PCBs, based
on TEQs, posed to baleen whales is possible using the data from Gauthier
et al. (1997) and Weisbrod et al. (2000). Gauthier et al. (1997) report con-
centrations of 19 PCB congeners for 49 individuals from four species of baleen
whales: northwestern Atlantic minke whales (Balaenoptera acurostrata), fin
whales (Balaenoptera physalis), blue whales (Balaenoptera musculus), and
humpback whales (Megaptera novaeangliae). Of the congeners recognized
by the WHO as Ah enzyme inducers, only the values for PCB 105 and 118
were reported. Under ideal circumstances, values for all of the WHO con-
geners with known Ah activity would be available for the baleen whales. We
propose that when planar congener data are missing, an approximation of
TEQs for baleen whales can be made by using congener patterns found in
other cetaceans. Deriving such estimates will not provide exact values but
could provide valuable insight for determining what the risk might be to
baleen whales from exposure to planar PCB congeners.

van Scheppingen et al. (1996) report concentrations of six planar PCB
congeners (PCB 77, 105, 118, 126, 156 and 169) in harbor porpoises (Phocoena
phocoena), two of which (105 and 118) are reported in the whales by Gauthier
et al. (1997). They also report concentrations of other PCB congeners,
seven of which are also reported by Gauthier et al. (1997) (Table 12.2). A
comparison of the proportion of the nine common congeners in each taxon
reveals that their profiles are quite similar (Table 12.3). It is then possible
to estimate the four other planar PCB congeners in the whales, based on
their proportions in the porpoises (Table 12.4). TEQs for the baleen whales
can then be inferred based on the two planar PCB congeners measured by
Gauthier et al. (1997) or based on the approximation including the four
additional planar PCB congeners in the porpoises (see TEQs estimated in
Table 12.4).

A similar comparison is also possible using data available for right whales
(Balaena glacialis) as reported by Weisbrod et al. (2000). In this analysis,

Table 12.1 Example of computation of dioxin toxicity equivalents (TEQs) for No. 3
porpoise of van Scheppingen et al. (1996) in Tables 12.4 and 12.5

PCB congener 77 105 118 126 156 169 Total
TEQs

A Dioxin TEFs 0.0001 0.0001 0.0001 0.01 0.0005 0.01
B Conc. (ppb) 1.18 375 1250 0.30 96 0.38
C A × B 1.18 × 10−4 0.0375 0.125 3 × 10−3 0.048 3.8 × 10−3

C × 1000 (ppt) 0.118 37.5 125 3 48 3.8 217.42

Computed minimum TEQs = 217.42 ppt based on measurements of 6 of 12 possible PCB congeners, using
the formula Σ TEQ = Σ (TEF × Conc. PCB congener ppb × 1000).
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Table 12.2 Percent total weight of nine PCB congeners quantified in each study
and common to four species of baleen whales (n = 49) and harbor porpoises (n = 26,
n = 10)

PCB congeners (percent total weight)

105 118 138 153 170 180 194 195 209

Harbor porpoise (n=26) 1.56 5.69 28.01 46.18 6.26 10.28 1.38 0.48 0.12
Harbor porpoise (n=10) 1.14 4.87 27.62 47.78 6.04 10.28 1.37 0.49 0.12
Baleen whale (n=49) 0.06 16.68 25.59 37.48 4.55 13.35 1.50 0.61 0.17

Table 12.4 Estimated dioxin toxicity equivalents (TEQs) (pg/g) for six PCB planar
congeners in four species of baleen whales reported in Gauthier et al. (1997)

#77* #126* #105** #118** #156* #169* ∑PCB** TEQs
[0.0001] [0.01] [0.0001] [0.0001] [0.0005] [0.01] [ppm] [total]

Minke
whale no.
9138 0.01 4.39 0 33.1 2.85 1.48 3.55 41.8
9139 0.01 3.66 0 14.3 2.38 1.23 2.96 21.6
9140 0.00 1.62 0 13.6 1.05 0.55 1.58 16.8
9141 0.01 2.24 0 9.3 1.45 0.76 1.80 13.8
9142 0.01 2.85 0 21.5 1.85 0.96 2.60 27.2
9143 0.01 4.83 0 34.0 3.14 1.63 3.46 43.6
9144 0.01 2.20 0 10.9 1.43 0.74 2.23 15.3
9145 0.02 6.29 0 49.4 4.09 2.12 4.78 61.9
9146 0.03 9.43 0 63.3 6.13 3.18 7.02 82.1
9147 0.01 3.53 0 14.1 2.30 1.19 2.93 21.1
9148 0.01 1.80 0 13.0 1.17 0.61 1.52 16.6
9149 0.00 1.34 0 8.7 0.87 0.45 1.22 11.4
9150 0.01 3.09 0 19.0 2.01 1.04 2.27 25.1
9152 0.01 2.36 0 19.7 1.53 0.80 1.91 24.4
9155 0.01 1.82 0 8.4 1.18 0.61 1.21 12.0
9157 0.01 2.85 0 1.2 1.85 0.96 1.96 6.9
9158 0.01 3.80 0 26.5 2.47 1.28 2.50 34.1
9159 0.00 1.18 0 8.7 0.77 0.40 1.19 11.0
9162 0.00 1.34 0 5.6 0.87 0.45 1.30 8.3
9163 0.01 5.20 0 28.3 3.38 1.76 3.41 38.7
91114 0.02 8.46 0 33.1 5.50 2.86 5.25 49.9

Table 12.3 Proportion by weight of PCB 77, 126, 156 and 169 in harbor porpoises
based on the sum of the nine congeners common to those found in 49 baleen whales

PCB congeners (proportion)

77 126 156 169

Harbor porpoise 0.000070 0.000025 0.003276 0.000085
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Table 12.4 (cont’d )

#77* #126* #105** #118** #156* #169* ∑PCB** TEQs
[0.0001] [0.01] [0.0001] [0.0001] [0.0005] [0.01] [ppm] [total]

Fin whale
no.
9107 0.00 1.32 0 8.9 0.86 0.44 1.07 11.5
9116 0.01 3.29 0 23.8 2.14 1.11 2.49 30.3
9117 0.00 0.29 0 1.1 0.19 0.10 0.23 1.7
9118 0.00 1.55 0 7.8 1.01 0.52 1.39 10.9
9119 0.01 4.45 3.3 32.4 2.90 1.50 3.43 44.6
9123 0.01 2.27 0 11.7 1.48 0.77 1.70 16.2
9131 0.01 3.01 0 21.1 1.96 1.02 2.47 27.1
9132 0.00 1.13 0 7.5 0.73 0.38 0.91 9.7
9133 0.00 1.46 0 9.9 0.95 0.49 1.09 12.8
9134 0.00 0.43 0 2.9 0.28 0.15 0.32 3.8
9135 0.04 14.71 0 102.1 9.56 4.97 10.22 131.4
9153 0.03 12.28 0 87.2 7.98 4.14 8.36 111.6
9156 0.01 2.31 0 12.2 1.50 0.78 1.63 16.8
9160 0.01 2.53 0 17.1 1.64 0.85 2.05 22.1
91113 0.01 4.38 0 25.7 2.85 1.48 2.76 34.4

Blue
whale no.
9114 0.02 6.33 0 48.7 4.11 2.14 4.02 61.3
91109 0.00 1.75 0 14.3 1.14 0.59 1.58 17.8
9201 0.00 1.05 0.6 6.0 0.68 0.35 0.79 8.7
9202 0.03 9.33 0 70.4 6.06 3.15 6.07 89.0
9204 0.00 1.11 0 6.9 0.72 0.38 0.85 9.1
9222 0.01 3.48 0 30.9 2.26 1.17 2.70 37.8

Humpback
whale no.
9113 0.01 3.30 0 24.6 2.14 1.11 3.88 31.2
9122 0.00 1.51 0 10.7 0.98 0.51 1.18 13.7
9127 0.01 1.85 0 20.1 1.20 0.63 1.40 23.8
9128 0.01 2.73 0 26.5 1.77 0.92 2.79 31.9
9130 0.02 8.20 0 58.3 5.33 2.77 5.02 74.6
9151 0.01 2.55 0 16.3 1.66 0.86 1.60 21.4
9164 0.01 2.42 0 19.7 1.57 0.82 2.71 24.5

* Estimated concentration; ** measured concentration.
Congeners 105 and 118 were measured by the authors while congeners 77, 126, 156, and 169
are estimates based on the proportion of these congeners in harbor porpoises (van Scheppingen
et al., 1996). Sum of measured PCBs is reported. TEQs are computed as the sum of measured
and estimated congeners. See text for description of the analysis. Brackets include the TEFs
recognized by the WHO.

eight PCB congeners common to the harbor porpoise from van Scheppingen
et al. (1996) were used to estimate the congeners 77, 126, 169 and 156 in
right whales. These four estimated values were added to those measured in
the study (Table 12.5).

The estimates of the dioxin TEQs in these North Atlantic baleen whales
should be considered conservative. They are based on only six of the 12
dioxin-like PCB congeners recognized by the WHO. They do not take into
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Table 12.5 Estimated total TEQs (ng TEQ/kg) in baleen whales using six PCB
congeners

PCB congener: 105 118 77 126 156 169

Measured Estimated TEQs

Porpoise 27.55 94.87 0.14 4.89 31.98 16.32 175.75
Minke whale 0.00 20.75 0.01 0.35 2.29 1.17 24.56
Fin whale 0.22 24.76 0.01 0.36 2.29 1.22 28.96
Blue whale 0.10 29.53 0.01 0.38 2.46 1.26 33.74
Humpback whale 0.00 25.17 0.01 0.32 2.09 1.06 28.65
Right whale 94 6.90 23.60 0.01 0.32 2.10 1.07 34.00
Right whale 95 6.90 33.40 0.01 0.48 3.17 1.62 45.59
Right whale 96 2.90 9.00 0.00 0.12 0.76 0.39 13.16
Right whale ‘Jan’ 5.10 93.30 0.08 2.70 17.67 9.02 127.87

consideration the additional toxicity of any dioxin and furan congeners that
might be lodged in the whales’ tissues that were not quantified in the chem-
ical analyses. The estimated TEQs for the individual baleen whales reported
by Gauthier et al. (1997) range from 1.7 to 131.4 ng TEQ/kg with a mean of
30.88. The estimated TEQs for four groups of right whales ranged from
13.16 to 127.87 ng TEQ/kg. The unusually high measurement for the sample
from the right whale ‘Jan’ skews the mean; consequently the median is used
for an estimate of the right whale’s TEQ. The median TEQ for the four
samples is 39.79 ng TEQ/kg.

The estimated TEQs are ranked as right > blue > fin > humpback > minke
for the five species of baleen whales (Table 12.5). The four congeners that
were estimated based on proportions in harbor porpoises do not contribute
appreciable TEQs. Congener 118, which was measured by the investigators,
accounted for a majority of the computed TEQ value in the whales when
estimated in this manner.

Effects associated with this range of exposure vary among vertebrates.
Semi-confined seals fed Atlantic herring had 61.8 ng TEQ/kg (ppt) (based
on Ahlborg, 1994) in their blubber after 104 days, representing what would
be a low-dose cohort. In contrast, seals fed more highly contaminated Baltic
herring had 208.7 ng TEQ/kg (ppt) (Ross et al., 1996a). PCBs contributed
93 per cent of the TEQs in the seals, and the balance was from dioxins
and furans. Similarly, three dioxin-like PCBs contributed 95 per cent of the
toxicity, and the balance from dioxins and furans, in a Great Lakes study
looking at a troubled population of Forster’s terns (Sterna forsteri) (Kubiak
et al., 1989). In this study, reduced parental care, wasting, birth defects,
reduced hatchability, and reduced fledgling success in the population were
associated with the level of dioxin-like enzyme activity in the terns’ tissues
(Gilbertson et al., 1991). However, in a North Pacific study of albatrosses,
furans (30 per cent) and dioxins contributed a much larger percentage of
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the TEQs (Jones et al., 1996). In this study, eggs of the black-footed alba-
trosses (Diomedea nigripes) that feed only on the North Pacific Ocean had
123.4 pg/g TEQs computed using Ahlborg (1994) TEFs. The black-footed
albatrossess had higher embryo mortality and lower egg hatchability than
Laysan albatrosses (Diomedea immutabilis) with 48.4–51.7 TEQs in their
eggs. Not all the toxic congeners listed by Ahlborg (1994) were analyzed in
this study; thus this estimate may be low.

This discovery of the elevated contribution of furans and dioxins to the
total TEQs in the North Pacific raises concerns for the baleen whales because
of the recent discovery that 5 pg/g TCDD TEQs in lake trout eggs is a
threshold level for lake trout survival (Rolland et al., 1997). In this study,
researchers developed fish-specific TEFs for estimating the hazards to early
life-stages of freshwater fish. Core drills now confirm that dioxin exceeded
this level in the Great Lakes in the 1940s and 1950s and undoubtedly con-
tributed to the extirpation of lake trout and herring in this freshwater system.

Three North Pacific killer whales (Orcinus orca), a pregnant and a non-
pregnant female and a male, had 480, 380 and 300 ng/kg (ppt) total furans
in their blubber, respectively (Ono et al., 1987). No dioxins were found
in these animals, similar to the findings with beluga whales. However, this
suggests that TEQs contributed by furans should always be considered when
estimating exposure of baleen whales to known developmental contaminants.
Furans were not measured in the North Atlantic baleen whales. The baleen
TEQs in this study fall in the range of human exposure (Table 12.6). The
implications for the baleen whales will be discussed in greater detail later.

Organotin compounds

Like concentrations of organochlorine compounds in the aquatic environ-
ment that responded to regulation in the early 1970s, concentrations of
organotin compounds in some regions of the industrialized world are
showing signs of decline. However, reports continue to demonstrate that the
compounds are more widely dispersed than realized. Organotin compounds
have been used since the 1960s in paints to prevent barnacle, mussel, and
tubeworm build-up on ships and stationary structures such as piers, drill-
rigs, etc. They are used as slimicides on wood products, sisal ropes, leather
and jute; as helminthides by the poultry industry; and as rodenticides. Tin
compounds are also used as stabilizers and disinfectants in the production
of plastic products, such as polyvinyl chloride (PVC), and in the production
of polishes, floor waxes and laundry products. They are also found in sludge
from municipal waste treatment plants, which is used in fertilizer and thus
widely dispersed on land (World Health Organization, 1980, 1990).

About 10 years after organotins were introduced, reports of gastropod
population declines and extirpations associated with tributyltin (TBT) com-
menced (Oehlmann et al., 1996; Nicholson and Evans, 1997). When it was
discovered that TBT at extremely low concentrations (2.5 ng/l or ppt) in sea
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Table 12.6 Dioxin TEQs (pg/g) and effects reported for wildlife and humans

Species

Wood duck
(Aix sponsa)
Wood duck
(Aix sponsa)
Forster’s tern
(Sterna forsteri)

Forster’s tern
(Sterna forsteri)
Double-crested
cormorant
(Phalacrocorax
auritus)
Harbor seal
(Phoca vitulina)
Harbor seal
(Phoca vitulina)
Lake trout
(Salvelinus
namaycush)
Human
(Homo sapiens)

Superscript letters represent methods used to determine TEQs:
a TCDD-TEQ furans and dioxins (pg/g);
b dioxin and seven congeners of PCB TCDD-EQ (pg/g) H4IIE assay;
c direct in vitro H4IIE assay (pg/g);
d lipid adjusted serum, based on dioxin, furans, PCBs;
e from laboratory and field studies;
f TEQs derived from five dioxin, three furan and 14 PCB congeners.
g Triiodothyronine (T3), thyroxine (T4), thyroid stimulating hormone (TSH).
* Significant difference, P < 0.05.

TCDD-TEQ
(ppt)

5a

>20–50a

2175b (1983)

913b (1988)

85c

61.8d

208.7d

5.0e

30.75f

Effects

Egg hatchability

Reduced number of
fledglings*
Egg hatchability,*
wasting,* reduced
number of fledglings*
Wasting onset day 17

Egg mortality

No measured effects

Immune suppression

Survival threshold

Lower maternal
plasmag T3 and T4;
higher infant TSH

Reference

White and Seginak
(1994)
White and Seginak
(1994)
Kubiak et al. (1989)

Kubiak et al. (1989)

Tillett et al. (1992)

Ross et al. (1995)

Ross et al. (1995)

Rolland et al. (1997)

Koopman-Esseboom
et al. (1994)

water caused female whelks (Buccinum undatum) to grow penises, restrictions
were put on its use on small ships and boats by several developed nations.
However, its use on large ships was not banned, and in many parts of the
world TBT is still used on small vessels (Bryan et al., 1987). Three years
after the European Union banned the use of TBT, it was still present at
36.2 ng/l and total TBT (including metabolites) at 119.3 ng/l (n = 5) in a
natural sheltered harbor on the west coast of Sweden (Stuer-Lauridsen
and Dahl, 1995). There are few reports of improved gastropod recruitment
in harbors and coastal areas where TBT was banned (Tester et al., 1996).
Despite restrictions on its use, like the organochlorines, TBT is becoming
ubiquitous in the global environment, even measurable in tissue of marine
mammals from mid-oceans (Iwata et al., 1997).
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Larval and early stage female gastropods are especially sensitive to low
concentrations of TBT. They develop visible male external genitalia, a con-
dition called imposex, that leads to poor reproductive success and sterility
(Gibbs et al., 1987). Adult females exposed to TBT are not affected. This
phenomenon, where an effect is only expressed in individuals exposed very
early in development, is typical of chemicals that interfere with the end-
ocrine system (Colborn and Clement, 1992). TBT inhibits human placental
aromatase activity in vitro through competitive inhibition of aromatase
cytochrome P450 activity (Heidrich et al., 1999). Aromatase plays a critical
role in the conversion of testosterone to estradiol and maintaining the ratio
of female hormones to male hormones during sexual differentiation in
embryonic development.

Organotin compounds accumulate readily in animals at the top of the
marine food web (Kannan and Falandysz, 1997) and, as a result, seafood
holds higher concentrations of organotin compounds than other sources of
protein for human consumption (Kannan et al., 1995). The highest burdens
of TBT are reported in tissue from animals in coastal areas and inland seas
surrounding developed nations (Tanabe et al., 1998). TBT accumulates more
in the liver than the other organs and fat, much like mercury. Iwata et al.
(1997) measured TBT in a number of odontocetes from the North Pacific
and Asian coastal waters of Japan. Mean concentrations in the livers ranged
from 210 ng/g (ppb) wet weight (ww) in Baird’s beaked whales (Berardius
bairdii) (n = 3) to 2500 ng/g ww (ppb) in killer whales (n = 3) [see Tanabe
et al. (1998) for a list of large whales and their TBT residue levels].

When comparing the profiles of TBT metabolites among a number of
marine species, Iwata et al. (1997) discovered that cetaceans are not as
efficient in metabolizing and excreting TBT as pinnipeds. Steller’s sea lions
(Eumatopias jubatus) accumulate more TBT in their hair than any other
body tissue: 1500 ng/g ww (ppb or 1.5 ppm). About 26 per cent of the total
sea lion TBT body burden is eliminated from the body through shedding
hair (Kim et al., 1996a). By comparison, Risso’s dolphins (Grampus griseus)
carry as much as 6 ppm TBT in their liver and blubber. This may reflect the
dolphins’ lack of hair as an excretory pathway and may account for their
vulnerability to infections (Kim et al., 1996b).

TBT was measured in bottlenose dolphins (Tursiops truncatus) stranded
along the south-eastern US Atlantic and Gulf coasts between 1989 and
1994. The concentrations in the dolphins were the highest recorded to date,
suggesting that TBT may have been involved in the episodes (Kannan et al.,
1997). This is the first study that suggested a relationship between organotins
and cetacean health.

The rodent immune system appears to be the most sensitive to TBT and
its metabolites during the earliest stages of development (prenatal and early
postnatal) when compared with adults (Smialowicz et al., 1989). Immune
suppression induced by long-term exposure to TBT caused reduced resist-
ance to infections by the parasite, Trichinella spiralis, and the bacterium,
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Listeria monocytogenes (Vos et al., 1990). Ingestion of di- or tri-n-butyltin
dichloride led to a dose-dependent increase in thymic atrophy and resultant
suppression of T-cell responses in rats (Snoeij et al., 1988). In this study,
di-n-butyltin was the most potent. Maternal exposure to dibutyltin chloride
in rats also caused cleft jaw and lip, exencephaly, club foot and other
malformations (Ema et al., 1995).

DeLong and Rice (1997) report that 1.0 mg/kg (ppm) TBT potentiates
20-fold the Ah enzyme activity of 0.01 mg/kg (ppm) PCB 126 in mice treated
for 7 days. This effect was not seen at higher doses with either both chem-
icals together or with each chemical alone. These levels are within the range
of both PCB 126 and TBT found in fin fish and shellfish. In this study, high
doses of TBT alone inhibited Ah enzyme activity (DeLong and Rice, 1997).
The discovery of two common marine contaminants, TBT and PCB 126,
acting synergistically and producing an opposite effect than when one chem-
ical is administered alone at a higher dose reveals the complexity of dealing
with the vast numbers of chemicals in the marine environment. This is only
one combination of chemicals out of an enormous number of combinations
that are collecting in marine sediments and the water column. In addition,
as contaminants such as the vast mixtures of tin compounds travel from one
environmental compartment to another, they are susceptible to many con-
ditions that change their chemical and biochemical characteristics through
complex degradation and metabolic dynamics.

Mercury

Evidence from atmospheric and oceanic studies indicates that mercury
concentrations in certain regions of the global environment are increasing
(Swain et al., 1992; Arctic Monitoring and Assessment Programme, 1997).
The Arctic Monitoring and Assessment Program (AMAP) reported that
mercury was accumulating in the environment in north-west Arctic Canada
three times faster in the 1990s than in the 1970s. A threefold increase was
also found in the Baltic Sea, but in a shorter time span, between 1980 and
1993. According to AMAP, both cadmium and mercury are building up in
wildlife and human tissue in the Arctic to concentrations where they have
health implications. Dietz et al. (1996) found high levels of mercury (and
cadmium) in marine mammals and seabirds in Greenland, in some instances
exceeding Danish and FAO/WHO food standard limits. They provide a
comprehensive overview of mercury contamination in Greenland waters
from mollusks to fish to birds to the minke whale (sampled in 1980), beluga
(in 1985), and narwhal (Monodon monoceros) (in 1985) (Dietz et al., 1996).
The narwhal was the most highly contaminated. Riget and Dietz (2000) and
Johansen et al. (2000) provide evidence from the mid-1990s of continuing
high concentrations of mercury in Greenland marine species.

The US National Oceanographic and Atmospheric Administration’s
(NOAA) Coastal Sediment Database reveals that mercury and cadmium
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were the most frequent metals to appear above its ‘5× high’ contamination
concentrations in 3878 coastal sites off the US (Daskalakis and O’Connor,
1995). These values are five times higher than what the NOAA National
Status and Trends Program has established as high levels, based on their
Biological Effects Database for Sediments, using data on estuarine and marine
sediment toxicity. The ‘5× high’ sites, in most instances, were located near
coastal urban areas (Daskalakis and O’Connor, 1995).

Metallic mercury vaporizes readily at low temperatures and, riding on
hydrogen ions, can stay airborne for over 40 days. Depending on where it
settles, it can bind with local anions and form inorganic salts or, under
conditions of low oxygen in the presence of microbes, can be converted to
the organic form, or revaporize and travel once more on prevailing winds.

Mercury is often reported as total mercury in environmental samples,
which includes metallic mercury, the inorganic salts and the organic form.
The organic form, methylmercury, is fat-soluble and therefore more readily
assimilated than metallic mercury when ingested. It moves through cell mem-
branes and builds up in animal tissue. It is a developmental neurotoxicant,
readily crossing the placenta and sequestering in the fetal brain. Anaerobic
bacteria in sediments convert metallic mercury to methylmercury, which is
rapidly picked up by bottom-dwelling organisms. Via biomagnification,
methylmercury is conserved in animal tissue as it moves up the food web to
top predators in the system. In contrast, almost all metallic mercury passes
through the body unabsorbed. The total mercury burden in animal tissue
generally increases with age (Drescher et al., 1977; Dietz et al., 1996). In
fish, it can either become predominantly methylmercury with age, or the
reverse, where the inorganic mercury fraction increases with age, depending
where the fish are found in the water column (Holsbeek et al., 1997).

It appears that the anoxic conditions in the pelagic marine ecosystem
facilitate conversion of inorganic mercury to methylmercury. Some animals
using the deep oceans and seas carry higher burdens of mercury than coastal
animals. Seabirds show higher levels of mercury than coastal birds and thus
are excellent sentinels for mercury contamination in oceans (Furness and
Camphuysen, 1997; Monteiro and Furness, 1997). Burger and Gochfeld
(1995) report that among avian species they have studied, pelagic species
accumulate the highest mercury concentrations. Similarly, small cetaceans
carry higher concentrations of the organochlorine chemicals than terrestrial
animals; fish from the deep-sea carry higher concentrations of organochlorines
than some coastal fish (Ballschmiter et al., 1997); and storm petrels (Bulweria
bulwerii and Oceanodroma castro) (pelagic seabirds) carry more organic
mercury than coastal birds (Monteiro and Furness, 1997). In a scenario such
as this, animals at the top of the food web are most vulnerable.

Mercury is often found in highest concentrations in the liver of marine
mammals when compared with other organs (reviewed by Augier et al.,
1993). Harp seals (Pagophilus groenlandicus) fed fish containing 0.25 mg/kg
(ppm) methylmercury experienced a decline in appetite and weight loss in
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60 days and lethargy in 90 days. Seals exposed to 25 mg/kg (ppm) showed
weight loss in 3 days and died between days 20 and 30. Following the low-
dose regimen (0.25 mg/kg), concentrations of mercury in livers ranged from
64 ppm at 60 days to 82.5 ppm at 90 days, and following a 25 mg/kg regimen,
the concentration in liver was 126 ppm at death (Tessaro et al., 1977). For a
comprehensive review of the health effects of mercury on wildlife, see Wolfe
et al. (1998).

Recent findings of a Canadian research team concerning the effects of
mercury on the ability of beluga whale splenocytes to respond to immune
challenges raises questions about the hazards posed to marine mammals in a
system where mercury concentrations are increasing (De Guise et al., 1996b).
It appears that the immune system may be more sensitive to mercury
exposure than the nervous system. Using splenocytes from freshly collected
beluga whales in the Canadian Arctic, De Guise et al. (1996b) demonstrated
that HgCl2 [2 µg/g (ppm) Hg] significantly increased the number of dead
thymocytes with a Con-A challenge and reduced the proliferative response
of splenocytes and thymocytes compared with controls. Most important,
methylmercury [0.2 µg/g (ppm) MeHg] affected splenocytes at a dose 10 times
lower than that of mercury chloride (De Guise et al., 1996a). Among 30 dead
adult St. Lawrence beluga whales aged 13–31 years, concentrations of mer-
cury in livers ranged from 2.71 to 97.66 µg/g (ppm) MeHg, and in five juven-
iles aged 0–3.5 years, they ranged from 0.07 to 1.84 µg/g (ppm). Mercury
concentrations in livers of some of the older whales exceeded 64 µg/g (ppm),
the level at which the seals lost their appetites and became lethargic in the
Augier et al. (1993) study.

Emerging concerns

PCBs have generated more concern about the health hazards of synthetic
chemicals to cetaceans than any other class of chemicals. They are men-
tioned here because of the growing knowledge about their biotransforma-
tion, accumulation, metabolism and toxicity in humans and laboratory
and marine animals (Troisi et al., 1998; Letcher et al., 2000b) that hereto-
fore were not understood. Methylsulfone and hydroxylated metabolites of
PCBs are demonstrated endocrine disruptors that interfere with the thyroid
system and estrogen receptors. For a complete review see Letcher et al.
(2000a).

Plastics and plastics components

Over the past 10 years, a great deal of attention has been directed toward
the safety of a suite of large-volume chemicals that are used in the produc-
tion of plastics. There are no reports of plastic debris building up in the
gastrointestinal tracts of cetaceans, unlike the smaller vertebrates (Goldberg,
1997). However, an immense volume of plastics is accumulating in aquatic
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and marine systems, and their components are leaching into the water in
which the whales live.

Plastic products have become a delivery system not only for the additives
that give them their unique characteristics but also for the basic molecules
of the polymers that become unattached upon use and disposal. Plastics
were intentionally designed to be durable, some with projected half-lives of
over 1000 years. In many cases, the chemicals used in plastic production are
just as, or more, persistent than the industrial and agricultural organochlorine
chemicals that were regulated in the 1970s. In the US, this industry has grown
at the rate of 6–12 per cent per year since the mid-1940s, with annual pro-
duction of plastics in the US reaching 38.5 million metric tons (0.15 metric
tons per person) in 1996 (Society of the Plastics Industry, 1997). Globally,
122 million metric tons were produced in 1996, and it is estimated that
plastic production in the developing world will grow at the rate of 40 per
cent per year in the near future (Society of the Plastics Industry, 1997). In
some instances, additives contribute as much as 50 per cent or more to the
final weight of a plastic product.

Bulky plastic products as well as the invisible compounds can pose a
problem to marine animals. For example, adult albatrosses pick up plastic
debris from the surface of the North Pacific Ocean as they forage and take
the material back to their chicks on Midway Island, where they regurgitate
the plastic into the chicks as they are fed (Auman et al., 1997). The plastic
litter-polluted region off eastern Indonesia supports lower densities of di-
atoms and different macrofauna than litter-free regions (Uneputty and Evans,
1997). An Australian study revealed that the new generation soft scrub
cleansers contain granulated polyethylene, polypropylene or polystyrene
(Gregory, 1996). These minute particles accumulate at the air–water inter-
face and form a film that potentially interferes with the production of algae,
which is food for microscopic filter feeders at the base of the food web
(Goldberg, 1997). The energy lost as the filter feeders graze plastic must be
considered when determining the status of the marine food web and the well
being of all the animals in the oceans.

Up until a decade ago, plastics were generally considered biologically
inert. Consequently, no plastic additives or monomers have been monitored
systematically in tissues of whales or in any other animals, including humans.
However, it is now recognized that some plastic monomers and additives
have deleterious effects on the endocrine and immune systems and can inter-
fere with development and reproduction (Fowles et al., 1994; Jobling et al.,
1995; Sharpe et al., 1995). Several compounds have been discovered in the
tissues of other marine mammals, birds and fish (Peakall, 1975; Takei and
Sawa, 1995; Jones et al., 1996).

A commonly found biologically active plastic monomer, bisphenol A
(BPA), is used to make polycarbonates that have many modifications and
applications. For instance, BPA is used in the linings of food cans, five-
gallon water demijohns, high-impact glass, sporting goods and recreational
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equipment (e.g. boats, ships, waterskis, goggles, etc.), and was used to make
4 billion compact discs in 2000. It is among the plastic products found
floating on the surface of the oceans (Blight and Burger, 1997). In the labor-
atory, male offspring of mice fed BPA during gestation (2 or 20 ng/kg)
experience permanently heavier prostates, and in adulthood have reduced
sperm production (vom Saal et al., 1998). The dose used in this study was
25 000 times lower than the 50 mg/kg approved for daily human consump-
tion by the US Food and Drug Administration. BPA is an estrogen mimic,
about 1000 to 10 000 times weaker than free estradiol in vitro, the most
potent female hormone. However, if BPA is present during murine embryonic
development in vivo (0.23 ppb), it enhances the rate of pre- and postnatal
development (Takai et al., 2001) and can cause latent effects, such as heavier
prostates in males and early onset of puberty in females (2.4 ppb) (Howdeshell
et al., 1999).

Phthalates are a large and complex class of chemicals used to make plastics
flexible. They are found in all water samples (including tap water) and in
marine water around the world (Wams, 1987). Large amounts have already
been released into the environment. Among the phthalates, 3.9 million
metric tons of terephthalic acid and dimethylterephthalate were produced in
the US in 1995 (Chem Expo, 1998). As early as the late 1970s, the combined
atmospheric contribution of di-n-butyl phthalate (DBP) and di-2-ethylhexyl
phthalate (DEHP) to the Great Lakes ranged from 74.7 metric tons per year
in Lake Ontario to 32 tons in Lake Superior (Giam et al., 1978; Eisenreich
et al., 1981). DEHP was found in the air over the Gulf of Mexico at
0.4 ng/m3 and the North Atlantic at 2.9 ng/m3. It was found in air samples
at 500 m over Chiba Prefecture, Japan, at levels from 3 to 5300 µg/m3

(Watanabe, 2001). Phthalic acid esters were found in the sea-surface
microlayer in harbors in the North Sea (16 µg/l or 16 ppb) and Baltic Sea
(not detected (n.d.), 9, and 25 µg/l or 25 ppb) in 1985 (Kocan et al., 1987).
DEHP was found in fish from the Gulf of Mexico at 4.5 ng/g (ppb) (Giam
et al., 1978). DBP was found at 800 ppb ww in flamingo testes (n = 35) and
250 ppb ww in Hawaiian monk seal (Monachus schauinslandi) livers (n = 20),
though none was detected in the fat of the monk seal (Takei and Sawa, 1995).

Male offspring of rats receiving 10–1000 µg/l (ppb) of DBP in their water
during gestation experienced degeneration of the testes, hyperplasia of the
urogenital tract and reduced sperm production (Sharpe et al., 1995). The
concentrations used in this study were within the range of ambient human
consumption. DBP is used extensively in vinyl tiles and other vinyl products.
Male rats exposed perinatally to DBP and DEHP had reduced anogenital
distances, retained nipples, epididymal agenesis, undescended testes and
hypospadias (Gray, 1998; Gray et al., 1999b). The authors did not find a
no-effect level for these phthalates. Follow-up studies revealed that DBP,
DEHP and di-isononyl phthalate (DNP) inhibit fetal testosterone produc-
tion rather than competitively binding to the androgen receptor (Gray et al.,
1999a; Parks et al., 1999).
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Detergents

Alkyl phenol ethoxylates are used as surfactants and antioxidants in plastic
products, inert ingredients in pesticides, commercial detergents in large
volumes, and household detergents in lesser volumes. Their estrogenic activ-
ity was discovered when nonylphenol leached from modified polystyrene
laboratory equipment and caused stored breast cancer cells to proliferate
(Soto et al., 1991). Almost simultaneously, a team of British scientists dis-
covered that alkyl phenolic ethoxylates and their breakdown products in
rivers in the UK were potentially causing male fish to produce unusually
high quantities of vitellogenin (Jobling and Sumpter, 1993). Vitellogenin is a
protein produced by the liver in egg-laying females in response to surges of
the female hormone, estradiol. The vitellogenin is picked up by the blood
and delivered to the developing egg where it is cleaved and sequestered in
the yolk. This class of chemicals has also been shown to cause a reduction in
testicular size in male fish and rats, and reduced sperm production in male
rats (White et al., 1994). The majority of the field work on the alkyl phenols
has been in freshwater streams in the UK, other countries in Europe, and
most recently the United States (Goodbred et al., 1997). The ethoxylates do
not degrade readily and bioconcentrate in fat in marine mussels (Mytilus
edulis) up to 216 600 times; shrimp (Crangon crangon) to 7500 times; and
three-spined stickleback (Gasterosteus aculeatus) to 17 800 times (Ekelund
et al., 1990).

Fire and smoke retardants

Fire and smoke retardants often contribute as much as 15–40 per cent of the
final weight of plastics used for electrical and packaging material (Society of
the Plastics Industry, 1997). Tetrabromobisphenol A and chlorinated and
polybrominated diphenyl ethers (PBDEs) are used for this purpose. Estimated
use in 1999 was 121 400 tonnes of tetrabromobisphenol A and 67 125 tonnes
of PBDEs (Renner, 2000). Total PBDEs were found in sperm whale blubber
at 100 µg/kg (de Boer et al., 1998). Chlorinated diphenyl ether was discovered
at 6 ppb in the blood of an albatross that feeds only on the surface of the
North Pacific Ocean (Jones et al., 1996). From 1972 to 1997, PBDEs in
human breast milk doubled every 5 years in Sweden (Noren and Meironyte,
2000). Pentabromodiphenyl ether suppressed circulating total thyroxine (T4)
levels at all single doses tested, even the lowest dose (0.8 mg/kg or 800 ppb),
and with a chronic dose (0.25 mg/kg or 250 ppb) for 2 weeks. It also sup-
pressed antibody response to an immune challenge (sheep red blood cell,
SRBC) only at the highest chronic dose tested (1000 mg/kg) in mice (Fowles
et al., 1994).

Since 1989, when Walker et al. (1989) first report finding tris(4-
chlorophenyl)methane (TCPMe) and tris(4-chlorophenyl)methanol
(TCPMOH) in biological samples, interest has grown in the pattern and
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significance of these chemicals in marine mammals. Most reports have focused
on dolphins, porpoises, and beluga and killer whales from the Pacific Ocean,
North Sea and coastal Florida, United States (Jarman et al., 1992; Watanabe
et al., 1999, 2000; Minh et al., 2000a; Lebeuf et al., 2001). There are also
reports of either or both of these chemicals in pinnipeds, polar bears (Ursus
maritimus), peregrine falcons (Falco peregrinus) and herring gulls (Larus
argentatus) (Walker et al., 1989; Jarman et al., 1992; Watanabe et al., 1999).
The pattern of exposure in nine species of cetaceans indicates that occur-
rence is widespread in both coastal and offshore regions of the oceans
and associated with industrialized areas of the mainland. TCPMOH and
TCPMe are also widely available in terrestrial systems (Minh et al., 2000b).
Both TCPMOH and its proposed precursor TCPMe are lipophilic and
bioaccumulate at rates similar to DDT and PCBs. They accumulate pre-
ferentially in polar bear livers (6.8 ppm), compared with 0.1 ppm in kidney
(Jarman et al., 1992). The origin of these chemicals is unclear, and it is
proposed that they are co-contaminants with pesticides, such as DDT and
dicofol, and with synthetic polymers and dyes used in commerce.

There are no data on concentrations of TCPMOH or TCPMe in baleen
whales. These chemicals should be monitored in whales that feed in shallow
waters along industrialized coastal regions, such as the coast of California
to the Puget Sound, US, where elevated concentrations of TCPMOH and
TCPMe are found. Whales foraging off eastern Canada, near the confluence
of the St. Lawrence River, should be monitored as well, because elevated con-
centrations of TCPMOH and TCPMe have been discovered in the blubber of
beluga whales and seals in this region (Jarman et al., 1992; Minh et al., 2000a).

The health effects of TCPMe and TCPMOH are unclear. Preliminary in
vivo and in vitro studies indicate that TCPMOH and TCPMe induce hepatic
enzymes and appear to have antiandrogenic effects. Exposure of MFM-223
human breast cancer cells to 1.8 ppm TCPMOH caused cell proliferation.
The androgen receptor binding affinity of TCPMOH is as high as DDE, the
breakdown product of DDT (Foster et al., 1999) (see more about the anti-
androgenic effects of DDE below). Letcher et al. (1999) have demonstrated
that both TCPMOH and TCPMe reduce aromatase enzyme activity in vitro.

Other chemicals

The polychloro-n-alkanes (sPCAs) (paraffins) and perfluorooctane sulfonates
(water and stain repellents) were analyzed in cetacean tissue only within the
very recent past, although the compounds have been used widely in com-
merce for decades (Tomy et al., 2000; Giesy and Kannan, 2001). They bear
watching as their health effects come under more scrutiny. Both classes of
chemicals are highly mobile and persistent, found in beluga whales from
Greenland to the MacKenzie Delta, Canada (Tomy et al., 2000), in polar
bears in Alaska, and in dolphins in the Mediterranean Sea and Ganges
River, India (Giesy and Kannan, 2001).
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Indirect concerns

Not only do synthetic chemicals pose a direct health threat to cetaceans,
they may pose indirect threats that would be far more difficult to identify
and quantify. What follows is a discussion concerning their possible impact
on cetaceans via direct impacts on carbon fixation.

Arctic haze

In the 1950s, it was noticed that air pollution was building up on an annual
basis each winter over the Arctic. Throughout the years this visible collec-
tion of organic and inorganic material has become known as the Arctic haze
(Barrie et al., 1992). It becomes very pronounced from January through
April and generally hangs over the Arctic in an area the size of Africa. It
extends over all of Greenland, northern Canada, the northernmost regions
of Alaska, northern Russia, eastern Europe, and northern Finland, Sweden
and Norway. The Arctic Ocean is completely covered. The sulfur in the haze
over Canada and Greenland can be traced back to Europe (Lowenthal
et al., 1997; Nriagu et al., 1991). The very fine sulfur particles in the stagnant
air carry persistent organochlorine industrial chemicals and pesticides,
metals (including mercury), and other industrial pollutants that this chapter
does not address, such as polycyclic aromatic hydrocarbons and radio-
isotopes (Barrie et al., 1992). Winter air currents drive this pollution toward
eastern North America, the Aleutians or southern Greenland. The particles
in the haze eventually precipitate in the spring months on to the ice cover
and open ocean, at the same time as photosynthesis is at its peak (Barrie
et al., 1992).

The air–water interface, surface microlayer and sea fog

Large cetaceans spend a great deal of their time at the air–water interface.
Whether they use benthic food sources (amphipods/krill) or sources nearer
the ocean surface, they must come to the surface to breathe. A growing
number of reports on the quality of the air at the water interface of the
oceans suggest that animals using the surface can come in contact with a
wide array of contaminants (Hardy, 1987; Fellin et al., 1996). Traces of
widely used industrial and agricultural chemicals are detectable even in the
most remote ocean spans. The highest concentrations are found at the air–
water interface, in the top 100 µm of the sea-surface microlayer and in sea
fog (Kocan et al., 1987). What this contributes to cetaceans in terms of
direct and inhalation exposure is unknown. However, primary production
at the air–water interface is critical for the marine food web and cetaceans’
energy needs. Anything that interferes with the natural process of carbon
fixing, and therefore reduces algal production, can have an indirect effect on
cetaceans.
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The photosynthesis that takes place at or below the surface of the ocean
provides food for the larval stages of invertebrates and fishes at the base of
the food web. When daylight returns in the Arctic, intense primary produc-
tion starts under the sea ice or along the ice edge as the ice recedes (Alexander,
1995). Because of limited nutrients in certain regions of Arctic waters, this
intense productivity may only take place over a period of 2 weeks. Where
sea ice exists, ice algae attached to the underside of the ice bloom first.
However, as the ice melts, diatoms also burst into production at its edge.
These blooms provide most of the primary production and energy for the year
in some unique Arctic regions. The majority of the algae and diatoms drop
to the sea bottom where they support invertebrates and the larval and early
life stages of other bottom species (Alexander, 1995). These, in turn, support
larger amphipods and fishes that support eider ducks (Somateria spp.),
flatfish, bearded seals (Erignathus barbatus), walruses (Odobenus rosmarus),
and whales. Bioturbation caused by these large animals feeding on the bottom
keeps the energy moving in the system throughout the year (Alexander,
1995). Gray whales (Eschrichtius robustus), the largest bottom feeders, use
the Bering and Chukchi Seas for six summer months and contribute to, and
take advantage of, this energy cycle. They return to southern waters off
Baja California and Mexico, where they fast for the winter months, through-
out the calving and breeding seasons.

Certain geographic regions are more productive than others (Alexander,
1995). Algal blooms generally continue northward as the ice melts through-
out the north-west Bering Sea toward the Bering Strait and Chukchi Sea,
where the highest rate of primary production occurs in the Arctic as water
flows north-westward into the Arctic Ocean (Barrie et al., 1992). The east-
ern Bering Sea is much less productive. For example, the Bering Strait
produces as much as 400 g carbon (C)/m2/year, while the Arctic Ocean basin
produces as little as 4 g C/m2/year. In contrast, the Greenland Sea has con-
tinual blooms as the ice edge moves northward. Here the warmer North
Atlantic waters come in contact with the receding ice edge, thus allowing for
constant production over a longer time period. Water temperature is not a
deterrent to photosynthesis. Polynyas, areas of ocean that do not freeze,
hold the coldest open water and have the highest productivity. Production
in a big polynya in the Northwest Water off the north-east Greenland coast
supports walruses (Alexander, 1995).

Contaminants flowing northward in Russian rivers become frozen amidst
the sediments in the shallow Siberian Arctic Sea shelves. These entrained
contaminants are exported 1000 km by currents, across the Arctic Ocean
toward the Greenland and Barents Seas (Pfirman et al., 1995). As this ice
melts in the spring it releases the contaminants into the water column. This
source, plus the Arctic haze and surface microlayer, provide a continual
source of contaminants to the ocean water in the spring. Contaminants
landing on the ice can collect in brine channels and penetrate through the ice,
or sit on the surface and flush off in high concentrations at the ice edge in
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the spring. Because contaminants have a tendency to cling to organic mater-
ial, the algae serve as a carrier for the contaminants into the food web at its
base when both are at their highest concentration (Alexander, 1995).

Hardy and Crecelius (1981) suggested that the rate of deposition of
atmospheric particulate matter under certain conditions might be great
enough to interfere with primary production at the sea surface microlayer.
This physical impediment, in addition to the biologically active contamin-
ants that are delivered to surface microlayer, raises further questions. For
instance, herbicides that have been designed to prevent primary production
could impede algal development if they reached the Arctic region. Along with
mercury and the persistent organochlorine chemicals, a number of currently
used pesticides have now been discovered in sea ice and fog (Chernyak
et al., 1996). Chlorpyrifos, trifluralin, metolachlor, chlorothanil, terbufos
and endosulfan were detected in the fog at concentrations several times
higher than in the surrounding water or ice. Atrazine, a herbicide, was dis-
covered in melted ice at 0.400 ng/l (ppb) and chlorpyrifos at 0.170 ng/l (ppb).
Atrazine was discovered in the Lake Superior water column at 3 ng/l (ppb)
and in Lake Erie from 40 to 110 ng/l (ppb), adjacent to agricultural areas
where the herbicide is applied (Schottler and Eisenreich, 1994). It was found
at 120–5800 ng/l (ppb) in the coastal waters of the German Bight (Bester
et al., 1995). These unexpected findings in the Arctic reflect the fact that
atrazine was the most widely used herbicide in the US and heavily used in
Europe, and chlorpyrifos the most widely used insecticide in the US. Not
only is atrazine found in groundwater and surface waters throughout the
US (Schottler et al., 1994), it has also been found around the world (Bintein
and Devillers, 1996). This also demonstrates how pesticides and other
atmospherically delivered chemicals can build up on the ice surface over the
winter months when low temperatures and lack of sunlight retard their
degradation.

Weight of evidence

Because of the almost impossible opportunity to work with live cetaceans,
alternatives are needed to determine the hazards posed to cetaceans by
the growing list of xenobiotics that can undermine their development and
function. What follows is a discussion of how the chemicals that have been
found in the oceans and in cetacean tissues could affect their health.

The endocrine system

The endocrine system functions through the use of chemical messengers
called hormones that are produced by various glands and the brain. They
have control over the developing embryo from conception to birth. In
free-ranging bottlenose dolphins, the mean circulating blood level of free
triiodothyronine (fT3) was 1.38 pg/ml (ppt), and of free thyroxine (fT4),
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13.5 ng/dl (ppb) (St. Aubin et al., 1996). Gray seals (Halichoerus grypus)
had a mean of 1.3 pmol/l fT3 and 25.7 pmol/l fT4 (Hall et al., 1998). These
concentrations of thyroid hormones, as well as the proteins that carry the
hormones in the blood, are comparable to those in humans (Porterfield and
Stein, 1994). Aldosterone, an adrenal hormone, circulates at 1.16 pg/ml (ppt)
in bottlenose dolphins (St. Aubin et al., 1996). The female hormone, estradiol,
operates in the range of 1/10 of a trillionth of a gram (<0.1 ppt) of free
hormone in rats and humans (vom Saal et al., 1992). Free hormones are not
bound to blood components and, therefore, are accessible to bind to their
respective receptors in organ tissue and initiate a biochemical response.
In some instances, contaminants circulating in humans and wildlife are as
much as a thousandfold or higher than the natural hormones that control
development. Even if a synthetic chemical were biologically weaker, it would
have a competitive advantage over the more potent hormone for receptor
sites in target organ tissue. For example, DDE competes with testosterone
for the androgen receptor and is only one-tenth as potent as flutamide, a
pharmaceutical that interferes with testosterone at the cellular level to reduce
testosterone circulation in men with prostate cancer (Kelce et al., 1995).
DDE is found in concentrations in marine animals at or above concentra-
tions at which development of the male reproductive tract is impaired in
laboratory animals (see more about DDE below).

Neuroendocrine effects

In a US study that involved only healthy human infants and mothers,
infants whose mothers had more than 1 ppm of PCBs in their blood lipid
during gestation had measurable neurological deficits at birth (Jacobson
and Jacobson, 1996). The mothers were selected for this study based on
whether or not they ate fish from Lake Michigan prior to their pregnancies.
The average PCB concentrations in human lipids in the industrialized world
hover around 1 ppm. The neurological deficits, measured as reduced memory
and attention span, became significant across the study population when the
mother’s blood lipid reached 1.25 ppm PCBs. At age 11, the affected chil-
dren’s IQ scores averaged 6.2 points below normal, and the most severely
affected were more than twice as likely to be 2 years behind their peers
in reading. The children’s memory, verbal comprehension and attention
were affected (Jacobson and Jacobson, 1996). In this study, 17 children were
removed at age 4 because they were intractable and refused to be tested.
They behaved as predicted from studies in which rats had been fed fish from
Lake Ontario (Daly, 1991, 1993). Their mothers also had the highest PCB
lipid concentrations in the study. At age 11, another child was removed
from the study because the subject’s IQ was below 70, which is in the range
of mental retardation. With the outliers removed, 11 per cent of the children
in the study were affected. Leaving in the outliers, 20 per cent of the study
population was affected. The implications of this research are important
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from a population perspective. In a carefully selected cohort of healthy
infants based on traditional health parameters, approximately 1 in every 5
infants in the study suffered measurable neurological impairment as the
result of exposure to background levels of PCBs. This study was later
followed up with a new cohort of healthy mothers who ate fish from Lake
Ontario prior to and during their pregnancies. Up to age 5, thus far, the
same developmental problems were found (Lonky et al., 1996).

In a Netherlands study of 78 healthy mother/infant pairs, the mean breast
milk dioxin TEQ was 32 pg/g (ppt) fat (Koopman-Esseboom et al., 1994).
The mean concentration of total PCB and dioxin TEQs in mother’s milk
was 74.86 pg TEQ/g fat. They found significant correlations between (1)
higher dioxin TEQs, (2) higher total PCB and dioxin TEQs, and (3) higher
planar and non-planar PCB concentrations and lower total T3 concentra-
tions in the mothers’ plasma during the last month of pregnancy. The breast-
fed infants were divided into two groups, based on their exposure to dioxin
TEQs, below and above the median at 30.75 pg/g fat. Two weeks after
birth, total T4 was significantly lower and TSH significantly higher in the
‘high’ exposure group, although none of the hormone levels in the infants
exceeded the normal range. In a follow-up study, higher prenatal exposure
to PCBs produced measurable neurodevelopmental delays at 3 months
(Koopman-Esseboom et al., 1996). A sizeable segment of the baleen whales
reported herein have an estimated dioxin TEQ above 30.75 pg/g for PCBs
alone, excluding all exposure to dioxins, furans and other dioxin-like
compounds.

Thyroid hormone imbalances among fishes and birds in the Great Lakes
region have been reported consistently since the early 1970s, and the prob-
lem continues today (see Leatherland, 1998 for review). An extensive literat-
ure describes how PCBs and specific PCB congeners interfere with thyroid
hormone production and transport, peripheral metabolism and deiodination
of T4 to T3, and interfere with retinol (vitamin A) levels (see Brouwer et al.,
1998). Vitamin A is transported on the same carrier protein, transthyretin,
as thyroid hormone and, through dimerization with thyroid hormone, plays
a critical role in thyroid hormone function in development (Rolland, 2000).
A positive correlation between total TEQs and free and bound retinol is
reported by Simms et al. (2000) in recently weaned and fasted harbor seal
pups, suggesting a depletion of liver stores of retinol.

The medical community has recognized for many years that hearing loss
in humans and laboratory animals is commonly the result of reduced expos-
ure to thyroid hormones during development (Brucker-Davis et al., 1996).
The most relevant research for cetaceans demonstrated that exposure to
PCBs during development leads to decreased auditory responses to low
frequencies in laboratory rat pups (Goldey et al., 1995; Goldey, 1996; Herr
et al., 1996). In these studies, researchers discovered a dose-dependent
reduction in circulating T4 and reduced auditory thresholds in the rat. They
administered the commercial PCB product Aroclor 1254 (A1254) at 1, 4 or
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8 mg/kg/day from day 6 of gestation to postnatal day 21, and measured
brainstem auditory evoked responses in the offspring at 1 year of age with
simulated filtered clicks at 1, 4, 16 and 32 kHz. They discovered that A1254
permanently decreased auditory response capability in the lowest kHz ranges
administered (1 and 4 kHz). The authors suggest that the site of damage is
in the cochlea and/or the auditory nerve (Goldey et al., 1995). Interestingly,
in the mid-1970s, a series of papers from Canada described hearing loss
and middle-ear infections in Inuit children (Shephard and Itoh, 1976) from
a population whose concentrations of PCBs in blood are sevenfold higher
than those found in individuals at lower latitudes. These levels are within
the range found in cetaceans. Whether the findings in rats extrapolate to
cetaceans remains to be determined. However, the implications of these
discoveries for cetaceans, which communicate with low-frequency sounds,
should not be dismissed.

Impaired sexual development

Recent necropsies of highly contaminated beluga whales from the St. Law-
rence River revealed that the prostate gland in all adult males had atrophied
(De Guise et al., 1994a). Other accessory glands of the male reproductive
tract were either absent or atrophied, which the authors suggested might
be the result of exposure to contaminants. The authors’ description of the
condition of the prostatic tissue in the whales is similar to a condition
induced in laboratory mice exposed prenatally to high levels of the female
hormone, estradiol (vom Saal et al., 1997). Recently, in addition to the
discovery of a first true hermaphrodite beluga, with two separate ovaries
and two separate testes (De Guise et al., 1991) – a very rare event – a second
animal in the same St. Lawrence River population has been described as a
pseudohermaphrodite (Sylvain De Guise and Michel Fournier, 1997, per-
sonal communication). Females in this population show little ovarian cyclical
activity, and the number of pregnant animals in the population is signific-
antly low compared to Arctic populations (Béland et al., 1992, 1993).

The list of proven environmental, anti-testosterone chemicals continues
to grow following the 1995 discovery that DDE is a testosterone antagonist
(Kelce et al., 1995). The number of mechanisms leading to abnormal male
sexual differentiation continues to grow as well. It also appears that each
identified chemical has its own unique mechanisms expressed differently in
the phenotype (Gray et al., 1999b). For instance, dihydro-testosterone (DHT)
is critical for the urethra and penis to enlarge and lengthen together. How-
ever, if 5α-reductase, which converts testosterone to DHT, is inhibited at
the onset of sexual differentiation, development of the penis will be impaired,
resulting in hypospadias. In this condition, the urethra does not open at the
end of the penis but is anywhere along the shaft or in the perineum. DDE,
DEHP, DBP and DNP, and some fungicides, herbicides and insecticides
have induced hypospadias in laboratory rats (Gray et al., 1999b). In other
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cases, the synthetic chemicals interfere with the production of testosterone
by the fetus. [See Baskin et al. (2001) for an in-depth discussion.]

Reproductive impairment

The North Atlantic right whale, protected since 1937, is showing no sign
of population recovery. Its growth rate is 33 per cent of that among the
South Atlantic species (Eubalaena australis), and the females are not as
reproductively successful as the southern hemisphere population. Researchers
found that 13 adult females had not calved for 11 years (Brown et al., 1994).
Inbreeding and food deprivation have been suggested as underlying problems
in this case. However, in light of the growing knowledge about the latent
effects of the contaminants in the marine environment, the role of contamin-
ants as an additional stressor is now being considered.

It is estimated that the sperm whale (Physeter macrocephalus) population
around the Galapagos Islands has declined at a rate of approximately
20 per cent a year between 1985 and 1995 (Whitehead et al., 1997). Those
studying the whales closely suggest that some of this depletion is due to
emigration of male whales into whale populations along the mainland of
Colombia and Ecuador that were depleted of males as a result of years of
heavy exploitation of the large males in the coastal population. Adult female
sperm whales will not accept younger males in the absence of larger, older
males, and this could be contributing to the decrease in their numbers. This
is a plausible hypothesis and should not be ruled out. However, the possibil-
ity that contaminants may be partially involved in this loss should not be
ruled out either. For example, the sperm whales’ feeding habits restrict them
to the near coastal shelves in the more contaminated latitudes, both north
and south of the equator. In concert with increased industrialization along
the Pacific coastline of South America, agricultural activity has also increased
significantly. Ecuador’s and Chile’s coastal banana plantations and vegetable
farms use exceptionally high volumes of fungicides and nematocides. Vast
shrimp farms along the Pacific coastlines of Colombia, Ecuador and Chile
are dependent upon frequent applications of pesticides. The shrimp industry
has been damaged by Taura Syndrome, a non-infectious disease in shrimp,
the onset of which coincided with a heavy increase in the use of fungicides
in the region.1 Three fungicides in particular, propiconazole, tridemorph
and benomyl are used to control a fungus, black sigatoka, on bananas.
Propiconazole interferes with fat metabolism and the production of steroid
hormones, and questions have already been raised about the role it is play-
ing in Taura Syndrome, which prevents normal development of the earliest
life stages of the shrimp.

1 Shrimp News International, March/April 1994. This news item closed with the following
recommendation from 17 scientists: ‘. . . that the Ecuadorian government call an immediate
moratorium on the use of sterol biosynthesis inhibiting fungicides in the Guayas River Basin
until their possible role in causing Taura Syndrome is resolved’.
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The immune system

In the past decade, more and more studies have been directed toward the
role of the immune system in maintaining the well being of marine mam-
mals. Many of the studies were conducted because of the widespread viral
outbreaks among populations of small cetaceans and pinnipeds that com-
menced in 1987 (de Swart et al., 1996). In the 1987 episode in north-western
Europe, approximately 20 000 European harbor and gray seals died. A newly
identified and characterized morbillivirus (phocine distemper virus, or PDV)
was assigned as primary cause of the event. However, there lingered con-
cerns that the dioxin-like PCBs, dioxins and furans, many of which are
immunotoxicants, contributed to the mass mortality. In order to investigate
this, two groups of 11 captive harbor seals were fed herring from either the
relatively uncontaminated Atlantic Ocean or the contaminated Baltic Sea
for 30 months. Seals fed Baltic herring had significantly diminished T-cell
function in vitro and in vivo and reduced natural killer cell function, both of
which are crucial to anti-virus defenses in vertebrates. Comparison of con-
centrations of contaminant residues in blubber of these animals with those
in the literature led the authors to suggest that many free-ranging harbor
seal populations may be at risk to immunotoxicity (Ross et al., 1996b; see
Chapter 21 in this volume). Another study using free-ranging bottlenose
dolphins found an association with the amount of PCBs and DDT isomers
in their tissue and suppression of their response to immune challenges (Lahvis
et al., 1995). A third study revealed that those animals in a stricken popula-
tion of striped dolphins (Stenella coeruleoalba) carrying the highest concen-
trations of persistent organochlorine compounds were more likely to die
from a viral infection than those dolphins with a lower body burden (Borrell
et al., 1996). An ongoing, long-term, directed research project on the immune
status of the St. Lawrence estuary population of beluga whales strengthens
these findings. Using concentrations of toxic trace metals found in the highly
exposed St. Lawrence beluga whale livers, scientists inhibited the prolifera-
tion of white blood cells in fresh blood from healthy Arctic beluga whales
(De Guise et al., 1996b). The endangered status of this population com-
plicates research that requires catching the whales for close examination or
for collecting blood samples. The team’s only source of information about
the population comes from very close surveillance of the approximately 500
animals still existing (where there were over 5000 at the turn of the century)
and what they can learn from the dead animals (Béland, 1996b). They are
also studying more pristine beluga whales from the Canadian Arctic and
using them for comparison (see p. 304).

The St. Lawrence population of whales suffers various severe infections
caused by otherwise mildly pathogenic bacteria, a signal of immune suppres-
sion (De Guise et al., 1996a). Some animals had a rare condition, abscesses
in the thyroid, and one animal had a thyroid adenoma (benign). They had
unusually high incidences of nodules and cysts in their adrenal glands,
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similar to conditions associated with DDT exposure. Pathological examina-
tion of 24 carcasses revealed excessive degenerative, infectious, hyperplastic
or necrotic lesions, including pneumonia, peridontitis, stomach ulcers and
mastitis (De Guise et al., 1995). The St. Lawrence beluga whales also carry
more species of parasitic worms than any other population examined, with
the exception of beluga whales from the White, Kara and Barents Seas,
other contaminated marine systems. Belugas from the St. Lawrence have
excessively high concentrations of DDT, PCBs, mirex, metals and other
contaminants in their bodies (Muir et al., 1996) (see also p. 305).

Cancer is often described as a disease resulting from a weakened immune
system. Until recently, the St. Lawrence River beluga whale population was
the only marine mammal population reported to be plagued with tumors.
Before 1994, only 75 tumors had been reported in cetaceans. Of those, 28
were from the necropsied St. Lawrence belugas (or 40 per cent of the animals
examined). The belugas had assorted types of tumors and some animals
had more than one type (De Guise et al., 1994b). Recently, veterinarians
examining stranded live sea lions off the Pacific Coast of California between
1979 and 1994 reported 66 cases of transitional cell carcinomas, a cancer of
the urogenital tract, out of 370 sub-adult and adult animals examined
(Gulland et al., 1996). Over a period of 24 months, five dolphins taken off
the coast of Florida, US, were discovered with immunoblastic lymphoma
(Bossart et al., 1997). This is the first time this malignancy has ever been
diagnosed in dolphins. The mammals included three adult female bottlenose
dolphins, one adult female Atlantic spotted dolphin (Stenella frontalis),
a year-old female pantropical spotted dolphin (Stenella attenuata), and one
adult that had a 2-year history of anorexia and lethargy while confined in a
marine mammal facility.

In the Netherlands study of healthy human mothers and infants men-
tioned above, changes in the infants’ T-cell subpopulations increased in a
dose response manner as dioxin TEQs increased (Weisglas-Kuperus et al.,
1995). Although CD4 helper cells did not increase, there was a significant
increase in CD8 (cytotoxic) cells. The authors suggest ‘. . . that background
levels of PCB/dioxin [measured as dioxin TEQs] exposure influences the
human fetal and neonatal immune system’.

Conclusions

Even after significant reductions of organochlorine chemicals in the environ-
ment in the late 1970s, there is a pattern of widespread contamination of
PCBs and associated organochlorine chemicals at background levels that
are still high enough to cause harm to wildlife and humans. The most per-
sistent PCBs are slowly moving toward the poles in air and water currents,
and in some regions of the world are still increasing. It is now evident that
cetaceans carry a suite of synthetic organochlorine chemicals, methylmercury,
organotins and other industrial chemicals in concentrations at or above
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those where damage has been reported in other wildlife, humans and labor-
atory animals.

Keeping the organochlorine chemical experience in mind, it is imperative
to look at new classes of chemicals that have penetrated the remotest eco-
systems, the impacts of which on development and reproductive success are
just coming to light. Like humans, the baleen and toothed whales carry
background concentrations of organochlorine contaminants, such as PCBs,
dioxins and furans, that vary considerably among and within populations.
This variation among whales depends upon their geographic coordinates,
species, trophic position, sex and age. Every newborn whale will have been
exposed from conception to birth and throughout lactation to these chem-
icals. We expect that a sizeable proportion of calves in each whale popula-
tion will have been perinatally exposed to concentrations of PCBs, dioxins
and furans at which measurable neurological impairment is reported in
human offspring. We base this on the estimated biochemical activity of the
contaminants in several populations of baleen whales, using dioxin TEFs
established by the WHO. The outcome of prenatal exposure to these chem-
icals in humans is just beginning to be understood. Could similar exposure
in a whale impair its awareness of its surroundings, or its capacity to respond
to seasonal stimuli or its ability to cope with stress? There is, however,
enough evidence to consider seriously whether similar exposure can lead to
hearing loss that could undermine a whale’s sense of direction or interfere
with its communication among individuals and pods. It is imperative to
keep in mind that if exposure to PCBs took place during adulthood, audit-
ory damage would not occur. The damage occurs while the auditory system
is developing, during instances of thyroid hormone deprivation. An effect
such as this can only be initiated during prenatal or early postnatal expos-
ure. Allowing for a delay time of 20 years for contaminants to slowly build
up in the marine system, the first generation of whale offspring with hearing
impairment, or any other impairment, as the result of in utero exposure
would not have been seen until the 1970s.

In addition to the global background exposure of organochlorine chem-
icals, the baleen and toothed whales are also exposed to the expanding
global distribution of mercury and tin compounds. In the case of each metal,
the body burden of marine animals varies significantly and is determined by
the animals’ geographic range. Exposure depends a great deal on regional
natural sources and anthropogenic activity in the case of mercury, and
anthropogenic activity alone in the case of tin. However, concentrations of
mercury in livers in a sizable number of whales were above those at which
adverse immune effects are reported in other animals. Concentrations ex-
ceeded those at which the immune system was adversely affected in dolphins
and in an in vitro assay where the white blood cells from healthy beluga
whales became immunologically suppressed. The synergy between environ-
mentally relevant concentrations of TBT and PCB 126 that leads to a twenty-
fold increase in Ah enzyme activity could enhance considerably the dioxin-like
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effect of PCB 126 in vivo and raises the prospect that other compounds with
dioxin-like activity could be potentiated as well. This effect would never be
detected using only dioxin TEQs.

New information about the developmental effects of plastic additives and
monomers found in the whales’ environment makes estimates of exposure
more complicated. As global patination with toxic chemicals continues, the
toxicity mixtures, including additive and synergistic effects, must be con-
sidered in all hazard assessments of cetacean health. Samples of new and
archived baleen and toothed whale tissues should be analyzed not only for
organochlorine chemicals and metals but also for the material leaching from
plastics. Many of these chemicals were manufactured before most of the
organochlorine chemicals and have been building up in the environment
since the First World War. Northern and southern hemisphere prevailing
winds are delivering the volatile plastic additives, as well as herbicides,
insecticides, fungicides and nematocides, toward the poles. Biologists should
watch vigilantly over the fragile polar systems for signals from their impacts
on both wildlife and primary production.

A logical strategy now is to focus on the embryo, fetus, newborns and
gravid females in whale populations. More information is needed about where
the females spend their time feeding during gestation and lactation. More
insight is needed about both male and female metabolic systems, especially
in those species where the females fast throughout their calves’ early months,
when contaminants stored in the mothers’ tissue may be mobilized. Whale
experts should be working closely with bear specialists who are attempting
to learn more about the metabolism of fasting. More data on the positions
of various cetacean species in the marine trophic system is needed. Most
important, there is the need for a fully equipped expert team of marine
biologists trained to collect fresh blood from free-ranging whales, in order to
address many of these questions. It will take international and intergovern-
mental agency cooperation to address these questions.

Because of the widespread perturbation of the oceans’ chemistry over the
past 75 years, systematic surveillance of large cetaceans and contaminants
must broaden to include plastics additives and components, other industrial
chemicals such as those mentioned above, contemporary-use pesticides,
and metals such as mercury and tributyltin that are still accumulating in the
marine ecosystem. Marine biologists should incorporate into their studies
the rapidly growing knowledge about low-dose effects of environmental con-
taminants that interfere with the endocrine system and development. They
should think in terms of insidious, generational effects, and watch cetacean
populations carefully for changes in successive age-classes that might include
alterations in feeding habits, social grouping, geographic distribution, migra-
tion behavior, seasonal activity, susceptibility to disease, reproductive suc-
cess and population age structure. Changes in these parameters are already
reported in the literature about several populations of large cetaceans. It is
time to consider the role of contaminants in these findings.
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13 Pathology of cetaceans.
A case study: Beluga from the
St. Lawrence estuary

Daniel Martineau, Igor Mikaelian, Jean-Martin
Lapointe, Philippe Labelle and Robert Higgins

Introduction

The St. Lawrence River estuary, Quebec, Canada (Figure 13.1), is the major
effluent of one of the most industrialized regions of the world. It is inhabited
by the southernmost population of beluga (Delphinapterus leucas), a popu-
lation unique by its accessibility to investigation, and by its geographical
isolation from the Arctic habitat of other populations of beluga. The
St. Lawrence River estuary (SLE) beluga population has dwindled from an
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Figure 13.1 The Saint Lawrence estuary. Beluga habitat (shadowed area); eastern
Canada, Quebec province (inset).
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estimated 5000 to the current estimated 600–700 animals, largely because of
the hunting pressure that continued until 1979 (Reeves, 1984; Sergeant, 1986;
Lesage and Kingsley, 1998). Because of this dramatic decline, SLE beluga
received the status of endangered species by the Canadian Government in
1980 (Cook and Muir, 1984); yet, there are no solid data supporting popula-
tion recovery. To explain this apparent failure to recover, a study was initiated
in 1982 to carry out systematic post-mortem examination of dead SLE beluga
that drift ashore and to determine tissue levels of chemical contaminants.

Live and dead SLE beluga have been found to be heavily contaminated
by agricultural and industrial contaminants, such as polychlorinated biphenyls
(PCBs), DDT, and their metabolites, heavy metals and polycyclic aromatic
hydrocarbons (PAH) (Martineau et al., 1987, 1988; Wagemann et al., 1990;
Muir et al., 1996; Letcher et al., 2000a).

The present chapter provides an overview of the results of necropsies
conducted over 16 years (1983–1998). Primary causes of death and significant
lesions are identified. The rate of cancer in this population is estimated and
compared to that of humans and animals.

Sample representativeness

This study has been carried out for well over a decade. Considering the
beluga life span (35–40 years), a sizeable proportion of the population died
(246/650 or 38 per cent) and has been examined over this period (Brodie,
1982). We assume that all carcasses have equal chances of being recovered
and examined whatever the cause of death, for the following reasons. These
whales live in a restricted range, as shown by thorough surveys from airplanes
and boats. All carcasses have been found within that range or downstream,
as a result of drift (Michaud et al., 1990; Michaud, 1993). No criteria other
than reasonable preservation and carcass accessibility were used to determine
whether a given carcass would be examined in the post-mortem room. In
conclusion, whereas some deaths may occasionally escape our attention, our
sampling is most likely representative of the population in terms of causes
of mortality.

Mortality

Between 1983 and 1998, 246 beluga have been found dead, drifting or
stranded along the shoreline of the St. Lawrence estuary, Quebec, Canada.
(Since the study was initiated in September 1982, the latter year is not
included in the present review, in order to report only complete years.) One
hundred and eighty-two carcasses were aged by counting dentine layers,
and 120 carcasses were examined in the post-mortem room of the Faculté
de Médecine Vétérinaire (College of Veterinary Medicine) of Université de
Montréal, in St. Hyacinthe, PQ (FMV) (Table 13.1; Figure 13.2). Of the 120
whales examined, 94 were considered reasonably well preserved (78 per cent),
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Table 13.1 Annual number of stranded beluga from the St. Lawrence estuary (1983–
98). Five females were pregnant, and near-term fetuses are not taken into account

Year Necropsied Stranded/drifting, Total Fetuses
not necropsied

83 7 8 15 0
84 9 3 12 1
85 4 9 13 1
86 6 4 10 1
87 3 8 11 0
88 11 10 21 0
89 8 14 22 0
90 6 11 17 1
91 6 10 16 0
92 7 8 15 0
93 9 12 21 1
94 7 7 14 0
95 12 5 17 0
96 9 6 15 0
97 7 6 13 0
98 9 5 14 0
Total 120 126 246 5

based on the firm consistency of the liver. Seventy-four of the relatively
fresh 94 beluga (79 per cent) were adult (over 7 years old). To interpret these
data, the following observations must be considered. First, 51 per cent
(or 126/246) of reported stranded animals have not been necropsied, and
thus the cause of death and lesions affecting these animals remain unknown.
The number of animals stranded dead during winter is also unknown. In the
spring, summer and fall, carcasses with terminal diseases are often found
after several days of rough weather, suggesting that the number of strandings
occurring during winter is at least the same as that reported during the rest
of the year, because of the harsh weather conditions prevailing in that season.
Young calves (age = 0) are difficult to find in the wild because of their small
size and blue–gray color. Therefore, calf mortality is probably underestimated.

Most beluga stranded dead were between 16 and 35 years old, with a
mortality peak between 21 and 25 years. Beluga that died of hunting in
Northwest Alaska (NA) and SLE beluga found stranded dead have been
used to infer the age-structures of the respective populations following
accepted procedures in field population biology that are appropriate to each
case. An earlier study on age structure was updated using the mortality re-
cords of SLE beluga from 1983 to 2001 (Béland et al., 1988) (Figure 13.2b).
The modeled age structures of SLE and NA standing populations are similar
except for the presence of older animals in the Alaska population, implying
that SLE beluga with cancer are not particularly old. In addition, the model
does not support that the SLE population includes a large proportion of
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Table 13.2 Primary causes of death in stranded beluga (Delphinapterus leucas) from
the St. Lawrence estuary (1983–98)

St. Lawrence beluga whales, Number of whales (%)
Primary causes of death (1983–98)

Infectious (bacteria (11), virus (2), and protozoa (2)) 15 (16)
Parasites (lungs: 16; digestive: 4) 20 (21.3)
Cancer (terminal) 17 (18)
Not determined 23 (24.6)
Neonatal mortality, dystocia 6 (6.4)
Dissecting aneurysm, pulmonary trunk 3 (3.2)
Other1 5 (5.3)
Motor boat (wound due to propeller) 2 (2.1)
Trauma (probably from boat collision) 3 (3.2)

Total 94 (100)

1 Intestinal volvulus (8315), congenital malformation (9203), severe centrolobular hepatic fibrosis
(9702), severe centrolobular necrotizing hepatitis (9206), diffuse alveolar damage (8813).

animals in the age groups with elevated cancer rates (16–30 years) (Figure
13.2).

The age distribution of animals with cancer was the same as that of
animals dying of causes other than cancer (data not shown), and cancer did
not affect the oldest animals (Figure 13.2). These observations suggest that
other factors are involved in the development of cancer in that population
in addition to aging.

Primary causes of death

Overall, the three major primary causes of death were parasites (21.3 per
cent), cancer (18 per cent) and infectious agents (bacterial, viral or protozoal)
(16 per cent) (Table 13.2). The major cause of death in adult beluga (n = 74)
was cancer (17 animals with terminal cancers, excluding three ovarian cancers,
or 23 per cent).

In wild animal populations, cancer has not been reported as a major
cause of mortality in adults, with the possible exception of virus-induced
liver cancer in woodchucks (Marmota monax) and leukemia in the feral
mouse. This finding stands in sharp contrast with the causes of mortality
in terrestrial mammals where major causes of mortality are trauma and
starvation and where neoplasia is rare (2 per cent) (Aguirre et al., 1999). It
also stands in sharp contrast with the causes of mortality in other cetacean
populations where cancer has not been reported, and where major causes of
death are, excluding recent viral epizootics, entanglement in fishing gear,
pneumonia and/or parasitism, abandonment and starvation of neonates
(Stroud and Roffe, 1979; Howard et al., 1983a; Kirkwood et al., 1997).
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Parasites

Pulmonary infection by Halocercus monoceris and gastrointestinal infection
with Anisakis simplex contributed to the death of 16 and 4 whales, respect-
ively. A beluga had severe intestinal diphyllobothriosis. Two animals had a
perforated ulcer of the first gastric compartment with numerous intralesional
adult A. simplex, and a fourth beluga had a peritonitis most likely elicited
by the presence of A. simplex in the abdominal cavity. In that beluga, no
perforated gastric ulcers were found, but there were multiple chronic gastric
ulcers suggestive of previous perforation.

The widespread pulmonary infestation by nematode larvae surrounded
by dense inflammatory infiltrate has been interpreted by us (Table 13.2) and
others as the primary cause of death in marine mammals with such lesions.
The primary role played by parasites in the etiology of these lesions might
be re-examined, however, considering the profound effects of organochlorines
(OCs) on specific pulmonary cell types. Mammalian lungs contain xenobiotic-
metabolizing enzymes similar to those found in the liver. In contrast to liver
enzymes, those found in the lung are concentrated in specific cell types,
such as the bronchiolar Clara cells. In mammals, several PCB metabolites,
and particularly methylsulphone-PCBs (MeSO2-PCBs), accumulate in the
lung and airways epithelium, where they induce, particularly in Clara
cells, cytochrome P450-dependent monooxygenases (Stripp et al., 1996;
Fouchecourt et al., 1998). In turn, the degradation of many xenobiotics by
P450-dependent monooxygenases generates harmful reactive metabolites
(Smith and Brian, 1991).

Bacteria

Bacterial infections were considered to be the primary cause of death in 11
SLE animals (11/94 or 11.7 per cent) (Tables 13.2 and 13.3). The bacterial
species involved are known as opportunistic, and many are commonly
present in organically polluted waters (McDermott and Mylotte, 1984;
Jaruratanasirikul and Kalnauwakul, 1991; Noga, 1996; Chen et al., 1997).
(Opportunistic bacteria are normally found in the environment and/or in
their hosts, have low pathogenicity and take advantage of compromised
host defenses to cause diseases.)

In several other SLE beluga, where other primary causes of death were
determined (cancer, severe parasitic pneumonia, perforated gastric ulcer and
cutaneous wounds), the bacteria that were isolated were considered second-
ary invaders (data not shown). Importantly, bacteria such as Salmonella
spp., Mannheimia (Pasteurella) haemolytica, Erysipelothrix rhusiopathiae,
Corynebacterium spp. and Clostridium spp., reported as primary causes of
mortality in other cetaceans, either captive or free-ranging, were not isol-
ated from SLE beluga (reviewed by Howard et al., 1983b; Dunn, 1990).

Bacteriological studies have been conducted on 13 beluga captured in the
Canadian Arctic, of which seven were subsequently kept in captivity in three
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US aquaria (Table 13.3) (Buck et al., 1989). Of the eight bacterial species
considered as primary causes of death in SLE beluga, only one was also
isolated from healthy Arctic beluga that were sampled during capture (Buck
et al., 1989), and four species were isolated from two apparently healthy
Arctic beluga, only after these whales were kept in an aquarium for several
days to several years. This finding is in accordance with the low pathogenicity
of these bacteria and/or their presence in organically loaded waters. The
association of these bacteria with SLE beluga mortality, their presence in
healthy captive beluga and their known low pathogenicity in healthy hosts
suggest that SLE beluga are immunocompromised (Table 13.3).

Edwardsiella tarda was considered as the primary cause of death of three
SLE beluga, and was also isolated from five diseased non-cancerous SLE
beluga, and from one SLE beluga with intestinal cancer (data not shown)
(Table 13.3). In contrast, this bacterium was not isolated from apparently
healthy Arctic beluga, captive or not (Buck et al., 1989). Elsewhere, marine
mammals from which E. tarda has been isolated were debilitated by con-
ditions such as fractures, dystocia, perforated colonic ulcer, fishhooks in
the stomach, gunshot wounds or morbilliviral infections (Coles et al., 1978;
Stroud and Roffe, 1979; Geraci, 1989). Morbilliviruses are known to be
immunosuppressive in their human and animal hosts (McCullough et al.,
1974; Oldstone et al., 1999). Considered together, these observations suggest
that SLE beluga are immunocompromised.

Shewanella putrefaciens was isolated from a SLE beluga with peritonitis
(Table 13.3) and from two SLE beluga with verminous pneumonia (data
not shown). Plesiomonas shigelloides was isolated from a SLE beluga with
omphalophlebitis (Table 13.3) and from two beluga with intestinal cancer
(data not shown). Morganella morganii was recovered from a SLE beluga
with cystitis and from another with enteritis (Table 13.3) and from a female
with fatal dystocia (data not shown). Vibrio fluvialis was recovered from a
SLE beluga with fibrinopurulent valvular endocarditis (Table 13.3). These
bacteria were recovered from healthy Arctic beluga only after extended
periods in an aquarium, reflecting the different bacteriological flora of the
new enclosed environment (Table 13.3) (for instance, Plesiomonas spp. was
recovered from a single Arctic beluga, only after 945 days of captivity;
Buck et al., 1989). The higher bacterial load of the St. Lawrence estuary, the
warmer water temperature, and/or the immunocompromised status of SLE
beluga may explain these differences.

Viruses

Two animals (8504, 9406) had microscopic lesions of non-suppurative
encephalitis, most consistent with a viral etiology. A third animal (8409) had
a multifocal necrotizing dermatitis, where necrotic keratinocytes contained
intranuclear inclusion bodies containing clusters of herpesvirus-like viral
particles (Martineau et al., 1988). The latter finding, along with the occur-
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rence of worldwide morbilliviral epizootics in marine mammals, prompted
us to determine the seroprevalence of selected viruses within the SLE popu-
lation. Forty six per cent of SLE beluga (n = 13) cross-reacted serologically
with bovine herpesvirus 1, and all animals tested were seronegative for
morbilliviruses (n = 13). Thus the SLE population is probably vulnerable
to a large-scale epizootic with a cetacean morbillivirus (Mikaelian et al.,
1999b).

Cancer

Cancer rate

Post-mortem examinations of SLE belugas carried out from 1983 to 1998
revealed a high rate of cancer. Twenty cancers, of which 17 were terminal
(cancers that led to death), were found in 94 well-preserved carcasses
examined at necropsy. Thus, 18 per cent of deaths (or 17/94) were caused by
cancer and 27 per cent (20/74) of adult animals were affected by cancer. In
contrast, no tumors were observed in four carcasses of SLE Atlantic white-
sided dolphins (Lagenorhyncus acutus), two carcasses of harbor porpoises
(Phocoena phocoena) and 15 carcasses of three species of seals (Phoca vitulina,
Pagophilus groenlandicus and Halichoerus grypus) from the same waters, nor
in five Arctic beluga examined by a veterinary pathologist during the same
period, using the same post-mortem examination protocol (De Guise et al.,
1994b).

In the Western world, cancer causes 23 per cent of all deaths in humans,
a percentage comparable to that seen in SLE beluga (18 per cent) (Cotran
et al., 1994). To our knowledge, this is the first time that a population of
free-ranging mammals (terrestrial or aquatic) is comparable to humans in
this regard. The cancer rate in stranded SLE belugas is also much higher
than that observed in other cetaceans. Only 30 other cases of cancer have
been reported worldwide in captive and wild cetaceans (Tables 13.4–13.6).
Including the 20 cancers reported in SLE beluga, the 50 cancers observed in
cetaceans affected two species of mysticetes and 12 species of odontocetes.

Cancers seen in SLE beluga also differ widely in type from those seen in
other cetaceans (Tables 13.5 and 13.6). Gastrointestinal epithelial cancers
were the most frequent cancers seen in SLE beluga, whereas hemopoietic
cancers are the most frequent types of cancer observed in other cetaceans
(Tables 13.4–13.6). [Only one of the 30 cancers (3.3 per cent) seen in other
cetaceans was a gastrointestinal epithelial cancer.] Furthermore, no mammary
gland cancers had been reported previously in cetaceans, while three of
these cancers have been reported in SLE beluga (Mikaelian et al., 1999a).

A single cancer was found in over 1800 other cetaceans examined, and
tumors were not found in approximately 50 belugas examined in the Canadian
Arctic [David J. St. Aubin, personal communication, cited by De Guise
et al. (1994b)]. Arctic data may not be fully representative, however, because
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the ages of Arctic beluga were unknown and these were randomly selected
live animals and not stranded animals. A single benign tumor was observed
in 55 slaughtered long-finned pilot whales (Globicephala melas) in New-
foundland, and only two benign tumors (0.1 per cent) were reported in 2000
mysticetes (baleen whales) hunted in South Africa (Cowan, 1966; Uys and
Best, 1966).

The present study can best be compared to studies on cetaceans singly
stranded rather than to studies carried out on cetaceans shot, or caught
singly or collectively in fishing gear. None of these studies have shown a
cancer rate comparable to that of SLE beluga. Neither Stroud and Roffe
(1979), nor Howard et al. (1983b) reported neoplasia from 21 stranded
cetaceans and 65 stranded common dolphins (Delphinus delphis), respect-
ively. Among 90 bottlenose dolphins (Tursiops truncatus) stranded along
the Gulf coast of Texas from 1991 to 1998, two cancers (or 2 per cent), a
myelogenous leukemia (a hemopoietic cancer) and a bile duct carcinoma
were found (Daniel F. Cowan, 23 Sept 2002, personal communication). No
cancers were found in 28 harbor porpoises stranded on the British coast (of
which three were killed by net entanglement) (Kuiken et al., 1993). Three
cancers were found during the post-mortem examination of 422 odontocetes
(or 0.7 per cent) from British waters (Kirkwood et al., 1997). A viral etiology
was probably associated with a cluster of five lymphomas in bottlenose
dolphins on the US east coast (Bossart et al., 1997).

Cancer epidemiology in SLE beluga

The annual rate of cancer in the SLE beluga population was estimated as
the number of new cases of cancers over a given time (1 year). The estimated
annual rate (AR) was calculated as an annual rate per 100 000 animals (as
in Dorn and Priester, 1987); the actual number of stranded SLE beluga with
cancer examined in the necropsy room was divided by 16 years (1983–98),
by the estimated number of SLE beluga, and the result was multiplied by
100 000 animals. A recent index estimate of 650 SLE beluga was used (Lesage
and Kingsley, 1998).

    
AR

SLB with cancer SLB
Estimated current population

    = ×
t

100 000
(1)

where AR is the estimated annual rate of cancer in SLE beluga, and t is the
study period (1983–98).

  
AR

20 SLB
16 years

SLB
650 SLB

1 SLB with cancer per year.      = × =
100 000

92

Stranded carcasses are very rarely reported in winter (January to March)
because of the ice cover, difficult access to most of the shoreline, inclement
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weather and the presence of few human observers on the shoreline. To estim-
ate the number of dead animals that strand over a complete year (12 months),
it was assumed that the frequency of death during the winter months is equal
to that of other seasons, although it is probably higher because of the incle-
ment weather, and thus a correction factor of 12 months/9 months (1.33) was
used. Assuming that all carcasses have an equal chance of being seen and
collected whatever the cause of death, we estimated the minimum number of
SLE beluga with cancer over the past 16 years (1983–98) (EMC) as follows:

  
EMC

SLB with cancer
9 SLB

dead SLB  1.33    = × ×
4

(2)

where EMC is the estimated minimum number of SLE beluga with cancer
per year, and dead SLB is the total number of beluga reported dead and/or
examined during the study period (1983–98).

  
EMC

20 SLB
9 SLB

dead SLB  1.33 7 SLB with cancer.       = × × =
4

246 0

The adjusted estimated annual rate (AAR) of cancer for a complete year (12
months) is:

    
AAR

EMC SLB
650 SLB

    = =
t

100 000
(3)

where AAR is the adjusted annual rate of cancer cases, and t, the study
period (1983–98).

  
AAR

70 SLB
16 years

SLB
650 SLB

SLB with cancer.      = × =
100 000

673

In veterinary and human epidemiology, the number of individuals at
risk must be known precisely in order to determine disease prevalence.
This requirement explains why few epidemiological cancer studies have been
carried out in wild mammal populations, which are notoriously ill defined
and/or widespread. SLE beluga stand as an exception in this regard. This
population is reasonably well characterized, geographically isolated, restricted
to a relatively small area and has been the object of numerous censuses,
often carried out using different techniques (Michaud et al., 1990; Kingsley
and Hammill, 1991; Michaud, 1993; Lesage and Kingsley, 1998). All censuses
have provided similar results and thus, the population at risk, the denomi-
nator used to calculate the AR (Dorn and Priester, 1987), is reasonably well
defined. The AR and the AAR in SLE beluga were compared to those of
domestic animals and humans (Table 13.7). The AR of cancer, of epithelial
cancer of the proximal intestine, of stomach cancer, of epithelial cancer of
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the gastrointestinal tracts and of mammary glands was generally higher in
SLE beluga than in domestic animals seen in veterinary hospitals. The AAR
was higher in SLE beluga than in all other species including humans for all
types of cancer, except for mammary gland cancer, where the AAR in SLE
beluga was the same as the rate seen in humans, and was comparable to the
rate seen in dogs examined in veterinary hospitals (Table 13.7).

Paradoxically, the collection of epidemiological data from the SLE popu-
lation is more similar to that of humans than to that of domestic animals,
because the denominator used in human studies, like the denominator used
to determine the cancer rate in SLE belugas, is derived from periodical
census, whereas the data obtained from domestic animals originates from
veterinary hospitals. Because the population of domestic animals seen in
veterinary hospitals comprises many (if not mostly) sick animals, the epi-
demiological data from domestic animals is expected to contain a higher num-
ber of animals with cancer than the general population of domestic animals
(Priester and McKay, 1980).

Free-ranging animals generally have a shorter life span than captive animals
because of predation, harsh environmental conditions, and malnutrition.
Older animals are more numerous in the pet animal population than in free-
ranging animals because of the absence of adverse conditions and because
of curative and preventive improvements in veterinary medicine (Dorn and
Priester, 1987). Because the risk of developing cancer increases with age,
cancer rates in pet, zoo and aquarium animals are expected to be higher
than in free-ranging mammals (Fowler, 1987).

Considered together, these observations indicate that cancer rates in do-
mestic animals, as shown in Table 13.7, are clearly overestimated. Yet, for all
cancer types, the AAR in SLE beluga is much higher than that observed in
cattle, horse and sheep examined in veterinary hospitals, and is higher than
the rate observed in dogs and cats examined in veterinary hospitals and in
humans.

Possible etiological factors

Thirty per cent (6/20) of the cancers affecting SLE beluga originated from
the intestine close to the stomach, while a seventh intestinal cancer was closer
to the anus (Martineau et al., 1995) (Table 13.4). Cancer of the proximal
intestine is rare in all animal species, including humans, but is frequent in
certain bovine and ovine populations in certain parts of the world where
it has been etiologically associated with the ingestion of herbicides such
as 2,4-dichlorophenoxyacetic acid (2,4-D) (Cordes and Shortridge, 1971;
Georgsson and Vigfusson, 1973; Jarrett et al., 1978; Newell et al., 1984;
Campo et al., 1994). In cattle, small intestinal cancers result from an inter-
action between exogenous carcinogens and viruses. Bovine papillomavirus
type 4 causes papillomas in the bovine upper digestive tract. In cattle infected
with that virus and fed with bracken fern (which contains powerful carcino-
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Beluga from the St. Lawrence estuary 349

gens), papillomas become malignant and are accompanied by intestinal
adenomas and adenocarcinomas (Campo et al., 1994). Thus, co-carcinogens
are necessary to cause small intestinal carcinomas in cattle. A similar inter-
play might be at work in SLE beluga because gastric papillomatosis has
been observed in a significant number of carcasses, and particles consistent
with papillomaviruses have been observed in papillomas (Martineau et al.,
1988; De Guise et al., 1994a). Thus, a virus might contribute to the etiology
of proximal intestinal cancers in SLE beluga.

Carcinogens are present in the environment of SLE belugas and are
likely ingested by these animals. Tissular PAH concentrations found in blue
mussels (Mytilus edulis) collected from Tadoussac and Baie Sainte-Catherine
(at the mouth of the Saguenay River in the SLE) were approximately three
times higher than concentrations found in mussels collected elsewhere in the
Saint Lawrence estuary and gulf (Cossa et al., 1983). In addition, the tissue
benzo[a]pyrene (B[a]P) concentrations of blue mussels were 200 times higher
after their transplantation into the Saguenay River than before (Picard-
Bérubé and Cossa, 1983). The sediments of the Saguenay River, which is a
part of the SLE beluga habitat, contain 500–4500 ppb of total PAH (dry
weight), and these compounds originate from aluminum factories located
upstream (Martel et al., 1986). Invertebrates living in sediments contaminated
by PAH accumulate PAH, in contrast to vertebrates (Ferguson and Chandler,
1998). At least in summer, SLE beluga feed in significant amounts on bottom
invertebrates (Vladykov, 1946). In addition, field observations suggest that
these whales dig into sediments (Dalcourt et al., 1992). Benzopyrene DNA
adducts have been detected in the brain tissue of stranded SLE beluga, by
acid hydrolysis of DNA followed by HPLC and fluorescence detection, and
were not detected in the brain tissue of Arctic beluga (Martineau et al.,
1988; Shugart et al., 1990). However, in another study, analyzing stranded
SLE beluga liver using 32P post-labeling, no difference was observed between
Arctic and SLE beluga (Ray et al., 1991). These apparently conflicting
results are not surprising given the different methods and tissues that were
used in the two studies. 32P post-labeling is highly sensitive but not very
specific – it detects any aromatic or non-aromatic/bulky compound (either
exogenous or endogenous) bound to DNA – whereas acid hydrolysis of DNA
followed by HPLC and fluorescence detection is highly specific for B[a]P
diolepoxide, the ultimate carcinogenic form of B[a]P. Moreover, the meta-
bolism and the capacity of neurons and hepatocytes for DNA replication
and repair are very different.

Considered together, these observations suggest that SLE beluga ingest
PAH present in benthic invertebrates, which may contribute to the elevated
rate of digestive tract cancers seen in this population (Martineau et al.,
1988, 1994; De Guise et al., 1994b). This relationship between intestinal
adenocarcinoma and PAH is supported by the recent demonstration that in
mice, chronic ingestion of coal-tar mixtures (which contain benzopyrene)
causes small intestinal adenocarcinomas, in addition to forestomach
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papilloma and stomach carcinoma (Culp et al., 1998). In humans, there is
an epidemiological relation between the ingestion of smoked food (which
contains benzopyrene) and small intestinal cancer (Chow et al., 1993).

Cytochromes P450 (CYP) present in the small intestinal epithelium are
the first and major molecules implicated in the biotransformation and sub-
sequent detoxification or toxification of ingested xenobiotics, and high levels
of intestinal P450 have been related with gastrointestinal cancer (Kaminsky
and Fasco, 1991). In the rat small intestine, the highest CYP concentrations
occur in the duodenum, and the most abundant CYP is CYP1A1, known to
activate PAH into carcinogenic metabolites. It is the most abundant induc-
ible form and its inducibility decreases dramatically from the duodenum to
the ileum (Zhang et al., 1996, 1997).

From the tissular profiles of PCB congeners found in cetaceans, it has
been concluded that these animals have high levels of CYP1A and low levels
of CYP2B. Compared to Arctic beluga, SLE beluga have elevated levels of
both types of enzymes, probably because CYP are induced by exposure to
high levels of PCBs (reviewed in Muir et al., 1996). Considered together, the
above observations suggest that intestinal CYP1A levels are elevated in SLE
beluga, and might be responsible for the formation of intestinal cancer by
the activation of ingested PAHs into carcinogenic compounds. Accordingly,
we plan to determine whether CYP1A (because it is involved in the activation
of PAHs) is highly expressed in the proximal intestine of SLE beluga.

A relation between ingestion of carcinogens and cancer in wildlife is
not without precedent. In bottom-dwelling fish, labial papilloma and liver
cancer are strongly associated with chemical contamination of sediments
(Harshbarger, 1997). Lake whitefish (Coregonus clupeaformis) are the only
salmonids that feed on benthic fauna. Lake whitefish inhabiting the St.
Lawrence estuary have tissue concentrations of organochlorinated com-
pounds (OC) and of heavy metals 3 to 5 times higher than those of sympatric
fish species (including non-salmonid bottom-dwelling species), and these high
concentrations coincide with a high prevalence of liver cancer (Mikaelian
et al., 1998, 2002). Thus beluga and lake whitefish, two aquatic vertebrate
species that widely diverge taxonomically, might be affected by cancer
because both feed on the bottom, an unusual feature within their respective
taxonomic groups.

Few odontocetes feed on benthic invertebrates: the Amazon River dolphin
the franciscana (Pontoporia blainvillei), the susu (Platanista gangetica) and
the Irrawaddy dolphin (Orcaella brevirostris) (Ridgway and Harrison, 1989).
Because these species generally inhabit rivers, and some populations live in
contaminated habitats, high rates of cancers of the digestive epithelial lining
might also be found in these species.

Mammary gland cancers were the cause of death of 7.7 per cent (n = 39)
of adult female beluga examined from 1983 to 1998 (Mikaelian et al., 1999a).
Mammary gland adenocarcinomas have not been reported in other marine
mammals, and are rare in herbivores, including cattle, which are phylogen-
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etically close to cetaceans (Moulton, 1990; Buntjer et al., 1997) (Table 13.7).
Only isolated cases have been reported in other wildlife (Gillete et al., 1978;
Veatch and Carpenter, 1993). In contrast, these tumors are common in
humans, domestic carnivores and rodents. Mammary gland cancers have
been etiologically related with viruses only in rodents [retroviral sequences
have recently been found in human cancerous breast (Pogo et al., 1999)].

Environmental pollutants have been related etiologically with human breast
cancer, and two mechanisms for chemical breast carcinogenesis have been
proposed. The first one, tumor promotion, has been supported by the fact
that most breast cancers are estrogen-dependent (Russo and Russo, 1998).
Many OCs and some of their metabolites have estrogenic activities (Dees
et al., 1997). Concentrations of DDE and PCBs in tissues have sometimes
been found to be higher in women with breast cancer than in unaffected
women but this finding has not been consistent (Blackwood et al., 1998;
Güttes et al., 1998). In SLE beluga, strong expression of estrogen receptors
was detected in two mammary gland cancers, suggesting that these tumors
are estrogen responsive, and that xeno-estrogens could be associated with
their progression (Mikaelian et al., 1999a).

The second proposed mechanism implicates tumor initiation by PAHs. It
is supported by the detection of higher levels of aromatic DNA adducts in
breast tissues from women with breast cancer compared to women unaffected
by breast cancer (Perera et al., 1995). SLE beluga tissues are contaminated
with high levels of OC and contain DNA adducts, which indicates exposure
to PAHs (Martineau et al., 1987, 1988). Therefore, both mechanisms of
carcinogenesis could be implicated in the occurrence of mammary tumors in
this population. Alternatively, or concurrently, these tumors might be caus-
ally related to the extended hormonal stimulation associated with the long
pregnancy and lactation of cetaceans (Geraci et al., 1987).

Aluminum workers in the Saguenay-Lac Saint-Jean area (Fjord-du-
Saguenay census division), which comprises a part of the beluga habitat
(Figure 13.1), are affected by a high prevalence of lung and urinary bladder
cancer, which has been epidemiologically associated with exposure to
coal-tar volatile components (Armstrong et al., 1994; Tremblay et al., 1995).
Other types of human cancer, including those of the gastrointestinal tract
(gastric cancers in particular) are also more prevalent in that area than in
the rest of Quebec, Canada (Table 13.8). Elsewhere, gastric cancers have
been epidemiologically related with working in aluminum plants where
carbon anodes are prebaked (Bye et al., 1998). It has recently been shown that
the chronic ingestion of coal-tar mixture causes gastric cancers in rodents
(Culp et al., 1998). Breast cancers are also more prevalent in the Saguenay-
Lac Saint-Jean area when compared to the rest of Canada and Quebec
(Table 13.8). Together, these observations suggest that a human population
and a population of long-lived mammals may be affected by specific types
of cancer, because they share the same habitat and are exposed to the same
environmental contaminants.
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Other types of cancer are also more frequent in people living in that
region (namely colon, rectum and pleura cancers in men, and pancreas and
liver cancers in women), and thus a definitive etiological association with
pollutants will require molecular epidemiological evidence. Several chemical
carcinogens leave a signature on the host genome by causing mutations at
specific sites in genes involved in cell proliferation, such as p53 and ras. The
finding of the same signature in tumors of SLE beluga and humans would
strongly support the etiological role of contaminants in carcinogenesis (Perera
and Dickey, 1997; Perera, 1998).

In people, genetic susceptibility to cancer takes two forms, hereditary
cancer syndromes (HCS), such as familial adenomatous polyposis, and

Table 13.8 Incidence of cancer for Quebec census division 94 (Fjord-du-Saguenay)
for the period 1986–94 based on Fichier des Tumeurs du Québec using the Canada
1991 census population1 and Quebec province as reference region

Site Sex ASR Obs. SIR CI 95%

Stomach M 27.1 146 1.47** 1.24–1.73
F 11.5 80 1.40** 1.11–1.74

Small intestine M 2.3 13 1.76 0.94–3.00
F 1.3 9 1.34 0.61–2.53

Colon, rectum M 75.2** 41.2 1.14** 1.03–1.26
F 46.6 331 0.99 0.89–1.10

Pancreas M 14.1 77 1.07 0.84–1.34
F 12.1 85 1.36** 1.09–1.69

Liver M 6.2 34 1.11 0.77–1.55
F 3.3 24 1.61* 1.03–2.39

Breast M 0.7 <1.00
F 103.7** 790 1.13** 1.06–1.22

Lungs, bronchi, trachea M 157.1** 881 1.30** 1.21–1.39
F 40.9* 309 1.12* 1.00–1.26

Pleura M 3.2 21 1.89* 1.17–2.88
F 0.5 <1.00

1 A search was carried out within the Canadian provincial and territorial cancer registries.
Statistics Canada provided data on a subset of the variables to Health Canada, and this file
was used to generate the table of observed and expected cases. The expected number of cases
was calculated by multiplying the age-specific Census Division (CD) population times the
age-specific Canadian incidence rate, that is, the reference rates are for Canada as a whole. A
description of the observed to expected ratio, also known as the Standardized Incidence
Ratio (SIR) can be found in Breslow and Day (1987). The 95% CI was based on the approx-
imation by Ury and Wiggins (1985). Stomach cancer and cancer of the small intestine are
from International Classification of Diseases (ICD), 9th edition, Codes 151 and 152, respect-
ively. However, about 5% of cancers occurring in the stomach should be classified as
lymphomas and should not be included in the ICD code 151. Nevertheless, a small number of
cases in CDs other than the study CD (Quebec CD 94) were listed as histology lymphoma
with ICD-9 151. This will have a negligible impact on the reference rates.
Reference region: Quebec; ASR: age-standardized rate; Obs: number of observed cases; SIR:
standardized incidence ratio (observed to expected ratio); CI: confidence interval. Absence of
‘*’: non-significantly elevated ASR or SIR; *: significantly elevated ASR or SIR (P < 0.05);
**: significantly elevated ASR or SIR (P < 0.01).
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population susceptibility, where an ensemble of individuals has an increased
risk of cancer (but not as high as in HCS). Because inbreeding has led to
some degree of genetic homogeneity in SLE beluga, the possibility of a HCS
within the SLE beluga population has to be considered (Patenaude et al.,
1994). In HCS, the types of cancer involved are usually rare in the general
population. When these are not rare, multiple primary tumors develop in
affected individuals. In addition, HCS affect multiple – and most often young
– members of the same family (Fearon, 1997; Perera, 1997). There were no
significant differences between the age of SLE beluga affected by intestinal
cancer and that of beluga affected by other types of cancer (P = 0.35), and
beluga with cancer were not younger than beluga that died of other causes
(Table 13.4, Figure 13.2). In addition, SLE beluga are affected by single (as
opposed to multiple) intestinal tumors. Finally, no other genetically homo-
geneous free-ranging or captive wildlife populations have been found to be
affected by high rates of cancer (O’Brien, 1994; Munson et al., 1999). An
apparent exception is the highly inbred black-footed ferret (Mustela nigripes)
where a high prevalence of cancers has been observed (Lair, 1998). How-
ever, all black-footed ferrets affected by cancer have been kept in captivity.
Captivity greatly extends the life span of these animals, from 4 years in the
wild to 7–9 years in captivity. Because tumors develop only in female ferrets
older than 5 years, and because most tumors in males develop in animals
older than 5 years, captivity clearly plays a major role in the etiology of
these tumors, by extending the life span of the affected animals. In addition,
these animals may have been exposed to carcinogenic compounds in captiv-
ity (Lair, 1998).

In population susceptibility to cancer, an ensemble of individuals has an
increased risk of developing cancer because these individuals have a specific
and common genetic feature due to normal polymorphism. This feature
most often influences the metabolism of carcinogenic xenobiotics. In con-
trast to HCS, the types of cancer involved in population susceptibility are
relatively frequent in the general population. An example of population
susceptibility is represented by smokers who have a highly inducible form of
CYP1A1 that makes them more susceptible to lung cancer (Perera, 1997).
Similarly, some SLE beluga might have highly induced CYP1A1 in the
proximal intestinal epithelium, rendering cells susceptible to mutagenesis
by DNA-damaging metabolites generated from specific xenobiotics such as
benzopyrene.

There is no evidence that cancer is frequent in beluga as a species. A
single case of cancer is listed among the 17 beluga whales listed in the
Marine Mammal Database (Tables 13.5 and 13.6). The few cancers that are
significantly prevalent in wild mammals have a viral etiology [with the
possible exception of metastatic carcinomas in California sea lions (Zalophus
californianus) (Gulland et al., 1996; Lipscomb et al., 2000)]. These cancers
are hepatocellular carcinomas of woodchucks (WHC) due to a species-
specific hepadnavirus (Snyder et al., 1982), and lymphomas of wild rodents
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due to a retrovirus (Teich, 1984). Both virus and carcinogenic contaminants
have been suspected to cause a high prevalence of metastatic carcinomas in
California sea lions (Gulland et al., 1996; Lipscomb, 1998; Lipscomb et al.,
2000).

Two lines of evidence are not consistent with the hypothesis that the high
rate of cancer is due to an aging population. First, SLE beluga affected with
cancer did not reach the maximum life span reached by Arctic beluga, and
secondly, SLE beluga with cancer showed the same age distribution as beluga
dead of other causes (Figure 13.2).

Future studies

Because cancer is an ultimate but rare consequence of chemical mutagenesis,
the epidemiological association of xenobiotics with carcinogenesis requires
the examination of large numbers of animals. To demonstrate the role of
xenobiotics in carcinogenesis in SLE beluga, convincing statistics would
require much larger numbers of whales and/or the follow-up of SLE beluga
for many more decades. The observation of high prevalences of cancer in
other populations of marine mammals similarly exposed to carcinogens would
strengthen an etiological relationship with chemical carcinogenesis.

Three new cases of cancer in SLE beluga

The carcass of an adult female beluga (9605) was found at Saint-Joseph-
de-la-Rive, Quebec, on July 23, 1996. Two meters distally to the pylorus, a
5 mm-diameter transmural circular orifice was present in the duodenal wall.
The intestinal wall bordering the defect was diffusely and moderately
thickened (1.5 cm) over a 15 cm-diameter circular region, roughly centered
on the defect. No adhesions or signs of inflammation were visible. Upon
section, the thickened intestinal wall was homogeneously firm and white,
and consisted microscopically of randomly distributed irregularly shaped,
often cystic, tubuloacinar glandular structures separated by a moderately
abundant and poorly cellular fibrous stroma (Figure 13.3). Rare solid nests
of epithelial cells were present in venules and dilated lymphatic ducts. About
half of the glandular structures were cystic (up to 4.5 mm-diameter), filled
with mucus [as shown by a positive periodic acid–Schiff (PAS) reaction], and
were lined by single to multiple layers of disorderly arranged, variably sized
epithelial cells showing moderate anisokaryosis and loss of polarity. Accord-
ingly, the lesion was designated adenocarcinoma of the proximal intestine.

The carcass of an adult male beluga (9609) was found at Saint-Ulric de
Matane, Quebec, on November 23, 1996. The abdominal cavity contained
approximately 15 liters of dark red aqueous fluid. Microscopically, nodules
and nests of poorly differentiated tumor cells were observed in multiple
organs. In the liver, numerous 0.5–2 cm-diameter, densely cellular nodules
were randomly distributed, and were traversed by delicate irregular strands
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Figure 13.3 Proximal intestine of an adult beluga famale (9605) from the St. Lawrence
estuary. Intestinal adenocarcinoma. Gland-like structures present in the
muscularis layer are lined by epithelial cells (arrow) and are dilated by
an abundant mucus material containing scattered single tumor epithelial
cells (arrowhead). Bar = 100 µm. Hematoxylin–phloxine–saffron.

of fibrovascular stroma that separated disorderly arranged large tumor cells,
having central, round to oval nuclei (Figure 13.4). The polygonal to flattened
tumor cells had a moderately abundant cytoplasm and showed marked
anisokaryosis and anisocytosis. Monstrous nuclei were occasionally seen.
Moderate numbers of mitoses were seen (1–2 per 400× field).

In the lungs, variable numbers of small blood vessels contained clusters of
tumor cells similar to those seen in the liver. Numerous tumor cells were
present in the cortex and in the subcapsular sinuses of the mediastinal
lymph nodes. In the pituitary gland, tumor cells formed emboli and 0.25 mm-
diameter solid metastatic nodules. A 2 mm-diameter metastatic nodule
was also observed in the testis, where mitotic tumor cells were numerous
(6 mitoses/400 × field). The condition was diagnosed as a poorly differentiated
metastatic malignant cancer, of probable epithelial origin.

The carcass of an adult male beluga (9809) was recovered on December 3,
1998, between Ste Flavie and Ste Luce, and examined on December 4. Ten
centimeters distally to the pylorus, an ulcer was found in the duodenal
ampulla, at the center of a 15 cm-diameter circular region where the duodenal
wall was moderately thickened (0.5–1 cm) by tumoral glandular structures
similar to those found in 9605. Tubuloacinar structures that often formed
cavities up to 5 cm in diameter, filled with mucus, were distributed randomly
throughout all layers of the intestinal wall (Figure 13.5). These structures
were separated by abundant, fibrous, poorly cellular stroma, where small
solid clusters of tumor cells, and occasionally single tumor cells, were present.
In the liver, multiple solid metastatic nodules, up to 2 mm in diameter, were
composed of clusters of less differentiated tumor cells that did not form
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Figure 13.4 Liver of a beluga (9609) from the St. Lawrence estuary with multiple
metastasis of poorly differentiated (probable epithelial) cancer. (a)
Numerous, densely cellular nodules varying in shape and size are
unencapsulated and randomly distributed. Bar = 0.5 mm. (b) Nodules
are composed of large polygonal tumor cells showing marked anisocytosis
and anisokaryosis. Note the better preservation of tumor cells compared
to surrounding normal hepatocytes. Bar = 200 µm. Masson trichrome.

(a)

(b)

Figure 13.5 Proximal intestine of an adult beluga from the St. Lawrence estuary
(9809). Intestinal adenocarcinoma. Ill-formed glandular structures (long
arrows), and single tumor cells (short arrow) are present in the muscularis
layer. The tumoral glandular structures are surrounded by concentric
layers of connective tissue. (Desquamation of tumor cells is due to post-
mortem autolysis). Bar = 200 µm. Hematoxylin–phloxine–saffron.
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Figure 13.6 Skin of an adult beluga from the St. Lawrence estuary (9809).
Spinocellular carcinoma. The dermis is invaded by irregular branching
cords (arrow) and nests composed of well-differentiated keratinocyte-
like cells. At the center of nests, tumor cells undergo parakeratosis
(asterisk). Bar = 0.5 mm. Hematoxylin–phloxine–saffron.

glandular structures. This tumor was diagnosed as metastatic adenocarcinoma
of the proximal intestine.

The same animal was also affected by a skin tumor. Ventrally, at the base
of the tail, the skin showed a verrucous, slightly elevated (1–3 cm) area, 9 cm
in diameter, with an ulcerated center. Upon section, digitiform extensions
(3–5 mm in diameter) radiated from the ulcer into the subjacent dermis.
These were composed of thick branching cords of keratinocytes surrounded
by concentric layers of pale connective tissue (Figure 13.6). Several irregu-
larly sized nests of keratinocytes were present between the branching cords
and were composed of concentric layers of cells that showed gradual
keratinization toward the center while they retained their pyknotic nuclei,
mimicking the normal keratinization pattern of normal cetacean skin. The
tumoral structures and the dermal blood vessels were surrounded by a
moderately dense population of mononuclear cells. According to the above
features, this tumor was termed a squamous cell carcinoma.

Hematopoietic and lymphopoietic organs

Lymphoid organs of SLE beluga often show marked lymphoid depletion. It
is not possible, however, to determine whether this is due to chronic diseases
or to high levels of immunosuppressive contaminants. Except for lymphomas,
lymphoid lesions have seldom been described in cetaceans (Tables 13.5 and
13.6). Involution and cystic transformation of the thymus have been observed
in bottlenose dolphins and in harbor porpoises (Cowan, 1994; Wunschmann
et al., 1999). These lesions have not been reported in other populations of
marine mammals and their etiology remains undetermined.
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SLE beluga are commonly affected by multisystemic infections involving
lymph nodes with agents that have generally been associated with immune
suppression in humans and animals. For instance, opportunistic bacteria
such as Edwardsiella tarda, Nocardia spp., ciliated flagellates associated
with suppurative bronchopneumonias, protozoa such as Toxoplasma gondii
(Mikaelian et al., 2000a), and herpesvirus have all been found in SLE beluga
(Martineau et al., 1988; De Guise et al., 1995).

In other cetaceans, the finding of generalized infections with organisms
not normally causing disease in immunocompetent animals has been taken
as circumstantial evidence of immunosuppression induced by immunosup-
pressive pollutants such as PCBs (Inskeep et al., 1990; Safe, 1994). Deficits
in immune function are difficult to evaluate directly in free-ranging cetaceans,
owing largely to the difficulty of obtaining, and rapidly processing, adequate
samples. A logical approach to show that the immune functions of a given
population are impaired would be to compare this population to a control
population unexposed to pollutants. Many factors make such a comparison
difficult: the inaccessibility of some populations, which introduce variables
in the time required to collect and process samples; the stress of capture,
which triggers cortisol release; and genetic differences.

Two types of indirect approaches allow these drawbacks to be avoided.
The first consists of measuring a ‘pollutant dose–response’ effect. This has
been achieved in dolphins, where increased concentrations of blood PCBs
and DDT were shown to be inversely correlated with lymphocyte responses
(Lahvis et al., 1995). The second approach consists of measuring in vitro the
response of immune cells from a presumably ‘normal’ population to pollut-
ants added in concentrations identical or similar to those found in the tissues
of contaminated animals from the same species. Thus, after obtaining base-
line data on immunological parameters from Arctic beluga, despite con-
siderable logistic problems, it has been possible to evaluate in vitro the effects
of certain pollutants on beluga immune cells. The proliferative response of
beluga lymphocytes to mitogens and their spontaneous proliferation are both
impaired in vitro by exposure to concentrations of p,p′-DDT and PCB 138
similar to those found in tissues of SLE beluga (PCB 138 is one of the most
abundant PCB congener present in SLE beluga tissues) (De Guise et al., 1998).

More indirect evidence of OC-immunosuppressive effects in cetaceans is
the observation of significantly higher tissue PCB concentrations in striped
dolphins affected by the 1990–92 morbillivirus epizootic in the Mediterranean
Sea, compared to concentrations observed in previous and later years.
These observations led to the conclusion that PCBs may have impaired the
dolphins’ immune response to the viral infection (Aguilar and Borrell, 1994).
More recently, a similar association between morbilliviral infection and high
OC tissue levels has been observed in common dolphins (Delphinus delphis
ponticus) from the Black Sea (Birkun et al., 1999). Finally, other marine
immunotoxic pollutants and their metabolites are found in cetacean tissue,
such as butyltin compounds and dieldrin. Their negative impact remains to
be determined (Yang et al., 1998; Saint-Louis et al., 1999).
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Liver

SLE beluga are commonly affected by hepatic lesions. Hepatic lesions
were seen in 12 of 94 animals (13 per cent) and consisted variably of portal
lymphocytic infiltration, bile duct proliferation, hepatocellular degenera-
tion and portal fibrosis, sometimes extending into the lobular parenchyma
(Martineau et al., 1988; De Guise et al., 1995; Igor Mikaelian, personal
observation). Similar lesions (chronic portal fibrosis and portal lymphocytic
infiltration) are commonly found in striped dolphins (Stenella coeruleoalba)
and aging bottlenose dolphins. The etiology of these lesions has been thought
to be nutritional or toxic in some cases, while in others, the etiology is
clearly parasitic (Bossart, 1984). Pigments are also commonly observed in
the hepatocytes of adult SLE beluga, but their composition has not been
determined (Mikaelian, unpublished observations).

Viruses are frequent causes of hepatitis in humans and in animals. In
cetaceans, a single case of hepatitis has been related to a viral etiology
(Bossart et al., 1990).

Mercury is biomagnified in the marine food web. As a result, high hepatic
levels of mercury have been detected consistently in cetaceans worldwide,
and recent evidence supports the hypothesis that mercury intoxication
contributes to the etiology of some of the hepatic lesions seen in cetaceans
(Tilbury et al., 1997; Parsons, 1998; Meador et al., 1999). In bottlenose
dolphins, lipofuscin-like pigments are observed in the portal connective
tissue and hepatocytes. In four of nine dolphins with hepatic lipofuscin-like
pigments, the pigments were accompanied with hepatic lesions (lipidosis,
necrosis and inflammation), whereas only one of nine dolphins without
lipofuscin-like pigments had hepatic lesions. The pigment was shown to be
mainly composed of mercury by X-ray spectroscopy, and mercury con-
centration was significantly higher in livers with lesions (Rawson et al.,
1993). Because SLE beluga have similar hepatic mercury levels and lesions,
further investigation on the role played by mercury contamination in the
hepatic lesions seen in SLE beluga is warranted (Wagemann et al., 1990).
SLE beluga livers also contain other hepatotoxic pollutants (PCBs, butyltin
compounds), the role of which should be further evaluated (Yang et al., 1998).

Gastrointestinal tract

Periodontitis is common in SLE beluga (De Guise et al., 1995). The gingiva
and the teeth are separated by a gap filled with necrotic debris and the
periodontal ligament is destroyed, often leading to tooth loss. In the most
severely affected animals, only a few loosely attached teeth remain in the
mouth. Less than 60 per cent of stranded SLE beluga have the number of
teeth corresponding to the number of alveoli (28–36) (Béland et al., 1993).

The impact of dental health on the survival of wildlife has been evaluated
in several species. In Weddell seal (Leptonychotes weddellii), Darajani baboons
(Papio cynocephalus) and feral cats, the life span of adults seems to be
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shortened by dental disease and tooth loss (Robinson, 1979a, b; Verstraete
et al., 1996a, b).

Periodontitis and maxillary and mandibular osteomyelitis are common in
gray seals from the Baltic Sea, and have been attributed to environmental
contamination by OCs. The prevalence of this condition increased through-
out the twentieth century, along with an increase in PCB and DDT levels in
Baltic biota, which suggests an etiological relationship with OC contamina-
tion (Olsson et al., 1994). In humans and rats, periodontitis has been asso-
ciated with chronic intoxication with PCB (Hashiguchi et al., 1991, 1993).
Considered together, these observations suggest that periodontitis could be
related to OC chronic intoxication in SLE beluga.

Ulceration of the upper digestive tract is frequent in SLE beluga. Twelve
per cent of SLE beluga had esophageal ulcers. Esophageal ulcers are fre-
quent in stranded cetacean carcasses and have been associated with debilita-
tion (Sweeney and Ridgway, 1975). Twenty six per cent of SLE beluga had
ulcers of one of the first two gastric compartments (n = 24) and the first
compartment was most often affected (15 beluga) (Mikaelian and Martineau,
unpublished observations, 1999). Ulcers found in the first compartment were
associated with nematodes, but not the ulcers found in the second compart-
ment (Martineau et al., 1988; De Guise et al., 1995). Two animals had a
perforated ulcer of the first compartment, and the site of perforation con-
tained numerous adult Anisakis simplex (Martineau et al., 1988; Mikaelian
and Martineau, unpublished observation, 1999).

Gastric ulcers are common in other species of cetaceans. They are most
often associated with gastric nematodiasis, and rarely result in gastric per-
foration (Geraci and Gertsmann, 1966; Sweeney and Ridgway, 1975; Cowan
et al., 1986; Baker, 1992; Babin et al., 1994). In one study, however, gastric
ulcers were rarely associated with nematodes (Abollo et al., 1998). A possible
etiological role of PCBs in gastric ulceration has been raised, because these
compounds have been shown to cause gastric ulcers in laboratory and
domestic animals (Hansen et al., 1976; van den Berg et al., 1988). Many
other factors could be implicated, however, including stress and infections
by ulcerogenic bacteria such as Helicobacter spp.

Studies comparing the prevalence of gastric ulceration in populations
of cetaceans from waters contaminated to different degrees are needed to
assess the potential role of contaminants in the etiology of these lesions.

Endocrine lesions

In recent years, major concerns have been raised about the presence of
endocrine-disrupting chemicals in the environment and their effects on human
and wildlife health (Leatherland, 1998; Kavlock, 1999). SLE beluga are
contaminated by high levels of OC compounds, many of which are known
to be endocrine-disruptive (Martineau et al., 1987; Muir et al., 1990; Brouwer
et al., 1998). Total PCB concentrations in blubber levels are about 30 times
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higher than those of Hudson Bay beluga, and mirex concentrations are 50–
100 times higher (Muir et al., 1996). Lesions suggestive of endocrine disrup-
tion in the SLE population include proliferative and degenerative changes
of the adrenal gland, proliferative lesions of the thyroid gland, a case of true
hermaphroditism (De Guise et al., 1994e), a case of male pseudohermaphro-
ditism (Martineau, unpublished data), three mammary carcinomas, a uterine
adenocarcinoma, and a high prevalence of fibroleiomyomas of the female
tubular genitalia (Lair et al., 1998; Mikaelian et al., 1999a, 2000b).

Thyroid

There are growing concerns that man-made environmental contaminants
could result in the disruption of thyroid homeostasis in aquatic animals and
humans. Circumstantial evidence supports a link between certain pollutants
and hyperplastic thyroid lesions in wild fish and birds (Leatherland, 1998).
This link has been experimentally supported in rodents fed PCBs and dioxins
(Collins et al., 1977; Capen, 1992; Ness et al., 1993).

Thyroid lesions have rarely been reported in cetaceans. Thyroid abnor-
malities were reported in 4 of 55 long-finned pilot whales (7.2 per cent)
collected through hunting (Cowan, 1966). The macro/microscopic appear-
ance and size of thyroid glands showed high inter-individual variability.
The four abnormally enlarged thyroid glands were grossly multinodular
and had microscopic changes consistent with simple macrofollicular colloid
goiter, as seen in humans (Cowan, 1966). Two of 108 cetaceans stranded
on the California coast had abnormal thyroids (1.8 per cent). A northern
right-whale dolphin (Lissodelphis borealis) had cystic changes with diffuse
lymphocytic infiltration. The cystic changes were attributed to the accom-
panying inflammation. A second northern right-whale dolphin had nodular
hyperplasia of parafollicular cells (C cells) (Howard, 1983).

From 1996 to 1998, the thyroid glands of all beluga whales from the SLE
recovered by our group were sectioned in 5-mm thick slices, and all macro-
scopic lesions were examined microscopically. The criteria used for the clas-
sification of thyroid lesions were in accordance with those used in humans
and animals (Ashley, 1978; Benjamin et al., 1996). Briefly, foci consisting of
proliferating follicular cells and that were not encapsulated were classified as
nodules of follicular hyperplasia. Foci that were completely encapsulated
were classified as adenoma.

This study indicated that eight of nine beluga whales older than 16 years
had multiple nodules of follicular hyperplasia and follicular adenomas, and
follicular cysts of the thyroid (Mikaelian, unpublished data). Nodules of
follicular hyperplasia and adenomas both appeared as white nodular masses
that markedly distorted the thyroid. Some of these masses contained cystic
to polycystic areas filled with thick viscous colloid. Nodules of follicular
hyperplasia were small (generally smaller than 2 mm in diameter). Adenomas
were larger (generally larger than 2 mm and up to 3 cm in diameter).
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Both types of lesions generally consisted of variably sized follicles lined by a
cuboidal to columnar epithelium that formed numerous papillary projections.
The epithelial cells had a moderately abundant acidophilic and delicately
granular cytoplasm. Their nucleus was basal and round with a coarsely
granular chromatin. These follicular structures were separated by variable
proportions of solid regions composed of closely packed polygonal to
fusiform cells. These solid areas multifocally underwent variable degrees of
cystic change. The center of the largest nodules was sometimes necrotic and
hemorrhagic. Invasion of the capsule and the adjacent parenchyma was
occasionally present. However, these lesions were not classified as carcinomas
because vascular invasion and distant metastases were not observed.

Follicular cysts were found in 8 of 12 SLE adult beluga. These lesions
measured up to 40 mm in diameter and were filled with an amber-colored
viscous fluid. Histologically, follicular cysts were filled with colloid and
were lined by a flattened epithelium. Cholesterol clefts and thyreoliths were
found in the largest lesions. The surrounding connective tissue was often
mildly thickened by collagen fibers. Cowan described similar lesions in
long-finned pilot whales and categorized them as colloid goiters (Cowan,
1966). Follicular cysts are common in humans, where they represent 25 per
cent of cystic thyroid nodules, and in rats where they are considered as a
degenerative process related to aging (Rosen et al., 1986; Takaoka et al.,
1995).

Recognized causes of thyroid hyperplasia and neoplasia in man and
domestic animals include lymphocytic thyroiditis, iodine deficiency, iodine
excess, radiations and exposure to dioxins (Capen, 1990, 1992). In marine
mammals, environmental contamination by OCs is strongly suspected to be
a leading cause of thyroid disruption, as shown by an experimental study
where harbor seals fed fish contaminated with PCBs had a significant reduc-
tion in total and free thyroxine (T4) compared with seals fed less-contaminated
fish (Brouwer et al., 1989). In harbor porpoises contaminated with PCBs,
thyroid fibrosis was observed, and the extent of fibrosis was inversely pro-
portional to PCB concentrations in five of eight porpoises (Walcott, 1999).
The evaluation of the role played by environmental contaminants in the
etiology of thyroid lesions in SLE beluga will necessitate the examination of
thyroid glands from age-matched whales from a relatively uncontaminated
population.

Adrenal glands

Degenerative and proliferative changes have been observed in the adrenal
cortex and medulla of SLE and western Hudson Bay beluga, and the sever-
ity of these lesions increases with age in both populations (De Guise et al.,
1995; Lair et al., 1997). The younger age of control beluga sampled from
Hudson Bay precluded a comparison of lesion severity and prevalence be-
tween age-matched groups.
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Adrenocortical cysts are rare in all species except, according to existing
reports, in beluga and Atlantic white-sided dolphins (Geraci and St.Aubin,
1979; Cartee et al., 1995). In the latter species, these lesions were attributed
to sinusoidal blockage or hypersecretion, and were considered associated
with stress related and reproductive functions, because 100 per cent of
females and only 20 per cent of males were affected. Adrenal cysts have
been also described in a common dolphin (Cartee et al., 1995). Adrenal
glands of various odontocetes (including Phocoena, Tursiops, Delphinapterus
and Globicephala) were examined in detail by several authors through the
1940s to the late 1960s, and no lesions have been reported (Cowan, 1966;
Harrison, 1969). Consequently, the rarity of adrenal lesions in cetaceans
other than beluga and white-sided dolphins is probably not an artifact, and
the occurrence of adrenal cysts in the latter two species may be a recent
event.

Several sources of evidence collected over the past decade suggest that
OC metabolites may cause the cysts seen in the adrenal glands of Atlantic
white-sided dolphins and in SLE beluga. First, some OC metabolites,
MeSO2OC, are adrenocorticolytic in rodents, and some of these compounds,
such as 3-MeSO2-4,4′-DDE, have been shown to compete with glucocorticoid
receptors and to inhibit glucocorticoid synthesis, which is an important
function of the adrenal cortex (Durham and Brouwer, 1990; Brandt et al.,
1992; Johansson et al., 1998; Letcher et al., 2000a, b).

Secondly, in gray and harbor seals from the Baltic Sea, adrenocortical
hyperplasia has been attributed to contamination with PCB and DDT, based
on epidemiological data (Olsson, 1994; Olsson et al., 1994; Chapter 19 in
this volume). In Baltic gray seals, 3-MeSO2 and the PCB levels were highest
in females with symptoms of adrenocortical hyperplasia (Haraguchi et al.,
1992). This sex distribution is reminiscent of that of the adrenal cysts seen in
Atlantic white-sided dolphins.

Thirdly, SLE beluga and Atlantic white-sided dolphins are contaminated
with high amounts of PCBs and other OCs (Table 13.9) (Martineau et al.,
1987; Muir et al., 1996; McKenzie et al., 1997; Troisi et al., 1998). High con-
centrations of MeSO2-PCB and MeSO2-DDE have been detected in blubber
of SLE beluga and are the highest among cetaceans, including Hudson Bay
beluga (the concentrations found in SLE beluga are also higher than those
found in humans exposed to PCB during the Yusho industrial accident)
(Letcher et al., 2000a).

SLE beluga and white-sided dolphins share two biological features. They
have similar ability to form methylsulfones from PCBs and both species
have a long life span. The ∑PCB : ∑MeSO2 ratio determined in a white-
sided Atlantic dolphin is similar to that measured in beluga blubber,
which suggests that white-sided dolphins have the same ability as beluga to
metabolize PCB through methylsulfone intermediates (Troisi et al., 1998).
Thus both species have been exposed to high levels of adrenotoxic OC
metabolites for decades. The sex bias shown by the lesions in female
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white-sided dolphins and gray seals may be due to several factors. The
mobilization of OCs from lipids during lactation may induce an episode of
‘acute’ OC toxicity by redistribution to target organs (Martineau et al.,
1987; Polischuk et al., 1995; Letcher et al., 2000a).

In SLE male beluga, 3-MeSO2-4,4′-DDE levels do not increase with age,
despite a significant increase in 4,4′-DDE tissue levels with age. This dis-
crepancy has been explained by either the presence of alternative metabolic
pathways for DDE and/or secondary metabolism, or by the sequestration
of 3-MeSO2-4,4′-DDE in adrenal glands (Letcher et al., 2000a). The latter
mechanism implies that 3-MeSO2-4,4′-DDE concentrations increase in the
adrenal cortex tissue with age, which would increase adrenal toxicity and
lesion severity in males. Because there was no statistically significant differ-
ence in the severity of adrenocortical lesions between male and female
beluga, it is possible that 3-MeSO2-4,4′-DDE reaches threshold levels in
males and females, or alternatively, that 3-MeSO2-4,4′-DDE is not the major
adrenotoxic OC metabolite in beluga (Lair et al., 1997).

There are some apparent problems with the hypothesis that MeSO2-OCs
cause adrenal lesions in marine mammals. First, there seems to be a contra-
diction between the adrenocortical hyperplasia epidemiologically associated
with MeSO2-DDE in seals, and the adrenocortical degeneration induced by
these compounds in laboratory animals, and possibly in SLE beluga (Brandt
et al., 1992; Jönsson et al., 1993). A possible explanation for the lesions
seen in SLE beluga is that OC metabolite-mediated degeneration of the
adrenal cortex alternates with ACTH-mediated regeneration, because in
mammals, the destruction of the adrenal cortex and/or the interference with
glucocorticoid synthesis triggers the feedback control of the hypothalamo-
pituitary–adrenocortical axis. Decreased glucocorticoid levels due to
adrenocortical destruction cause increased production of ACTH and of
other peptides by the pituitary. These pituitary proteins lead to hypertrophy
(increased cellular size) and hyperplasia (increased cell numbers) of the
adrenal cortex in order to re-establish serum glucocorticoid levels (Rijnberk,
1996). Interestingly, adrenocortical insufficiency has been reported in fish
inhabiting contaminated segments of the St. Lawrence river and has been
attributed to OC contamination (Hontela et al., 1992). Thus, it is possible
that adrenal lesions affect taxonomically divergent species because of environ-
mental exposure to the same adrenotoxic lipophilic compounds.

Another explanation to reconcile the different nature of adrenal lesions
seen in laboratory animals and in seals is that, as for most drugs and/or toxic
compounds, the pathologic effects of low OC doses ingested over decades
probably differ from those of large single experimental doses. SLE beluga,
white-sided dolphins, harbor porpoises and Baltic gray seals (like SLE beluga)
are exposed to complex cocktails of OC compounds which generate dif-
ferent metabolites. In turn, these metabolites alter the distribution of each
other (van Birgelen et al., 1996). The combined pathologic effects of these
complex mixtures probably do not match the effects of single compounds
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or metabolites that are used in toxicological studies. For instance, the dif-
ference in tissue levels of MeSO2-PCBs congeners and PCB congeners
detected in Hudson Bay and SLE beluga, is due most likely to the greater
induction of CYP enzymes in the latter population (Norstrom et al., 1992;
Muir et al., 1996; Letcher et al., 2000a). In addition, the effects of toxic
xenobiotics vary according to species, sex, genetic background, age and the
developmental stage at which experimental animals are first exposed (Jönsson
et al., 1995).

Secondly, harbor porpoises are also contaminated with OC and show
adrenocortical hyperplasia. There is no relationship, however, between OC
tissue concentrations and the severity of hyperplasia (Kuiken et al., 1993).
According to some authors, harbor porpoises may stand apart from other
cetaceans, and most closely match pinnipeds, by their high capacity for PCB
methylsulfone formation, and by high CYP2B-dependent ethoxyresorufin-
O-deethylase (EROD) activity (Boon et al., 1994; Reijnders and de Ruiter-
Dijkman, 1995; Troisi et al., 1998). Thus, it is possible that adrenocortical
hyperplasia, opposed to adrenocortical degeneration, occurs in harbor
porpoises and gray seals because both species share common pathways for
metabolizing PCBs. It will be important, however, to verify this hypothesis
by analyzing tissues from additional harbor porpoises.

A third issue that needs to be resolved is the role of aging in the develop-
ment of adrenocortical lesions. In the original study on Baltic gray seals, there
was a positive relationship between the severity of adrenocortical hyperplasia
and the age of affected seals (Bergman and Olsson, 1986; Haraguchi et al.,
1992; Olsson et al., 1994). Because OCs and their metabolites generally
accumulate in tissues with increasing age (with some exceptions such as
3-MeSO2-4,4′-DDE in male SLE beluga), it might be difficult to distinguish
between the role of OC concentrations and degenerative changes due to
aging (Letcher et al., 2000a).

FUTURE STUDIES

The above observations warrant the examination of adrenal glands of other
cetacean populations in order to detect morphological evidence of OC
adrenotoxicity. If OC concentrations are sufficient to cause adrenotoxicity,
a ‘dose–response’ might be observed, that is, OC concentrations should be
proportional to the severity and prevalence of the adrenal lesions. In the most
contaminated populations, adrenal lesions are expected to affect males and
females evenly, as in SLE beluga whales, whereas in less-contaminated popu-
lations, females are expected to be most affected, as in white-sided dolphins.

Adrenal cysts can be detected and measured by echography in marine
mammals (Cartee et al., 1995). In future studies, the size and shape of
adrenal glands (and of potential adrenal cysts) could be measured directly
by echography and paralleled with serum cortisol levels, in order to deter-
mine whether chronic OC intoxication induces adrenocortical hyperplasia
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and/or cysts, and/or impairs adrenal function. Animals experimentally or
naturally contaminated with adrenotoxic compounds for long periods are
also expected to show biochemical changes specific for Addison’s disease:
elevated ACTH levels, and low or normal glucocorticoid levels. An ACTH-
stimulation test of animals chronically intoxicated with OC and/or their
adrenotoxic metabolites will not trigger an increase in serum cortisol levels,
as it should do normally. The pituitary gland of contaminated animals is
expected to show lesions, either of hyperplasia and hypertrophy (the glands
should be heavier than normal and hypercellular), or atrophy (the glands
should be lighter than normal and hypocellular) if the glucocorticoid-
deficient state has been chronic. The pituitary changes would be best
evaluated by weighing the gland, and by microscopic examination using
immunohistochemistry to evaluate the number and size of corticotrophs
(the pituitary cells producing ACTH).

In mink (Mustela vison), acute intoxication with DDD causes vacuolation
of adrenocortical cells. Cellular vacuolation, which seems to lead to the
development of cysts, is also seen in the adrenal cortex of beluga (Jönsson
et al., 1993; Lair et al., 1997). Longer experimental intoxication with OC of
laboratory rodents and mink would determine whether adrenocortical cell
vacuolation progresses into cyst formation.

Considering that a DDT metabolite, o,p′-DDD, has long been used medic-
ally to destroy hyperplastic and tumoral adrenal cortex, it is paradoxical
that only recently have the adrenal accumulation and adrenotoxicity of PCB
and DDT metabolites been suspected of causing adrenal lesions in marine
mammals (Hart et al., 1973; Durham and Brouwer, 1990; Lair et al., 1997).
The emaciation of presumably starved marine mammals (as determined from
blubber thickness) has sometimes been considered an artifact that hampers
the analysis of data pertaining to OC contamination. Considering the above
observations, future studies should address the possibility that OC intoxica-
tion plays a primary role in the starvation and/or emaciation of marine
mammals. To help resolve these issues, carcasses of cetaceans submitted to
analysis for OC contamination should also be examined for the presence of
lesions in all organs, particularly in endocrine glands.

Because Hudson Bay beluga are also contaminated with OCs, contamina-
tion with OCs could play a role in the etiology of the adrenal lesions observed
in these animals.

Conclusions

A population of approximately 650 beluga inhabits a short segment of the
St. Lawrence estuary. This body of water drains one of the most industrialized
areas of the world. Over 16 years (1983–98), we have examined 120 (or
49 per cent) of 246 beluga carcasses reported stranded in the St. Lawrence
estuary (SLE). Of the 120 carcasses examined, 78 per cent were considered
preserved adequately for diagnostic purposes. The major primary causes

Ve
tB

oo
ks

.ir



368 D. Martineau et al.

of death were respiratory and gastrointestinal infections with parasites
(21.3 per cent), cancer (18 per cent) and bacterial, viral and protozoal infec-
tions (16 per cent). Other causes of death were dystocia and separation from
mother (6.4 per cent), dissecting aneurysm of the pulmonary trunk (3.2 per
cent), trauma of undetermined cause (3.2 per cent) and wound due to small
motor boat propellers (2.1 per cent).

Including three ovarian tumors, cancer was observed in 27 per cent of
examined adult animals found dead, a percentage similar to that found in
humans. Only 30 other cases of cancer have been reported worldwide in
captive and wild cetaceans. If the estimated annual rate of cancer (AR) is
calculated, and assuming a stable population of 650 animals over the past
16 years, the resulting AR of 192/100 000 animals is much higher than that
reported for any other population of cetacean. The resulting AR is similar
to that of humans, and to that of hospitalized cats and cattle. The AR of
cancer of the proximal intestine, a minimum figure of 67/100 000 animals, is
much higher than that observed in domestic animals and humans, except in
sheep in certain parts of the world, where environmental contaminants are
believed to be involved in the etiology of this condition.

Considered together, the following factors suggest that contamination
with polycyclic aromatic hydrocarbons (PAH), alone or along with a viral
infection, could be etiologically related with the high rates of proximal intest-
inal cancer observed in this population:

(1) The recent experimental demonstration in laboratory animals that chronic
ingestion of coal tar and small intestinal cancer are etiologically related.

(2) The presence of PAH in the sediments of the SLE beluga habitat.
(3) SLE beluga feed significantly on benthic invertebrates.
(4) The presence of benzo[a]pyrene DNA adducts in SLE beluga tissues

and their absence from Arctic beluga tissues, as determined by HPLC
and fluorescence detection.
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14 Immune status of St. Lawrence
estuary beluga whales

Pauline Brousseau, Sylvain De Guise,
Isabelle Voccia, Sylvia Ruby and Michel Fournier

Introduction

The St. Lawrence River estuary (SLE), downstream from the Great Lakes,
is home to the southernmost population of beluga whales (Delphinapterus
leucas). Hunted for food and as a pest until the 1950s, the population has
dwindled from an estimated 5000 to approximately 500 animals in the 1970s
and has been listed as an endangered population (Reeves and Mitchell, 1984;
Michaud, 1993). The population has not recovered over the past 30 years
and has been under scrutiny for a decade. Post-mortem examination of
carcasses retrieved from the shores of the St. Lawrence estuary since 1982
has shown a high prevalence of infectious, degenerative or necrotic lesions,
often associated with mildly pathogenic organisms or neoplasms (Martineau
et al., 1988; DeGuise et al., 1994, 1995a). The frequency, diversity and
severity of lesions described in this population were considerably higher than
those found in marine mammals elsewhere. Worldwide, a total of 75 tumors
have been reported in cetaceans, of which 28 (37 per cent) have come from
the small SLE population of beluga whales. Consequently, a link was sug-
gested between toxic contaminants in the SLE food web and these observa-
tions. Because SLE beluga whales are generally restricted to the St. Lawrence
estuary, they are exposed to sediments, and prey on invertebrates and fish,
contaminated from industrial and agricultural discharges originating from
the Great Lakes, the St. Lawrence River and its tributaries. In addition, the
relatively long life span of the beluga whale, its diet and the year-long resid-
ency in the St. Lawrence, result in a greater accumulation of contaminants
compared to other marine mammals such as seals. Higher concentrations of
organohalogens, benzo[a]pyrene (B[a]P), polychlorinated biphenyls (PCBs),
dichlorophenyl trichloroethane (DDT), mirex, mercury and lead are found
in tissues of SLE belugas compared to Arctic belugas (Martineau et al.,
1987; Muir et al., 1990; Wagemann et al., 1990). Among these chemicals,
many were demonstrated to have adverse effects on different aspects of the
normal physiology of laboratory animals and wildlife, including effects on
the reproductive system. The immune system also may be a potential target.
There is ample evidence that organohalogens (Loose et al., 1977; Thomas
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and Hinsdill, 1978; Imanishi et al., 1980; Exon et al., 1985; Davis and Safe,
1988; Smialovicz et al., 1989; Tryphonas et al., 1989; Kerkvliet et al., 1990),
pesticides (see review by Voccia et al., 1999) and metals (see review by
Bernier et al. 1995) have detrimental effects on the immune system of humans
and animals, decreasing resistance to viral, bacterial and parasitic infections
as well as inducing neoplasms. Because little was known about the immuno-
logy of marine mammals, research was undertaken to develop assays to
evaluate immune functions in belugas, to further evaluate the possible effects
of environmental contaminants on their immune systems.

The immune system of beluga whales

Lymphoid organs

The information gathered on the immune system of marine mammals is
scarce and comes from isolated cases without long-term follow-up. Romano
et al. (1992) examined several organs of the immune system, including spleen,
thymus, lymph nodes, pharyngeal tonsils and gut-associated lymphoid tissue.
They concluded that the morphology of lymphoid organs in beluga whales
is quite similar to that of other species of mammals with a few differences,
such as the absence of follicles in the white pulp of the spleen. Overall, the
organs of the immune system of cetaceans seem to appear and function
quite similarly to those of terrestrial mammals.

Lymphoid cells

With the use of murine, bovine and human monoclonal antibodies, mor-
phologically undistinguishable lymphocyte subpopulations were recognized
and classified (DeGuise, 1997a) using flow cytometry. A scattergram of the
flow cytometric profile of peripheral blood leukocytes from a beluga whale
from Churchill, Hudson Bay, shows that the different populations of cells
are rather easily discerned on the basis of cell size (forward side scatter,
FSC) and complexity (side scatter, SSC) (Figure 14.1). Lymphocytes are
rather small cells with low complexity, as are slightly larger monocytes,
whereas granulocytes are clearly more complex or granular.

The proportion of B cells evaluated as the percentage of surface
IgM-positive cells (3–12 per cent) is rather small in beluga peripheral blood
mononuclear cells (PBMC) compared to other species of domestic animals
(>15 per cent) (Table 14.1). About 98.8 per cent of beluga were labeled by
an anti-bovine CD2-PBMC (Table 14.1), usually a T-cell surface marker
(DeGuise et al., 1997a). While an anti-TCR (γδ) labeled 31 per cent of beluga
PBMC. This is similar to the proportion found in ruminants (Tizard, 1992),
in which this form of TCR (T-cell antigen receptor) predominates (Hein and
Mackay, 1991), as opposed to humans and mice, in which TCR (γδ) is
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Figure 14.1 Scattergram of the flow cytometric profile of a wild beluga from Churchill,
showing peripheral blood leukocytes according to their size (FSC)
and complexity (SSC). Lymphocytes (L) are rather small cells with low
complexity, as are the slightly larger and more complex monocytes (M),
whereas granulocytes (G) are clearly more complex or granular.

present on only 1–3 per cent of peripheral blood lymphocytes (Tizard, 1992).
Because antibodies cross-reacting with total T cells and CD8 were not found,
the proportion of T cells in beluga peripheral blood could not be compared
to that of other species, nor could B : T and CD4 : CD8 ratios (DeGuise
et al., 1997a). The immunoprecipitation of surface proteins confirmed the
specificity of the antibodies cross-reacting with beluga whale lymphocytes.

Table 14.1 Cross-reactivity of different monoclonal antibodies (MoA) against beluga
peripheral blood mononuclear cells (PBMC). Different subclasses of beluga PBMC
were evaluated by bovine, human and mouse monoclonal antibodies. Results are
expressed as the percentage of PBMC positive for that marker

Marker CD2 CD4(Ho) TCR (γδ) BS IgM
CH61A SIM-4 CACT148A
(bovine) (human) (bovine) (bovine)

Mean 98.8 29.8 31 6.21
SD 2 6.9 28.8 3.01
N 9 8 10 8

For the belugas tested, nine were from the arctic and three were captive (two from San Diego
Zoological Park, San Diego and one from the John G. Shedd Aquarium, Chicago).
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The major histocompatibility complex (MHC)

One of the trademarks of the immune system is its capability to differentiate
between ‘self ’ and ‘non-self ’. The term ‘non-self ’ covers anything that is
detectably different from an animal’s own constituents. Genes of the MHC
code for two types of cell-surface molecules found on all nucleated cells
(Class I) or some immunological cells only (Class II). The interactions
between MHC molecules and immunocompetent cells are vital. In a study
conducted by DeGuise et al. (1997a), the authors tested five anti-MHC class
I and six anti-MHC class II bovine monoclonal antibodies against beluga
whale PBMC (Table 14.2). Their results showed that the MHC class I were
expressed on virtually 100 per cent of the lymphocytes, as in other species.
The MHC class II were expressed on the majority of lymphocytes. This
corresponds to similar findings in bottlenose dolphins (Tursiops truncatus),
swine, horses, cats and dogs, but differs from humans, where it is expressed
only on B cells or activated T cells, and from mice in which MHC class II
are expressed mainly by B lymphocytes, macrophages, dendritic cells and
endothelial cells. In order to confirm the specificity of these bovine mono-
clonal antibodies (MoAbs) in beluga, the molecular weight of the surface
proteins immunoprecipitated by these antibodies were compared to those
of other species. The anti-bovine MHC-I immunoprecipitated a 46 kDa as
well as a 14 kDa protein in beluga. The 46 kDa protein corresponds to the
molecular weight of the MHC-I α-chain in human (44 kDa) and mouse
(47 kDa), whereas the 14 kDa protein corresponds to the molecular weight
of β2-microglobulin or the β-chain of MHC class I (12 kDa), which would
correspond to the MHC-I α-chain in beluga as in other species (Abbas
et al., 1991; DeGuise, 1997a). The anti-bovine MHC class II antibody

Table 14.2 Cross-reactivity of different monoclonal antibodies (MoAb) against
molecules of the major histocompatibility complex of class I and II (MHC-I and
MHC-II) on beluga whale PBMC

Identification of antibody Origin* Cross-reactivity

MHC class I H58A Bovine +
PT85A Bovine +
H1A Bovine +
H6A Bovine +
H11A Bovine +

MHC class II H34A Bovine +
H42A Bovine +
TH16B Bovine −
TH21A Bovine +
TH81A5 Bovine +
TH14B Bovine +

* The bovine monoclonal antibodies were donated by VMRD (Pullman, Washington).
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immunoprecipitated a 31 kDa protein in beluga, the molecular weight of
which corresponds to that of a protein simultaneously immunoprecipated in
bovine (33 kDa) and in humans (32–34 kDa for the α-chain and 29–32 kDa
for the β-chain; Abbas et al., 1991; DeGuise, 1997a). Furthermore, Bernier
et al. (2000) showed that a stimulation of beluga PBMC with the lectin
phytohemagglutinin (PHA) increases the intensity of the expression of the
molecule at the cell surface, a phenomenon shared with other mammals
(Rideout et al., 1992).

Restriction analysis of DNA indicates that SLE beluga are genetically
more homogeneous than Canadian Arctic beluga (Patenaude and White,
1994). The loss of genetic diversity at the MHC locus may be a feature
of the SLE beluga population because they suffered a drastic reduction
in population size over a short period of time. This phenomenon was
described in the cheetah (Acinonyx jubatus) population which underwent
a severe contraction (population bottleneck) leading to genetically iden-
tical individuals which manifested a lack of rejection of skin transplants
through the loss of genetic diversity at the MHC locus (O’Brien et al., 1983;
Yuhki and O’Brien, 1990). Also, probably due to this monoclonality,
cheetahs are homogeneously susceptible to some strains of coronaviruses
(coronaviruses cause feline infectious peritonitis) not virulent in other
felids.

Non-specific immune response

The non-specific immune response is crucial for effective protection of
the organism against bacteria or viral challenges and neoplastic cells.
Phagocytosis and natural killer (NK) cell activity are the two main cellular
mechanisms of the non-specific immune response. Because the level of oppor-
tunistic infections and tumors are high in belugas living in polluted waters,
the need to understand these mechanisms is obvious.

Phagocytosis

Neutrophils represent the first line of defense of the immune system against
invading agents, especially bacteria. Ingestion of foreign material through
the process of phagocytosis and its destruction through a series of biochemical
events, known as antigen processing and the respiratory burst, are the major
functions of neutrophils (Roitt et al., 1989).

Using fluorescent microspheres (diameter 1 µm), phagocytosis was shown,
by flow cytometry, to peak after 18 h in neutrophils (Figure 14.2). This period
of time is relatively long compared to other mammals where the maximum
is reached within approximately 1 h (DeGuise et al., 1995b). Furthermore,
average phagocytosis in female belugas is significantly higher than that of
male belugas (P < 0.01). The capacity of neutrophils to undergo a respiratory
burst was measured by the production of H2O2 following stimulation with
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Figure 14.2 Time kinetics for phagocytosis by neutrophils in captive beluga from
the John G. Shedd Aquarium, Chicago. Results are expressed as
the percentage of maximum phagocytosis reached (% max phago).
Phagocytosis increased for up to 18–20 hours, and then decreased after
22 hours.

phorbol myristate acetate (PMA). PMA is an activator of cells that binds
directly to protein kinase C, allowing the direct stimulation of the respirat-
ory burst. Using the probe 2′,7′-dichloro-fluorescein diacetate (DCFDA) to
measure the production of H2O2, the respiratory burst was shown to peak
after 60 minutes by flow cytometry (DeGuise et al., 1997b). Contrary to
phagocytosis, female belugas have a lower respiratory burst than males,
which may be compensated by higher phagocytosis. DeGuise et al. (1997b)
observed rather large variability in both functions, but variation was smaller
when animals were grouped by sex.

Natural killer cell activity

Natural killer (NK) cells are also an important cellular component of the
non-specific immune response. They represent the third major class of
lymphocytes, but they do not express markers for either T or B lymphocytes.
Initially called null cell population, these large granular lymphocytes express
other surface markers, such as CD16 and CD56, in humans (O’Shea and
Ortaldo, 1992). NK cell activity is directed mainly against tumor and virus-
infected cells. NK cell activity is not restricted by the major histocompatibility
complex (MHC), nor does it need previous sensitization. DeGuise et al.
(1995) demonstrated an NK activity in beluga peripheral blood leukocytes
with the use of two established NK-sensitive tumor cell lines, the murine
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Figure 14.3 Specific 51Cr release in a beluga as an evaluation of NK activity after an
18-hour incubation of PBMC with 51Cr-labeled YAC lymphoma and
human erythroleukemia tumor K-562 cell lines at different effector
(NK cell) : target cell (tumor cell) ratios, with or without the cytokine
IL-2.

YAC lymphoma, and the human K-562 erythroleukemia (Figure 14.3).
They found that beluga NK cell activity was enhanced in the presence of
recombinant human interleukin-2 (rh-IL-2), showing a cross-reactivity with
the human cytokine IL-2 in belugas. The pattern of increased cytotoxicity
with increasing effector cell (NK cell) : target cell (tumor cell) ratios and the
IL-2 responsiveness of the NK activity suggest that the effector cells, respons-
ible for the NK activity in belugas, have similar properties to those of
natural killer cells for other species (Henney et al., 1981; Ross et al., 1995).
The authors observed no significant differences in NK activity between males
and females or between adult and immature belugas.

Specific immune response

Adaptive immunity is based on the capability of lymphocytes to respond
specifically to non-self material, or antigens, leading to the elimination of
the antigen and retaining memory of that specific antigen. Memory enables
the organism to respond more rapidly and effectively to a second stimulus
by the same antigen. The two responses are the humoral response (mediated
by antibodies) and the T-cell-mediated immune response with the produc-
tion of cytolytic T lymphocytes (CTL).

Humoral response

Following a complex series of cell-to-cell interactions (the description of
which is beyond the scope of this report), resting B cells are activated to
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secrete antibodies of different classes. In the primary immune response, the
antigen-specific antibody is initially of the IgM class of immunoglobulins,
which is then replaced by IgG immunoglobulins. In marine mammals, dif-
ferent isotypes of immunoglobulins have been identified, although the rate
at which they appear following antigenic stimulation is currently unknown
(Kennedy-Stoskopf, 1990). Indeed, in the northern fur seal (Callorhinus
ursinus), immunoglobulins of the isotype G, M, and A were identified and
purified by gel filtration chromatography and were found to be structurally
similar to human immunoglobulins. However, IgE has not been found
in any marine mammals so far. However, this may be due to its relatively
low level in serum and insensitivity of assays (Britt and Howard, 1983).
Although qualitative and quantitative determination of beluga whale
immunoglobulins could be performed, the active response is presently im-
possible to measure in beluga, because of the antigenic challenges that have
to be performed.

Cell-mediated response

T lymphocytes are the main class of mononuclear cells implicated in specific
cellular immunity. The cells involved in this response are cytotoxic T
lymphocytes (CTL). To become efficient effector cells, the pre-cytotoxic T
lymphocytes have to be activated following a classical antigenic stimulation,
and must differentiate into CTLs. Following maturation, the CTLs develop
the capability to kill target cells by the mediation of a lytic mechanism.
Assays to measure a complete cell-mediated response, such as the mixed
lymphocyte reaction, are difficult to validate in mammals due to the lack
of inbred animals. However, the basic capability of CTLs to proliferate
upon antigenic stimulation could be studied by the use of a mitogenic assay.
This assay could be also extended for B lymphocytes. De Guise et al. (1996)
validated a quantitative assay to measure lymphoblastic transformation
in PBMC, splenocytes and thymocytes from belugas. For each source of
leukocytes, the authors tested different mitogens: concanavalin A (Con-A),
PHA, lipopolysaccharide (LPS) and pokeweed mitogen (PWM), for which
the optimal concentrations were determined (Figures 14.4, 14.5 and 14.6).
The results show that Con-A and PHA were the strongest mitogens in
PBMC and thymocytes, whereas LPS was the strongest mitogen for
splenocytes. The stimulation index for Con-A and PHA was higher for
thymocytes than for PBMC, and was the lowest in splenocytes, while LPS
was a stronger mitogen for splenocytes than thymocytes. Furthermore, the
minimal stimulation by LPS with concomitant strong PHA and Con-A stimu-
lation in the thymus, which contain only T cells, and the low Con-A and
PHA but strong LPS stimulation observed in the spleen, which contains
a high proportion of B cells, tend to confirm the specificity of Con-A and
PHA for beluga T lymphocytes and LPS for B lymphocytes, as in other
species.
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Figure 14.4 Stimulation of captive (John G. Shedd Aquarium, Chicago) beluga
PBMC cultured with various doses of mitogens (Con-A, concanavalin
A; PHA, phytohemagglutinin; LPS, lipopolysaccharide; PWM, pokeweed
mitogen). SI, stimulation index.
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Figure 14.5 Stimulation of wild Arctic beluga splenocytes cultured with various doses
of mitogens (Con-A, concanavalin A; PHA, phytohemagglutinin; LPS,
lipopolysaccharide; PWM, pokeweed mitogen). SI, stimulation index.

Ve
tB

oo
ks

.ir



390 P. Brousseau et al.

Figure 14.6 Stimulation of wild Arctic beluga thymocytes cultured with various doses
of mitogens (Con-A, concanavalin A; PHA, phytohemagglutinin;
LPS, lipopolysaccharide; PWM, pokeweed mitogen). SI, stimulation
index.

Immunotoxicity of contaminants found in beluga whale blubber

High concentrations of environmental contaminants, most importantly
organohalogens, were measured in the tissues of beluga whales (Muir et al.,
1990). In mammals, the suppression of immune function following exposure
to organochlorines or metals is well documented (Daum et al., 1993; Bernier
et al., 1995; Thomas, 1995). In an attempt to understand the possible
immunotoxic potential of these chemicals in belugas, several studies were
conducted in vitro as well as in vivo.

Effects of in vitro exposure to metals

In a study conducted by DeGuise et al. (1995c), beluga splenocytes and
thymocytes were collected from two free-ranging belugas killed by Inuit
hunters for food consumption in the North West Territories, Canada. Cell
suspensions were exposed to 10−5, 10−6, 10−7 M of mercuric chloride (HgCl2)
or cadmium chloride (CdCl2), as well as to 10−5, 10−6, 10−7 M of lead chloride
(PbCl2). The lymphocyte proliferation was then evaluated on thymocytes
(Figure 14.7) and on splenocytes (Figure 14.8). In order to study the impact
of possible cytotoxic effects of metals on the proliferative response of
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Figure 14.7 Proliferation of beluga thymocytes cultured with either HgCl2, CdCl2

or PbCl2. The cells were either stimulated with Con-A (first row), with
PHA (second row) or not stimulated (third row). The results are
expressed in dpm (disintegrations per minute). * Significantly different
from unstimulated control (P < 0.05); ** highly significantly different
from unstimulated control (P < 0.01).

lymphocytes, cell viability was measured on cells exposed to the same
experimental conditions as those for the lymphocyte proliferation assay.
For the splenocytes and the thymocytes, none of the concentrations tested
significantly affected cell viability. The proliferative response of beluga whale
thymocytes was significantly reduced at the highest concentration of HgCl2

when stimulated or not with Con-A and at the highest concentration of HgCl2

and CdCl2 when stimulated with PHA. However, the proliferative responses
of splenocytes with Con-A and PHA were significantly reduced at the highest
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Figure 14.8 Proliferation of beluga splenocytes cultured with either HgCl2, CdCl2

or PbCl2. The cells were either stimulated with Con-A (first row), with
PHA (second row) or not stimulated (third row). The results are
expressed in dpm (disintegrations per minute). * Significantly different
from unstimulated control (P < 0.05); ** highly significantly different
from unstimulated control (P < 0.01).

concentration of HgCl2 and CdCl2 (10−5 M). Moreover by doing some
experiments with methylmercury, it was found that the latter induced an
immunotoxic effect on beluga splenocytes at concentrations 10 times lower
than for mercuric chloride (Figure 14.9). These results confirm what has been
found in other vertebrates (Nakatsuru et al., 1985; Shenker et al., 1992), and
suggest that mercury, as well as cadmium, is immunotoxic on splenocytes
and thymocytes of beluga following in vitro exposure.
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Figure 14.9 Proliferation of Con-A-stimulated beluga splenocytes exposed to either
methylmercury (dotted line) or mercuric chloride (solid line), expressed
as the percentage of the response of cells cultured without mercury. The
proliferation of cells exposed to methylmercury was affected at concen-
trations tenfold lower than that of cells exposed to mercuric chloride.

Important information was provided by Béland et al. (1992) who measured,
in the liver of 30 adult SLE belugas (13–31 years old), levels of mercury that
were higher than the concentration of 10−5 M mercuric chloride (which rep-
resents 2.01 ppm of Hg) found to significantly suppress the proliferation
of splenocytes and thymocytes in vitro. The concentration of 10−5 M CdCl2

(which represents 1.11 ppm Cd), found to alter the proliferation of beluga
splenocytes, was one order of magnitude lower than those measured in
tissues of SLE belugas (Béland et al., 1992), but within the range of those
found in Arctic belugas naturally exposed to heavy metals.

Effects of in vitro exposure to organochlorines

A study was designed to evaluate the potential immunotoxic effects of
organochlorines following in vitro exposure. Two parameters of the immune
response, namely phagocytosis by peripheral blood neutrophils and the
lymphoproliferative response of splenocytes, were evaluated following
exposure to selected organochlorines. Contaminants tested were: the three
most abundant PCB congeners measured in SLE beluga tissues (138, 153
and 180); the PCB coplanar congener 169, present at low concentrations but
well known for its high toxicity; p,p′-DDT and its metabolite p,p′-DDE; and
tetrachlorodibenzo-dioxin (TCDD) (DeGuise et al., 1995). For both para-
meters, cells were exposed (90 minutes for phagocytosis or 66 hours for pro-
liferation) to 5, 10, 15, 20 or 25 ppm PCB congeners, or to 10, 25, 50, 75 or
100 ppm of p,p′-DDT or p,p′-DDE, or to 1, 5, 10 or 15 pg/ml of TCDD.

Phagocytosis of beluga leukocytes exposed to various organochlorines
was not significantly affected. In contrast, the proliferative response of PHA-
stimulated splenocytes was significantly (P < 0.05) reduced following an
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Figure 14.10 Proliferation of PHA-stimulated beluga splenocytes, exposed to one of
four PCB congeners or one of two DDT metabolites, cultured in the
presence of [3H]thymidine. Results are expressed in disintegrations per
minute (dpm). * Significantly different from control (P < 0.05).

exposure to 20 and 25 ppm of PCB 138 and to 75 and 100 ppm of p,p′-DDT
(Figure 14.10). Furthermore, the spontaneous proliferation (without mitogen)
of splenocytes was significantly inhibited by PCB 138 at concentrations of
20 and 25 ppm, as well as by PCB 180 at a concentration of 25 ppm. When
splenocytes were exposed to a mixture of 5 ppm of PCB congeners 138, 153
and 180, the capacity of splenocytes to proliferate was significantly reduced,
whereas no effects were observed in cells exposed to each PCB individually
at concentrations lower than 20 ppm (Figure 14.11). However, when PCB
169 was added to the mixture, none of the concentrations of TCDD tested
had an effect on the proliferative response of PHA-stimulated splenocytes.
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Figure 14.11 Proliferation of PHA-stimulated beluga splenocytes exposed to: (A)
5 ppm of either one or four PCB congeners, or 5 ppm of each of three
(138, 153 and 180; M1) or four (138, 153, 180 and 169; M2) of these
congeners mixed together (total PCB concentrations of 15 ppm and
20 ppm, respectively); (B) 25 ppm of either p,p′-DDE or p,p′-DDT, or
25 ppm of each mixed together (M3; total DDT-related compound
concentration of 50 ppm); cultured in the presence of [3H]thymidine.
Results are expressed in disintegrations per minute (dpm). * Signific-
antly different from control (C 1 or C 0,1) (P <0.05).

Of all the organochlorines tested, PCB congener 138 was the most
immunotoxic. This observation is quite significant since this congener is the
most abundant one measured in SLE beluga tissues (Muir et al., 1990).
Furthermore, immunotoxic levels of individual organochlorine compounds
or their mixtures, as reported here, are within the ranges measured in the
blubber of SLE belugas. Whether immunocompetent cells are exposed to
these concentrations is not clear, but these results support the hypothesis
that the high concentrations of organochlorines found in the tissues of beluga
whales could significantly impair immune function in these animals.
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Effects on the immune response of the Fisher rat fed contaminated blubber

A study was undertaken to assess the immunotoxic potential of the complex
mixtures of organohalogens accumulated in SLE belugas upon environmental
exposure. From the literature, there is ample evidence that organohalogens
have detrimental effects on the immune system of humans and animals
(Smialowicz et al., 1989; Tryphonas et al., 1989; Kerkvliet et al., 1990),
resulting in a higher sensitivity in experimental animals to a wide array of
infectious agents (Loose et al., 1978; Thomas and Hinsdill, 1978; Imanishi
et al., 1980).

For this experiment, 60 Fisher rats were assigned to four groups of 15 and
fed a diet containing 5 per cent lipids. The control group (series 100) received
corn oil. The second group (series 200) received lipids from the blubber of
a relatively uncontaminated Arctic Hudson Bay beluga (Table 14.3). The
third group (series 300) was fed lipids made of blubber of Arctic beluga and

Table 14.3 Organochlorine contaminants in the blubber of two beluga from the
St. Lawrence estuary and from western Hudson Bay, N = 2

St. Lawrence, male Hudson Bay, male

Contaminant
(µg/g wet weight)

s-PCB 64.9 3.02
s-DDT 50.0 3.13
s-CHL 10.2 2.33
CHB 25.7 5.10
s-HCH 0.29 0.24
s-CBz 1.03 0.66

PCB homolog (-chloro)
groups (µg/g wet weight)

Tri- 0.27 0.02
Tetra- 6.77 0.65
Penta- 12.72 0.95
Hexa- 28.10 0.89
Hepta- 13.80 0.49
Octa- 3.01 0.11
Nona-/deca- 0.26 0.016

Non-ortho PCB congeners
(ng/g wet weight)

PCB 37 3.43* ND
PCB 81 3.5 10.88
PCB 77 192.5 19.58
PCB 126 16.33 52.48
PCB 169 7.45 132.48
PCB 189 79.18 ND

s, Sums of; PCB, polychlorobiphenyls; DDT, six DDT-, DDE- and DDD-related compounds;
CHL, chlordane-related compounds; CHB, toxaphene; HCH, hexachlorocyclohexanes; CBz,
chlorobenzene.
* Values represent an average of two analyses; ND, below the level of detection.
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Table 14.4 Concentrations of major organochlorines contaminants in four diets used
in rat feeding study (values in µg/g, wet weight)

Diet group s-PCB s-DDT s-CHL CHB s-HCH s-CBz Total

100 0 0 0 0 0 0 0
200 0.15 0.16 0.12 0.26 0.01 0.03 0.57
300 1.70 1.33 0.31 0.77 0.01 0.04 4.17
400 3.25 2.50 0.51 1.29 0.01 0.05 7.61

s, Sums of; PCB, polychlorobiphenyls; DDT, six DDT- and DDE-related compounds;
CHL, chlordane-related compounds; CHB, toxaphene; HCH, hexachlorocyclohexanes; CBz,
chlorobenzene.
Diets: 100 = corn oil; 200 = Arctic beluga fat; 300 = Arctic and St. Lawrence beluga fat;
400 = SLE beluga fat

blubber of SLE beluga, in a 50 : 50 ratio, and the last group (series 400)
received lipids from the blubber of a heavily contaminated SLE beluga. The
rats were given a 30 g portion per day and the concentrations of s-PCBs and
major organohalogen pesticides in the daily diet are given in Table 14.4.
Following a 2-month feeding period, immune cells were collected from
the blood, the peritoneum and the spleen to assess immune functions:
phagocytosis, oxidative burst, lymphoblastic transformation, natural killer
cell activity, immunophenotyping and plaque-forming cell assay. For this
last assay, satellite series of 40 rats subdivided into four groups, as above,
were included because the animals have to be challenge with an antigen
(sheep red blood cell, SRBC). Results from this study indicate that the
immune response of rats fed a diet whose lipid source (5 per cent) comes
from the blubber of a beluga highly contaminated with organohalogen was
not different from the control group, except for the humoral response, in
which a significant stimulation was observed with rats fed on whale blubbers.
Quite interestingly, the amplitude of the stimulation was greater in the
group fed with low contaminated Arctic blubber. In a comparable study,
Ross et al. (1995) fed rats a diet containing 33 per cent Baltic Sea herring
(7.135 ppm s-PCBs on average) resulting in a total PCB level in the diet
lower than in this study and with no observable impact on the immune
response. However, seals fed a similar diet of Baltic Sea herring (Clupea
harengus) exhibited marked reductions in immune function (De Swart et al.,
1996; Ross et al., 1996b) demonstrating that marine mammals can be much
more sensitive than rats to toxic effects of organohalogens.

Effects on the immune response and reproduction of C57Bl/6 mice fed
contaminated blubber

A similar study was undertaken in the mouse model. In this experiment, 105
female mice were assigned to seven groups of 15 specimens each, which were
fed a diet containing 5 per cent lipids. In the first and second groups, the
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control groups, animals were fed on regular chow in which lipids consisted
of beef tallow or corn oil, respectively. Groups 3 and 4 were fed a diet in
which lipids were replaced by either blubber from a slightly contaminated
Arctic beluga or blubber from a heavily contaminated St. Lawrence beluga
(the same blubbers as for the rat study). Groups 5–7 were fed on mixtures of
Arctic and St. Lawrence beluga blubbers in the respective following ratios:
25–75 per cent; 50–50; 75–25 per cent. The mice were fed for a period of 3
months and then sacrificed to harvest blood, peritoneal macrophages, spleen
and gonads. The immunological tests used were phagocytosis, lymphoblastic
transformation, immunophenotyping, natural killer cell activity and humoral
response. For the reproductive system, ovaries were preserved in Bouin’s
solution, embedded in wax, sectioned, stained with hematoxylin and eosin,
mounted on Permount and observed under a light microscope.

No significant differences in body weight gain or spleen and thymus weight
were observed in exposed mice. Out of the six endpoints monitored, humoral
response and phagocytosis were significantly suppressed in mice fed on
blubber, irrespective of its organohalogen content (Fournier et al., 2000).

The results of the present study and our previous rat study are also con-
sistent with the observation that mice are more susceptible to organohalogen-
induced immunotoxicity than rats (Smialowicz et al., 1994).

For the reproductive system, the results show important ovarian and
oviduct histological differences between the mice fed with beluga blubber
when compared to the control groups. Indeed, ovulation took place in all
the groups. However, there was an increase in the life span of the corpora
lutea in all five groups fed with beluga blubber, but more importantly in
groups 4 to 7 (Ruby et al., 2002). The endocrine disruptor characteristics of
some of the xenobiotics present in the blubber might explain this phenom-
enon. There was also a loss of zona pellucida, a high rate of atrasia and
necrosis of follicles in all treated mice.

Effects on reproduction in mink fed contaminated blubber

In a reproductive toxicology study, Murphy et al. (1995) tested the effect of
toxic chemicals, present in the blubber of SLE beluga, on mink (Mustela
vison) reproduction. In experimental groups, animals were exposed daily to
close to 5 mg of organohalogens, including 2.23 mg of PCBs. Sixty mink were
randomly assigned to 6 groups of 10 animals, each fed for 30 days either on
a diet where the lipid portion was replaced by beluga fat (experimental) or a
diet where the lipid portion was replaced by beef tallow (control). The first
two groups were used for early gestation studies (pre-implantation embryos),
the second two groups were used for early post-implantation studies, and
the third two groups were used for late gestational studies.

Results show that animals from experimental groups all lost weight and
three mink (one from the second group and two from the third group) died
during the period of treatment. The results are presented in Table 14.5. The
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Table 14.5 Embryos and fetuses from mink fed beluga fat for 30 days prior to early
gestation (February 21 to March 22), early post-implantation pregnancy (March 13
to April 11), or late gestation (March 22 to April 21)

Treatment Number Number Total Live; Dead;
Group No. surviving with embryos mean mean

embryos per mink (SEM) (SEM)
(SEM)

Beluga fat, 10 9 6.1 (0.9) 6.1 (0.9) 0
early gestation
Control, early 10 9 6.0 (1.3) 5.9 (1.4) 0.1 (0.01)
gestation

Beluga fat, early 9 8 6.4 (0.9)* 6.4 (0.9)* 0
post-implantation
Control, early 10 9 9.0 (1.2) 8.7 (1.1) 0.2 (0.01)
post-implantation

Beluga fat, 8 7 9.1 (1.5) 4.0 (1.5)* 4.2 (1.2)
late pregnancy
Control, late 10 8 8.8 (1.3) 8.8 (1.3) 0
pregnancy

* Significantly less than corresponding control at P < 0.05. SEM, Standard error of the mean.

absence of difference between numbers of live pre-implantation embryos
indicates no apparent effect of the beluga fat on the processes of mating,
ovulation or embryonic development to the blastocyst stage. The difference
between numbers of early post-implantation embryos suggests that the beluga
fat reduced the numbers of embryos that implanted, in the absence of an
effect on the viability of embryos that successfully attached and invaded the
uterus. The principal lesion was in post-implantation survival, more than
half of the embryos being dead in late gestation.

These results are consistent with the view that chemicals present in beluga
fat interfered with post-implantation gestation in mink. A previous study by
Kihlström et al. (1992) reported that mink fed PCB fractions showed a
dose-dependent post-implantation mortality and a weight loss in females.
Furthermore, a study by Reijnders (1986) demonstated that seals fed polluted
fish showed reduced pup production when compared to seals fed much less
polluted fish. Although the association between reproductive failure and
pollution is circumstantial for St. Lawrence beluga whales, the number of
studies putting forward the reproductive toxicity of organohalogens is in-
creasing substantially.

Conclusions

There is an increasing body of evidence showing that exposure to mixtures
of persistent toxic substances, mainly through the food web, may result in
detrimental effects on the health of several organisms, including marine

Ve
tB

oo
ks

.ir



400 P. Brousseau et al.

mammals. Indeed, the resistance of beluga whales might be significantly
impaired by persistant contaminants, either directly (target system: immune
system) or indirectly (target system: endocrine system), that prevent the
immune system from providing adequate defense. In order to tackle this
problem efficiently, several assays were developed to study the immune sys-
tem of beluga whales. The establishment of optimal conditions and their
validation required a major commitment from our team. Nevetheless, this
essential work gives us the opportunity to look at various aspects of the
immune system of belugas and to study the effects of xenobiotics on their
immune system in more depth. Indeed, these assays could be used to under-
stand disease processes in cetaceans and potentially improve medical man-
agement as well as the health status of these animals.
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15 Evaluation of genotoxic effects
of environmental contaminants
in cells of marine mammals,
with particular emphasis on
beluga whales

J.M. Gauthier, H. Dubeau and E. Rassart

Introduction

Marine mammal populations, such as the St. Lawrence beluga whales
(Delphinapterus leucas), the Mediterranean Sea striped dolphins (Stenella
coeruleoalba), the US Atlantic coast and Gulf of Mexico bottlenose dolphins
(Tursiops truncatus) and the Baltic gray seals (Halichoerus grypus), show
high concentrations of environmental contaminants which have been asso-
ciated with disease in these populations (Baker, 1984; Kuehl et al., 1991;
Leonzio et al., 1992; Olsson et al., 1994; Kuehl and Haebler, 1995; Borrell
et al., 1996; Jenssen, 1996; Munson et al., 1998). The St. Lawrence beluga
whales form a small endangered population (Committee on the Status of
Endangered Wildlife in Canada, COSEWIC) that inhabits the St. Lawrence
estuary and the Saguenay Fjord (Michaud, 1993). Both these regions are
contaminated with environmental contaminants including polycyclic aromatic
hydrocarbons (PAHs), organochlorine compounds (OCs) and mercury, which
originate from atmospheric transport, a variety of local industries, such as
aluminum refineries and chloro-alkali plants, municipal effluents, the Great
Lakes, St. Lawrence tributaries, and soil erosion (Martel et al., 1986; Dalcourt
et al., 1992; Gobeil and Cossa, 1993; Pham et al., 1993; Gearing et al., 1994;
Quémarais et al., 1994). Necropsies of dead stranded whales have shown
a high prevalence of tumors, non-neoplastic lesions and opportunistic
diseases (DeGuise et al., 1994, 1995; Martineau et al., 1994, Chapter 13 in
this volume). Cancer has been diagnosed as the principal cause of death in
18 per cent of 73 examined carcasses and the annual crude cancer rate
was estimated to be 233/100 000; higher than in many human and domestic
animal populations (DeGuise et al., 1994, 1995; Martineau et al., 1999 and
more recent data in this monograph). Population modeling, field studies
and necropsy observations of female reproductive organs have suggested a
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lower reproductive rate in this population than in Arctic populations (Béland
et al., 1988, 1993; Michaud, 1993). High concentrations of polychlorinated
biphenyls (PCBs), OC compounds and mercury have been found in tissues
of the St. Lawrence beluga whales (Muir et al., 1990, 1996). On the con-
trary, Arctic beluga whales have low concentrations of environmental con-
taminants (Muir et al., 1990). Benzo[a]pyrene (B[a]P)-DNA adducts have
been detected by high pressure liquid chromatography (HPLC) fluorescence
analysis in St. Lawrence beluga whales, but not in Arctic beluga whales
(Martineau et al., 1994; Mathieu et al., 1997). However, B[a]P-DNA adducts
were detected in Arctic beluga whales using competitive enzyme-linked
immunosorbent assay (ELISA) with a fluorescent endpoint (Mathieu et al.,
1997). It remains to be determined whether this immunochemical assay will
detect higher levels of B[a]P-DNA adducts in St. Lawrence beluga whales.
Moreover, no gross evidence of cancer has been found in approximately
50 Arctic beluga whale carcasses sampled for routine biological purposes
(David J. St. Aubin, 30 October 1997, personal communication). Factors
such as tumor induction, tumor promotion and immunosuppression induced
by environmental contaminants have been proposed to explain the elevated
cancer prevalence in the St. Lawrence population (DeGuise et al., 1994,
1995). Environmental contamination may also be involved in the high pre-
valence of cancer in California sea lions (Zalophus californianus) (Gulland
et al., 1996).

DNA damage plays an important role in the development of cancer and
can be a risk factor for teratogenesis and other diseases (Hemminki and
Vineis, 1985; Oshimura and Barett, 1986; Evans, 1990; Hagmar et al., 1994;
Tucker and Preston, 1996; Duffaud et al., 1997). Several environmental
contaminants, such as PAHs, certain OCs and mercury, found in marine
mammals (Wagemann and Muir, 1984; Hellou et al., 1990; Wagemann
et al., 1990; Kuehl et al., 1991; Leonzio et al., 1992; Martineau et al. 1994;
Olsson et al. 1994; Borrell et al., 1996; Jenssen, 1996) have been shown to
cause DNA damage at the gene, strand and/or chromosome level in human
and animal cells (Palmer et al., 1972; Majumbar et al., 1976; Hooper et al.,
1979; Cantoni and Costa, 1983; IARC, 1983, 1993; Sobti et al., 1983;
Oshimura and Barrett, 1986; Safe, 1989; Sargent et al., 1989; Steinel et al.,
1990; Bhunya and Jena, 1992; Meisner et al., 1992; Perera et al., 1992; Sakar
et al., 1993; DeFlora et al., 1994; Franchi et al., 1994; Warshawsky et al.,
1995; Ogura et al., 1996; Canonero et al., 1997). PAH compounds,
methylmercury (MeHg), DDT, toxaphene and, to a lesser extent, chlordane
are considered carcinogens in experimental animals (IARC, 1987, 1993).
Carcinogenicity to humans has been evaluated by the International Agency
for Research on Cancer (IARC) (1987, 1993) to be probable for many multi-
ringed (>3 rings) PAH compounds (group 2A) and possible for MeHg,
toxaphene and DDT (group 2B). Environmental mixtures containing PAH
compounds, such as those resulting from aluminum production, are also
considered carcinogenic (IARC, 1984).
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Several techniques can be used to detect DNA damage. The mammalian
cytokinesis-block micronuclei (MN) assay is a well-known cytogenetic
technique used to assess chromosome damage induced by environmental
contaminants (Fenech, 1993). MN are chromosomal fragments or whole
chromosomes that are not incorporated into daughter nuclei during mitosis
because of chromosomal breakage or aneuploidy caused by dysfunction of
the mitotic apparatus, respectively (Fenech, 1993). Cytochalasin-B is added
during culture of cells to prevent cytokinesis and produces binucleated (BN)
cells which can be scored easily and accurately for MN following one cell
cycle (Fenech and Morley, 1985). The single-cell microgel electrophoresis
(Comet) assay can be used to analyze single- and double-strand breaks and
alkali-labile sites in DNA, as well as excision repair of these lesions (Singh
et al., 1988). Cells are embedded in agarose gel on a microscopic slide, lysed,
electrophoresed and stained with a fluorescent dye (Singh et al., 1988). The
charged DNA is pulled by the electric current from the nucleus, causing
greater migration of relaxed and broken DNA fragments. The subsequent
images of the cells have the appearance of ‘comets’. The extent of DNA
strand breakage can be analyzed by measuring DNA migration distance
(length of the comet tail) and tail moment, which takes into account both
tail length and tail fluorescence intensity. The unscheduled DNA synthesis
(UDS) assay analyzes DNA repair synthesis after excision of damaged DNA
induced by genotoxic agents (Maddle et al., 1994). The incorporation of
[3H]thymidine into DNA is used as a measure of resynthesis of the excised
region.

Most cancers are of epithelial origin, including those observed in St.
Lawrence beluga whales and other marine mammals (Cairns, 1975; Martineau
et al., 1999). Epithelial cells are difficult to obtain from tissues of wild
marine mammals. Peripheral blood lymphocytes are considered the best non-
invasive source of cells to analyze DNA damage because 80 per cent of these
cells circulate throughout all organs and tissues and thus provide an estimate
of average whole-body exposure to genotoxic compounds (Tucker and
Preston, 1996). Although blood lymphocytes are often used to test genotoxic
effects of environmental contaminants in humans (Evans, 1984; Tucker and
Preston, 1996), they can be difficult to obtain from marine mammals and
are not always available in sufficient amounts for in vitro cytogenetic studies
in these animals. Fibroblasts are the major cell type of conjunctive tissue
of organs and body tissues, and are thus omnipresent in the organism
(Barlovatz-Meimon and Martelly, 1988). Fibroblasts have been widely used
in genotoxicity testing studies using the MN assay and other cytogenetic
endpoints. Mice injected i.p. with MeHg in vivo have shown increases in
chromosome aberrations (CAs) in skin fibroblasts (Gilbert et al., 1983),
demonstrating that skin fibroblasts can also be used as a surrogate cell type
for estimation of target tissue exposure. Skin samples can be obtained from
stranded marine mammals or by biopsy on free-ranging animals. Skin
fibroblasts can be easily isolated from small skin samples and proliferate for
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several generations in culture to yield great amounts of cells (Barlovatz-
Meimon and Martelly, 1988).

Very few studies exist on the genotoxic effects of environmental contamin-
ants in marine mammal cells. The objectives of this chapter are:

1. To review present studies on the evaluation of in vitro genotoxicity of
environmental contaminants in marine mammal cells and their possible
ecotoxicological relevance in wild populations. These studies comprise
the assessment of the genotoxic effects of mercury, OC and PAH com-
pounds in skin fibroblasts of a beluga whale using the MN assay, of
mercury in blood lymphocytes of a bottlenose dolphin using the Comet
assay, and of B[a]P in fetal bottlenose dolphin epithelial kidney cells
using Comet and UDS assays.

2. To discuss the factors influencing the ecotoxicological relevance of the
in vitro genotoxicity findings in marine mammal cells.

3. To present future research needs in this emerging field of marine mam-
mal genotoxicology.

Review of present studies on the genotoxicity evaluation of
environmental contaminants in marine mammal cells

This section provides a brief introduction of the genotoxicity of PAH, mer-
cury and OC compounds as reported in human and terrestrial mammal
studies, followed by a review of present studies on the genotoxicity evaluation
of these compounds in marine mammals and their possible ecotoxicological
relevance in wild populations.

PAH compounds

Many of the multi-ringed PAH compounds are potent mutagens and
chromosome-damaging agents (IARC, 1983). PAHs are metabolically
activated to highly reactive DNA-binding electrophiles responsible for tumor
induction and other toxic effects of these compounds (Pelkonen and Nebert,
1982; Harvey, 1991). B[a]P is a model PAH compound which has been widely
used as an index of PAH contamination and as a positive control in in vitro
and in vivo genotoxicity studies. Positive results have been obtained in vitro and
in vivo for B[a]P in CA, MN and sister chromatid exchange (SCE) induction
assays (IARC, 1983; He and Baker, 1991; Warshawsky et al., 1995). Other
multicyclic PAHs, such as benzo[a]anthracene (BA), dibenzo[a,h]anthracene
(DBA), benzo[b]fluoranthrene (BF) and chrysene, are also mutagenic in the
AMES test and positive in the MN, CA and/or SCE in vitro and in vivo
assays in human and other terrestrial mammals (IARC, 1983; He and Baker,
1991; Reddy et al., 1991; Crofton-Sleigh et al., 1993; Winker et al., 1995).
Statistically significant correlations have been found between frequency of
CA in human lymphocytes and PAH air pollution (Perera et al., 1992).
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Figure 15.1 Typical binucleated beluga whale fibroblastoid cell without (A) and with
(B) a micronucleus (MN). The MN is indicated by the arrow.

MN assay

Gauthier et al. (2002) used the MN assay to analyze the genotoxic effects
of B[a]P and a mixture of PAH compounds in the presence of external
metabolic factor (S9 rat liver fraction) in fibroblasts isolated from a biopsy
skin sample taken from an west Hudson Bay Arctic beluga whale collected
by subsistence Inuvialuit hunting. Typical BN beluga skin fibroblasts with
and without a MN are shown in Figure 15.1. A range of experimental
concentrations for PAH compounds were chosen according to those found
in sediments of the St. Lawrence estuary and Saguenay Fjord, and according
to preliminary MN induction experiments. Constituents of the PAH mixture
(PAH-M) were selected for their prevalence in sediments of areas of the
St. Lawrence estuary with high beluga frequentation, and/or their known
genotoxic and carcinogenic activities (IARC, 1987; Harvey, 1991; Dalcourt
et al., 1992; Michaud, 1993). The PAH-M constitutes about 50 per cent
of the mixture of 16 PAHs identified in sediments in these areas (Dalcourt
et al., 1992). The PAH-M was prepared according to proportions found in
these sediments and is composed of 17 per cent B[a]P, 10 per cent BA,
10 per cent DBA, 42 per cent BF and 21 per cent chrysene. Although rat S9
fraction was used as the external metabolic factor, B[a]P hydroxylase (AHH)
activity in beluga whales falls within the range of other odontocetes, which
have comparable activities to those of rats (Watanabe et al., 1989; White
et al., 1997).

Both B[a]P and the PAH-M induced a highly significant (P > 0.001)
concentration–response increase in micronucleated cell (MNC) frequency
(number of MNCs per 1000 BN cells). Statistically significant increases in
MNCs were found for 0.5, 2 and 5 µg/ml B[a]P and 5 and 20 µg/ml of the
PAH-M when compared to control cultures (Table 15.1). Concentrations of
0.5, 2 and 5 µg/ml B[a]P, respectively, induced a 2.2-, 2.7- and 5.5-fold mean
increase in MNCs. Treatment with B[a]P alone was more potent in inducing
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Table 15.1 Micronucleated cell (MNC) induction by B[a]P and the PAH-M in beluga
whale skin fibroblasts in presence of S9 mix. Data are presented as mean ± standard
deviation about the mean (SD) for total MNCs per 1000 BNs cells. DMSO was used
as the negative control for B[a]P and the PAH-M

Chemical and Mean ± SD P valuea

concentration (µg/ml)

DMSO
1% 9.0 ± 2.6 –

B[a]P
0.02 11.7 ± 1.5 0.205
0.5 20.0 ± 1.2 0.007
2 24.3 ± 1.2 0.001
5 49.3 ± 6.7 0.001

PAH-M
0.02 14.3 ± 2.1 0.052
0.1 14.7 ± 3.1 0.072
5 30.3 ± 2.5 0.001

20 53.3 ± 9.9 0.002

a Probability values are based on a one-way ANOVA comparing the total number of MNCs
observed per 1000 BN cells for each treatment with the respective control.

MN than the PAH-M (Table 15.1), suggesting antagonistic effects of PAH
compounds in this mixture. Most studies have shown that mixtures of vari-
ous PAHs, including those used in this study, are less potent in inducing
DNA adduct formation, mutations and MN than B[a]P alone and this is
probably due to competitive inhibition of metabolic pathways involved in
formation of reactive metabolites (Haugen and Peak, 1983; Springer et al.,
1989; Reddy et al., 1991). According to concentrations tested in the study,
sensitivity of beluga whale fibroblasts to the genotoxic effects of B[a]P treat-
ment in the presence of S9 mix appeared to be similar to that of Chinese
hamster fibroblasts, lower than rat skin primary fibroblasts, and greater
than that of human blood lymphocytes (Ellard et al., 1991; Vian et al, 1993;
Vienneau et al., 1995).

B[a]P-DNA adducts have been found in tissues of the St. Lawrence beluga
whales (Martineau et al., 1994). Stomach content analyses and field studies
suggest that these whales dig in bottom sediments to feed on invertebrates
(Vladykov, 1946; Robert Michaud, 2 October 1998, personal communica-
tion). PAHs have been identified as the most likely contaminants causing
positive genotoxicity results in bottom sediment samples (e.g. Marvin et al.,
1993; Gagné et al., 1995; Papoulias and Buckler, 1996). Moreover, a signific-
ant relationship was found between PAH concentrations in sediments of the
Saguenay Fjord and genotoxicity of bivalve tissue extracts of this region
(White et al., 1997). These findings suggests that St. Lawrence beluga whales
are exposed to sediment-bound PAHs and to the genotoxic effects of these
compounds. Concentrations of ∑PAH (sum of 13–16 unsubstituted PAHs of
pyrogenic origin) in sediments of areas of the St. Lawrence estuary and the
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Saguenay Fjord frequented by the beluga whales range between 0.07–10 and
0.5–30 µg/g (dry weight), respectively (Martel et al., 1986; Dalcourt et al.,
1992; Gearing et al., 1994). Because B[a]P accounts for about 7 per cent of
∑PAH in these regions (Martel et al., 1986; Dalcourt et al., 1992), concen-
trations of B[a]P may be estimated to vary between 0.005 and 2.1 µg/g dry
weight. Consequently, the authors concluded that although results of this in
vitro study do not imply that PAH compounds are involved in the etiology
of cancer in St. Lawrence beluga whales, concentrations of 0.5 and 2 µg/ml
B[a]P and 5 and 20 µg/ml of the PAH-M that induced MN formation in
beluga fibroblasts were within the range of concentrations of PAH com-
bustion products found in sediments of certain regions of the habitat of
these whales.

Comet and UDS assays

Both the Comet and UDS assays were used by Carvan et al. (1995) to
analyze the in vitro DNA-damaging effects of B[a]P and excision repair of
B[a]P-induced DNA-adducts in kidney epithelial cells isolated from a fetal
bottlenose dolphin in the presence and absence of 2,3,7,8-tetrachlorodibenzo-
p-dioxin (TCDD). TCDD is a potent inducer of cytochrome P450 CYP1A1,
which is responsible for the metabolism of B[a]P to highly reactive DNA-
binding electrophiles (Harvey, 1991; Schrenk, 1998). Both migration distance
of DNA fragments (comet tail lengths) and [3H]thymidine incorporation as
a measure of UDS were measured as a function of hours following B[a]P
treatment. These assays showed that B[a]P (0.025–2.5 µg/ml) induced low
levels of DNA fragment migration and/or excision repair in the absence of
TCDD (Carvan et al., 1995). However, when cells were pretreated with
3.32 ng/ml TCDD, comet tail lengths and UDS increased as a function of
time following B[a]P treatment, peaked at 2 hours and decreased as a func-
tion of excision repair of B[a]P-DNA adducts (Carvan et al., 1995). Differ-
ences between non-TCDD- and TCDD-pretreated cultures were significant
(P < 0.05–0.005) for both endpoints. The ability of fetal bottlenose dolphin
kidney epithelial cells to excise B[a]P-adducts was also analyzed by quan-
tifying removal of incorporated [3H]B[a]P and was found to be similar to
results obtained for the Comet and UDS assays. The authors concluded
that these data indicate that TCDD exposure enhances the conversion of
B[a]P to a reactive metabolite and subsequent B[a]P-DNA adduct formation
in fetal bottlenose dolphin kidney epithelial cells.

Bottlenose dolphins feed on benthic fish and invertebrates (Wells and
Scott, 1998) and could therefore be exposed to the genotoxic effects of
sediment-bound PAH compounds when feeding on these organisms. To our
knowledge, B[a]P-DNA adducts and TCDD have not been analyzed in
dolphins. However, high concentrations of PAHs are found in sediments
of certain areas inhabited by dolphins with high environmental contaminant
loads (Kuehl et al., 1991; Narbonne et al., 1991; O’Connor, 1991; Kannan
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et al., 1993; Borrell et al., 1996). Moreover, non- and mono-ortho-substituted
PCBs have similar modes of action and toxic effects to those of TCDD
(Safe, 1993). Because high concentrations and elevated toxic equivalent (TEQ)
values have been found for non- and mono-ortho-PCBs in certain dolphin
populations, these PCB congeners may represent a greater toxicological
risk than TCDD in these dolphins (Kuehl et al., 1991; Kannan et al., 1993;
Borrell et al., 1996). These PCB congeners could potentially contribute to
increased metabolism of PAH compounds, leading to increased genotoxic
potential of PAH exposure in dolphins.

Mercury compounds

Although mercury compounds are not mutagenic in bacterial systems,
both inorganic and organic forms of mercury have been shown to induce
DNA breakage at the chromosome and DNA strand level, and aneuploidy
in cells of humans, domestic animals and wildlife (DeFlora et al., 1994).
Methylmercury chloride (CH3HgCl2) (MeHg) and mercury chloride (HgCl2)
(Hg), especially MeHg, cause c-mitosis induced aneuploidy through binding
to sulfhydryl groups of tubulin proteins of the mitotic apparatus (Oshimura
and Barrett, 1986). Mechanisms proposed to explain the genotoxic effects
of mercury include direct binding to nitrogen atoms of thymidine bases by
Hg2+ and CH3Hg2+ cations, production of free radicals, and the depletion of
glutathione reserves and inhibition of DNA repair enzymes by binding to
sulfhydryl groups of proteins (Eichhorn, 1981; Morimoto et al., 1982; Cantoni
and Costa, 1983; Cantoni et al., 1984; Snyder et al., 1988). The indirect
effects of lipid peroxidation, increased condensation of chromosomes and
inhibition of RNA polymerase I (in the case of Hg) may also be involved in
the induction of aneuploïdy (Andersen et al., 1983; Verschaeve et al., 1985;
Önfelt, 1986). Hg and MeHg are positive in the CA, SCE, MN and Comet
in vitro tests in human and other terrestrial mammalian cells (Morimoto
et al., 1982; Betti et al., 1992, 1993; DeFlora et al., 1994; Ogura et al., 1996).
Although in vivo studies have yielded contradictory results, some studies
have shown induction of chromosome damage in experimental animals
exposed to mercury experimentally and humans exposed to mercury through
accidental, occupational or alimentary sources (Skerfving et al., 1974; Miller
et al., 1979; DeFlora et al., 1994; Franchi et al., 1994). Significant correla-
tions have been found between frequency of CAs or MN and total mercury
concentrations between 0.01 and 1.1 µg/g wet weight in blood of humans
that consume large amounts of fish and seafood (Skerfving et al., 1974;
Franchi et al., 1994).

MN assay

Gauthier et al. (1998) analyzed the genotoxic effects of Hg and MeHg using
the MN assay in fibroblasts isolated from a biopsy skin sample taken from
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Table 15.2 Micronucleated cell (MNC) induction by Hg and MeHg in beluga whale
skin fibroblasts. Data are presented as mean ± SD for total MNCs per 1000 BNs
cells. Positive control is mitomycin C (MMC). Distilled water was used as the
negative control for MMC and Hg, and DMSO as the negative control for MeHg

Chemical and Mean ± SD P valuea

concentration (µg/ml)

H2O 8.0 ± 2.7 –
DMSO

1% 7.3 ± 2.1 0.733b

MMC
0.1 15.6 ± 1.0 0.010
1 49.1 ± 6.1 <0.001
2 45.1 ± 2.1 <0.001

Hg
0.05 5.2 ± 0.7 0.163
0.5 13.5 ± 2.1 0.049
5 22.2 ± 4.8 0.011

20 28.6 ± 6.7 0.008
MeHg

0.05 15.8 ± 1.9 0.006
0.5 18.6 ± 3.2 0.007
2 26.7 ± 3.2 0.001

a,b Probability values are based on a one-way ANOVA comparing the total number of MNCs
observed per 1000 BN cells for each treatment with the respective control (a), and between
DMSO and distilled water control (b).

a west Hudson Bay Arctic beluga whale collected by subsistence Inuvialuit
hunting. The range of experimental concentrations for mercury compounds
was chosen according to those found in St. Lawrence beluga whales and
according to preliminary cell-killing concentration–response experiments.
Both Hg and MeHg induced a highly significant (P ≤ 0.001) concentration–
response increase of MNCs. Statistically significant increases in MNCs were
observed for 0.5, 5 and 20 µg/ml Hg and 0.05, 0.5 and 2 µg/ml MeHg when
compared to control cultures (Table 15.2). Concentrations of 0.5, 5 and
20 µg/ml Hg, respectively, induced a two-, three- and fourfold increase of
MNCs. Treatment with MeHg was an order of magnitude more potent in
inducing MN than Hg (Table 15.2). Sensitivity of beluga whale fibroblasts
to genotoxic activity of Hg and MeHg appeared to be greater than that of
Chinese hamsters fibroblasts and human lymphocytes, as induction of MN
and CAs was reported for higher concentrations in these cells (Betti et al.,
1992; Yamada et al., 1993; Ogura et al., 1996).

The mean total mercury concentration on a wet weight basis in the liver
of St. Lawrence beluga whales is 34 µg/g (range = 0.4–202 µg/g) (Wagemann
et al., 1990). Using total mercury concentrations on a wet weight basis in
liver (63 µg/g, range = 0.2–218 µg/g) and blood (0.4 µg/g, range = 0.008–
1.5 µg/g) analyzed in pantropical spotted dolphins (Stenella attenuata) of
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the Pacific Ocean (André et al., 1990), the authors estimated the concentra-
tions that may be present in blood of certain St. Lawrence beluga whales to
be about 0.016–1.4 µg/g. Mercury in blood of mammals, including striped
dolphins, exists almost entirely as MeHg (Itano et al., 1984; Vahter et al.,
1994). Hence, the authors concluded that although these in vitro results do
not imply that mercury compounds are involved in the etiology of cancer in
St. Lawrence beluga whales, significant increases in MN frequency were
found at low concentrations of MeHg (0.05 and 0.5 µg/ml MeHg) which
are believed to be comparable to concentrations present in blood of certain
whales of this population.

Comet assay

Betti and Nigro (1996) used the Comet assay to evaluate the in vitro genotoxic
effects of methylmercury in peripheral blood lymphocytes of a captive
bottlenose dolphin. The extent of DNA strand breakage was analyzed by
measuring DNA migration distance. Significant increases in DNA strand
breakage were observed for all tested concentrations of MeHg (1–8 µg/ml)
(P < 0.0001). An identical protocol was used to compare DNA strand break-
age potency of MeHg in rat and human lymphocytes (Betti et al., 1993;
Betti and Nigro, 1996). Although the response of dolphin lymphocytes was
similar to that of rat and human lymphocytes at 1 µg/ml MeHg, it was
statistically lower (P < 0.01) at 2 µg/ml and higher concentrations.

Total mercury concentrations in liver and blood of pantropical spotted
dolphins of the Pacific Ocean range between 0.2 and 218 µg/g and 0.008 and
1.5 µg/g wet weight, respectively (André et al., 1990). Moreover, concentrations
in livers of Mediterranean striped and bottlenose dolphins, respectively, reach
concentrations of about 4400 and 13 150 µg/g dry weight (André et al.,
1990; Leonzio et al., 1992), corresponding to 1180 and 3520 µg/g wet weight
when the conversion factor of 3.738 proposed by Wagemann et al. (1990) is
used. Accordingly, the authors concluded that concentrations of MeHg that
induced single-strand breakage in DNA of bottlenose dolphin lymphocytes
are likely to be within the range of those naturally occurring in the blood of
wild dolphins.

Organochlorine compounds

Toxaphene is an electrophilic DNA-reactive compound and is the only
OC compound found in beluga whales that is considered a mutagenic
and genotoxic agent (Hooper et al., 1979; Sobti et al., 1983; Steinel et al.,
1990; Ashby and Tennant, 1991). Boon et al. (1998) proposed that toxaphene–
DNA adducts are formed by interaction between the C8 or C9 carbons of
toxaphene and the amino group of DNA bases through a biomolecular
nucleophilic substitution (SN2) reaction (Arnaud, 1983). Toxaphene is posit-
ive in the AMES and SCE tests in the absence of external metabolic factor
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(Hooper et al., 1979; Sobti et al., 1983; Steinel et al., 1990; Ashby and
Tennant, 1991). Higher frequencies of CAs have been observed in humans
exposed occupationally to toxaphene (Samosh, 1974). Certain authors
have suggested that OCs, such as DDT, hexachlorobenzene and PCBs, could
act as aneugens through inactivation of the mitotic spindle (Al-Sabti and
Metcalfe, 1995; Parry et al., 1996; Canonero et al., 1997). Certain studies
have shown that chlordane is positive in the UDS test and that certain PCBs
and their metabolites, which have a similar structure as DDT, could bind to
DNA and cause single-strand lesions in this molecule (Ahmed et al., 1977;
Safe, 1989). Consequently, it is also possible that DDT and chlordane com-
pounds could act at the DNA level (Hooper et al., 1979). However, negative
results have been obtained for p,p′-DDT and its metabolite p,p′-DDE
in most bacterial mutagenicity tests, and chlordane is considered a weak
mutagen in these tests (Kelly-Garvet and Legator, 1973; Mamber et al., 1984;
WHO, 1984; Reifferscheild and Heil, 1996). Although conflicting results
have been obtained for genotoxicity of p,p′-DDT and chlordane, it has been
shown that these compounds are capable of inducing CAs and SCEs in vitro
and in vivo in certain human and terrestrial mammal cell systems (Palmer
et al., 1972; Larsen and Jalal, 1974; Lessa et al., 1976; Sobti et al., 1983;
Sakar et al., 1993).

MN assay

Gauthier et al. (1999a, b) used the MN assay to test the genotoxic effects of
toxaphene, chlordane and p,p′-DDT with and without external metabolic
factor S9 in fibroblasts isolated from a biopsy skin sample taken from a
west Hudson Bay Arctic beluga whale collected by subsistence Inuvialuit
hunting. Ranges of experimental concentrations were chosen according to
those found in St. Lawrence beluga whales and according to preliminary
cell-killing concentration–response experiments. In the absence of external
metabolic factor S9, toxaphene, chlordane and p,p′-DDT induced significant
(P < 0.05) concentration–response increases of MNCs. Statistically signific-
ant increases in MNCs, ranging from 1.7- to fivefold when compared to
control cultures, were observed for 0.05, 0.5, 5 and 10 µg/ml toxaphene, for
2, 5 and 10 µg/ml chlordane and for 10 and 15 µg/ml p,p′-DDT (Table 15.3).
According to concentrations used in this study, sensitivity of beluga whale
fibroblasts to the genotoxic effects of p,p′-DDT treatment in the absence
of S9 mix appears to be greater than that of Chinese hamster fibroblasts
and lower than that of rat kangaroo cells (Palmer et al., 1972; Mahr and
Miltenburger, 1976).

The authors also showed that presence of S9 mix greatly reduced or
abolished the genotoxic effects of OC pesticides in beluga whale fibroblasts
(Table 15.3). No significant relationships between MNC frequency and con-
centration were observed for any of the tested OC pesticides in the presence
of S9 mix. The MN induction potency of chlordane and p,p′-DDT was
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Table 15.3 Micronucleated cell (MNC) induction by toxophene, chlordane and p,p′-
DDT in beluga whale skin fibroblasts in absence and presence of S9 mix. Data are
presented as mean ± SD for total MNCs per 1000 BNs cells. Positive controls are
mitomycin C (MMC) and BP for experiments conducted in absence and presence of
S9 mix, respectively. Distilled water was used as the negative control for MMC, and
DMSO as the negative control for B[a]P and OC compounds

Chemical and Without S9 With S9
concentration
(µg/ml) Mean ± SD P valuea Mean ± SD P valuea

H2O 8.0 ± 2.7 –
DMSO

1% 7.3 ± 2.1 0.733b 9.0 ± 2.6 –
MMC/BP

0.1/0.5 15.6 ± 1.0 0.010 20.0 ± 0.6 0.007
1/2 49.1 ± 6.1 <0.001 24.3 ± 1.2 0.001
2/5 45.1 ± 2.1 <0.001 49.3 ± 6.7 0.001

Toxaphene
0.05 16.0 ± 2.0 0.007 12.7 ± 0.6 0.079
0.5 23.7 ± 3.5 0.002 21.7 ± 3.8 0.009
5 23.0 ± 1.0 <0.001 15.3 ± 1.5 0.023

10 34.3 ± 1.2 <0.001 13.0 ± 2.6 0.138
Chlordane

2 9.0 ± 0.0 0.238 13.0 ± 4.4 0.246
5 22.0 ± 4.4 0.006 12.7 ± 3.5 0.222

10 19.7 ± 3.5 0.006 11.7 ± 2.1 0.242
p,p′-DDT

5 11.3 ± 1.5 0.055 10.3 ± 1.5 0.492
10 25.3 ± 5.8 0.007 7.7 ± 2.5 0.561
15 36.7 ± 1.5 <0.001 11.0 ± 1.0 0.288

a,b Probability values are based on a one-way ANOVA comparing the total number of MNCs
observed per 1000 BN cells for each treatment with the respective control (a), and between
DMSO and distilled water control (b).

completely eliminated in the presence of S9 mix at concentrations tested in
the study (Table 15.3). Contrary to this study, SCE induction in human
lymphoid cells by chlordane was greater in the presence of S9 mix than in
non-activated cultures (Sobti et al., 1983). However, addition of S9 mix
eliminated the induction of UDS by chlordane in human fibroblasts (Ahmed
et al., 1977). p,p′-DDT is principally metabolized to intermediate metabolite
p,p′-DDE and to final metabolite p,p′-DDA by mixed function oxidases
(Matsumura, 1985). Contradictory data have been reported on the differen-
tial chromosomal breakage potency of p,p′-DDT compounds (Palmer et al.,
1972; Kelly-Garvet and Legator, 1973; Mahr and Miltenburger, 1976). How-
ever, for concentrations similar to that used in this study (10 µg/ml), p,p′-
DDE and p,p′-DDA were shown to be less potent in inducing chromosome
aberrations than p,p′-DDT in rat kangaroo cells (Palmer et al., 1972). This
may explain the loss of p,p′-DDT-induced MN formation in beluga whale
fibroblasts in the presence of S9 mix. All tested concentrations of toxaphene
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were more potent in inducing MN without S9 mix than in the presence
of this metabolic factor (P < 0.001 to P = 0.05), with the exception of the
0.5 µg/ml treatment, which induced similar MNC frequencies in both test
systems (P = 0.539). Decreases in toxaphene-induced SCEs have also been
reported in human lymphoid cells in the presence of S9 mix (Steinel et al.,
1990). These results indicate detoxification of toxaphene by the mixed function
oxidases of the rat liver S9 fraction and/or interactions with components of
the S9 mix (Steinel et al., 1990; Saleh, 1991). It has been proposed that the
formation of DNA adducts are prevented by hydroxylation of the -CH2Cl
group at the C8 or C9 position of toxaphene by the P450 enzymatic system
present in rat S9 fraction (Boon et al., 1998).

The lowest concentrations of toxaphene, chlordane and p,p′-DDT which
induced significant increases in MN without S9 mix in beluga fibroblasts of
this study were 0.05, 5 and 10 µg/ml, respectively. OC pesticides have not
been analyzed in blood of beluga whales. Because OCs in blood and other
tissues reach an equilibrium, and that, at equilibrium, concentrations in tissues
are principally governed by their lipid content (Clark et al., 1987; Boon
et al., 1994), the authors estimated approximate concentrations by adjusting
for the differential lipid content of blood and blubber of beluga whales.
Although other factors can play a role in OC tissue distribution, partitioning
principally according to lipid content is in accordance with blubber/blood
concentration ratios on a lipid weight basis reported for dolphins (0.6–1.8
for OC compounds and 1.0 for ∑DDT) (Reddy et al., 1998). Mean blubber
lipid content of St. Lawrence beluga whales is about 85 per cent (Muir et al.,
1996), which is within the range found in other odontocetes (Tanabe et al.,
1981; Boon et al., 1994). Blood lipid content in odontocetes is about 0.1 per
cent (range = 0.05–0.32%) (Tanabe et al., 1981; Boon et al., 1994). Concen-
trations of toxaphene, chlordane and p,p′-DDT in St. Lawrence beluga whales
(n = 36) range respectively between 2–46, 1–28 and 3–389 µg/g lipid in blubber
(Muir et al., 1996), corresponding to approximately 0.002–0.05, 0.001–0.03
and 0.003–0.4 µg/g wet weight in blood when 0.1 per cent blood lipid content
is used. According to these concentrations, only the effects of 0.05 µg/ml
toxaphene could be within the range of concentrations found in the circulat-
ing blood of some of these whales.

The authors cautioned, however, that toxaphene-induced effects were
diminished in the presence of rat S9 mix, which may indicate that the in
vivo genotoxic hazard of this compound is low at concentrations found in
St. Lawrence beluga whales. Boon et al. (1998) evaluated the in vitro bio-
transformation capacity of rat S9 fraction and marine mammal microsomes
towards toxaphene in terms of genotoxic potential, using the Microtox assay.
Both the addition of rat S9 fraction and microsomes of harbor seals (Phoca
vitulina) decreased the genotoxic response of toxaphene in the Microtox
assay, but this was not observed for whitebeaked dolphin (Lagenorhynchus
albirostris) and sperm whale (Physeter macrocephalus) microsomes. These
results indicate that microsomes of seals are capable of metabolizing
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toxaphene to the less genotoxic hydroxylated metabolites, and that marine
mammals with low ability to metabolize toxaphene, such as cetaceans,
may be the most affected by the genotoxic and carcinogenic properties of
toxaphene (Boon et al., 1998). Accordingly, it is possible that in vitro results
obtained with rat S9 fraction are not relevant with beluga microsome cap-
ability to metabolize toxaphene, and that toxaphene may thus represent a
genetic hazard to these whales.

Factors influencing the ecotoxicological relevance of in vitro
genotoxicity testing results in marine mammals

DNA damage plays an important role in the development of cancer and can
be a risk factor for teratogenesis and other diseases (Hemminki and Vineis,
1985; Oshimura and Barett, 1986; Evans, 1990; Hagmar et al., 1994; Tucker
and Preston, 1996; Duffaud et al., 1997). In beluga whale skin fibroblasts,
significant increases in MN frequency were found at concentrations of PAH
compounds, MeHg and toxaphene that are believed to be comparable
to concentrations of MeHg and toxaphene present in the blood of certain
St. Lawrence beluga whales and PAH combustion products found in sedi-
ments of the habitat of these whales. In bottlenose dolphin peripheral blood
lymphocytes, concentrations of MeHg that induced significant increases in
DNA-strand breakage were found to be within the range of those naturally
occurring in the blood of wild dolphins. In fetal bottlenose dolphin kidney
epithelial cells, significant increases of B[a]P-induced DNA damaging effects
and excision repair were induced by the potent CYP1A1 inducer TCDD,
which may indicate increased genotoxic exposure potential of PAH com-
pounds in dolphins with high concentrations of TCDD-like PCB congeners.

It is important to realize that in vitro induction of DNA damage by
MeHg, toxaphene and PAH compounds in cells of marine mammals does
not signify that these compounds are involved in the etiology of cancer or
other diseases in cetaceans such as the St. Lawrence beluga whales. Indeed,
the ecotoxicological consequences of these findings are unknown and real
effects are probably more complex because:

(1) cells of only one individual was used in MN, Comet and UDS assays
and responses could vary between individuals;

(2) only five PAHs were used to represent the PAH mixture present in the
St. Lawrence beluga whale habitat;

(3) synergetic, additive or antagonistic interactions between environmental
compounds of highly complex mixtures present in the environment could
modify their DNA-damaging potential;

(4) the extent of metabolic detoxification of PAH compounds and toxaphene
in vivo in marine mammals is unknown;

(5) it has been showed in dolphins that most MeHg is demethylated and
stored principally in liver, and to a lesser extent in other tissues, as
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insoluble granules of Hg-selenide (tiemannite) or Hg-selenoproteins,
which prevent the production of toxic effects of mercury (Martoja and
Berry, 1980; Palmisano et al., 1995);

(6) DNA repair and apoptosis of damaged cells can modify the genotoxic
effects of chemical compounds;

(7) there is no recognized association between genotoxicity and carcino-
genicity of MeHg and toxaphene; and

(8) in vitro systems are usually more sensitive than in vivo systems.

Although in vitro effects are expected to be greater than in vivo effects,
significant correlations have been found between the frequency of MN and/
or CAs in human blood lymphocytes and concentrations of mercury in
blood between 0.01 and 1.1 µg/g (fresh weight) and exposure to environmental
PAH air pollution (Skerfving et al., 1974; Perera et al., 1992; Franchi et al.,
1994). Moreover, considering the carcinogenicity in experimental animals
and established genotoxicity of PAH compounds, MeHg and toxaphene,
together with the high environmental contaminant loads and long life span
of cetaceans such as beluga whales and bottlenose dolphins (~30 years),
exposure to these compounds could result in accumulation of DNA lesions.
Accumulation of DNA lesions has been implicated in increased risk of
mutation fixation and cancer initiation (Poirier and Béland, 1992). Therefore,
it cannot be excluded that these compounds may pose a long-term genetic
hazard to marine mammals and could act as possible participants in the
carcinogenesis process in St. Lawrence beluga whales exposed to high con-
centrations of these compounds.

Conclusions and future research needs

In the reviewed studies, the MN, Comet and UDS assays were applied with
success to evaluate the genotoxicity potential of environmental contaminants
in beluga whale and bottlenose dolphin cells. To enable further interpreta-
tion of these in vitro results, data are necessary on exposure and tissue
distribution of OC compounds, and both inorganic and methylated forms
of mercury, in Arctic and St. Lawrence beluga whales, and of B[a]P-DNA
adducts and TCDD in wild populations of bottlenose dolphins. Data on
the capability of beluga whale and bottlenose dolphin microsomes to
biotransform environmental compounds are also needed. Future in vitro
studies are required on the analysis of the genotoxic potential of other sus-
pected or known genotoxic environmental compounds and mixtures in cells
of beluga whales and other marine mammals, using different genotoxic
endpoints, such as the MN, CA, SCE and Comet assays. These assays could
be used complementarily because they analyze different types of DNA dam-
age, which can have dissimilar sensitivities to environmental contaminants
(Carrano and Natarajan, 1988; Fenech, 1993; Tucker and Preston, 1996).
Evaluation of the genotoxic effects of environmental mixtures in marine
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mammal cells would enable further investigations of possible synergistic,
additive and/or antagonistic genotoxic effects of these mixtures found in
marine mammals. Future MN studies should include techniques using an
anti-kinetochore antibody (immunofluorescence technique) which discrimin-
ates between MN-containing chromosome fragments and whole chromo-
somes (Hennig et al., 1988), to elucidate the mechanisms of MN formation
in marine mammal cells.

Marine mammal genotoxicology is an emerging field. These in vitro studies
represent the initial steps for the evaluation of in vivo genotoxic effects of
environmental pollutants in marine mammals. Hongell (1996) analyzed the
frequency of CAs and SCEs in lymphocytes of gray seal pups and adult
ringed seals (Pusa hispida) from the Baltic Sea and concluded that the pres-
ence of CAs in gray seals, particularly the high frequency found in certain
animals, indicates that these seals have been exposed to genotoxins in their
marine environment. However, screening of changes in genotoxic activity
within a population or between different populations requires baseline (spon-
taneous) values to be established in populations exposed to relatively low
concentrations of putative genotoxic environmental contamination. Gauthier
et al. (2002) used the MN, SCE and CA assays to analyze baseline levels
of DNA damage in blood lymphocytes of individuals of the relatively healthy
and lightly contaminated Arctic beluga whale, Sarasota Bay, FL, bottlenose
dolphin and north-western Atlantic gray and harp (Pagophilus groenlandicus)
seal populations. In the future, analysis of MN, SCEs, CAs and DNA-
strand breakage could be used as biomarkers of genotoxicity to compare
DNA damage between relatively unexposed and highly exposed populations
of marine mammals of the same species, such as Arctic and St. Lawrence
beluga whales. Analysis of OC compounds and heavy metals could be used
as a general contamination index and as a basis for analysis of a putative
association between chemical contamination and genotoxic effects in marine
mammals. Genotoxic biomarkers could act, together with measurement of
other health parameters and analysis of environmental contamination, as a
basis for a multiple response assessment in a non-destructive approach to
predict the impact of pollution in marine mammals.
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16 Mechanisms of aromatic
hydrocarbon toxicity:
implications for cetacean
morbidity and mortality

Michael J. Carvan III and David L. Busbee

Introduction

Industrial accidents, agricultural run-off, atmospheric drift and volatization,
leaching from toxic waste dumps, and various types of chemical dumping
have introduced large quantities of xenobiotic pollutants into the oceans,
which include some of our most fragile and productive ecosystems. Although
the long-term effects of these pollutants on ecosystem health and the health
of specific organisms are largely unknown, every level of life is potentially
adversely affected by xenobiotic pollutants. Those effects may be most
immediate, and perhaps most critical, in marine mammals, classic upper
trophic level carnivores (Gaskin, 1982). Although dolphins and other marine
mammals feeding at the top of the food chain bioconcentrate lipophilic
organic pollutants in their fatty tissues, almost no data are available on the
multiple adverse effects of pollutants in these animals. Two major classes of
environmental hydrocarbon pollutants have been suggested as potential
etiologic factors in disease susceptibility, pathology and mass mortality of
marine mammals, the halogenated aromatic hydrocarbons (HAHs) and
polycyclic aromatic hydrocarbons (PAH) (Tanabe et al., 1987, 1989; Tanabe,
1989; Kannan et al., 1989, 1993; Osterhaus et al., 1995; Borell et al., 1996).
It is our objective to discuss aromatic hydrocarbons and their metabolic
and physiological effects in cetaceans. Most of our discussions will be lim-
ited to the smaller odontocetes (primarily the Delphinidae, Phocoenidae,
and Monodontidae) based on the wealth of information from this group
of cetaceans, but most of our conclusions can be generalized to the other
cetacean families.

Aromatic hydrocarbons

The HAHs, most of which are agricultural, industrial or combustion by-
products, have been studied extensively and occur in all global areas, from
the Arctic to the tropics (Safe, 1990, 1991; Tatsukawa, 1992). The HAH
family is extensive. Among these compounds are the halogenated-biphenyls
(PCBs and PBBs), dibenzofurans (PCDFs), and dibenzo-p-dioxins (PCDDs),
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the most toxic member of which is 2,3,7,8-tetrachlorodibenzo-p-
dioxin (TCDD). Dichlorodiphenyl-trichloroethane,1,1,1-trichloro-2,2-bis[p-
chlorophenyl]ethane (DDT) and its metabolites, although no longer used in
developed countries, is a prototypical halogenated pesticide evaluated in
essentially all studies of the HAHs. The most toxic HAHs tend to be highly
stable and lipophilic and can be concentrated in the fatty tissues, leading to
their bioaccumulation within the food chain. The PAHs constitute a group of
related aromatic chemicals with pyrene, anthracene or phenanthrene nuclei,
and include chemicals such as 3-methylcholanthrene (MC), benzo[a]pyrene
(B[a]P), benzo[a]anthracene, dibenz[a,h]anthracene, and related compounds.
Rapid metabolism of PAHs to highly reactive intermediates significantly
reduces their bioaccumulation, but increases their reactivity with cellular
macromolecules.

The HAHs and PAHs induce characteristic physiological response patterns
that initiate disease in exposed mammals. This is due to their role in the
regulation of gene expression and the biochemical reactivity of their meta-
bolites. These disorders include a wasting syndrome, immunotoxicity, neuro-
toxicity, hepatotoxicity, reproductive dysfunction/developmental toxicity and
carcinogenicity. Among the most alarming actions of HAHs and PAHs in
animals is their initiation of fetotoxicity, which appears due largely to: (1)
their induction of cytochrome P450s (CYPs) and other drug-metabolizing
enzymes, and (2) their pattern of endocrine disruption or altered expression
of endocrine-regulated genes (Poland and Knutson, 1982; Safe, 1986, 1990;
Goldstein and Safe, 1989; Whitlock, 1990; Abbott et al., 1994; Birnbaum,
1995; Hurst et al., 1998). The degree to which these toxic phenomena are
exhibited is species-specific; hence there are significant limitations in gen-
eralizing effects between species (Poland and Knutson, 1982; Safe, 1986;
Kimbrough, 1987; Gonzalez, 1989).

Over two decades ago the use of pollution-related CYP induction was
proposed as a potential early warning marker capable of fulfilling the
requirements of ‘most sensitive biological response’ in monitoring exposure
to a variety of organic contaminants (Payne et al., 1987). Numerous studies
and large volumes of data now suggest that CYP induction is only one
component of the HAH/PAH biological response. Other components should
include the relationships between CYP induction, altered gene expression in
general, and endocrine disruption as facets of the biological indication of
exposure to xenobiotic pollutants.

Either the acute exposure to PAH and HAH or the bioaccumulation of
potentially harmful concentrations of HAH may lead to alterations in gene
expression and cellular physiology. Bioaccumulation or bioconcentration
of hydrocarbons may lead to physiological changes, even though environ-
mental concentrations of the chemicals are very low. Bioaccumulated HAHs
are generally sequestered in the relatively nonmetabolic fatty tissues of the
body, where they have been presumed, probably incorrectly, to be inert. These
stored contaminants are typically redistributed when an animal is mobilizing
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its lipid stores for use as an energy source, which can result in significantly
elevated concentrations in serum and/or milk (Korytko et al., 1999). Ideally,
an exposed animal will be protected from pollutants by enzyme systems that
metabolize chemicals to less toxic forms that can be excreted.

Metabolism of aromatic hydrocarbons

Two major enzyme groups, the Phase I, or oxidative enzymes, and the Phase
II, or conjugation enzymes, carry out biotransformation of hydrocarbons.
Enzymes of these systems metabolize chemicals to more hydrophilic forms
that can be eliminated. The Phase I enzymes include cytochrome P450s,
epoxide hydrolase, amine oxidase, peroxidases, various esterases and amidases,
and aldehyde, alcohol and ketone oxidation–reduction systems. Of the
Phase I enzymes, the rather extensive family of cytochrome P450s (CYPs by
gene nomenclature convention), with more than 700 individual isoforms
from 67 families identified in a variety of animals (Omiecinski et al., 1999;
http://drnelson.utmem.edu/CytochromeP450.html), are the most relevant to
HAH and PAH metabolism. CYP-mediated metabolism of HAH and PAH
generates electrophilic intermediates, which can be conjugated by Phase II
enzymes. Epoxide hydrolase converts the electrophilic and potentially
damaging arene oxides and epoxides formed as CYP-generated metabolites by
hydrating the reactive intermediates. The Phase II enzymes include glutathione
S-transferases, glucuronosyl transferases, sulfo-transferases, methyl trans-
ferases, N-acetyl transferases, amino acid conjugation enzymes and rhodanese.
Glutathione S-transferases are the Phase II enzymes most commonly asso-
ciated with PAH conjugation, detoxication and elimination. Expression of
both the inducible Phase I and II enzymes occurs when cells are exposed to
suitable concentrations of hydrocarbons that interact as ligands with the Ah
receptor (AHR). The ligand-bound AHR dimerizes with the AHR nuclear
transporter (ARNT) and the complex binds to the xenobiotic response
elements (XRE) that regulate transcription of hydrocarbon-inducible genes.
Typically, inducing agents are also substrates for the Phase I enzymes.

Most of the lipophilic hydrocarbons to which an animal is exposed are
metabolized and excreted, or bioconcentrate in fatty tissues. Formation of
reactive intermediates is a normal part of the overall process of hydrocarbon
metabolism. Reactive hydrocarbon metabolites are generally detoxified pro-
vided there is a balance between the rates of formation and detoxication.
When the balance is disturbed, electrophilic HAH and PAH metabolites
may not be immediately conjugated and excreted, and can cause cellular
injury due to their interaction with essential macromolecules (Sipes and
Gandolfi, 1991; Cavalieri and Rogan, 1992) (Figure 16.1). The rates of forma-
tion and detoxication of reactive intermediates can be altered by inducing
CYP enzymes (leading to excess production of reactive intermediates), or
by diminishing the capacity for Phase II detoxication. Exposure to high
concentrations of HAHs or PAHs can reduce the rate of reactive metabolite
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Figure 16.1 Scheme for the metabolic activation of HAH and PAH by cytochrome
P450s in the smooth endoplasmic reticulum (ER) in a typical mamma-
lian cell to form reactive intermediates that bind to nucleophilic centers
in DNA. (Redrawn after Friedberg, 1985.)

removal by saturating the major biotransformation pathways that produce
nonreactive metabolites, or by depleting the cellular conjugation systems
that remove reactive metabolites. If this occurs, minor metabolic pathways,
which produce reactive metabolites, may play a major role in the generation
of toxic intermediates. Under conditions where detoxication pathways are
compromised, normally nontoxic doses of a xenobiotic can result in cellular
injury.

Cytochromes P450

The microsomal mixed-function monooxygenase enzymes, cytochrome P450s,
are also essential for the metabolism of a variety of normal substrates, such
as steroid hormones and fatty acids. Xenobiotic induction of a variety of
CYP isoforms, and of other enzyme systems, may not only lead to increased
rates of lipid peroxidation and free-radical generation, but may also alter
hormone metabolism and disrupt endocrine regulation of physiological sys-
tems (Luster et al., 1988; Abbot and Birnbaum, 1990; Bookstaff et al., 1990;
Goldstein et al., 1990; Harris et al., 1990; Nebert et al., 1990). The HAH
and PAH may act as either agonists or antagonists for AHR-regulated gene
expression. Further, exposure to hydrocarbons that are AHR-interactive may
also result in a number of changes that are not metabolism-dependent. These
include alteration of normal receptor-mediated biochemical pathways and the
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disruption of normal calcium-mediated homeostatic mechanisms (Nicotera
et al., 1989; Nebert et al., 1990). Exposure may also lead to increased forma-
tion of macromolecular adducts and may result in altered biochemical and
signal transduction pathways and in generalized oxidative stress on the cell
(Dalton et al., 1998). These molecular abnormalities are correlated at the
tissue level with cell death, necrosis, malignancy, immune system dysfunc-
tion, decreased fecundity, fetotoxity or developmental abnormalities.

The CYP enzymes are membrane-bound terminal monooxygenases in
the mixed-function oxygenase (MFO) system of the smooth endoplasmic
reticulum. The CYP enzymes are spatially associated with NADPH
cytochrome P450 reductase (P450 reductase). Individually, the CYPs are
single-chain polypeptides, ranging in molecular weight from 45 to 60 kDa,
and containing a noncovalently bound protoporphyrin ring moiety. The
spectral properties of the CYPs are due to a thiolate ligand involving cysteine,
the fifth ligand of the heme iron (Black and Coon, 1988). There are several
CYP molecules associated with each molecule of NADPH cytochrome P450
reductase (Figure 16.2). The mixed-function monooxygenase electron transfer
system consists of CYP, P450 reductase, cytochrome b5 and cytochrome b5

reductase, and is capable of metabolizing a variety of substrates with dif-
fering degrees of specificity and efficiency. In CYP-mediated metabolism,

Figure 16.2 Schematic demonstration of the spatial interaction of cytochrome P450,
cytochrome P450 reductase and the lipid bilayer. Note the low ratio of
P450 reductase to P450. (Redrawn after Nebert et al., 1981.)
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Figure 16.3 Cytochrome P450 electron transport and oxidation of a xenobiotic (Sipes
and Gandolfi, 1991; reproduced with permission from Pergamon Press).

the substrate combines with oxidized CYP (Fe3+) to form a substrate–CYP
complex (Figure 16.3). This complex acts as an electron acceptor for an
NADPH-derived electron (via P450 reductase) reducing the CYP heme
moiety to Fe2+. The reduced complex combines with molecular oxygen and
another electron from NADPH (via P450 reductase, or in some instances
NADH via cytochrome b5 and its reductase), generating an unstable and
highly reactive oxygen species. One atom of the oxygen is introduced into
the substrate, while the other is reduced to water. The oxygenated substrate
then dissociates from the complex, and oxidized CYP is regenerated (Sipes
and Gandolfi, 1991).

Cytochrome P450s are, in general, not highly substrate-specific. This is a
function of the high degree of homology between CYPs from the same
families (Nebert and McKinnon, 1994; Nelson et al., 1996) dictating varying
degrees of affinity of CYP isoforms for a wide variety of related substrates.
These substrates include endobiotic compounds such as steroid hormones,
vitamins, prostaglandins, ketones, fatty acids and bile acids, and xenobiotic
compounds such as drugs, pesticides, HAH and PAH. A large number of
different CYP genes, and/or the corresponding cDNAs, each encoding pro-
teins with different substrate affinities, have been sequenced from humans,
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rodents, rabbits, chickens and fish, and have been classified into families
based on sequence similarities (Nelson et al., 1996; Omiecinski et al., 1999;
http://drnelson.utmem.edu/CytochromeP450.html). These genes are thought
to have arisen by duplication and divergent evolution from a single bacterial
gene. It has been suggested that habitation of land and the subsequent
consumption of terrestrial plants selected for the extensive diversification of
CYP genes in animals in response to the quantity of toxic flavones in terrest-
rial plants relative to those from aquatic sources (Nelson and Strobel, 1987).
This evolutionary process increased the variety of substrates that animals
can metabolize. If CYP isozymes were unavailable to facilitate metabolism,
and allow the excretion of hydrocarbons, toxic levels would eventually be
reached in susceptible tissues through continued exposure. Alternatively, if
the specific isozymes are present, toxic levels of the parent compound may
not be reached because the chemical is metabolized and excreted.

CYP1A1 (cytochrome P450 gene family 1, subfamily A, gene 1), is the
specific CYP that is most commonly associated with HAH and PAH meta-
bolism. This is one of several related CYP enzymes which, as a group, were
previously named aryl hydrocarbon hydroxylase, AHH. AHH activity has
been highly conserved in mammals and can be induced in a multitude of
organisms, ranging from fungi to insects, fish, birds and mammals.

The biotransformation of aromatic hydrocarbon contaminants in verteb-
rates is due largely to two major families of CYP, CYP1A and CYP2B.
Hydrocarbons may be inducers (agonists), substrates and/or inhibitors
(antagonists) of CYP induction, generally increasing their own metabolism
by inducing the expression of genes, resulting in increased amounts of CYP
within exposed cells. In the past, CYP inducers have been categorized as
either 3-methylcholanthrene-type (MC-type), phenobarbital-type (PB-type),
or mixed-type. The MC-type compounds include PAHs, PCDDs, PCDFs
and non-ortho-substituted PCBs, and induce the expression and activity of
CYP1A and CYP1B isozymes. The PB-type inducers, which increase the
expression of CYP2B isozymes, include DDT and ortho-substituted PCBs.
These compound classes are referred to as CYP1A- and CYP2B-type inducers
to more accurately reflect their induction activities.

Hydrocarbon induction of increased CYP activity is not associated with
the activation of existing cellular proteins; rather, it requires de novo protein
synthesis resulting from increased gene expression (Okey, 1990). Some com-
pounds, however, appear to enhance the stability of CYP mRNAs and
proteins (Gonzalez, 1989) regulating the magnitude of induction. The induc-
tion of CYP1A1 via the AHR has been studied in great detail. The AHR is
a multimeric protein complex, which binds TCDD, B[a]P, MC, and other
structurally related HAHs and PAHs with high affinity (Okey and Vella,
1982; Manchester et al., 1987). It has long been hypothesized that AHR
plays a key role in mediating the diverse spectrum of sex-, strain-, age- and
species-specific responses elicited by AHR-binding ligands (Poland and
Knutsen, 1982; Whitlock, 1987). Analysis of AHR ‘knockout’ mice, in which
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Figure 16.4 Proposed mechanism of induction of CYP1A1 gene expression by HAH
and PAH. Hydrophobic ligands enter the cell where they interact with
the cytosolic AHR. After ligand binding, the AHR dissociates from the
HSP 90 (shown here as a dimer although the actual number of subunits
is unknown; Landers and Bunce, 1991; Whitelaw et al., 1993) and com-
bines with ARNT. The ligand–AHR–ARNT complex translocates into
the nucleus and binds to XREs upstream of HAH/PAH-responsive genes
of the ‘Ah gene battery’, thereby inducing transcription and subsequent
translation of Ah battery genes, which include Phase I and II biotrans-
formation components. Also shown are an inhibitory element and a
proximal transcription promotor element, which further regulate gene
expression. (Modified and reproduced with permission from S. Safe.)

the AHR gene has been rendered non-functional by homologous recombina-
tion, has confirmed the role of the AHR as a primary mediator of HAH and
PAH toxicity (Fernandez-Salguero et al., 1995). It is presumed that HAH
and PAH enter the cell by passive diffusion due to their lipophilicity and
bind to the unoccupied cytosolic AHR (Figure 16.4), which is associated
with the 90 kDa heat-shock protein (HSP 90) and possibly other factors
(Landers and Bunce, 1991; Carver et al., 1998; Meyer et al., 1998). Ligand-
induced transformation of the unbound cytosolic AHR to a lower molecular
weight heterodimer with increased DNA binding affinity involves the release
of HSP 90 and binding of the ARNT protein (Whitelaw et al., 1993). The
transformed AHR–ligand complex possesses the structural requirements not
only for translocation to the nucleus, but also for association with DNA,
binding to the major groove of the xenobiotic response element (XRE).
There are at least several XREs upstream from AHR-regulated genes (Nebert
et al., 1990; Lusska et al., 1993; Carvan et al., 1999), where AHR-ligand
binding induces a change in chromatin structure (Durrin and Whitlock,
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1989; Elferink and Whitlock, 1990). The XREs are followed by a down-
stream inhibitory element and a proximal transcription promotor element
flanking the AHR-regulated genes. These include CYP1 genes, in addition
to glutathione S-transferase and at least three other Phase II enzymes, each
of which is regulated independently. Binding of appropriate regulatory pro-
teins to the proximal element is necessary but not sufficient for induction
of the transcription of CYP1A1 (Nebert et al., 1990). Several theories have
arisen concerning the regulation of CYP1A1 with regard to tissue and species
differences. These include altered DNA methylation as well as tissue- and
species-specific regulatory factors that remain unknown.

Prior to the significant increases in understanding of molecular biology in
the past two decades, there was minimal understanding of the mechanisms
of CYP induction in general. Even now, the induction of CYP1A1, the most
heavily researched of the CYP enzymes and the model system for investigat-
ing CYP induction, is incompletely understood. The mechanism(s) by which
CYP2B enzymes are induced by aromatic hydrocarbons has been poorly
characterized. Although the existence of a receptor protein for CYP2B-type
inducers has been proposed, the early events of CYP2B induction remain
unknown. The diverse group of chemicals that induce CYP2B have no
apparent common structural features that might predict a good fit with a
receptor (Figure 16.5). In addition, a much higher inducing dose is required
for CYP2B inducers. TCDD effectively induces CYP1A expression in the
low nmol/kg range whereas PB is effective as a CYP2B inducer in the high
µmol/kg dose range (Okey, 1990). This, in conjunction with the identification
of PB-responsive enhancer sequences (Honkakoski et al., 1998), suggests low
binding affinity of PB to a receptor; however, the molecular mechanisms of
CYP2B induction remain unclear.

The affinity with which most chemical ligands bind the AHR in vitro
correlates well with the potency of those compounds as CYP1A inducers in
vivo. Within each group of halogenated hydrocarbons, the congeners that
are the most potent inducers of CYP1A also exhibit the highest binding
affinity for AHR (Safe et al., 1985; Safe, 1986, 1988). The AHR-binding
HAH congeners have in common a highly planar molecular structure,
such as non-ortho-substituted PCBs (Poland and Knutson, 1982; Safe, 1986)
(Figures 16.5, 16.6). This structure–activity relationship is common to each
class of HAH, with some discrepancies in comparisons across classes of
chemicals. TCDD is about 3 × 104 times more potent than MC as an inducer
of CYP1A1 activity in rat liver in vivo (Poland and Glover, 1974), but MC
binds cytosolic AHR from rat liver in vitro with an affinity nearly equal
to that of TCDD (Okey and Vella, 1982). This departure from the simple
receptor affinity induction relationship may be due, in part, to the biolo-
gical half-life of the respective compounds (Okey, 1990). TCDD is poorly
metabolized whereas MC is readily metabolized by CYP1A1. Thus, the MC
is biotransformed and excreted while TCDD remains to continue CYP
induction.
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Figure 16.5 Structures of selected P450 inducers. The compounds shown on the left
represent known CYP1A inducers, whereas the column on the right
depicts known CYP2B inducers.

3-Methylcholanthrene

2, 3, 7, 8-Tetrachlorodibenzo-p-dioxin

2, 3, 7, 8-Tetrachlorodibenzofuran

Benzo[a]pyrene

3, 3′,  4, 4′−Tetrachlorobiphenyl

Phenobarbital

Dieldrin

1,4-BIS[2-(3,5-Dichloropyridyloxy)]benzene

2, 2′,  4, 4′−Tetrachlorobiphenyl

Aromatic hydrocarbons, both PAHs and HAHs, vary in the degree to
which they are metabolized by CYPs, and the differences in rates of meta-
bolism are an important element of their toxicity. For HAH, the degree of
halogen substitution is directly related to both stability and toxicity. Those
congeners, which are more highly halogenated, are typically the most toxic
and the most lipophilic, and have low rates of metabolism by CYPs (Goldstein
and Safe, 1989; Safe, 1989). The PCB congeners with fewer chlorine
substitutions are more water soluble and may be readily metabolized in vivo
and in vitro by CYP2B enzymes (Shimada et al., 1981). For PAH, the capacity
for metabolic conversion to electrophilic metabolites dictates cellular toxicity.
PAHs are generally readily metabolized if the appropriate CYPs are induced.
Their metabolism to reactive electrophilic intermediates, and subsequent
covalent binding to nucleophilic sites on macromolecules, are dependent
on the presence of one or more key reaction sites within the molecular struc-
ture (Cavalieri and Rogan, 1992). Sites in cellular macromolecules where
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electrophilic compounds bind are typically electron-dense carbon, nitrogen,
oxygen or sulfur groups (Williams and Weisburger, 1991). In proteins, the
major reactive sites for electrophilic radicals have tryptophan, tyrosine,
methionine and perhaps histidine residues. In DNA, the highly nucleophilic
sites (Figure 16.7) include the N-7 and exocyclic N-2 of guanine and the N-
3 of adenine, with the affinity for specific nucleophilic sites varying with the
type of reactive compound. For example, the electrophilic form of aflatoxin
B1 reacts with the N-7 of guanine, whereas the 7,8-dihydrodiol-9,10-epoxy
metabolite of B[a]P preferentially reacts with the exocyclic N-2 of guanine
(Conney, 1982; Weinstein, 1988; Wogan, 1989).

Figure 16.6 Structural features of PCB congeners influencing P450 induction and
enzymatic metabolism. Areas where the principal enzymatic reaction
occurs are given by broken lines. Bond lengths are taken from McKinney
et al. (1983). For atoms in the ortho position, the outer circle represents
the area within the van der Waals’ radius of an atom, indicating the
maximum distance for any possible influence of an atom (H = 1.45 Å; Cl
= 1.90 Å; Huheey, 1975); the inner circle represents the part of this area
which is also within the single-bond covalent radius. In (A), the overlap-
ping covalent radii for two ortho-Cl show that a planar configura-
tion is highly improbable when three or four ortho-Cl are present. In
(B), nonoverlapping covalent radii for ortho-Cl and ortho-H show that a
planar configuration causes a much lower energy barrier when chlorine
atoms do not oppose each other. (Redrawn after Boon et al., 1992.)
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Figure 16.7 Nucleophilic centers in DNA that are the most reactive to electrophiles.
In general, the ring nitrogens of the bases are more nucleophilic, hence
reactive, than the ring oxygens, with the N-7 of guanine and N-3 of
adenine being the most reactive. (Friedberg, 1985; reproduced with per-
mission from W.H. Freeman and Company.)

CYPs in odontocete cetaceans

Observations of the effects of HAHs and PAHs on odontocete cetaceans
are limited to studies of a few populations, such as the beluga whales
(Delphinapterus leucas) in the St. Lawrence River, and there are very few
experimental data on the potential cytotoxic or genotoxic effects of chem-
ical contaminants on cetaceans (Carvan et al., 1995). Although there have
been few direct studies of dolphin CYPs, existing data suggest that CYPs are
induced and active in delphinids, phocoenids and monodonts. Individual
belugas of the St. Lawrence River exhibit high concentrations of HAH
residues in the tissues (Massé et al., 1986; Martineau et al., 1987). Beluga
whales have been shown to express the Ah receptor, CYP1A1 protein and
CYP1A1 enzyme activities (Hahn et al., 1994; White et al., 1994). In vitro
data of Carvan et al. (1994, 1995) indicate that cells of a dolphin epithelial
line express the Ah receptor, are induced by TCDD, and metabolize
benzo[a]pyrene with the subsequent formation of B[a]P–DNA adducts. The
probability for CYP1A-associated metabolism of HAH and PAH contam-
inants to form damaging electrophilic metabolites in beluga whales has
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been suggested by several investigations. For instance, carcinomas are rarely
seen in cetaceans, but Martineau et al. (1985) reported a transitional cell
carcinoma in the urinary bladder of a beluga from the St. Lawrence River.
In a later report they showed that this population has high levels of HAH
residues, a high incidence of neoplasia and elevated levels of multisystemic
and viral lesions (Martineau et al., 1988). DNA adducts have been reported
in liver tissues of belugas from the St. Lawrence River and Arctic (Ray
et al., 1991; Mathieu et al., 1997), and the levels of B[a]P–DNA adducts in
beluga brain tissues were shown to be similar to those of both terrestrial and
aquatic laboratory animals exposed to carcinogenic levels of B[a]P (Varanasi
et al., 1981; Shugart and Kao, 1985; Stowers and Anderson, 1985).

One of the most comprehensive studies of delphinid CYPs to date is
perhaps that of Watanabe et al. (1989) which analyzed CYP levels and
activity in shortfinned pilot whales (Globicephala macrorhynchus). This study
also included limited data on CYP levels and activity in striped dolphins
(Stenella coeruleoalba) and killer whales (Orcinus orca). No differences
between immature and mature (fetal activities were generally lower), or
male and female pilot whales were found, and all microsomal CYP activity
levels reported were lower than those found in uninduced rats. In pilot whales
there were correlations between CYP levels and selected enzyme activities,
including AHH, 7-ethoxyresorufin-O-deethylation (EROD) and activation
of selected promutagens. AHH and EROD activities in pilot whales were
inhibited by polyclonal antibodies to rat CYP1A1 and 1A2, suggesting that
cetacean and rodent CYPs have structural homologies.

Fossi et al. (1992) provide one of the very few published studies com-
paring levels of presumed CYP activity and HAH residues in dolphins.
They reported significant CYP1A-like activity in homogenized skin biopsies
obtained from free-ranging striped dolphins. Their data on benzo[a]pyrene
monooxygenase activity (BPMO, expressed as arbitrary units of fluorescence/
h/g tissue) showed considerable variation when plotted against total HAH
(mg/kg dry weight) (Figure 16.8). Biopsy tissues from male fin whales
(Balaenoptera physalis) show similar variation with HAH levels, accounting
for only about 50 per cent of the variation in BPMO (Marsili et al., 1998).
Although these data do not demonstrate strong correlations between HAH
contaminants and CYP activity, they reveal the utility of such analyses.
Serum HAH concentrations are more pharmacologically relevant than
residue concentrations in blubber. An animal that is mobilizing its lipid
stores is also mobilizing and/or releasing stored HAH into the serum, and
should present a higher BPMO activity index even though its blubber HAH
stores may be significantly decreased. Unfortunately, serum HAH cannot be
measured in tissue obtained by dart biopsy, the method used by Fossi et al.
(1992) and Marsili et al. (1998). It may be possible in the future to account
for CYP activity variation in skin biopsies using molecular markers that
would indicate hormonal status, stress, lipid mobilization or other potentially
confounding factors.
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Figure 16.8 Plot of total organochlorines with BPMO activity in skin biopsies of
Stenella coeruleoalba. (Fossi et al., 1992; reproduced with permission
from Pergamon Press.)

A number of independent investigators have published data on the capa-
city of cetacean CYPs to metabolize HAH, based on the ratios of specific
HAH concentrations in tissues (Tanabe et al., 1988; Duinker et al., 1989;
Boon et al., 1992). They concluded that CYP1A-mediated metabolism of
HAH was lower in small cetaceans than in terrestrial mammals (other than
mink, Mustela vison), and that CYP2B-mediated metabolism was either very
low or absent in cetaceans. Norstrom et al. (1992) examined possible CYP
activity in beluga whales and narwhal (Monodon monoceros). Their studies
were based on the ratios of specific HAH isomers which are generally
metabolized by CYP1A or CYP2B in other mammals, and suggested that
CYP2B-type activities were significant but low relative to other fish-eating
birds and mammals. They also suggested that beluga whales and narwhal
efficiently metabolize planar TCDD, TCDF, and PCB congeners. These data
contrast with data from other mammals in which TCDD and coplanar PCB
congeners are poorly metabolized, a factor contributing to their toxicity
(Safe, 1986; Okey, 1990).

White et al. (2000) has provided the strongest evidence to date that CYP
activity in cetacean tissue has the potential to shape HAH residue ratios.
Long-finned pilot whale (Globicephala melas) and beluga hepatic microsomes
were able to metabolize two tetrachlorobiphenyl (TCB) congeners, and
metabolism of 3,3′,4,4′-TCB by beluga microsomes strongly correlated with
both immunoreactive CYP1A content and EROD activity. 3,3′,4,4′-TCB
metabolism was substantially lower in pilot whale samples, compared to
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those from beluga. Several reasons for this difference were addressed, such
as autolysis of the pilot whale liver samples, resulting in inactivation of CYP,
or possible spatial differences in CYP expression within the liver that could
influence measured CYP activities if samples were taken from different
hepatic regions (White et al., 2000).

Several studies (Tanabe et al., 1987; Kannan et al., 1989, 1993; Boon
et al., 1992; Borell et al., 1996; Minh et al., 2000; Busbee et al., unpublished
data) have reported TCDD toxic equivalency quotients (TEQs) for various
HAH isomers found in cetaceans, in order to establish the potential hazard
these residues pose to this group. The concept of TEQs is based on the
capacity of various HAH isomers to induce CYP1A activities (AHH and
EROD) relative to those induced by 2,3,7,8-TCDD in vitro. Safe et al. (1989)
established toxic equivalency factors (TEFs) for several HAH isomers in a
rat hepatoma cell line, H4-IIE, and demonstrated that a direct quantitative
correlation exists between the in vitro dose–response effects (AHH and
EROD induction) and in vivo toxic effects (weight loss, thymic atrophy,
teratogenicity) of TCDD and TCDD-like HAH isomers. The equation for
determining TEQs from TEFs is: TEQ = (actual concentration of a given
residue) × TEF (its capacity for EROD and AHH induction relative to
TCDD).

EROD and AHH induction by HAH is species-specific, and therefore the
extent of induction by TCDD and other HAH isomers must be established
in cetaceans before any quantitative determination of TEFs can be made.
Any HAH isomer ratio correlations with TEF data involving cetaceans
must currently be considered inconclusive for several reasons. First, there
are insufficient data on dietary input levels of the various HAHs. In most
cases, the food habits of cetaceans are so poorly understood that the prey
species have not yet been completely identified in order to be sampled for
accurate determination of dietary HAH input. Second, there are little or no
data on the in vitro metabolism of individual HAH congeners by purified
dolphin CYPs in reconstituted microsomal systems, or by isolated native
dolphin microsomes containing CYPs. If cetaceans have the capacity to
metabolize TCDD and/or TCDD-like HAH isomers, as suggested by
Norstrom et al. (1992), these isomers should be much less toxic in cetaceans
compared to rodents, which have a very limited capacity for TCDD and
TCDD-like HAH metabolism. Thirdly, there are essentially no data on
inducibility of CYP2B enzymes in dolphins. The threshold for induction of
CYPs and their activity is variable, depending on the inducing compound
and the animal species. Perhaps the serum threshold of HAH and PAH
residues that induce CYP2B enzymes and are metabolized by them have not
been reached in the dolphins studied to date.

The validity of extrapolating investigative findings from laboratory
animals to marine mammals, and between marine mammal species, must be
established. Hazard and risk assessment of complex HAH mixtures have
utilized a TEF approach, and have been used to estimate risk associated
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with many toxicologic outcomes, including immunotoxicity, hepatotoxicity
and carcinogenicity (Andersen and Barton, 1998; Vos et al., 1997–98). The
toxicity of HAH congeners is species-specific, and thus TEFs must be as
well because of the dependence of TEFs on receptor–ligand interactions.
Several studies have demonstrated correlations between TEFs derived by in
vitro and in vivo methods (Safe, 1998a), which have been used to develop
toxicokinetic models (Kreuzer et al., 1997) and estimate risk even to low
levels of exposure (Andersen and Barton, 1998). Species-specific TEFs for
marine mammals can be developed using in vitro tools such as chemically
responsive cell lines and recombinant proteins, which can also contribute
to the determination and quantitation of complex interactions such as
antagonism and synergism. Such tools would allow the analysis of meta-
bolic enzyme activity, the binding of xenobiotics to cellular receptors, and
pertinent gene and protein structures. Metabolic enzyme activity differences
account for 90–95 per cent of the inter-species variability in the response
to xenobiotics, with the remainder being accounted for in the binding of
chemicals to cellular receptors which control the levels of these enzymes
(Nebert and Weber, 1990).

Interaction with steroid receptors: Endocrine disruption

Serum PAH and HAH, which induce a variety of CYP types, have also been
shown to alter hormone metabolism, serum hormone levels and hormone-
regulated gene expression by means of interaction with steroid receptors
in cells (see also Reijnders, Chapter 3 in this volume). The superfamily of
steroid hormone receptors includes cellular proteins that bind estrogens,
androgens, glucocorticoids, progestins, vitamin D, retinoic acid and thyroid
hormone. These receptors exert exquisite regulation of gene expression,
maintaining physiological function essential for good health. Steroids bind
their respective receptors, the receptor–ligand interacts with steroid response
elements, and the complex of response element plus receptor–ligand acts to
recruit transcriptional elements essential for gene expression (Fuller, 1991;
O’Malley and Tsai, 1992; Truss and Beato, 1993; Lieberman, 1997). Steroid
regulation of gene expression may be due to agonistic or antagonistic activ-
ities of the respective receptor-interactive ligand. Animals, either terrestrial
or aquatic, may be chronically exposed to a variety of contaminant chem-
icals that bind one or more of the steroid receptors. A large body of data
exists on acutely toxic effects of substituted polycyclic and/or aromatic
hydrocarbons, including herbicides, pesticides and related organochlorines.
However, there are few data on the physiological effects of chronic exposure
to sub-acute levels of the variety of endocrine-disruptive chemicals, includ-
ing plasticizers, detergents, pesticides, herbicides, AH, PAH and HAH, that
bind steroid receptors and are potentially endocrine interactive in animals.
In addition, no rapid, practical, readily quantifiable and inexpensive methods
exist to screen routinely water and soil samples for the presence of chemical
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contaminants in order to identify sources of chronic exposure to endocrine
disruptive agents. TEF/TEQ data are currently being generated for estrogenic
compounds (Safe, 1998b), an approach which could be extended to other
chemical classes that act through specific receptor–ligand interations, and
which could facilitate development of practical methods for analysis of water
and soil samples for xenoestrogens.

Widespread distribution of terrestrial and aquatic contaminants with
steroid mimetic activities, and the tendency of those chemicals that are lipid
soluble to bioaccumulate into fat reserves, raise particular concern for
marine mammals. A direct cause and effect relationship was noted a number
of years ago between exposure to a variety of chemicals and the initiation of
altered physiological responses in humans and laboratory animals (Jackson
and Halbert, 1974; Constable and Hatch, 1985; Lawrence et al., 1985;
Kashimoto and Miyata, 1987). These responses include weight loss, thymic
atrophy and impaired immune function, hepatotoxicity, fetal toxicity,
developmental disorders, loss of reproductive efficiency and increased incid-
ence of cancer (Poland and Knutson, 1982; Safe, 1990), and are now known
to be directly related to endocrine-disruptive activities of these chemicals.
These responses differ dramatically between individual humans and between
inbred strains of animals, dependent at least in part on endocrine receptors
and endocrine-regulated cell function, and on the specific capacity for enzyme
induction (Santostefano et al., 1998).

Endocrine disruption in dolphins

Although acute administration of endocrine-disruptive chemicals has begun
to be well investigated (Colborn, 1995; Ekena et al., 1997; El-Sabeawy et al.,
1998; Faqi et al., 1998), very little definitive data are available to predict
how humans and other mammals might react to chronic low-level exposure.
It is also unclear whether the bioaccumulation of lipid-soluble contaminants
into blubber reserves may increase the pharmacologically effective dose
of endocrine-disruptive chemicals to which a cetacean may be exposed.
Subramanian et al. (1987) reported a negative correlation between reduced
serum testosterone and increased concentrations of DDE in blubber of Dall’s
porpoise (Phocoenoides dalli), but were unable to find a statistically signi-
ficant correlation between the phenomena and PCB concentrations. More-
over, their report included no data on the pathophysiological consequences
of reduced testosterone or of increased HAH concentrations in tissues.
A study of laboratory rats (Johnson et al., 1992) suggests that animals
exposed to HAH present significantly lower serum testosterone levels
without changes in sperm production, so the reduced serum testosterone
reported by Subramanian et al. (1987) in Dall’s porpoise may not have
significant reproductive consequences. The relationships between residues
of chemicals in blubber, toxic effects of the chemicals, and reproductive
efficiency or offspring survival remain a concern for marine mammals.
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Data have long indicated that stressed mammals metabolize fat reserves
and release bioaccumulated chemicals, resulting in elevated serum levels of
chemicals that may expose cells in adult animals to toxic levels of these
compounds (Korytko et al., 1999). These chemicals may also cross the
placental barrier and affect fetal cells. A major component of this concern is
directed toward the offloading of large quantities of bioaccumulated lipophilic
chemicals in milk of lactating females (Ridgway and Reddy, 1995) resulting
in nursing young that have extremely high concentrations of chemicals
relative to the actual environmental levels to which they are exposed (Tanabe
et al., 1982).

Suggestions for future research

A series of research principles was suggested by Reijnders (1988), which
should be developed in order to establish a predictive concept for the effects
of pollutants on marine mammals. These are applicable to odontocete
cetaceans and include the establishment of baseline data on existing pollut-
ant residues in tissues and reference values for blood chemistry and hormone
profiles; development of an understanding of the toxicokinetics of organic
pollutants; and determination of the physiological responses to pollutants.
Based on these broad categories of data, recognizable parameters could be
developed to serve as biomarkers of exposure and of physiological change
caused by organic pollutants. The biomedical approach to such a complex
problem must follow the lead of ongoing studies designed to determine the
consequences of human HAH and PAH exposure, because (at least in the
US) the general guidelines for collection of human and cetacean tissues are
very similar.

Whereas a large volume of data exists on concentrations of organic pol-
lutants in cetaceans, the numbers of investigators, the differing species from
which samples have been derived, and the variety of analytical methods
utilized in data collection renders any baseline determinations incomplete at
this time. Data must be collected from a significant number of individuals of
the same species, including adequate samples from both sexes across a range
of ages in a given geographical area, to allow for proper statistical treat-
ment. Samples must include animals of both sexes and many age classes to
provide meaningful data, because of the continued accumulation of residues
as animals age and the differential accumulation of HAH residues between
sexes. Lactating females accumulate lower levels of HAH residues with time
because they offload lipophilic compounds during milk formation. Appro-
priate emphasis must be placed on the physiological state of the animal at
the time of collection, the foraging ecology, sampling over an appropriate
time period, and standardization of collection and analytical techniques.
The physiological state of animals is important, because the best data will
come from live individuals in which the residue concentrations in blubber

Ve
tB

oo
ks

.ir



Mechanisms of AH toxicity 447

and serum have been determined and for which any confounding parameters
have been identified (such as lactation, illness, or reduced caloric intake
resulting in lipid metabolism in blubber). Foraging ecology of cetaceans is
particularly important for comparison of samples from different species
or populations of dolphins. For example, dietary HAH and PAH exposure
will vary significantly between pelagic teuthivores and coastal piscivores.
Samples collected over a period of a few years can be considered within the
same data set if one can assume that input variables have not changed
significantly. Data collected over many years or decades may show temporal
trends rendering them inappropriate for establishing baseline values, but
may be quite valuable in establishing the changing status of contaminants in
a specific ecosystem. Standardization of collection and analytical techniques
to allow interlaboratory comparisons of data will be valuable to ensure
proper quantitation of residues. The standardization of analytical methods
was significantly enhanced by establishment of the marine mammal tissue
bank by the US National Marine Fisheries Service, which makes blubber
samples with known residue concentrations available for use as analytical
quality control standards.

Captive dolphins and samples from live-capture and release studies
are invaluable resources that can be used to establish reference values for
normal blood chemistry and hormone profiles (see also Reddy and Ridgway,
Chapter 5 in this volume). As mentioned earlier, the toxic effects of HAH
and PAH are often the result of alterations in hormone metabolism and in
the disruption of receptor-mediated biochemical pathways. Standardization
in the analysis of blood samples to provide a minimum data set, and genera-
tion of an accessible database, are important for the establishment of reference
values of the highest quality. Captive dolphins and live-capture and release
programs can provide samples for blood reference values, but baseline data
on toxicokinetics and residue-initiated physiological changes can only be
established using tissues from animals that are theoretically healthy, either
live animals or very fresh carcasses with direct human-related causes of
death (ship strikes, nets, fishing lines and hooks, etc.). These samples are
rare, inconsistently available, and difficult to obtain. Several laboratories
are currently developing the technology to utilize cellular and molecular
techniques and in vitro model systems to examine contaminant metabolism
and biotransformation, cellular physiological response to contaminant insult,
and toxicokinetics of contaminant HAH and PAH. The tools for those
studies are, however, limited at this time. Cetacean-specific molecular probes
and monoclonal antibodies must be developed for maximal utilization of in
vitro modeling systems. When the molecular tools become available, in vitro
models will allow mechanistic investigations of the effects of HAH and
PAH contaminants on dolphin cells and tissues, and will provide the neces-
sary information required to predict mortality and morbidity in dolphins
resulting from environmental pollutants.
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Conclusions

HAH and PAH residues have been found in the tissues of a variety of
terrestrial, marine and aquatic animals. Dolphins and other marine mam-
mals sampled in virtually all oceans, including some waters generally con-
sidered to be uncontaminated, have also been found to have alarmingly
high, but not acutely toxic, HAH residues in tissues (Clausen et al., 1974;
Gaskin, 1982; Cockcroft et al., 1989, 1990; Buckland et al., 1990). Although
the physiological consequences of chronic cellular exposure to both low
environmental levels and significantly higher bioaccumulated levels of
potentially toxic HAH in dolphins are unknown, elevated concentrations
of PCB residues in tissues are proposed to have occurred concurrently with
epizootic deaths of dolphins. In the western Mediterranean epizootic event,
PCB concentrations as high as 3000 µg/g were detected in blubber (Aguilar
and Borrell, 1994). Although no cause and effect relationship has been drawn
between PCB contamination and toxic effects, such as immune dysfunction,
in cetaceans, the relationships certainly have been shown in other mammals
(Kashimoto et al., 1981; Chen et al., 1985; Chen and Hsu, 1987; Kashimoto
and Miyata, 1987; Gobin and Phillips, 1991; Neubert et al., 1991; Tryphonas
et al., 1991a, b; Hardin et al., 1992). Enormous volumes of data collected
from almost all of the oceans show HAH residues persistent in tissues of
dolphins (reviewed in Gaskin, 1982; Martin et al., 1987; Cockcroft et al.,
1989, 1990; Kannan et al., 1989; Borrell and Aguilar, 1990; Buckland et al.,
1990; Loganathan et al., 1990). Data from these studies typically do not
address the physiological consequences of chemical residues, and neither
support nor refute the proposed association between chemical residues and
chronic toxicity in dolphins. It is well established, however, that HAH and
other aromatic hydrocarbon residue levels are found in dolphins, that sig-
nificant CYP activity levels have been detected in dolphin tissues (Geraci
and St. Aubin, 1982; Geraci, 1990; Fossi et al., 1992), that CYPs metabolize
aromatic hydrocarbons to electrophilic forms capable of causing DNA, RNA
and protein adducts (Poland et al., 1979; Whitlock, 1987; Goldstein and
Safe, 1989; Carvan et al., 1995), and that DNA–hydrocarbon adducts have
been reported for cetaceans from both pristine and polluted waters (Ray
et al., 1991; Mathieu et al., 1997). It is well established in other mammalian
systems that both DNA and protein adducts decrease DNA synthesis
required for both DNA repair and mitosis in rapidly dividing cells, and that
unrepaired DNA adducts are associated with a variety of adverse health
effects (Busbee et al., 1984; Brown and Romano, 1991; Hardin et al., 1992).
We can confidently say that DNA adducts in cetacean cells decrease DNA
synthesis, based on studies in other organisms; however, to assume adverse
health effects in cetaceans as a result of the measured adduct levels would be
far too speculative.

Changes in gene expression which occur in cells of animals exposed to
chemical pollutants are typically initiated by receptor-mediated interactions,
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resulting in induction or inhibition of transcription, and are known to be
associated with at least:

(1) induction of cytochrome P450s resulting in increased biotransformation,
activation and/or elimination of HAH, PAH and other aromatic hydro-
carbons, and in the formation of electrophilic metabolites that are cap-
able of interacting with nucleic acids and proteins to cause adducts;

(2) decreased capacity of cells to repair damaged DNA;
(3) altered metabolism of endogenous steroids, resulting in changed physio-

logical states, including reproductive dysfunction; and
(4) systemic interactions that decrease immune responses to viruses, parasites

and bacteria.

These interacting phenomena may result in an aggregate chronic state
of physical debilitation, leading to reproductive failure and/or death of the
organism, even though concentrations of the inducing chemicals may not
have reached acutely toxic levels. In order to address questions regarding
the effects of pollutants on cetaceans, we must develop a comprehensive
strategy to investigate the mechanisms of aromatic hydrocarbon toxicity in
a variety of cetacean systems and the impact of aromatic hydrocarbons
on species-specific cetacean physiology. Such a comprehensive examination
must include a variety of investigations at the relatively simple cellular and
molecular level, and also involve thorough analyses at the much more com-
plex individual and population levels in several species. Without such ana-
lyses, we can only continue to speculate as to the effects of these potentially
harmful ubiquitous compounds on cetaceans.
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17 Ecotoxicological investigations
of bottlenose dolphin
(Tursiops truncatus) strandings:
Accumulation of persistent
organic chemicals and metals

John E. Stein, Karen L. Tilbury,
James P. Meador, Jay Gorzelany,
Graham A.J. Worthy and Margaret M. Krahn

Introduction

An unprecedented mass mortality of bottlenose dolphins (Tursiops truncatus)
occurred along the US Atlantic coast from June 1987 until March 1988
(Geraci, 1989). During this event more than 740 dolphins stranded. This
was followed by unusual mortalities of bottlenose dolphins in the Gulf
of Mexico in 1990 and in 1992. In Europe, strandings of striped dolphins
(Stenella coeruleoalba) in the Mediterranean Sea began in 1990 and con-
tinued through 1992 (Aguilar and Raga, 1993). These and other recent
stranding events have raised recurring questions about whether toxic chem-
icals and elements (metals) may be contributing factors in cetacean mass
mortality.

Strong ecological evidence is available indicating that chemical pollution
in coastal areas near urban centers exerts a variety of deleterious biological
effects in marine fish (Myers et al., 1987; Arkoosh et al., 1991; Varanasi
et al., 1992; Arkoosh et al., 1998a, b). These findings support concerns that
marine mammals, particularly coastal species, may also experience adverse
physiological effects, such as reproductive and immune dysfunction (DeLong
et al., 1973; Duinker et al., 1979; Reijnders, 1986; Ross et al., 1995).
Demonstrating a causal link between pollution and adverse effects is par-
ticularly difficult in marine mammals. This is due to problems inherent in
obtaining sufficient numbers of samples from both healthy individuals and
those exhibiting specific diseases, and because of limitations in conducting
controlled experimental studies with live marine mammals. Nevertheless, both
noninvasive and invasive biological markers of potential adverse effects can
be collected from live or recently deceased animals, substantially improving
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our capability to assess contaminant effects on marine mammals. The use of
biological markers, however, requires detailed information on exposure in
order to determine associations between exposure and effects. Here we report
data we have collected on contaminant exposure in bottlenose dolphins
from analyses of 218 tissue samples from 78 animals that stranded primarily
in the northern Gulf of Mexico and the north-western Atlantic off Massa-
chusetts, USA. These include specimens collected during mass mortality
events.

Halogenated aromatic hydrocarbons (HAHs) are a class of contaminants
of particular concern. Odontocetes, which are often top predators in marine
food webs, can accumulate high levels of certain lipophilic contaminants,
such as polychlorobiphenyls (PCBs) and chlorinated pesticides (Waid, 1986).
The HAHs are among the most widespread and persistent chemical con-
taminants in coastal environments (Varanasi et al., 1992). Because of their
lipophilicity and resistance to metabolism, these pollutants tend to bio-
accumulate in aquatic organisms, particularly in lipid-rich tissues of marine
mammals. Furthermore, HAHs are suspected of exerting immunological,
reproductive and carcinogenic effects in wildlife (e.g. Safe, 1984). Of par-
ticular interest are the dioxin-like PCB congeners that have a stereochemically
similar (dioxin-like) conformation to that of 2,3,7,8-tetrachlorodibenzo-p-
dioxin. These congeners exhibit dioxin-like toxic effects mediated through
binding to the aryl hydrocarbon (Ah) receptor (Birnbaum, 1985; Carvan
et al.: Chapter 16 in this volume). Although the dioxin-like PCB congeners
are present in the environment at much lower concentrations than are the
non-dioxin-like congeners, the majority of PCB toxicity is thought to be
contributed by the dioxin-like congeners (Safe, 1990; Ahlborg et al., 1994).
Although not measured in this study, metabolites of HAH compounds,
such as methylsulfones, can also bioaccumulate in mammals, and certain
metabolites have been linked with mammalian toxicity (Lund et al., 1988).
The methylsulfone of DDE, a metabolite of DDT, causes severe adrenal
damage in various species (Jonsson et al., 1992) and is suspected of being
associated with subsequent effects on other organs in gray (Halichoerus
grypus) and ringed (Pusa hispida) seals from the Baltic Sea (Olsson et al.,
1994). These findings suggest a putative causal relationship between DDE
and PCB methylsulfones and a disease complex involving the adrenal gland
in seals, and supports further investigation of the toxicology of these HAH
metabolites and other metabolites such as hydroxylated PCB congeners
(Bergman et al., 1994 and Chapter 19 in this volume).

Determination of toxic and essential element concentrations in marine
mammals is also important because of the physiological and toxicological
significance of these substances and their accumulation in liver and kidney
(Marcovecchio et al., 1990; Law et al., 1991; Meador et al., 1993). For
example, cadmium, mercury and lead are nonessential elements that can
accumulate to elevated levels in mammals (Venugopal and Luckey, 1978;
Meador et al., 1999). As in many marine mammals, the highest concentrations
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of mercury are found in livers of cetaceans, whereas cadmium concentrations
are generally greatest in kidneys (Honda et al., 1983; Marcovecchio et al.,
1990; Meador et al., 1993). Methylmercury is also accumulated by marine
mammals and is more toxic than inorganic mercury (Venugopal and Luckey,
1978). The effects of high concentrations of these metals have been studied
only rarely in cetaceans. Excess cadmium, for example, can result in renal
dysfunction and adverse effects on reproduction, growth and bone structure
in mammals (Kostial, 1986). However, interactions among some metals
(e.g. mercury and selenium) can reduce the toxic potential. In addition, the
effect of accumulation of nonessential metals on the homeostasis of essential
metals (e.g. zinc, copper) warrants further investigation.

Methods

Field sampling

Samples of blubber, liver and kidney were collected from 78 bottlenose
dolphins: 20 dolphins were a subset of approximately 350 bottlenose
dolphins that stranded from February to June 1990 along the Gulf of Mexico
coast from Texas to Florida (Texas, n = 14; Louisiana, n = 1; Mississippi,
n = 1; Alabama, n = 1; Florida, n = 3), 20 were from a stranding event in
March and April 1992 along the Texas coast, 20 stranded along the Texas
coast between October 1991 and December 1993, 14 stranded along the
Florida coast between March 1990 and September 1992, and 4 stranded on
the coast of Massachusetts in December 1992 (Figure 17.1; Appendix at end
of chapter). The stranding sites, including latitude and longitude, date col-
lected, sex, length, age, condition of the animal at the time the tissues were
collected and the tissues analyzed are listed in the Appendix. The numbers
of animals in the tables and figures do not correspond exactly to the numbers
in the Appendix, because blubber and liver samples were not available for
all of the animals. The lengths of the animals ranged from 96 to 279 cm,
ages ranged from 0.02 to more than 45 years, and tissues were collected
from 38 females and 38 males; the sex of two dolphins was not known
(Table 17.1). A subset (n = 32) of dolphins was assigned ages by determining
growth layer groups in teeth (Fernandez and Hohn, 1998). For the remainder,
age was estimated from mercury concentrations in liver (Figure 1 in Meador
et al., 1999) with the inverse prediction model using the equation from
Figure 1 in Meador et al. (1999) for animals from Texas (Y = 1.42 + 0.88 ×
log age, with r2 = 0.71). The inverse prediction model does not generate a
new equation, but uses the data from the original equation to predict X by
using Y, which is the ‘inverse’ of how it is usually done. Age estimation is
particularly important, rather than relying on body length as a surrogate,
because the lengths of several of the Gulf of Mexico dolphins were similar
to the asymptotic length determined for bottlenose dolphins from the Atlantic
coast (Mead and Potter, 1990). However, we could not determine ages of
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Figure 17.1 Stranding sites of bottlenose dolphins.

some animals, specifically those from the Massachusetts coast, because these
animals may be from different populations than the Gulf of Mexico dolphins
and the regression equation that relates ages and concentrations of mercury
in livers may not apply (Table 17.1).

Analytical procedures for organochlorines

Subsamples of blubber and liver tissue were analyzed for selected individual
PCB congeners, DDT and its metabolites (DDE and DDD), selected pesticides
(Krahn et al., 1988a, b; Sloan et al., 1993), and percent lipid (Varanasi et al.,
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Table 17.1 Life history data for bottlenose dolphins (Tursiops truncatus)

Length (cm) n Age (years) n

Gulf of Mexico
Texas

female 199 (9)a 28 8.6 (2.1)b 27
male 195 (13) 24 6.8 (2.1) 22
unknown 247 (9) 2 9 1

Florida
female 203 (20) 8 8.5 (2.6) 8
male 200 (12) 9 5.1 (1.8) 9

Louisiana
female 251 1 na –

Mississippi
male 161 1 na –

Alabama
male 261 1 na –

North-west Atlantic
Massachusetts

female 279 1 na –
male 250 (10) 3 na –

a Mean value (standard error of the mean).
b Age was estimated from dental growth layers or predicted from mercury in liver (Appendix).

n = the number of animals.
na = not available. These animals may be from a different population of dolphins, especially
the Massachusetts animals, and the regression equation that related age and liver concentra-
tion of mercury may not apply (Meador et al., 1999).

1994) following standard methods and quality assurance (QA) protocols.
Tissue (1–3 g) was macerated with sodium sulfate and methylene chloride.
The methylene chloride extract was filtered through a column of silica gel
and alumina, and concentrated for further clean-up; the analytical method
was slightly modified for the lipid-rich tissue of marine mammals. Size
exclusion chromatography with high performance liquid chromatography
was used to separate lipids and other biogenic material from a fraction
containing the HAHs. The HAH fraction was analyzed by capillary column
gas chromatography (GC) with an electron capture detector, and peak identi-
fications were confirmed on selected samples using GC–mass spectrometry
with selected ion monitoring.

The HAHs are reported here as follows: ‘∑chlordanes’ refers to the
sum of concentrations of cis-chlordane, oxychlordane, trans-nonachlor,
heptachlor, and heptachlor epoxide; ‘∑DDTs’ is the sum of concentrations
of o,p′-DDD, p,p′-DDD, o,p′-DDE, p,p′-DDE, o,p′-DDT and p,p′-DDT;
and ‘∑PCBs’ is the sum of concentrations of chlorinated biphenyl congeners
18, 28, 44, 52, 66, 101, 105, 118, 128, 138, 153, 170, 180, 187, 195, 206 and
209, following the nomenclature of Ballschmiter and Zell (1980). All con-
centrations are given on a wet weight basis, unless otherwise stated.
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Analytical procedures for elements

Subsamples of liver and kidney were analyzed for selected elements and per
cent dry weight (Robisch and Clark, 1993). Tissue (1–2 g) was digested with
10 ml of concentrated ultra pure nitric acid for 2 h at room temperature
and subsequently heated in a microwave oven in a sealed Teflon bomb. The
digestate was further treated to destroy organic matter by digestion with
4 mL hydrogen peroxide and further heating in the microwave oven. The
concentrations of elements were determined by atomic absorption spectro-
photometry (mercury, lead) and inductively coupled argon plasma emission
spectroscopy (cadmium). All concentrations of elements are given on a wet
weight basis, unless otherwise stated (see Meador et al., 1999 for details).

Statistical analysis

Analysis of variance (ANOVA) was used to determine whether differences
in the concentrations and proportions (percentage of the total HAHs) of
analytes in tissues were dependent on the sex, length, estimated age of the
animal, or the stranding site. Length and estimated age were used as
covariates and the data for the concentrations of analytes were log trans-
formed to reduce deviations from normality (i.e. to reduce heteroscedasticity
in the variances) and then analyzed using the SuperANOVA statistical pack-
age (Abacus Concepts, 1989). The results of the statistical analyses were
very similar whether concentrations were expressed on a wet weight or lipid
weight basis. Differences were considered significant at α ≤ 0.05. Possible
differences in the HAHs accumulated in blubber (i.e. patterns) between
bottlenose dolphins that stranded along different areas of the Gulf of Mexico
and Massachusetts were assessed by principal component analysis (PCA)
using the JMP statistical package (SAS Institute, Inc. 1994). Before PCA
was performed, the concentrations of individual HAHs in each blubber
sample were normalized (concentrations of individual HAHs in each sample
were divided by the sum of the HAHs in the sample). The use of PCA is
advantageous when the concentrations of several analytes (e.g. chlorobiphenyl
congeners) are evaluated statistically. The dimensionality (i.e. number of
measurements) is reduced to fewer variables (i.e. principal components)
without losing information, thus providing a better understanding and clearer
visualization of the interrelationships among analyte patterns and the loca-
tions of strandings.

Bioaccumulation of halogenated aromatic hydrocarbons

Concentrations in tissues

A wide range of HAH concentrations was found in blubber and liver of
stranded bottlenose dolphins from the different regions (Table 17.2). For
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example, the concentrations of ∑DDTs in blubber of dolphins that stranded
in Texas ranged from 300 to 110 000 ng/g. A wide range in the concentra-
tions of HAHs was also detected in liver, but at much lower concentrations.
This difference between tissues was largely accounted for by the differences
in total lipids. The mean and standard error of the mean (SEM) of the ratio
of concentrations of HAHs in blubber/liver on a wet weight basis was 26
(2.4) and on lipid basis the ratio was 1.9 (0.1).

The concentrations of HAHs in tissues reported for these dolphins are
within the range of concentrations found in other small cetaceans (Muir
et al., 1988b; Kuehl et al., 1991) and considerably higher than in larger
cetaceans (O’Shea and Brownell, 1994). A major factor for this difference is
that most of the larger cetaceans are mysticetes, which feed predominantly
on lower trophic-level organisms, and generally do not feed near coastal
urban sites, which are often more contaminated. Trophic position is known
to be an important factor in the bioaccumulation of lipophilic compounds
that are resistant to metabolism, such as PCBs (Muir et al., 1988a; Hargrave
et al., 1992; Harding et al., 1997). A study of fish, for example, has demon-
strated that trophic position, measured by stable isotopes, was the major
factor controlling accumulation of PCBs by burbot (Lota lota) from a
subarctic lake (Kidd et al., 1995). In addition to diet and trophic position,
physiological differences [e.g. excretion rate (Parke, 1980)], activity of detox-
ifying enzymes (Walker, 1980), metabolism (Moriarty, 1984), concentration
of pollutants within prey, nutritive condition, disease, age and sex and
reproductive differences among species of cetaceans are also believed to
contribute to the differences in the body burden of HAHs (i.e. total mass of
HAHs in the entire organism). Also, body size and metabolic rate play a
role in accumulation of HAHs, with smaller species of cetaceans having
higher concentrations in tissues, but sometimes lower body burdens (Aguilar
et al., 1999). All of these complex factors together contribute to the lower
tissue concentrations of HAHs in species such as gray whales (Eschrichtius
robustus) and bowhead whales (Balaena mysticetus), compared to the
odontoceti, such as bottlenose dolphins and harbor porpoises (Phocoena
phocoena). For example, recent analyses (O’Hara et al., 1999) of tissues
from bowhead whales, which feed on invertebrates in the Arctic, show that
the mean blubber concentration of ∑PCBs (180 ± 20 ng/g) in these samples
is nearly 100-fold lower than concentrations in bottlenose dolphins from the
Gulf of Mexico (Table 17.2).

Texas and Florida dolphins showed no significant differences in total
HAH concentrations in blubber or liver after adjusting for age in the
covariance analysis. There were significant differences in the concentrations
of the pesticide hexachlorobenzene (HCB) and ∑chlordanes in blubber and
liver. The results were similar among bottlenose dolphins from Texas, Florida
and Massachusetts, with length used as a covariate (length was used as a
covariate instead of age because ages were not available for all of the dolphins,
as explained in Table 17.1). Similar statistical evaluation for the effect of
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Figure 17.2 The concentrations of total halogenated aromatic hydrocarbons (HAHs)
in blubber of female and male bottlenose dolphins in relation to estimated
age.

sex, using length as a covariate, showed significant differences in the con-
centrations of total HAHs, including ∑chlordanes, ∑DDTs and ∑PCBs,
in blubber and liver between the female and male dolphins from the coasts
of Texas, Florida and Massachusetts. The concentrations in males were
approximately two to three times higher than the concentrations in females.
For example, the mean concentration (SEM) of total HAHs in blubber for
females (n = 37) was 29 000 (5800) ng/g and the mean concentration for
males (n = 30) was 57 000 (9300) ng/g. Using only the animals for which age
was estimated, there were no significant statistical correlations. Curvilinear
effects between the concentrations of HAHs in blubber with estimated age in
either females or males were tested and the r2 ranged from 0.02 to 0.52. How-
ever, for dolphins of similar age, the males generally had higher concentra-
tions of HAHs than the females that were 4 or more years old (Figure 17.2).
It is also interesting to note that the largest difference between male and
female dolphins was between the oldest dolphins, with the concentration in
the oldest male (43 years old) 12 times greater than the concentration in
the oldest female (>45 years old). This difference between female and male
dolphins is not surprising. Female–male differences in the concentrations of
∑DDTs and ∑PCBs in blubber from 33 bottlenose dolphins that stranded
along the Gulf of Mexico coasts were also reported by Salata et al. (1994).
Lower concentrations of HAHs in blubber are observed in sexually mature
females due to transfer of HAHs during lactation (e.g. Cockcroft et al.,
1989). This was shown in a recent study by Ridgway and Reddy (1995)
in which milk periodically sampled from captive bottlenose dolphins had
decreasing HAH concentrations during lactation. The lower concentrations of
HAHs in milk were probably reflective of lower concentrations in the body
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Figure 17.3 The percentages of summed (∑) analytes (see Methods) in blubber
of bottlenose dolphins (Tursiops truncates) of the total halogenated
aromatic hydrocarbons (HAHs) reported. Texas (TX) and Florida
(FL) were significantly (α ≤ 0.05) different from each other for
hexachlorobenzene, ∑chlordanes and ∑DDTs; Massachusetts (MA) and
FL for ∑chlordanes. n = number of animals.

after HAHs were transferred to offspring in milk, therefore reducing con-
centrations in the body. In addition, the concentrations of HAHs were higher
in females that had never calved or had not calved for at least 26 years
(Ridgway and Reddy, 1995). These findings highlight that knowledge of
reproductive history and age data is critical for interpreting concentrations
of lipophilic contaminants in tissues of dolphins.

Organochlorine profiles

The ∑DDTs and ∑PCBs generally accounted for the greatest proportion of
the total HAHs in blubber of the stranded bottlenose dolphins (Figure 17.3).
For example, the blubber of dolphins that stranded in Texas waters con-
tained high proportions of ∑DDTs (47 per cent) and ∑PCBs (43 per cent),
with a lesser contribution from the ∑chlordanes (8 per cent); HCB accounted
for only 2 per cent of the total HAHs. The contribution of ∑chlordanes
(20 per cent) to the total HAHs in stranded bottlenose dolphins from Florida
was significantly higher (more than twofold) than in the dolphins stranding
in Texas, whereas the proportion of ∑DDTs and HCB were significantly
higher in the Texas dolphins. For the dolphins that stranded on the Massa-
chusetts coast, the mean percentages for the ∑chlordanes, ∑DDTs, and
∑PCBs in blubber were 8, 35 and 57 per cent, respectively. The percentage
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Figure 17.4 The first two principal components (see Methods) based on five
chlordanes (see Methods) in blubber of bottlenose dolphins (Tursiops
truncates) (n = 65) stranded on Florida (FL), Massachusetts (MA) and
Texas (TX) coasts. n = number of animals.

of ∑chlordanes in blubber for the dolphins from Florida was significantly
higher than that for dolphins from Massachusetts.

There were no distinct patterns for individual DDTs and PCBs in blubber
of stranded bottlenose dolphins sampled from the Texas, Florida and
Massachusetts coasts (not shown) when assessed by PCA (see Methods).
However, a plot of the first two principal components, which represented
75 per cent of the total variation in the normalized concentrations of indi-
vidual chlordanes (cis-chlordane, oxychlordane, trans-nonachlor, heptachlor,
heptachlor epoxide), showed a small distinction in the profile of these analytes
in dolphins among the various sites (Figure 17.4). The dolphins that stranded
in Florida (represented by triangles) are grouped mainly in the upper and
lower left quadrants whereas more than 50 per cent of the animals stranded
in Texas (represented by circles) are in the upper and lower right quadrants.
This distinction in the profile of chlordanes between dolphins from Florida
and Texas corroborates the statistical differences shown in Figure 17.3,
where ∑chlordanes as a per cent of the total HAHs are statistically higher
in dolphins from Florida than in those from Texas and Massachusetts.
These findings indicated that because there were no distinct patterns for
individual DDTs and PCBs and only apparent differences in the profiles
of the chlordanes in bottlenose dolphins stranding at these three sites, the
variation among individual animals is greater than differences among regions.
This may be due to age and reproductive status.
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Relation to stranding

A preliminary study (Lahvis et al., 1995) of free-ranging bottlenose dolphins
from the Gulf of Mexico suggested a correlation between increasing con-
centrations of PCBs and DDTs in blood and altered leukoproliferative
response of plasma lymphocytes. These are intriguing findings that suggest,
as observed in pinnipeds (Ross et al., 1996), that HAHs can have a deleterious
effect on immunocompetence. This may lead to increased parasitism as well
as increased susceptibility to disease. It is noteworthy that studies with wild
fish have demonstrated an association between altered immunocompetence
and disease susceptibility (Arkoosh et al., 1998a). However, whether exposure
to HAHs in cetaceans contributes significantly to unusual mass mortality
events is contentious and a full review of data on both sides of this issue is
beyond the scope of this paper.

Our results support some studies with small cetaceans showing elevated
tissue concentrations of HAHs in stranded or diseased animals. Abnormally
high PCB levels were found in striped dolphins affected by the 1990–1992
Mediterranean morbillivirus epizootic (Aguilar and Borrell, 1994). The
median concentration of ∑PCBs (780 000 ng/g lipid weight) was significantly
higher in dolphins that died in the epizootic than the concentrations of
∑PCBs (280 000 ng/g lipid weight) in biopsies from a putative healthy group.
In some of the diseased dolphins the PCB concentrations in blubber were
as high as 1 000 000 ng/g lipid weight. Additionally, a comparison among
species of Delphinidae from various geographical areas (Figure 17.5) shows
higher concentrations of ∑PCB congeners 138 and 153 (sums of total HAHs
were not available in many of the papers reviewed and these congeners
were reported most consistently) and ∑DDTs in striped dolphins, Risso’s
dolphins (Grampus griseus) and bottlenose dolphins stranded during the
Mediterranean epizootic. In contrast, a recent study of an unusual strand-
ing event of short-beaked (Delphinus delphis) and long-beaked (Delphinus
capensis) common dolphins on the US west coast showed no marked differ-
ence in concentrations in blubber of PCBs between the common dolphins
that stranded and apparently healthy dolphins that were incidentally taken
in a fishery interaction (Susan Chivers, 1 October 1998, personal commun-
ication). Moreover, the concentrations of PCBs in blubber of the common
dolphins appeared comparable to the concentrations in bottlenose dolphins
reported herein, although comparisons among species should be made with
caution. These findings indicate that there is little compelling evidence of a
direct cause-and-effect association between HAHs and specific bottlenose
dolphin stranding events. However, the elevated body burden of PCBs
and other HAHs in bottlenose dolphins could potentially have deleterious
effects on physiological functions, such as immunocompetence, which may
lead to a decrease in disease resistance or increased parasitism in the general
population, as suggested by Lahvis et al. (1995). Clearly, additional com-
parative studies of the body burden of toxic compounds in wild bottlenose
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dolphins from the general population and from captive animals, as well
as those taken in fishery interactions, will provide important baseline data
for determining the role of chemical contaminants in unusual mortality
events. Live-capture studies of bottlenose dolphins are being conducted to
assess relationships between health parameters and levels of contaminants in
blood and blubber taken by biopsy (Larry Hansen, 4 March 1999, personal
communication).

It is worth noting that in all studies relating effects to exposure (e.g.
assessing the health risk posed by chemical contaminants) the value of the
data will be dependent on the QA procedures employed in the analyses. The
comparison of chemical contaminant data among different studies often has
been difficult because of insufficient information on QA measures employed
in both the sample collection and chemical analyses. The use of rigorous QA
protocols will increase greatly the comparability among studies, which is
important for comparisons among geographical regions, as well as mandat-
ory in reliably assessing temporal trends in contaminant concentrations in
marine species and in monitoring the effectiveness of management actions in
improving the quality of our coastal ecosystems. Without high-quality data
over extended time frames, the ability to identify and quantify improve-
ments in environmental quality can be problematic. The use of rigorous
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Figure 17.5 The concentrations of PCB 138 plus PCB 153 and the sum of DDTs
in blubber of dolphins collected from several geographical areas. The
species included are: bottlenose dolphins (Tursiops truncatus), Risso’s
dolphins (Grampus griseus), short-beaked common dolphins (Delphinus
delphis), striped dolphins (Stenella coeruleoalba), and Atlantic white-
sided dolphins (Lagenorhynchus acutus). aThis study; bCockcroft et al.,
1989; cCorsolini et al., 1995; dLaw et al., 1994; eLoganathan et al., 1990;
fKannan et al., 1993; gMcKenzie et al., 1997.
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performance-based QA/quality control (QC) protocols includes the use of
standard reference materials appropriate to the matrix (e.g. tissue) being
analyzed (Krahn et al., 1997). Additionally, the value of performance-based
QA/QC has been demonstrated in studies with composited whale blubber
material (Schantz et al., 1993, 1995; Wise et al., 1993) and composited mussel
tissue (Wise et al., 1991).

Bioaccumulation of metals

Mercury

The mean concentrations of mercury were highest in liver compared to
kidney. The range in mercury concentrations in liver was 25–350 000 ng/g.
Mercury concentrations in kidney ranged from ‘not detected’ to
280 000 ng/g (Table 17.3). Mercury in liver and kidney of bottlenose dolphins

Table 17.3 Concentrations of selected toxic elements in liver and kidney samples
collected from bottlenose dolphins (Tursiops truncatus)

Cadmium Lead Mercury

Liver

Gulf of Mexico
Texas 56 (10), n = 36a 81 (18), n = 40 42 000 (10 000), n = 44

(nd–190)b (1–660) (25–350 000)
Louisiana (n = 1) 79 54 2800
Mississippi (n = 1) nd 44 1800
Alabama (n = 1) 31 45 11 000
Florida 84 (66), n = 6 46 (6), n = 6 58 000 (20 000), n = 16

(nd–410) (27–62) (730–320 000)
North-west Atlantic

Massachusetts (n = 4) 2100 (810) 16 (1) 7500 (2300)
(590–4100) (nd–21) (3000–14 000)

Kidney

Gulf of Mexico
Texas 370 (55), n = 42 39 (8), n = 40 17 000 (5700), n = 43

(nd–1600) (1–330) (97–210 000)
Louisiana (n = 1) 610 59 2100
Mississippi (n = 1) 19 23 970
Alabama (n = 1) 170 28 1700
Florida 710 (190), n = 11 22 (5), n = 5 50 000 (17 000), n = 16

(nd–1900) (7–32) (nd–280 000)
North-west Atlantic

Massachusetts (n = 4) 7800 (3500) 21 (6) 4100 (1600)
(2400–18 000) (nd–43) (660–6900)

a Mean values (standard error of the mean) were calculated using one-half the detection limits for
any analytes that were not detected (nd). The means are expressed as ng/g wet weight. The mean
(SEM) of dry to wet weight ratio is 0.26 (0.9) for liver and 0.22 (0.8) for kidney.

b Range of concentrations.
n = the number of animals.
nd = not detected.
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from the Gulf of Mexico was significantly higher compared to dolphins
from Massachusetts when length was used as a covariate. The trend of
higher mercury concentrations (Table 17.3, Figures 17.6a, b) in the Florida
animals in comparison with Texas dolphins was likely due to higher ex-
posure. A comparison among delphinids (Figure 17.7) shows geographical
differences in the concentrations of mercury in several species of dolphins.
Geographical differences could be due to natural or anthropogenic sources
and may result from differential concentrations in prey. The type of prey
and diet can contain varying concentrations of contaminants and can vary
by species of dolphins (Meador et al., 1999). Geraci (1989) also reported
elevated concentrations of up to 110 000 ng/g of mercury in liver of bottlenose
dolphins from the 1987–88 stranding event along the US mid-Atlantic coast.
Additionally, concentrations up to 89 000 ng/g were detected in a subset of
15 bottlenose dolphins that stranded along the Gulf of Mexico during the
1990 event (Kuehl and Haebler, 1995).

Mercury concentrations exceeding 100 000 ng/g are suggested by
Wagemann and Muir (1984) to be associated with toxic effects in marine
mammals. In the present study, concentrations of mercury in liver samples
from 8 of the 64 bottlenose dolphins exceeded 100 000 ng/g. Rawson et al.
(1993) associated liver abnormalities in Atlantic bottlenose dolphins with
chronic exposure to mercury, although the correlation between age and
mercury concentrations may be a confounding factor. In dolphins with ab-
normalities, concentrations of up to 440 000 ng/g were found in livers, whereas
concentrations up to 50 000 ng/g were measured in dolphins that exhibited
no liver abnormalities. The assessment of the toxicity of mercury in cetaceans
is not straightforward, however, because mercury forms a 1 : 1 complex
with selenium, which is generally thought to be biologically inert. As seen
in many studies, there is an inverse relationship between the proportion of
highly toxic methylmercury and total mercury in tissues (e.g. liver, kidney,
brain). The concentration of methylmercury in long-finned pilot whales
(Globicephala melas) decreases in a nonlinear manner with total mercury,
indicating in vivo demethylation (Meador et al., 1993). Similarly, we also
found a nonlinear relationship between methylmercury and total mercury in
bottlenose dolphins (Figure 17.8, Meador et al., 1999). A detailed assess-
ment of the inter-relationships between toxic and trace elements in bottlenose
dolphins from the Gulf of Mexico, which also accounts for age, can be
found in Meador et al. (1999).

Many studies have shown that odontocete cetaceans may accumulate
more mercury than mysticetes. Concentrations of 9–120 ng/g have been
reported in livers of stranded gray whales from the North American west
coast (Varanasi et al., 1993, 1994), 32–100 ng/g in bowhead whales from the
Arctic (Krone et al., 1999), and 61–390 ng/g in Antarctic minke whales
(Balaenoptera bonaerensis) (Honda et al., 1987). In contrast, the maximum
concentrations of mercury (350 000 ng/g) in livers of bottlenose dolphins
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Figure 17.6 (a) The concentrations of mercury in livers of bottlenose dolphins
(Tursiops truncates) versus age. Regressions for Florida animals: Y =
1.36 + 1.08 × log age (r2 = 0.83), Texas animals: Y = 1.42 + 0.88 × log age
(r2 = 0.71). (Redrawn from Meador et al., 1999.) (b) The concentrations
of mercury in kidneys of bottlenose dolphins (Tursiops truncates) versus
age. Regressions for Florida animals: Y = 1.29 + 0.54 × log age (r2 =
0.56), Texas animals: Y = 1.20 + 0.25 × log age (r2 = 0.36). (Redrawn
from Meador et al., 1999.)
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Figure 17.7 The concentrations of mercury in livers of dolphins collected from sev-
eral geographical areas. The species included are: bottlenose dolphins
(Tursiops truncatus), Risso’s dolphins (Grampus griseus), short-beaked
common dolphins (Delphinus delphis), striped dolphins (Stenella
coeruleoalba), Atlantic white-sided dolphins (Lagenorhynchus acutus),
and white-beaked dolphins (Lagenorhynchus albirostris). aThis study;
bLaw et al., 1994; cMarcovecchio et al., 1990; dItano and Kawai, 1981.

Figure 17.8 Methylmercury as a percentage of total mercury in liver, kidney and
brain of bottlenose dolphins (Tursiops truncates). Texas and Florida
sites combined. Y = 99.6 × e(−1.45X) (r2 = 0.92). (Redrawn from Meador
et al., 1999.)
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found in our study are much higher than that reported in baleen whales.
Mercury concentrations (170 000 ng/g) in livers of long-finned pilot whales
reported by Meador et al. (1993) were also much higher than in baleen
whales. These findings are consistent with the greater bioaccumulation of
mercury in the odontoceti (bottlenose dolphins and pilot whales) that often
feed at higher trophic levels, compared to mysticetes (gray, bowhead and
minke whales) that feed predominantly on krill.

Cadmium

Mean concentrations of cadmium in liver and kidney were significantly higher
in the Massachusetts bottlenose dolphins than in the Gulf of Mexico animals
(Table 17.3). The concentrations of cadmium in liver (58 ng/g) and kidney
(430 ng/g) of the Gulf animals were much lower than mean concentrations
in liver (4300 ng/g) and kidney (4100 ng/g) of gray whales (Varanasi et al.,
1993, 1994), whereas the mean concentrations of cadmium in the liver and
kidney of the Massachusetts dolphins (2100 and 7800 ng/g, respectively) were
more comparable to concentrations in gray whales. In addition, the mean
concentration for cadmium in liver of bowhead whales was 7800 ng/g (Krone
et al., 1999) with larger burdens of cadmium found in liver (9500 ng/g) and
kidney (53 000 ng/g) of pilot whales (Meador et al., 1993). The differences in
cadmium concentrations in the Gulf dolphins compared to the Massachusetts
dolphins, as well as gray, pilot or bowhead whales, may be explained by
diet. The predominant prey of bottlenose dolphins that may strand along
the Texas coast are teleosts (Hansen, 1992), whereas the primary prey of the
Massachusetts dolphins, probably from an offshore population (Greg Early,
1 March 1994, personal communication) may include squid (Barros and
Odell, 1990). Pilot whales that stranded on the Atlantic coast of the US
(Meador et al., 1993) also feed on squid (Sergeant, 1962), gray whales feed on
benthic invertebrates (Rice and Wolman, 1971; Nerini, 1984), and bowhead
whales feed mainly on planktonic crustaceans (Lowry, 1993). Previous
studies have shown that invertebrates, including squid, can accumulate high
concentrations of cadmium (Smith et al., 1984; Finger and Smith, 1987). In
addition, gray whales incidentally ingest sediment during foraging (Haley,
1986), which also could be a significant source of cadmium; many US
west-coast sediments have been shown to contain more than 1000 ng/g dry
weight of cadmium (Meador et al., 1998). The higher cadmium concentra-
tions in liver and kidney of the Atlantic bottlenose dolphins, and kidneys
of pilot whales and gray whales, compared to bottlenose dolphins from the
Gulf coasts suggest that a diet with a higher percentage of squid and other
invertebrates is a major factor leading to high body burdens of this trace
element.
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Figure 17.9 The concentrations of copper in livers of bottlenose dolphins (Tursiops
truncates) versus age. Regression for Texas animals: Y = 1.91 − 0.33 × X
(r2 = 0.60). (Redrawn from Meador et al., 1999.)

Lead and copper

The ranges in concentrations for lead in liver (not detected to 660 ng/g) and
kidney (not detected to 330 ng/g) of the bottlenose dolphins were relatively
low. These ranges were comparable to those found in liver (not detected to
250 ng/g) and kidney (14–29 ng/g) of long-finned pilot whales that stranded
near Cape Cod, Massachusetts (Meador et al., 1993). Additionally, Meador
et al. (1999) reported the concentrations of several additional toxic and
essential elements in liver and kidney from a subset of the animals reported
herein. For example, the concentrations of copper, an essential element, in
liver are higher for the dolphins from Texas than for those from Florida,
even when controlled for age. Copper in the liver is known to decline norm-
ally with age; however, differences between populations were not expected
(Figure 17.9). Normal physiological concentrations of copper in liver and
kidney are not known for bottlenose dolphins. Altered concentrations
of essential elements, such as copper, may be an indication of ill health.
Several liver diseases in humans are known to cause elevated copper levels
in this organ (Davis and Mertz, 1987). Conversely, deficiencies in essential
elements in these organs may be an indication of animals in less than
optimal health, assuming that dietary intake is sufficient (Meador et al.,
1999).
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Accumulation with age

There were significant correlations of cadmium and mercury concentrations
in both liver and kidney with age for the Gulf of Mexico dolphins, indicating
that bioaccumulation occurred over time. The relationship between the con-
centrations of mercury in liver and the ages of the dolphins was very strong
(Figure 17.6a), and less so for mercury in kidney (Figure 17.6b). A relatively
constant input of mercury over time can be assumed because the association
between mercury concentrations and age is linear based on a log–log plot.
In long-finned pilot whales, a correlation between concentrations of mer-
cury and lead in liver with length was observed (Meador et al., 1993); for the
set of pilot whales analyzed, length was a relatively accurate predictor of age
(Sergeant, 1962; Kasuya et al., 1988). These findings for bottlenose dolphins
and pilot whales indicate that bioaccumulation is occurring over time at a
fairly predictable rate, probably due to dietary input.

Conclusions

Our analyses of tissues from bottlenose dolphins that stranded revealed
elevated concentrations of HAHs and trace elements that potentially
could induce adverse sublethal physiological effects. However, determining
whether there is a relationship between chemical contaminants and sublethal
physiological effects that may have contributed to these or other mortality
events is difficult to assess with certainty; all evidence to date is still circum-
stantial. Moreover, identifying toxicological effects of chemical contamin-
ants is also often confounded because we sample moribund or dead animals
that also exhibit multisystemic diseases. For example, in this and other
mortality events in bottlenose dolphins, it is suspected that a highly virulent
morbillivirus has been a major factor in the mortality of dolphins in the
Gulf of Mexico since 1990, and may have also been the etiologic agent in
the mass mortality on the Atlantic seaboard in 1987–88 (Lipscomb et al.,
1994). Some researchers contend that for some pathogens (e.g. morbillivirus),
pathogenic virulence, the lack of previous exposure of the population to the
pathogen, and ease of horizontal transmission are the major factors con-
tributing to the high risk of an epizootic (Kennedy, 1999), whereas, others
contend that a multifactorial etiology in viral diseases must be considered
(Eis, 1989). Thus, whether chemical contaminants contribute directly to the
onset or extent of a mortality event in the presence of a highly infectious
agent is still debated. Nevertheless, both field studies and experimental
research have linked elevated concentrations of contaminants in cetaceans
and pinnipeds to diseases (Aguilar and Raga, 1993; Olsson et al., 1994) and
to alterations of hormone homeostasis (Subramanian et al., 1987; Brouwer
et al., 1989; Chiba et al., 2001), immune function (Lahvis et al., 1995;
Ross et al., 1995) and reproduction (DeLong et al., 1973; Reijnders, 1986).
Concomitantly, several extensive studies and literature reviews conclude
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that chemical contaminants have little impact on cetaceans. For example,
O’Shea and Brownell (1994) for baleen whales, Kuiken et al. (1994) for
harbor porpoise, and Perrin (1990) for toxic elements in pilot whales find
little evidence to support significant physiological effects from chemical
contaminants. These apparently conflicting findings show that detailed
ecotoxicological investigations of several case studies are necessary. Previous
investigations of other species, such as lake trout and bald eagles (Bowerman
et al., 1995) in the US Great Lakes, have shown that eco-epidemiological
studies are needed to provide substantive evidence associating biological
disorders to chemical contaminant exposure. Studies of marine mammals
must also include an assessment of the cumulative effects of multiple
environmental factors, of which marine pollution is one, to determine the
relative risk from chemical contaminants on the health of cetaceans and
pinnipeds.

Overall, evidence from both the laboratory and the field suggest that toxic
compounds, such as dioxin-like PCB congeners, are immunosuppressive and
alter hormone homeostasis, which may lead to increased risk for parasitism,
infection and altered reproduction and development in cetacean populations.
Thus, to better identify the hazards posed by chemical contaminants, an
improved integration of measurements of physiological parameters shown
to be affected by toxic chemicals with analytical chemical measurements is
necessary, especially in those populations exposed to high levels of contamin-
ants, such as coastal odontoceti. Moreover, it is critical to collect informa-
tion on apparently healthy animals through non-destructive sampling (biopsy)
and to sample animals taken incidentally during fisheries. Such information
is essential in defining what is physiologically normal and the threshold of
exposure at which deviation from normality occurs. It has been proposed
(Peakall, 1999) for marine mammals living in the open ocean that physio-
logical normality is a reasonable and realistic goal, because a return to a
pristine environment is not practical. The anticipated continued presence
and input of persistent chemical contaminants to marine ecosystems sup-
port concern for adverse effects on marine mammals. It is important to
assess the health risk from chemical contaminants and to determine tem-
poral trends in exposure to known substances as well as to yet unidentified
substances of concern.
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18 Global temporal trends of
organochlorines and heavy
metals in pinnipeds

Peter J.H. Reijnders and Mark P. Simmonds

Introduction

Residues of organochlorines (OCs) and heavy metals in pinnipeds from
different parts of the globe published in the literature have been the subject
of recent extensive reviews (Wagemann and Muir et al., 1999; Borrell and
Reijnders, 1999; O’Shea, 1999). Assessment of general time trends in concen-
trations of those compounds in tissues of pinnipeds may appear theoretic-
ally possible. However, a further examination of the quality and the quantity
of the available data reveals that this is a complex matter. The basic prob-
lem is that the levels found in pinnipeds are a reflection of the fate of the
compound in the environment, culminating in exposure and then followed
by the toxicokinetics in the animal. The biological factors affecting variabil-
ity of pollutants in cetaceans, although these also hold for pinnipeds, have
been elegantly described in detail elsewhere (Aguilar et al., 1999); this will
therefore not be discussed in this chapter.

The levels of release of specific contaminants in the environment are highly
variable between compounds, due to differences in their history of production
and use. In addition, their subsequent fate in the environment depends on
many factors (such as their persistence and dispersal routes), which are influ-
enced by properties of the environment. Besides these aspects, there is also a
clear difference between the discharge of synthetic chemicals such as OCs and
trace elements. Some of the latter chemicals have always been in the environ-
ment (Murozumi et al., 1969; Weiss et al., 1971). Therefore, in several cases,
trace element concentrations in pinnipeds can be considered natural except
in enclosed seas or riverine systems. However, concentrations of mercury,
cadmium and lead in marine mammal tissues have increased considerably
since the turn of the twentieth century (Wagemann et al., 1990). Temporal
trends for mercury and cadmium as environmental contaminants are super-
imposed on the geochemical trends. This is particularly clear in the remark-
able case of cadmium in Greenland ice which, compared to some thousand
years ago, is now more than 200 times more concentrated (Goyer, 1991).

Two other handicaps in assessing general temporal trends of contaminants
in pinnipeds are the lack of longer times series and poor comparability of
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published data. This latter aspect is particularly manifest in analyses of
OCs. The analytical techniques used by different laboratories have changed
considerably over time and lead to large differences in accuracy.

We conclude that, for the above-mentioned reasons, much of the pub-
lished data on organochlorines and heavy metals are not comparable. This
makes it difficult to describe in general terms global trends in residues of
those chemicals in marine mammals, including pinnipeds. Nevertheless, in
some laboratories the methods of sampling and analyses have been carried
out by the same research group, often even involving the same researchers,
and on the basis of comparable internal standards. We therefore consider it
scientifically justifiable to select and use these specific data sets as case studies
to indicate temporal trends of contaminants in some pinnipeds.

Areas and species covered

In this chapter, three different types of areas have been selected. Relatively
unpolluted areas: Greenland and Canada (with exception of the Gulf of
St. Lawrence); intermediate polluted areas: north north-east Pacific; and
relatively highly polluted areas: the Wadden Sea and the Baltic Sea. These
areas differ, furthermore, in their distance from the sources of organic con-
taminants: the N.NE Pacific, Wadden Sea, Baltic and Gulf of St. Lawrence
are under direct influence of discharge sources, whereas Greenland and
Canada are more influenced by long-range transport of contaminants. The
relationship between these circumstances and trends is particularly of interest.
The species covered are harbour seal, Phoca vitulina (Wadden Sea); grey
seal, Halichoerus grypus (Baltic and Canada); Arctic ringed seal, Pusa
hispida hispida (Canada, Greenland), Baltic ringed seal, Pusa hispida botnica
(Baltic); northern fur seal, Callorhinus ursinus (N.NE Pacific); harp seal,
Pagophilus groenlandicus (Canada); and Atlantic walrus, Odobenus rosmarus
rosmarus (Canada).

Results and discussion

Heavy metals

Information on heavy metals in pinnipeds (Table 18.1) is more fragmentary
than that for OCs. It would seem that the emphasis of toxicological research
shifted from heavy metals to organochlorines during the 1970s.

Canadian Arctic

Wagemann et al. (1996) analysed mercury in livers of Arctic ringed seals
from the Canadian Arctic. After correction for the effect of age, they found
that higher mean concentrations of mercury were found in samples collected
in 1987–93 compared to 1972–73, indicating a positive time trend. Wagemann
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and Stewart (1994) did not find a trend in Atlantic walrus sampled over a
6-year period (1982–88). Outridge et al. (1997) analysed inter alia lead and
cadmium in teeth from Atlantic walrus dated from AD 1200–1500 and teeth
from 1987–98. They concluded that there was no difference in levels of lead
between the two periods. However, cadmium was significantly lower in the
recent samples compared to the historical material.

Greenland

Riget and Dietz (2000) analysed mercury and cadmium in Arctic ringed
seals from Greenland, sampled between the late 1970s and the mid-1990s.
There were no consistent overall time trends in concentrations of both metals
over these two decades. But, between the late 1970s and the mid-1980s,
cadmium tended to increase, whereas it decreased from the mid-1980s to the
mid-1990s. There was a notable increase in mercury in young Arctic ringed
seals between the mid-1980s and mid-1990s and a concurrent decrease in
cadmium. Riget and Dietz (2000) suggest that this indicated a change in
feeding pattern rather than a change in anthropogenic exposure.

Wadden Sea

Kremer (1994) provides data on total mercury in harbour seals from the
northern Wadden Sea (Schleswig Holstein) sampled in 1988. Compared with
data provided by Drescher et al. (1977) and Harms et al. (1978) on harbour
seals sampled in 1975/76, there was no difference for juvenile seals. The
situation is different for adult seals. When, for example the age group of 6–
8 years from 1988 is compared with the same age group from 1975/76, the
level of total mercury is clearly lower in the more recent samples. The ratio of
methylmercury/total mercury in the 1988 samples of adult seals is also lower
compared to the 1975/76 samples from the same area analysed by Reijnders
(1980). Because the uptake of mercury by seals via their prey is entirely in
the form of methylmercury, this supports the finding of a negative time
trend for total mercury in adult seals.

Comparison of data on lead in liver tissue of seals sampled in 1988 (Kremer,
1994) and in 1975/76 (Drescher et al., 1977; Harms et al., 1978) shows that
the levels in the more recent samples are one order of magnitude lower. This
indicates a strong negative time trend for lead in harbour seals from the
northern Wadden Sea region.

Organochlorines

Data on concentrations of organochlorines (OCs) in blubber of pinnipeds are
more numerous than for the previously discussed heavy metals (Table 18.2).
This is most likely due to the specific features of this group of compounds,
many of which are rather persistent, exhibit a global atmospheric transport
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cycle, and have major effects on marine mammals attributed to them, in
particularly the PCBs. It is beyond the context of this paper to discuss the
properties of these compounds, but recent comprehensive overviews on the
state of science on persistent organic pollutants (POPs) are provided by
Vallack et al. (1998), Aguilar et al. (1999), Jones and de Voogt (1999),
O’Shea et al. (1999) and Reijnders et al. (1999).

Northwest Territories (Canadian Arctic)

Addison and Smith (1998) report on OC residue concentrations in Arctic
ringed seals sampled in 1972, 1981, 1989 and 1991. They state that ∑PCB con-
centrations (expressed as Aroclor 1254) dropped significantly between 1972
and 1981, being about one-third of their 1972 levels by 1981. Thereafter,
no significant decline was observed. DDT group (DDT, DDE and DDD)
concentrations did not decline between 1972 and 1981. But, after 1981, p,p′-
DDE and p,p′-DDT showed declines of 50 and 80 per cent, respectively.
The authors suggest that the observed decline in the DDT group is mainly
caused by a reduction in supply to the environment of p,p′-DDT.

Hexachlorobenzene (HCB) concentrations fell by 40–50 per cent between
1981 and 1991. Hexachlorocyclohexanes (α- and β-HCH) and other OC
pesticides – chlordanes, mirex, heptachlorepoxide (HEPOX) and dieldrin –
did not change, or changed only marginally.

Lancaster and Cumberland Sound (Canadian Arctic)

Muir et al. (1997) did not find significant declines of ∑PCB, ∑DDT,
toxaphene and chlordanes in Arctic ringed seal blubber sampled from the
mid-1980s to mid-1990s.

North-west Atlantic (Canada)

Addison et al. (1984) analysed grey seal blubber samples from Sable Island,
collected in 1976 and 1982. In contrast to trends in residue concentrations in
Arctic ringed seals from the Northwest Territories, DDT-concentrations in
the Sable Island samples fell by about 60 per cent between 1976 and 1982,
although the ∑PCB concentrations did not change over that period.

Gulf of St. Lawrence

Addison et al. (1984) and later Beck et al. (1993) report on harp seal blubber
samples collected in the Gulf of St. Lawrence in 1971, 1982 and 1988/89.
The combined studies indicate that ∑PCB concentrations declined slightly
between 1971 and 1982, and continued to decline after 1982. ∑DDT levels
declined significantly between 1971 and 1982 (by nearly 80 per cent); however,
there was no significant decrease between 1982 and 1988/89. The authors
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498 P.J.H. Reijnders and M.P. Simmonds

postulate cryptically that, if changing analytical methods and biological
variables were taken into account, the concentrations of the DDT group
may also have declined after 1982.

Greenland

Persistent organochlorines were determined by Muir et al. (2000) in blubber
of Atlantic walruses sampled in 1978 and 1988 in the Avanersuaq (Thule)
region of north-west Greenland. ∑PCB and ∑DDT concentrations did not
differ significantly between the 1978 and 1988 samples. For males, this also
holds true for the other OCs studied. In females, however, some PCB con-
geners and dieldrin, toxaphene, α-HCH and ∑HCH were significantly higher
in the 1988 samples.

Northern North Pacific

Female northern fur seals were sampled between 1971 and 1988 to allow
analyses of OCs in their blubber. This sampling protocol and subsequent
analyses is probably one of the most useful time series to be used for assess-
ing temporal trends in OCs in pinnipeds. In this series, biological variables
have been kept to a minimum: for example, only females in the age group of
20 years and older are used, the scientists and laboratories involved have
not changed; and, most important of all, samples for nearly each year over
an 18-year period are available. Temporal variations in the concentrations
of ∑PCB, ∑DDT and HCH have been reported by Tanabe et al. (1994).

The ∑PCB concentrations show an increasing trend between 1971 and
1976/77, and a strong decrease in the end of the 1970s. Between 1979 and
1988, levels were rather steady, being about 60–65 per cent of the maximum
values found in the mid-1970s. The authors suggest that the PCB concentra-
tions in these fur seals reflect a global contamination pattern and closely
resemble the pattern found in European and North American coastal biota,
rather than a pattern from a Japanese-derived source.

∑DDT residue levels also increased until 1976 and declined afterwards.
Contrary to PCBs, a further decrease was observed in the 1980s. The con-
centrations reached mostly below 10 per cent of the maximum value in 1976.
∑HCH shows a relatively smaller variation and a slowly declining trend.

Wadden Sea

Blubber samples of harbour seals from the Dutch Wadden Sea were analysed
for ∑PCB, ∑DDT and DDT metabolites, α-HCH, HEPOX and dieldrin. A
first set was sampled in 1975–76 and analyses published in Reijnders (1980).
A second set was sampled in 1988 and subsequently analysed. Preliminary
results are provided further on in this section. The 1975–76 samples were
analysed for ∑PCB using a different analytical method from that used for
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the 1988 samples. To compare the results from both time periods, the first
step was to convert the 1975–76 data obtained by the decachlorobiphenyl
method (Reijnders, 1980) into results comparable to results obtained with
the most widely used method to estimate concentrations at that time. PCBs
were quantified by comparing the total peak area in the sample with the
total peak area of an Aroclor 1254 external standard. The second step was
to re-analyse stored samples, which had been analysed in the mid-1970s
following the Aroclor 1254 method, with the capillary column technique
presently in use, where concentrations of individual PCB congeners are
measured and summed. This provided a regression equation and enabled
the second conversion step, providing data comparable with the 1988 data.
The comparison shows that the concentrations of ∑PCB in juvenile harbour
seals (3 years and less) are not statistically different between the 1975–76
and 1988 samples, whereas in adults (4 years and older) concentrations are
significantly lower (P < 0.05) in the 1988 samples. Average concentrations in
1988 were about 60 per cent lower compared to the mid-1970s.

∑DDT concentrations in juveniles were lower (P < 0.1) in 1988 compared
to 1975–76, the average concentrations being 80 per cent lower. In adults,
the ∑DDT concentrations in 1988 were significantly lower (P < 0.05), the
average in the 1988 samples being about 90 per cent lower.

Comparing the ratio of DDE/∑DDT revealed that in juvenile and adult
seals from 1975–76 the ratio was respectively 0.54 and 0.56, whereas it was
respectively 0.71 and 0.79 in the 1988 samples. These data fit the observa-
tion of Aguilar (1984) of an ‘ageing’ of DDT pollutants in the NE Atlantic.
DDT will decompose in the environment into its metabolite forms, pre-
dominantly DDE and, to a lesser extent, DDD. The relative abundance of
DDE to total DDT can therefore be used to assess the chronology of DDT
input. The results from the Dutch Wadden Sea indicate that such a process
is still continuing and has not stopped at an equilibrium level of 0.60 as
Aguilar (1984) predicted.

The α-HCH concentrations in both juvenile and adult seals are signific-
antly lower, respectively P < 0.1 and P < 0.005, in the 1988 samples. The
average in juveniles had declined by about 80 per cent, and in adults by
nearly 90 per cent.

HEPOX concentrations were also lower (P < 0.1) in juvenile seals from
1988, and average concentrations dropped by 70 per cent. In adults, signific-
antly lower (P < 0.05) concentrations were observed in the 1988 samples, the
average being 80 per cent lower.

Dieldrin concentrations in the 1988 juvenile, as well as in adult seals, were
significantly lower, respectively P < 0.1 and P < 0.001. The average values in
juveniles showed a decline of 65 per cent and in adults 60 per cent.

The general trend for all OC concentrations is that levels in 1988 are
considerably lower than in 1975–76. The only exception is ∑PCB in juvenile
seals. This could be due to the small sample size, but could also have a bio-
logical reason, as will be discussed below. The decrease seen is most strongly
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in the pesticides group – DDT, HEPOX, HCH and dieldrin levels in 1988
being generally about 80–90 per cent lower than the mid-1970s values. By
contrast, ∑PCB concentrations only fell in adults by about 60 per cent.
Some additional data have been obtained on ∑PCB concentrations in
juvenile seals from the mid-1990s (J. Boon, personal communication). Con-
centrations in those animals are, on average, 80 per cent lower than in the
juveniles from 1988.

Baltic Sea

Time-trend monitoring of organochlorine pollution has been carried out in
Sweden since the late 1960s. Investigations conducted under the auspices of
the Contaminant Monitoring Programme of the Swedish Environmental
Protection Agency provide excellent information on changes in concentra-
tions of, for example, ∑PCB and ∑DDT in biota in Swedish waters (Olsson
and Reutergård, 1986; Blomkvist et al., 1992; Bignert et al., 1993, 1998).
This programme can serve as a model to be applied in studies aimed at
obtaining a time perspective on environmental pollution. Quality assurance,
both for biological sampling and analytical procedures, is of a high standard.
With respect to pinnipeds, the investigations published by Olsson et al.
(1975), Blomkvist et al. (1992) and Roos et al. (1998) have been used here to
discuss time trends.

The overall conclusion is that for juvenile ringed seals the concentrations
of ∑PCB and ∑DDT in blubber have considerably decreased between 1969–
73 and 1980–88.The mean value in the more recent samples for ∑PCB is
around 80 per cent lower, for ∑DDT about 90 per cent.

Stenman et al. (1987) compared PCB and DDT levels in ringed seals
sampled between 1981 and 1986 in the Gulf of Finland (eastern Baltic).
Their results confirmed the trend in PCBs described in other areas in the
Baltic. They found a continued decrease of ∑DDT, which might point to an
ongoing drop of ∑DDT levels in the entire Baltic. However, caution is
needed in this interpretation, because the Gulf of Finland could be under
the influence of different (direct) sources of DDT discharge than the rest of
the Baltic.

In juvenile grey seals, the picture is somewhat different. Blomkvist et al.
(1992) discussed results of analyses obtained from juvenile grey seals sampled
until 1988. They concluded that PCBs showed a slight downward trend
until the late 1970s, but that no significant decrease in PCBs was discernible.
In contrast, ∑DDT decreased significantly from the early 1970s, the mean
value being reduced by around 90 per cent. The strongest decrease was
noted between the early 1970s and the late 1970s, therafter concentrations
levelled off. However, Roos et al. (1998) analysed an additional number of
samples collected between 1989 and 1997. They distinguished two age classes
of young grey seals: pups (2–6 months) and juveniles (7–20 months). By
combining their results obtained from more recent samples, with the data
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obtained by Blomkvist et al. (1992), they could compare concentrations in
samples collected between 1969 and 1997. Their calculations showed that
between 1969 and 1997, a significant decrease of ∑PCB concentrations in
both pups and juveniles was found. The annual decrease was 2 per cent in
pups and 4 per cent in juveniles. ∑DDT also decreased significantly in both
age classes, albeit at a much higher level, with an annual decrease of 11 per
cent in pups and 12 per cent in juveniles.

Concluding summary

The literature available for assessment of time trends of heavy metals in
pinnipeds is scarce. There are, in fact, only two regions from which data are
available. The relatively little polluted Canadian Arctic, and Greenland, and
the more polluted Wadden Sea. Levels of, for example, total mercury in
pinnipeds from the Wadden Sea area were, in the 1970s, tenfold higher on
average than in pinnipeds from the more pristine area.

For total mercury: levels in Arctic ringed seals from the Canadian Arctic
increased between 1972–73 and 1987–93, whereas no increase was found
in Arctic ringed seals from Greenland between the mid-1980s and the
mid-1990s. Mercury levels in Atlantic walruses from Greenland did not
change between 1982 and 1988. Mercury levels, total mercury as well as
methylmercury, in harbour seals from the Wadden Sea did not change in
juveniles (3 years and less), but were considerably lower in adults (4 years
and more) in 1988 compared to 1975–76.

Cadmium levels in Arctic ringed seals from Greenland did not change
over the last two decades of the twentieth century. However, an increase
was observed between 1979 and 1985, followed by a subsequent decrease
between 1985 and 1995.

Lead concentrations in Atlantic walrus from pre-industrial times were not
different from samples collected in 1987–88, whereas cadmium was lower in
the recent samples. Lead concentrations in tissue from harbour seals of the
Wadden Sea collected in 1988 were lower compared to 1975–76.

An overall conclusion is that between the mid-1970s and mid-1990s, there
was either no clear trend for mercury and cadmium, or a slight increase of
mercury, in pinnipeds from the Canadian Arctic and Greenland, whereas
the more recent levels of mercury and lead are considerably lower in pinnipeds
from the Wadden Sea.

The assessment of time trends observed in OC levels can be based on our
own material and literature sources, describing changes in residue concen-
trations in blubber of pinnipeds occurring in several regions with differing
pollution burdens.

The overall pattern for ∑PCB has two distinct periods. In the first one,
lasting from the mid-1970s onwards until approximately the early 1980s,
concentrations in pinnipeds generally decreased strongly, thereafter the
decrease levelled off. There are two exceptions: PCBs in juvenile harbour
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seals in the Dutch Wadden Sea and in juvenile grey seals from the Baltic do
not show a clear decrease in the early part of the period. An explanation for
this (provided by Roos et al., 1998) is that young seals are unlikely to be
found with high concentrations of PCBs, because mothers with high levels
will not produce pups, because of the toxic effects of PCBs on reproduction
(Helle et al., 1976; Reijnders, 1986). This would imply the existence of a
threshold, separating non-fertile and fertile females. Another, perhaps com-
plementary, explanation is that, irrespective of the PCB burden of the mother,
only a certain amount of the PCBs in mothers can be transferred to the
offspring during pregnancy and subsequent lactation. This latter phenomenon
will only affect fertile animals with a relative moderate to high PCB burden.
The support for this hypothesis is derived from the fact that in 1975–76
young harbour seals in the Dutch Wadden Sea had about the same ∑PCB
concentrations as young harbour seals from the northernmost Wadden Sea,
despite the fact that average levels in adult seals differed by at least a factor
of five. The fact that between 1988 and the mid-1990s concentrations of
∑PCBs in subadult seals from the Dutch Wadden Sea have decreased by
80 per cent, indicates that the already noted decrease in concentrations in
adults is now also followed by a strong reduction of ∑PCB concentrations
in the younger age classes.

The pattern for DDT is similar to that for PCBs, although the decrease
seems, in most pinniped species, to have levelled off at the end of the 1970s.
The trends in the Canadian Arctic and Baltic ringed seal are the excep-
tions, because concentrations continued to decrease during the 1980s. The
picture for Baltic juvenile grey seals is somewhat obscure. The concen-
trations decreased in the 1970s, showed no trend from 1979 until 1988, and
the combined results from 1969 until 1997 showed an annual decrease of
11–12 per cent. This might indicate a renewed decrease since the 1990s.
The largest difference between the trends seen in PCB and DDT relates to
the magnitude of the decrease. ∑PCB has, in general, decreased in the late
1970s until the mid-1980s by, at maximum, 60 per cent, whereas ∑DDT
levels, in general, dropped over that period by 80–90 per cent. This is
remarkable because production and new applications of both compounds
on a global scale should have discontinued midway through the 1970s. We
conclude that the slower decrease of PCBs is, to a large extent, caused by
a continuing dispersal into the environment, because 30 per cent of all the
PCBs ever produced are still in use. Of the other 70 per cent, 30 per cent has
accumulated in dump sites, sediments of lakes and coastal zones, only 1 per
cent has reached the oceans, and the fate of the other nearly 40 per cent is
unknown (Marquenie and Reijnders, 1979; Reijnders and de Ruiter-Dijkman,
1995). Given these conclusions, and the predictions by Tanabe (1988) and
Tateya et al. (1988) on future trends of global PCB levels in marine biota, it
is expected that the observed levelling off of the decrease of PCB concentra-
tions in pinnipeds, will not be followed by a further strong reduction in the
near future.
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For the other OCs – HCH, HCB, dieldrin, HEPOX, chlordanes and
toxaphene – fewer data are available. A tentative conclusion is that there is
no clear trend discernible in most pinniped species in the regions invest-
igated. The exception is the Dutch Wadden Sea, where concentrations of
α-HCH, HEPOX and dieldrin in harbour seal blubber were significantly
lower in 1988 compared to 1975–76. The other remarable finding is that
female Atlantic walruses showed an increase in dieldrin, α- and γ-HCH and
toxaphene.

As stated in the introduction, lack of widescale surveys, particularly of
longer time series, is a serious handicap in assessing time trends in pollutants.
It caused a general lack of reference data for times where levels of given
pollutants were absent or still very low. In order to avoid being confronted
again in the near or mid-term future with the same problem, we emphasize
the importance of starting and/or maintaining adequate monitoring pro-
grammes for novel compounds in marine mammals and their environment.
There are already a few potentially important novel compounds, which are
known to be very persistent, manufactured and used in large quantities, and
which are being detected in tissues of marine mammals and their environ-
ment. These include organotin compounds in many cetaceans and pinnipeds
(Iwata et al., 1995; Law et al., 1998; Tanabe et al., 1998), and polybrominated
biphenyls and polybrominated diphenyl ethers in cetacean and pinniped
species (de Boer et al., 1998).

Monitoring of these compounds and continued monitoring of the ‘classical’
compounds, including heavy metals, is considered highly relevant for assess-
ment of time trends as well as the potential threats of these compounds to
pinnipeds and other marine mammals.
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19 Pathology in Baltic grey seals
(Halichoerus grypus) in relation
to environmental exposure to
endocrine disruptors

A. Bergman, A. Bignert and M. Olsson

Introduction

Historically, products from seals have provided an important extra income
for people inhabiting the Swedish coast (Almkvist et al., 1980). Thus seals
have been the subject of intense hunting. Furthermore, seals were regarded
as vermin by fishermen, and bounties were paid for killing seals between
1808 and 1864, and again from 1891 to 1974. After the Second World War
the number of seals was low because of this intensive hunting. Despite de-
creased hunting pressure after the war, the Swedish seal populations did not
recover (Bergman, 1956). The populations of all three species of seals which
inhabit the Baltic, the grey seal (Halichoerus grypus), the ringed seal (Pusa
hispida botnica) and the harbour seal (Phoca vitulina), were found to further
decrease rapidly in the 1960s and 1970s (Almkvist et al., 1980). According to
a recent report (Hårding and Härkönen, 1999), the grey seal population in
the Baltic Sea decreased from 88 000–100 000 at the beginning of the twentieth
century to approximately 4000 in the late 1970s. The corresponding decrease
for the ringed seal in the Baltic Sea during the same period was from 190 000–
220 000 to approximately 5000. The harbour seal population in the Baltic
Sea at the beginning of the twentieth century was about 5000 (Hårding and
Härkönen, 1999). At present, the Baltic harbour seal population is estimated
at 600 (Helander and Härkönen, 1999). From the beginning of the 1980s a
slight increase in seal populations has been recorded in the Baltic Sea. Based
on photo-ID data the number of Baltic grey seals recently is estimated to be
about 12 000 (Hiby et al., 2001). Low numbers of ringed seals have been
recorded in the Baltic Sea: 200–300 in the Gulf of Finland and 1400 in the
Gulf of Riga (Härkönen et al., 1998).

Jensen et al. (1969) disclosed serious DDT and PCB pollution of the
Baltic. Hook and Johnels (1972) and Olsson et al. (1975) suspected pollu-
tion to be a factor involved in the decrease of the Baltic seal populations,
and that this contamination was related to findings of aborted seal pups in
the southern part of the Baltic Sea. The main reason for the decrease of the
Baltic seal populations after the Second World War and through the 1970s
was reproductive failure. PCB compounds were suspected to be associated
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with signs of interrupted pregnancies: high prevelence of uterine horn
obstruction (stenoses and occlusions), which were observed in Baltic ringed
and grey seals in the 1970s (Helle et al., 1976a, b). During that decade, the
harbour seal population in the Dutch Wadden Sea was also reported to
have decreased (Reijnders, 1976), and their decline was suspected to be
caused by PCBs (Reijnders, 1980). In an experimental study, female harbour
seals fed contaminated fish from the Dutch Wadden Sea showed lowered
reproduction compared to seals fed fish that were less contaminated
(Reijnders, 1986).

Cooperative research on contaminants and seals in the Baltic Sea was
initiated at the Swedish Museum of Natural History in Stockholm and at
the Department of Veterinary Pathology, Swedish University of Agricultural
Sciences, Uppsala in 1977. Since then seals found dead at the shoreline or
found drowned in fishing gear along the Swedish coast have been the subjects
of post-mortem studies. Autopsies revealed a high prevalence of uterine
occlusions and stenoses in grey and ringed seals and a high prevalence of
uterine tumours (leiomyomas) in grey seals (Bergman and Olsson, 1985).
Like the uterine lesions, certain chronic lesions in non-reproductive organs
also commonly occurred in both these species (Bergman and Olsson, 1985,
1989). Taken together, the post-mortem studies revealed a disease complex
in the Baltic seals with regularly occurring specific organ lesions.

Interestingly, the phocine distemper epizootic in 1988, associated with a
mass mortality in harbour seals in areas of the North Sea and on the Swedish
west coast (Dietz et al., 1989; see also Chapter 20 in this volume), had a
limited impact upon seal populations in the Baltic Sea. Only harbour seals
from the south-western part of the Baltic and a few grey seals (three old
females), were found to have died from this disease (Bergman et al., 1990).
The present (2002) outbreak of phocine distemper in the same area shows
a similarly high mortality (more than 50 per cent) in harbour seals on the
Swedish west coast as in 1988 (Harding et al., 2002). According to our
findings in pathology, harbour seals or grey seals from the Baltic proper
(north of Hanö Bight) have, to date, shown no lesions compatible with
phocine distemper virus.

This chapter focuses on the character and prevalence of various lesions
present in grey seals of the Baltic Sea, based on results from post-mortem
investigations during 1977–96 (Bergman, 1999). Observations on grey seals
are related to temporal variation of concentrations of contaminants (espe-
cially organochlorines, some of which are also known to act as endocrine
disruptors) in the food of the seals. The number of ringed seals and harbour
seals we examined is too low to allow a similar comparison.

Pathology in seals of the Baltic Sea

Seals were collected in the Baltic Proper and in the Gulf of Bothnia. Most
were either found drowned in fishing gear or were found dead at the shore-
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line. Autopsy procedures included determination of body and organ weights,
body length, blubber thickness (nutritional status) and tissue sampling for
histology, environmental contaminant chemistry and, when indicated, for
parasitology, bacteriology and virology. Semiquantitative evaluation of the
degree and extent of lesions was performed by using a five-degree scale: no
or non-evident change, slight, moderate, severe change or fatal lesion. Age
determination was performed by examination of the annual growth pat-
tern in cementum zones in undecalcified tooth sections (Johnston and Watt,
1981).

Results of the pathology investigations in grey seals of the Baltic Sea

Common findings during post-mortem investigations were lesions of the
integument, intestine, large arteries, adrenals, kidneys, skull bones and female
reproductive organs.

Integument

Lesions occurred predominantly on digits and claws. These were charac-
terized by claw fold inflammation, softened and brittle claw horn with local
or more generalized deformation of claws and claw fractures; in severe
cases these were associated with wounds in the claw regions (Figure 19.1).
Regional skin changes appeared as a more or less severe hypotrichosis (thin
hair coat), localized in the ventral thoracic and abdominal regions with
extension to medial surfaces of fore- and hind flippers, and, in one case, also

Figure 19.1 Severe claw lesions: loss of claws, wounds at claw sites. Male grey seal,
14–16 years old. Photo: Anders Bergman. (From Bergman, 1999; with
permission.)
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Figure 19.2 Ulcerous process in the ileocaeco-colonic region with perforation of
colonic wall. Formalin-fixed material. Female grey seal, 24 years old.
Photo: Anders Bergman. (From Bergman, 1999; with permission.)

around the supercilia of both eyes. Histologically, the latter case showed
chloracne-like changes, including a thin epidermis, hyperkeratosis and dila-
tion of hair follicles, focally with formations of large subepidermal cysts.

Intestine

Often-fatal intestinal ulcers were found in the ileum, caecum and colon
(predominantly the anterior part). These were nearly always associated with
hookworms (Corynosoma sp.). Lesions denoted as slight implied minor
ulcerations (3–10 mm in diameter) of the mucous membrane. Lesions of a
moderate degree affected larger mucosal areas. In severe lesions, the ulcerous
process had reached the muscular tunic of the intestinal wall, quite often
with spread to the serosal tunic, at which fibrinous and/or fibrous adherences
to adjacent abdominal organs sometimes occurred. In fatal lesions there
was total perforation of the intestinal wall. The perforation site was almost
always found some centimetres from the head of the caecum (Figure 19.2),
opposite to the ileo-colic orifice. The mucosal lesions sometimes occupied
ileum, caecum and a large part of colon, with thickening (hypertrophy) of
the muscular tunic of the diseased part of the intestine.

Large arteries

Vascular changes, present as arteriosclerosis, were most evident in the distal
abdominal aorta and its bifurcations. Occurrence of some whitish intimal
spots and streaks was classified as a mild change, whereas more extensive
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Figure 19.3 Cross-sections of adrenals from five grey seals (A–E). (A) normal rela-
tionship between cortex and medulla. (B) slight, (C) moderate and (D)
severe cortical hyperplasia. (E) Large adenoma of one gland. Formalin-
fixed material. Photo: Bengt Ekberg, National Veterinary Institute,
Upsala, Sweden. (From Bergman, 1999; with permission.)

changes with intimal granularity and roughness were classified as moderate.
In severe cases, the intima, as well as the vessel as a whole, showed promin-
ent irregularities and loss of elasticity.

Adrenals

A common finding in the adrenals was cortical hyperplasia that appeared as
different degrees of thickening or nodular changes of the adrenal cortices
(Figure 19.3). Histologically, this thickening appeared to be due to prolifera-
tion of cells in the zona fasciculata and zona reticularis of the gland.

Female reproductive organs

Lesions observed were uterine occlusions, uterine stenoses and uterine
muscle cell tumours (leiomyomas). Stenoses and occlusions were most often
localized at about the middle part of the uterine horn. At the site of the
obstruction the uterine wall was usually thickened. In grey seals, the areas
of obstruction generally occured as stenoses (Figure 19.4) while in ringed
seals they were occlusions. Both stenosis and occlusion led to upstream
accumulation of fluid, with flattening of the mucosal folds. Uterine tumours
showed a characteristic gross appearance: they were of firm consistency and
most often localized in the wall of the uterine corpus (Figure 19.5). They
were white-brown to white-yellow on cut surfaces, which showed a whirled
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Figure 19.4 Stenosis (arrow) with dilation of anterior part of uterine horn (arrow-
heads). Female grey seal 40–42 years old. Photo: Bengt Ekberg, National
Veterinary Institute, Upsala, Sweden. (From Bergman, 1999; with
permission.)

Figure 19.5 Multiple tumours (leiomyomas) in uterine wall at corpus (cut surfaces
of large tumour) and at posterior part of uterine horn. Female grey seal,
35 years old. Photo: Bengt Ekberg, National Veterinary Institute, Upsala,
Sweden. (From Bergman, 1999; with permission.)

Ve
tB

oo
ks

.ir



Endocrine disruptors and pathology in Baltic grey seals 513

Figure 19.6 Severe erosion of masticatory bones. Female grey seal, 25 years old.
Photo: Göran Frisk, Swedish Museum of Natural History.

pattern, as occurred in leiomyomas. Occasionally, large tumours showed
central areas of necrosis. They were often multiple and sometimes reached
10 cm in diameter. Most were confirmed histologically as leiomyomas,
although a few were diagnosed tentatively on the basis of macroscopy
(Bergman, 1999).

Kidneys

Lesions in the kidneys occurred in glomeruli as well as in tubules, and were
found both in grey and ringed seals. The histology displayed different
degrees of diffuse glomerular capillary wall thickening and occurrence in
the glomeruli of ovoid, brightly periodic acid–Schiff (PAS)-positive hyaline
bodies. A quite unique change frequently occurred in the urinary tubules in
the shape of islands of multilayered tubular cells, which in places obliterated
the tubular lumen (Bergman et al., 2001).

Skull bones

Lesions occurred most prominently in masticatory bones (Bergman et al.,
1992), with periodontitis and loss of alveolar bone, loss of teeth and deforma-
tions in severe cases. The changes were often found in the incisival parts of
the jaws or around the canine teeth, but sometimes also occurred around
premolars and molars. In severe cases there was substantial loss of bone,
especially in the area of the incisors (Figure 19.6); the changes sometimes
comprised all parts of the jaws, with bone defects, bone apposition and
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deformation. In more mild cases (early lesions) the bone loss was localized
to the periodontal lamella with widening of the sockets of the teeth.

Cause of death and changes over time in prevalence of
various lesions

High concentrations of DDTs and PCBs were evident in Baltic biota during
the 1970s (Olsson and Reutergård, 1986). Since then, concentrations of DDTs,
PCBs, HCHs, HCB and dioxins have decreased (Odsjö et al., 1997; Bignert
et al., 1998a). The concentrations of PCBs in guillemot eggs are at present
less than 15 per cent of the concentrations at the beginning of the 1970s
(Bignert et al., 1998a). An increase in seal populations in the Baltic Sea has
been observed concurrently. Results from post-mortem investigations during
1977–96 (Bergman, 1999) were used to study tendencies of disease variables
through the period of decreasing concentrations of organochlorines in biota
of the Baltic Sea.

Material was collected from 159 seals (76 females and 83 males). These
were grouped by sex and age as 1–3-year-olds (subadults), or as adults aged
4–15, 16–25, and ≥26 years. Of these, 115 specimens were found drowned in
fishing gear, 39 were found dead at the shore and five were shot to reduce
suffering in cases of severe illness. Whole-body investigations were performed
on 145 seals (Tables 19.1–19.4) and investigation of organ samples on 14
(Tables 19.1, 19.3 and 19.4). Twelve of the 14 seals from which only organ
samples were available were females and two were males. Four of the females
were collected in the 1977–86 period and eight during 1987–96. The two
males were collected in the period from 1987 to 1996.

Fatal colonic ulcer occurred in 11 cases (7 per cent). Ten of these were
autopsied and one occurred in a seal which was subjected to organ sample
examination only. After drowning, perforating colonic ulcer was the most
common cause of death. The most extreme proportion attributable to this
cause of death (3 of 6) was recorded in males, aged 16–25 years, subject to
whole-body investigation between 1989 and 1996. (Table 19.4). Death from
pneumonia occurred in five cases (3 per cent). These were all females collected
in the recent autopsy period (Table 19.3), and included three elderly

Table 19.2 Male grey seals collected 1977–86. Number of animals in different age
classes, type of examination, and cause of death

Age class Animals Whole-body Organ sample Drowned in
years examined exam. exam. fishing gear

1–3 14 14 0 14
4–15 7 7 0 7

16 ≥ 26 0

Total 21 21 0 21
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individuals who died from distemper in 1988. Eleven cases (7 per cent)
showed various other serious lesions, judged to be the main cause of death
(Tables 19.1, 19.3 and 19.4). The cause of death was not established for 12
seals (7.5 per cent, Tables 19.1, 19.3 and 19.4) in which the investigation was
limited to organ samples. Twenty-six females (Table 19.1) and 21 males
(Table 19.2) were collected during 1977–86. Fifty females (Table 19.3) and
62 males (Table 19.4) were sampled during 1987–96. It should be noted, that
the 12 females in the oldest age class (>25 years) of the material collected
in 1977–86 (Table 19.1) were born between 1942 and 1957, whereas in the
material collected in 1987–96 the 15 females of the same age class (Table
19.3) were born between 1948 and 1964. Thus, both groups of aged females
were exposed during the era of the greatest pollution of the Baltic Sea with
organochlorines.

To distinguish between seals exposed during the most heavily polluted
time period and those less exposed in more recent times (after the 1970s,
when both PCBs and DDTs decreased), the material was divided into two
groups according to time of birth: seals born before 1980 (≤1979) and seals
born after 1979 (≥1980). This division resulted in only seven specimens (males
and females combined) in the 1–3-year age class in the early group, but 57 in
the later group. This finding is in agreement with the improving trend in
reproduction in the Baltic grey seal population.

Seal specimens were also categorized based on collection time, to com-
pare the prevalences of lesions in subadults (1–3 years old) and in seals
older than 15 years. Thus, seals collected in 1977–86 were compared with
those collected in 1987–96. The number of 1–3-year-old seals in the earlier
collection period was 21 (7 females and 14 males, Tables 19.1 and 19.2) and
for the later period 43 (13 females and 30 males, Tables 19.3 and 19.4). The
corresponding number of seals older than 15 years was 16 (all females) in
the early collection period, and 27 (20 females and 7 males) in the later period.

We present the prevalences (percentages) of uterine occlusions/stenoses
and uterine tumours, as well as the rate of pregnancy, in adult females col-
lected in the two periods, 1977–86 and 1987–96. For determination of the
rate of pregnancy, females sampled from mid-August up to the second week
of February were investigated, that is the period in which all fertilized grey
seal females in the Baltic Sea are expected to be pregnant (King, 1983).

Changes over time between animals grouped according to the year of
birth or period of collection were tested using contingency table analysis
(Chi-square test with Yates’ correction). This statistical analysis was not
carried out in the groups of 16–25-year-old seals because of low sample size.
Only a few differences between groups turned out to be statistically signific-
ant. Despite the relatively large sample size collected during a period of 20
years and the fairly high incidence of pathological changes, the number of
individuals in each group was often low when the data were partitioned by
various periods of exposure, age and sex.

In non-reproductive organs, lesions in digits and claws, intestine (colonic
ulcers), large arteries (arteriosclerosis) and adrenals (cortical hyperplasia)
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Figure 19.7 Gyaecological health of adult grey seals in two collection periods. The
percentage of animals with occlusions/stenoses and leiomyomas in the
uterus, as well as the percentage of pregnant animals is shown in
the right part of the figure; animals lacking these conditions are shown
in the left part (n = number of animals).

were used as disease variables. The prevalences of animals in different sex
and age groups with moderate to severe degree of these lesions were recorded
to compare health during the different birth and collection periods, as
specified above.

Uterine occlusions/stenoses, leiomyomas and pregnancies

Improvement in gynaecological health is indicated by comparisons of
prevalences of these three conditions during 1977–86 with those of 1987–96
(Figure 19.7). A decreased frequency of uterine occlusions/stenoses, from
42 to 11 per cent (P < 0.05), and an increased frequency of pregnancies,
from 9 to 60 per cent (P < 0.05), were recorded in the recent group. In total,
13 females out of 31 were pregnant but only one of these was collected
during 1977–86. A decreasing trend was found for uterine leiomyomas (from
53 to 43 per cent).

Digits and claws

These lesions were rather common and those of moderate to severe degree
began to occur in the 4–15-year classes (Figure 19.8). Although the prevalence
seemed higher in 4–15-year-old animals born 1979 and earlier, compared to
animals born thereafter, this difference was not statistically significant.
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Figure 19.8 Claw lesions in female and male grey seals. The percentage of animals with
no or slight lesions is shown on the left-hand side of the figure; animals
with moderate or severe lesions are shown on the right. A–H denote dif-
ferent age classes, periods of collection or of birth (n = number of animals).
No male aged >15 years old was autopsied during 1977–1986.

Colonic ulcers

Apparently high prevalences of colonic ulcers were found in 4–15-year-old
females and males born 1980 and later, as well as in seals older than 15 years
(Figure 19.9). Remarkably, the prevalence was higher in more recent groups
than in the earlier ones. A significantly higher frequency (P < 0.01) of this
lesion was found in the 1–3-year-olds collected during 1987–96 compared
with the corresponding group collected during 1977–86.

Arteriosclerosis

The prevalence of this lesion was strongly related to age (Figure 19.10).
Moderate to severe lesions were apparently high in elderly females and were
found in 18 out of 20 animals.
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Figure 19.9 Ulcers in the colon of female and male grey seals (for explanation see
the legend to Figure 19.8).

Adrenocortical hyperplasia

All seals older than 15 years showed moderate to severe hyperplastic changes
(Figure 19.11). Comparison of records of this lesion in animals born 1979
and earlier with those born thereafter suggests a decline in prevalence, but
this is not statistically significant.

Skull bone lesions

In an earlier investigation (Bergman et al., 1992), skull bones of Baltic grey
seals, aged from 6 years and collected during the two periods 1960–69 and
1971–85, showed high frequencies of lesions: >30 per cent and >50 per cent,
respectively. This study also showed that the prevalence of lesions was lower
in seals collected in the Baltic Sea before 1950 (around 10 per cent), and in
samples collected in waters around the British Isles (<10 per cent). Recent
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Figure 19.10 Arteriosclerosis in female and male grey seals (for explanation see the
legend to Figure 19.8).

results (Bergman et al., unpublished data) indicate an improvement and
lowered prevalence of skull bone lesions since 1980. In the latter study grey
seals born 1979 and earlier and aged 6–15 years showed a rather high fre-
quency of skull bone lesions (28 affected out of 72: 29 per cent). Seventeen
of the 28 skull bones affected showed severe lesions. In seals of the same age
group but born 1980 and later, 4 out of 39 skull bones (10 per cent) showed
lesions, none of which was severe.

Temporal variation of environmental contaminants in seals of the
Baltic Sea and in their food

Since the end of the 1960s, the temporal variation of environmental con-
taminants has been studied by annual collection and analyses of defined
biological matrices of the Baltic Sea (Olsson and Reutergårdh, 1986; Bignert

Ve
tB

oo
ks

.ir



Endocrine disruptors and pathology in Baltic grey seals 523

Figure 19.11 Hyperplasia of the adrenal cortex of female and male grey seals (for
explanation see the legend to Figure 19.8).

et al., 1998a). The programme was extended at the end of the 1970s to
include the Swedish west coast. The main matrices used are herring (Clupea
harengus) and cod (Gadus morrhua), and eggs from the guillemot (Uria aalgae).
The guillemot egg is an important matrix with many advantages (Bignert
et al., 1995), because this bird is non-migratory in the Baltic and preys on
pelagic fish. Concentrations of all organochlorines measured have been
decreasing since the 1970s. DDTs declined quite remarkably from the begin-
ning of that decade. PCBs and dioxins also showed an initial rapid decrease,
starting in the middle of the 1970s. A continuing decrease for PCB is not
evident in samples from the Baltic Proper during the 1990s, whereas for
dioxins, the decline seems to have stopped in the middle of the 1980s (Olsson
et al., 2002). Recent studies have revealed a high similarity in slopes of
the decrease in DDTs and PCBs, regardless of whether marine or fresh-
water fish or bird eggs were used as a matrix (Bignert et al., 1998a, b). The
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generalized change over time, regardless of species investigated, shows that
contamination of the seal food chain has decreased.

Long-term monitoring of trends through time in concentrations of DDTs
and PCB compounds in various matrices from the Baltic Sea and the
Swedish west coast has shown decreasing concentrations of both these classes
of organochlorines. During the entire study period, 1967–95, the PCB con-
centrations were two to three times, and DDTs concentrations three to five
times, higher in the Baltic than at the Swedish west coast (Bignert et al.,
1998a).

Some of the seal specimens from the Baltic Sea that were examined for
pathological changes have also been analysed for concentrations of heavy
metals and for various chlorinated organic compounds. The aims of these
analyses have been to investigate spatial exposure as well as exposure in
relation to the health of the seals (Roos et al., 1992).

Yearlings of subpopulations of the three species inhabiting the Swedish
waters were used to study the spatial distribution of contaminants. Studies
on contaminant exposure in relation to health concerned levels in harbour
seal yearlings hit by the phocine distemper virus as well as levels in appar-
ently healthy seals. Chemical analyses were conducted on three groups of
adult female grey seals: group one, seals in normal nutritional condition,
lacking uterine lesions and other severe pathological changes; group two,
seals in normal nutritional condition but with one or several of the lesions
discussed above; group three, seals in subnormal nutritional condition but
having lesions similar to those seals in group two.

DDTs, PCBs and their methyl sulfone metabolites

Studies on juvenile harbour seals from the late 1980s indicate that the
concentration of PCBs in specimens from the Baltic Sea was about twice as
high as in the same species from the Swedish west coast (Blomkvist et al.,
1992). Of the three species of seals inhabiting the Baltic Sea, grey seals had
the highest concentrations. Furthermore, the females belonging to the groups
with various pathological changes had higher concentrations than ‘healthy’
ones. The concentrations found in diseased and emaciated females were
often extremely high, reaching 1900 µg/g lipid weight DDTs and 5300 µg/g
lipid weight PCBs in blubber.

A congener-specific analysis of PCBs that included samples from the grey
seals mentioned above (Haraguchi et al., 1992) revealed that specimens with
high concentrations of PCBs did not biomagnify the mono-ortho PCB 118
(Olsson et al., 1992a). Data from a study on Danish harbour seals also
indicated a similar difference in biomagnification based on body burden of
total PCBs (Storr-Hansen and Spliid, 1992). The findings indicate that the
most severely contaminated specimens had an enzyme-induced degradation
capability for some of the dioxin-like PCB congeners (Olsson et al., 1992b).
Studies of PCB methyl sulfones and DDE methyl sulfone revealed high
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concentrations in adult grey seals, especially in groups of females with patho-
logical changes (Haraguchi et al., 1992).

Polychlorinated camphenes (Toxaphene), chlordane compounds
and polybrominated diphenyl ethers

Concentrations of these compounds were much lower than concentrations
of DDTs and PCBs (Andersson and Wartanian, 1992). The concentrations
of these compounds were generally slightly higher in seals of the Baltic Sea
compared to those of the Swedish west coast. Concentrations found in har-
bour seals infected by the phocine distemper virus were similar to those in
unaffected specimens. Only concentrations of chlordane compounds diverged,
and were much higher in the groups of females showing pathologic changes.

Dioxins

Concentrations of polychlorinated dioxins and dibenzofurans were remark-
ably low (Bergek et al., 1992). Concentrations were often slightly higher in
juvenile seals than in adult seals, including the diseased females. The levels
were lower in grey seals than in herring, their main food. Concentrations
were similar in seals of the Baltic and the Swedish west coast. Harbour seals
infected by the seal distemper virus had concentrations similar to those in
unaffected ones. However, ringed seals of the Baltic Sea had higher con-
centrations than grey and harbour seals, but concentrations in Arctic ringed
seals and Baltic ringed seals were similar (Bignert et al., 1989).

Heavy metals

A study of heavy metal concentrations in kidneys and livers from seals
of various Swedish waters, including the Swedish west coast, revealed no
significant spatial variations or significant variation in relation to health of
the seals (Frank et al., 1992). Metals analysed were Al, As, Ca, Cd, Co, Cr,
Cu, Fe, Hg, Mg, Mn, Ni, Pb, Se, V and Zn.

Discussion

Post-mortem investigations on grey seals of the Baltic Sea during 1977–96
showed a significant improvement of the gynaecological health (decreasing
frequency of uterine occlusions/stenoses and an increasing frequency of
pregnancies) and indications of an improvement in other health variables
(claw lesions, leiomyomas and adrenocortical hyperplasia) in the latter part
of the period. However, the prevalence of some lesions, such as intestinal
ulcers, has increased (Bergman, 1999). Among ringed seals of the Baltic Sea,
the prevalence of uterine occlusions is still high, ranging between 25 and
30 per cent in recent years (Mattson and Helle, 1995).
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The broad analytical chemistry approach on tissues, presented above,
does not provide evidence for any metal-induced disease among seals of the
Baltic Sea. In addition, the chemical analytical results indicated that dioxins
and coplanar PCBs, which have similar but less toxic effects (Safe, 1990),
were not suspected to be the main cause of the disease complex among
Baltic seals (Olsson et al., 1992a). Similarly, thymus tissue has been observed
macroscopically in rather old Baltic grey and ringed seals (Bergman and
Olsson, 1985), as well as in ringed seals from Svalbard (Bergman, unpublished
data), with no indications of pathology. Because dioxins and related com-
pounds are known to affect the thymus severely (Vos and Luster, 1989), it is
less likely that they had an impact on the health of Baltic seals.

On the other hand, studies on the methyl sulfone metabolites of both PCBs
and DDTs revealed high concentrations in adult grey seals, and especially
in the groups of females showing various pathological changes (Haraguchi
et al., 1992). Of special interest was the finding of high concentrations of
DDE methyl sulfones (Haraguchi et al., 1992), which, like DDD, are known
to be highly adrenocorticolytic compounds and covalently bind to the
adrenal cortex (Lund et al., 1988; Jönsson et al., 1992, 1993; Lund, 1994).
Monitoring studies aiming to reveal the temporal trends of DDTs and PCBs
have clearly shown that concentrations have decreased significantly in the
Baltic Sea (Bignert et al., 1998a). The census studies on Baltic seal populations
clearly show that conditions have improved for all three species simultan-
eously, with decreased concentrations of these compounds (Helander and
Bignert, 1992; Hårding and Härkönen, 1999; Helander et al., 2001).

A hypothesis regarding the development of a disease complex in Baltic
seals was presented by Bergman and Olsson (1985). The hypothesis focused
on possible effects associated with the hyperplasia of the adrenal zona
fasciculata and zona reticularis commonly found in these animals. If the
proliferated adrenal cells are functional, the pathophysiological effect is
hyperfunction. The resulting clinical condition in animals and humans is
known as hyperadrenocorticism, and is characterized by increased levels of
glucocorticoids in the blood. As a consequence, the patient develops symp-
toms and lesions due to the gluconeogenic, lipolytic, protein-catabolic, anti-
inflammatory and immunosuppressive effects of the glucocorticoid hormones.
Clinical symptoms and lesions frequently occurring in hyperadrenocorticism
are elevated fasting plasma glucose concentrations, increased blood lipid
and cholesterol concentrations, elevated blood pressure (hypertension), muscle
wasting, osteoporosis, bilaterally symmetric alopecia, skin infections and
poor wound healing. Alterations to the oestrous cycle and persistent anoestrus
have also been reported (for further information on the syndrome, see Cotran
et al., 1999).

The autopsy findings on seals of the Baltic Sea indicate effects on the
endocrine system with probable involvement of the hypothalamic–pituitary–
gonadal and adrenal axis (Bergman and Olsson, 1985). Brandt (1975) showed
strong uptake of PCBs in corpora lutea, adrenal cortex and the pituitary in
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mice by using whole-body autoradiography. The accumulation of certain
PCB congeners in the pituitary and/or hypothalamus may lead to effects on
gonadotrophin release and gonadal function. Jansen et al. (1993) showed an
influence on pituitary function by PCBs by studying the effect of Aroclor
1242 on cultured anterior pituitary cells from immature female rats, where
they found that these cells exhibited increased gonadotrophin responses.

Results on ringed seals of the Baltic Sea (Bergman et al., unpublished
data) indicate that occlusions and stenoses are associated with hormonal
imbalance and immune suppression. This is probably due to interference of
organochlorines with steroid metabolism, causing a disturbed puerperium
or fetal death. Also according to previous findings in ringed seals (Helle
et al., 1976b; Helle, 1980) and grey seals (Bergman and Olsson, 1985) of the
Baltic Sea, uterine occlusions and stenoses are related to pregnancy – some
cases have shown retained fetal membranes containing fetuses, aligned to
stenosed parts of the horns.

Traditionally, oestrogen has been considered the major promoter of
leiomyoma growth. According to Kennedy and Miller (1993) uterine
leiomyoma is a common tumour in the dog but uncommon in other domestic
species. As found in our studies in grey seals, it rarely occurs in female dogs
before middle age and is often associated with ovarian follicular cysts or
oestrogen-secreting tumours, endometrial and mammary hyperplasia and
mammary neoplasia. When female dogs are castrated early in life, leiomyomas
do not develop, and, if present, they regress following castration, circum-
stances which further indicate an endocrine factor in their development. In
humans, uterine leiomyoma is a common tumour and affects about 30 per
cent of women above 35 years of age; there is strong evidence of an oestro-
gen dependency for their growth in humans, which is supported by evidence
of regression after menopause (Crum, 1999). The high prevalence of uterine
leiomyomas in Baltic grey seals is believed to be due to the influence of
a factor, or factors, in the environment causing hyperoestrogenic states
(Bergman, 1999).

Regarding the defects on digits and claws observed in the Baltic seals, it is
of interest to mention experimental studies in which abnormalities in claws
were induced by feeding PCBs to European ferrets (Mustela putorius furo)
(Bleavins et al., 1982) and American mink (Mustela vison) (Aulerich et al.,
1987).

The high concentrations of DDTs and PCBs in seals of the Baltic Sea, the
many different aspects of the toxicity of DDTs and PCBs, and the character
of the lesions suggesting an endocrine origin, all support the probability of a
causal linkage between DDTs and PCBs and the disease complex seen in
Baltic seals. However, it is difficult to distinguish between effects caused by
DDTs and effects caused by PCBs. Roos et al. (1998) presented results on
long-term monitoring of concentrations of DDTs and PCBs in annual samples
of various biological matrices from the Baltic, e.g. guillemot eggs, herring,
cod and yearling grey seals. The material was collected from the late 1960s
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to the 1990s, and showed a remarkable consistency with respect to annual
decreases in concentrations of DDTs and PCBs in all matrices except year-
ling grey seals. The concentrations of DDTs decreased in the grey seals at a
similar rate as for other matrices studied, but PCB concentrations remained
more or less constant. The authors interpreted the results in the following
way: the concentrations of lipophilic persistent compounds that biomagnify
in yearling seals are largely a result of suckling of the lipid-rich seal milk.
Thus a high concentration of a compound in a young seal implies that the
dam had a high body burden of the compound. The decreasing concentra-
tions of DDTs, but more constant concentrations of PCBs, evident in Baltic
grey seals but not in their food over the 1960s–90s indicate that PCBs, in
particular, have adversely affected reproduction of seals in the past. Thus,
females with high concentrations of DDTs in the past were able to produce
offspring, but females with high concentrations of PCBs did not. These
results are in line with experimental results obtained in mink, where feeding
PCBs but not DDT compounds caused reproductive failure (Kihlström
et al., 1976; Aulerich and Ringer, 1977; Jensen et al., 1977).

The increasing prevalence of intestinal ulcers, especially in young grey seals,
might indicate immunosuppression (Bergman, 1999). In recent experiments
in which groups of captive harbour seals were fed herring from the Baltic
Sea or Atlantic Ocean, immune suppression was observed in the seals fed
the Baltic herring (De Swart et al., 1994, 1995; Ross et al., 1995, 1996; see
also Vos et al., Chapter 21 in this volume). These findings indicate that the
food available to Baltic seals is still sufficiently contaminated to affect health.

Conclusions

Post-mortem investigations of grey and ringed seals from the Baltic Sea
show that certain lesions are common in adults. These involve changes of
female sex organs (occlusions or stenoses of the uterus in sexually mature
grey and ringed seals, and uterine leiomyomas in grey seals) and changes
in other organs of both sexes (lesions of claws and digits, skull bone
erosions, colonic ulcers, arteriosclerosis and adrenocortical hyperplasia and
adrenocortical adenomas). Our main hypothesis is that the adrenal changes
are crucial, explaining the occurrence of most of the other lesions. When
translated to clinical conditions, the complex of lesions is reminiscent of
hyperadrenocorticism or Cushing’s syndrome, which occurs as a disease
entity in domestic animals and humans.

During recent years a decreasing tendency in the prevalence of certain
lesions appeared in Baltic grey seals, especially those involving female repro-
ductive organs. The prevalence of uterine obstructions decreased signific-
antly and the rate of pregnancy increased, while a decreasing trend was
found for leiomyomas. Improvements seem to be indicated for the incidence
of adrenocortical hyperplasia, as well as for skull bone lesions, but these are
not statistically significant. There are indications of an interrelation between
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these signs of decreasing severity of the disease complex in grey seals of the
Baltic Sea and the decreasing levels of organochlorines, in particular PCBs,
in Baltic biota over the period of investigation.

However, unfavourable tendencies remain. The finding by Finnish
scientists of a continued high prevalence of uterine occlusions in Baltic
ringed seals is a matter of concern. The incidence of colonic ulcers has
continued to increase in grey seals of the Baltic Sea, despite the reduced
concentrations of known organochlorines, indicating a continuing but
unknown role for other factors. These may include contaminant-induced
immunosuppression.
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20 The immune system,
environmental contaminants
and virus-associated mass
mortalities among pinnipeds

Peter S. Ross, Joseph G. Vos and
Albert D.M.E. Osterhaus

Introduction

The task of the immune system appears reasonably simple: to fend off inva-
sion by foreign pathogens or prevent the growth of malignant tissues, using
a network of interacting cells and chemical messengers. In practice, however,
the immune system is highly complex and its function difficult to characterize,
often rendering an assessment of its ‘status’ or ‘health’ extremely challeng-
ing. Although comparative studies have found that some specific differences
exist between pinnipeds and other mammals, the immune system of pinnipeds
shares many basic features with other species (Cavagnolo, 1979; Ross et al.,
1994). Many of the functional assays used in assessing immune function in
laboratory animals have been shown to be applicable to pinnipeds. Disease
outbreaks among pinnipeds represent complex ecological events under natural
circumstances (Hall et al., 1992a; Thompson and Hall, 1993), but the pres-
ence of high concentrations of immunotoxic chemicals in the tissues of these
animals represents an additional variable requiring scrutiny.

The immunotoxicity of low levels of many anthropogenic persistent
organic pollutants (POPs) has long been known, with studies demonstrating
that polychlorinated biphenyls (PCBs), polychlorinated dibenzo-p-dioxins
(PCDDs), polychlorinated dibenzofurans (PCDFs) and a number of pesti-
cides can alter normal immune function in rodents, rabbits and primates
(Vos and De Roij, 1972; Koller and Thigpen, 1973; Faith and Moore, 1977;
Tryphonas et al., 1991). Contaminant-associated immunotoxicity in mammals
is suspected of being mediated largely via the cytosolic aryl hydrocarbon
receptor (AHR), with the ‘dioxin-like’, or ‘planar’, congeners of the PCB,
PCDD and PCDF classes binding the most strongly, and hence having
the greatest immunotoxic potential (Luster et al., 1987; Safe, 1990). The
lipophilicity of many of these chemicals, coupled with their persistence in
the natural environment and relative resistance to metabolic degradation in
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Figure 20.1 Electron micrograph of a morbillivirus, members of which include canine
distemper virus (CDV), peste des petits ruminants (PPRV), rinderpest
(RPV), measles virus (MV) and phocine distemper virus (PDV). The
morbillivirus here (PDV) was isolated from a harbour seal, subsequently
cultured on Vero cells, and the high-speed centrifuge concentrate of
culture fluid was negatively stained with uranyl acetate. Note the partly
disrupted virus particle with release of nucleocapsid (arrowhead). Bar
represents 100 nm. (Photo courtesy J.S. Teppema, National Institute of
Public Health and the Environment, Bilthoven, The Netherlands.)

different organisms, cause pinnipeds and other fish-eating wildlife to accu-
mulate high concentrations in their fatty tissues (Peakall and Fox, 1987;
Hutchinson and Simmonds, 1994; Tanabe et al., 1994).

The immunotoxicity of POPs to marine mammals became a major issue
in 1988, when a severe outbreak of a morbillivirus occurred among harbour
(Phoca vitulina) and grey (Halichoerus grypus) seals in northern Europe. Even
though a newly discovered virus, phocine distemper virus (PDV; Figure 20.1)
(Cosby et al., 1988; Mahy et al., 1988; Osterhaus and Vedder, 1988; Osterhaus
et al., 1995) was found to have been introduced into an immunologically
naïve population of pinnipeds (Osterhaus et al., 1989a), concern about the
possible contribution of immunotoxic anthropogenic chemicals was not to
be allayed. The dramatic nature of the event, with heavy mortality, and the
multitude of ailments with which surviving individuals washed ashore, served
to attract and propagate media and scientific interest (Dietz et al., 1989a).
Further mortalities among pinnipeds and cetaceans in other relatively con-
taminated parts of the world set the stage for further speculation (Grachev
et al., 1989; Van Bressem et al., 1991; Lipscomb et al., 1994).

The immune system of pinnipeds

The immune system evolved to serve as a dynamic and functional protector
of health in animals, and it is not surprising that early interest in pinniped
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immunology stemmed from the veterinary sciences. The reasonably conserved
nature of the immune system among mammals allowed clinicians to view
captive pinnipeds as they would domestic animals. Routine clinical haema-
tology, which ably distinguished many of the basic leucocyte subpopulations,
including lymphocytes, monocytes, neutrophils, basophils and eosinophils, was
widely used as a diagnostic tool when captive pinnipeds suffered from viral,
bacterial or parasitic infections (Engelhardt, 1979; Bossart and Dierauf, 1990;
Roletto, 1993). In tandem with haematological studies, serum chemistry was
often measured to assess the physiological state of organ or endocrine systems
and general health (Castellini et al., 1993; Roletto, 1993; De Swart et al.,
1995a). Although such information provides valuable quantitative details
on basic aspects of health, physiology and the immune system, it does not
provide any functional information on the immune system or its components.

The mammalian immune system consists of a set of lymphoid organs,
circulating cells and antibodies, and soluble factors and chemical messengers.
The primary lymphoid tissues consist of the leucocyte-producing bone
marrow, the T-cell maturation site of the thymus, and the antigen collection
sites of the spleen and the widely distributed lymph nodes. White blood
cells, or leucocytes, circulate in the blood and spend time collected in sites
of activity such as the spleen or lymph nodes. Leucocyte subpopulations
which are non-specific consist of the anti-bacterial neutrophils, anti-parasitic
eosinophils, inflammatory-associated basophils, phagocytizing and antigen-
presenting macrophages and their circulating precursor monocytes, and
cytotoxic virus- and tumour-killing natural killer (NK) cells. These cells are
responsible for the clearance of pathogens in the absence of specific (acquired)
memory, and/or in the early stages of infection. Leucocytes involved in the
secondary, or specific, immune response consist of B-lymphocytes, precursors
to the immunoglobulin (Ig)-secreting plasma cell, and T-lymphocytes, which
are involved in the coordination of the overall immune response (T-helper
cells) and the killing of virus-infected cells (cytotoxic T cells). These
lymphocytes act by acquired memory, and they target only the antigen for
which they possess this memory. Their response to infection by a new
pathogen generally peaks 6–10 days post-exposure, several days later than
the non-specific defences (Figure 20.2).

Although interspecies differences exist in leucocyte surface antigens,
immunoglobulin structure, and to a lesser extent, lymphoid tissue structure,
the immune systems of mammals possess fundamentally similar character-
istics. Dedicated studies in pinniped immunology began in the 1970s, when
an interest in comparative evolutionary immunology and ecology provided
a rationale for undertaking this work. Some of these studies involved a basic
histopathological examination of lymphoid tissues, while others focused
on the more species-specific characterization of immunoglobulin classes in
pinnipeds, including California sea lions, Zalophus californianus (Nash and
Mach, 1971), and northern fur seals, Callorhinus ursinus (Cavagnolo and
Vedros, 1978; Cavagnolo, 1979).
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The immune response during virus infection
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Figure 20.2 Following infection with a new virus, the non-specific arm of the
immune system responds, with an increase in the activity of the natural
killer (NK) cells playing an important role. These large granular
lymphocytes bind to and lyse virus-infected cells in the absence of
acquired memory or prior exposure, and represent an important first line
of defence against new viruses. T- (helper and cytotoxic subpopulations)
lymphocytes will acquire the ability to recognize portions of the virus in
the days following infection, and the subsequent proliferation of like
progeny will result in a highly specific and effective anti-virus response,
and afford the host long-term protection against the same virus. B-
lymphocytes will also acquire memory specific to the virus in the days
following infection, but they develop into antibody-producing plasma
cells. These lymphocyte subpopulations and immune responses have been
characterized in pinnipeds using a combination of functional in vitro
and in vivo tests and immunological reagents (De Swart et al., 1993;
Ross et al., 1994, 1996a). For more information on the immune re-
sponse in mammals in general, the reader is directed to (Roitt, 1990).
(Adapted from Ross, 2002.)

Knowledge about pinniped immunology advanced rapidly following the
1988 PDV epizootic in northern Europe, reflecting concerns about the health
of populations in this area, and the possible interaction between chemical
contaminants and the immune systems of affected animals. Early studies
identified methods which proved suitable for the assessment of non-specific
immune function in both field (Ross et al., 1993, 1994) and captive (De
Swart et al., 1993; Ross et al., 1996a) studies of harbour seals. The methods
used in these studies provide a means of evaluating the in vitro responses of
lymphocytes using peripheral blood mononuclear cells (PBMC) purified from
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whole (heparinized) blood by density gradient separation, and showed that
functional tests could be adapted successfully from use with other species.
Additional studies involving immunizations and subsequent delayed-type
hypersensitivity (DTH) tests in vivo (Ross et al., 1995), as well as the deter-
mination of PBMC proliferative responses to antigen in vitro (De Swart
et al., 1995b) provided more systemic measures of specific immune function.
These studies have contributed to the development of relatively non-invasive
techniques suitable for use in pinnipeds.

The in vitro functional tests of immune function used in these studies
suggest that the leucocyte subpopulations present in other mammals are also
present in pinnipeds. Mitogens known to specifically stimulate T-lymphocytes
(concanavalin A or Con-A; phytohaemagglutinin or PHA), B-lymphocytes
(lipopolysaccharide or LPS), or both T- and B-lymphocytes (pokeweed
mitogen or PWM) in laboratory animals were found to stimulate the same
lymphocyte subpopulations in in vitro assays using PBMC from harbour
seals (De Swart et al., 1993). Natural killer cells were also characterized in
harbour seals, with these lymphocytes showing properties similar to those of
other mammals, including:

(1) cytotoxic activity against both tumour cells (YAC-1, P815, K562) and
virus-infected cells (influenza-infected Nalm-6 cells) in in vitro assays;

(2) increased cytotoxic properties when co-incubated with human recom-
binant interleukin-2 (hrIL-2) in vitro; and

(3) diminished cytotoxic properties when coincubated with the NK surface
protein-disrupting anti-asialo antibody (Ross et al., 1996a).

Harbour seal T-lymphocytes have also been shown to be responsive to
the stimulatory properties of hrIL-2, suggesting that this stimulatory cytokine
is highly conserved (De Swart et al., 1993). A cytokine similar to human IL-
6 has been characterized in harbour and grey seals (King et al., 1993a, 1996),
suggesting a similar role for this pleiotropic chemical messenger in pinnipeds.

Although gross similarities have been shown to exist in the structure of
the different immunoglobulin (Ig) classes, species-specific differences in
binding affinities require the development of new reagents for each species
studied. This has been largely circumvented in pinnipeds by the use of the
IgG-binding protein A from Staphylococcus aureus as a reagent in the deter-
mination of both total and specific serum IgG antibody titres (Visser et al.,
1990; Ross et al., 1993, 1994). Further characterization of harbour and grey
seal immunoglobulins, and the development of monoclonal antibodies against
these, are likely to provide more accurate means of assessing total and spe-
cific antibody levels and responses in some pinnipeds (Carter et al., 1990a, b,
1992; King et al., 1993b, 1994). Cell line-based virus neutralization assays
are also used routinely in specific antibody titre determinations for studies
of pinniped serology, disease status and epidemiology (Visser et al., 1990;
Ross et al., 1992; Duignan et al., 1997).
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Developmental studies have demonstrated that the newborn harbour seal
pup is precocious and possesses an immune system which is highly func-
tional, contrasting with that of other newborn mammals. Highly responsive
T- and B-lymphocytes compared to their mothers, and vigorous antibody
responses following immunization, were observed in young, free-ranging
harbour seals on Sable Island, Nova Scotia, Canada (Ross et al., 1993,
1994). The lack of specific immunological memory, which is characteristic
of newborn mammals, was compensated for by the lactational transfer of
total IgG and pathogen-specific antibodies (in this case, specific against
PDV) (Ross et al., 1994). The newborn pups would therefore be passively
and temporarily protected against infection by pathogens for which the
mother had acquired memory. The relative immunocompetence of the
newborn harbour seal was thought to have evolved as a result of the short
nursing period (24 days) and limited maternal care in this species (Ross
et al., 1994).

A considerable amount of information now exists on the immune system
of harbour seals, which have conveniently become the marine mammal of
choice for immunological studies. Interest in the harbour seal stemmed partly
from an earlier captive study on the reproductive toxicity of environmental
contaminants using this species (Reijnders, 1986), but more importantly, as
a consequence of the 1988 PDV epizootic. The harbour seal is also reason-
ably small (adults weigh 65–130 kg) and non-aggressive, enabling researchers
to handle these animals with relative ease under both field and captive situ-
ations. Given the difficulties involved in the handling and sampling of many
of the other pinnipeds, as well as cetaceans, extrapolation should allow the
harbour seal to serve as a model for studies in immunology, toxicology and
health assessment for other marine mammals (Ross and De Guise, 1998;
Ross, 2000).

Environmental contaminants in the environment

The twentieth century represented a time of profound technological change,
but the complex array of POPs that became widely distributed in the global
environment reflected part of the cost of progress. The pesticide DDT was
applied to many agricultural regions of the world, but was later discovered
to be highly persistent in the environment, bioaccumulative in the food
chain, and difficult to metabolize by wildlife (Carson, 1962; Hickey and
Anderson, 1968). It was also found in animals, including pinnipeds, which
inhabited regions of the world previously considered remote and pristine
(Sladen et al., 1966; Bowes and Jonkel, 1975), attesting to the relative ease
with which such a chemical could be distributed around the world. The
endocrine-disrupting effects of DDT on fish-eating birds were devastating,
with eggshell thinning causing the extirpation of many species from large
parts of Europe and North America (Hickey and Anderson, 1968; Wiemeyer
and Porter, 1970; Lundholm, 1997).
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DDT was pinpointed as a chemical which had direct effects on wildlife,
but other POPs had similar physico-chemical characteristics. The industrial
PCBs, produced as stabilizing and heat-resistant lubricants and transformer
fluids, were also found in pinnipeds inhabiting both waters adjacent to
industrial and population centres (Helle et al., 1976a) and remote areas of
the world (Addison and Smith, 1974; Risebrough et al., 1976). In addition
to the DDT group, numerous other organochlorine pesticides have been
found in pinnipeds, including hexachlorocyclohexane (HCH), chlordane,
hexachlorobenzene (HCB) and dieldrin (Muir et al., 1992; Addison and
Smith, 1998). It has become clear that persistent, lipophilic chemicals are
bioaccumulating in marine food chains on a global scale, with higher trophic-
level organisms being the most contaminated (Muir et al., 1988; Norstrom
et al., 1988).

Advances in analytical chemistry have enabled the detection of PCDDs
and PCDFs in pinniped blubber samples more recently (Rappe et al., 1981;
Norstrom et al., 1990; Jarman et al., 1996). Although some of the congeners
of these chemicals are considered highly toxic, they did not appear to bio-
accumulate to the same extent as the DDTs and PCBs, as evidenced from
minimal differences in PCDD and PCDF concentrations in blubber samples
between pinnipeds inhabiting industrial and remote areas (Oehme et al., 1988;
Bergek et al., 1992). While this pattern may have partly reflected a wider
atmospheric dispersal of the PCDDs and PCDFs, compared to the PCBs
and DDTs, it has more recently become evident that pinnipeds are able to
preferentially metabolize the former contaminants (Boon and Eijgenraam,
1988; Goksøyr et al., 1992; De Swart et al., 1995c; Troisi and Mason, 1997).

Whereas many studies documented the widespread contamination of the
world’s pinnipeds, others were slowly beginning to document a number of
unusual observations in the most contaminated populations. A large number
of premature births and abortions were observed in highly contaminated
California sea lions in the late 1960s and early 1970s (Delong et al., 1973;
Gilmartin et al., 1976). Low reproductive success was observed in harbour
seals of the contaminated Wadden Sea in the late 1970s (Reijnders, 1980).
High rates of skeletal lesions were observed in ringed (Pusa hispida), grey
and harbour seals of the Baltic Sea from the 1950s onwards, when com-
pared to earlier samples or to samples examined from the less contaminated
North Sea (Zakharov and Yablokov, 1990; Bergman et al., 1992; Mortensen
et al., 1992; Olsson et al., 1994). A high rate of reproductive impairment
was associated with pathological uterine lesions among female ringed seals
of the contaminated Baltic Sea (Helle et al., 1976a, b). A disease complex
consisting of claw malformations, uterine lesions, uterine tumours and
intestinal ulcers was tentatively associated with a high level of adrenal
hyperplasia among the contaminated ringed and grey seals of the Baltic Sea
in the 1970s and 1980s (Bergman and Olsson, 1985).

Although many of these studies were unable to identify contaminants con-
clusively as the cause of the abnormalities, they did provide circumstantial
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evidence that the high levels of chemicals found in the animals’ tissues were
adversely affecting normal physiological function. Confounding factors which
complicated the interpretation of results in some of these studies included
variable age, condition and reproductive status of sampled animals, as well
as the possible involvement of additional external factors in the abnormal-
ities, such as pathogens and prey abundance. Nevertheless, the observational
evidence of contaminant-related bioeffects in free-ranging pinnipeds fuelled
the debate about an immunotoxic role for contaminants when the 1988
PDV outbreak struck the harbour seal population of northern Europe.

The pinniped immune system under assault from
environmental contaminants

Many of the POPs to which free-ranging pinnipeds are exposed are
immunotoxic to laboratory animals at low doses; these include PCBs (Vos
and Van Driel-Grootenhuis, 1972), PCDDs (Vos et al., 1973), DDT (Street
and Sharma, 1975), butyltin compounds (Vos et al., 1984, 1990; Smialowicz
et al., 1990), hexachlorobenzene (HCB) (Van Loveren et al., 1990) and
numerous other pesticides (Street and Sharma, 1975). Such studies have
helped to identify the relative risk that each of these chemical classes might
present to non-target species, including humans and wildlife, but exposure
of laboratory animals to complex environmental mixtures have also resulted
in immunotoxicity (Germolec et al., 1989) and other toxicities (Sonstegard
and Leatherland, 1979; Cleland et al., 1987; Ross et al., 1997).

Exposure to immunotoxic chemicals not only causes measurable altera-
tions in parameters of immune function in laboratory animals, but also
affects the immune system as a whole, and leads to an increased sensitivity
to infection by pathogens. Delayed-type hypersensitivity (DTH) reactions,
reflecting cell-mediated immune responses, were reduced in PCB-fed guinea-
pigs (Vos and Van Driel-Grootenhuis, 1972). Ducks exposed to dietary PCBs
had elevated dose-dependent mortality rates following challenge with duck
hepatitis virus (Friend and Trainer, 1970). Following exposure to dietary
PCBs, mice challenged with Salmonella typhimurium had elevated bacterial
counts in organs, and elevated mortality rates (Thomas and Hinsdill, 1978).
Exposure to low levels of 2,3,7,8-TCDD resulted in increased mortality
rates after Salmonella challenge in mice (Thigpen et al., 1975). Exposure to
2,3,7,8-TCDD administered by intraperitoneal (i.p.) injection resulted in a
dose-dependent effect on survival following challenge with influenza virus in
mice (House et al., 1990). Exposure to low levels of 2,3,7,8-TCDD adminis-
tered by i.p. injection resulted in elevated parasite loads in mice infected
with Trichinella spiralis (Luebke et al., 1994). Immunotoxicity is routinely
measured as a change in one or more functional components of the immune
system, but an increased sensitivity to infection clearly represents the bio-
logical significance of such a change. In wildlife, such biological alterations
can be of ecological significance, because immunotoxicity might lead to
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changes in the ability of a population to cope with infection by new or
enzootic pathogens.

In a practical sense, immunotoxicological studies can be difficult to per-
form, even when carefully controlled conditions exist in which the laboratory
animals are kept, and possible confounding factors, such as stress, age and
sex, are minimized. The complexity of the immune response makes a selec-
tion of appropriate endpoints difficult in immunotoxicological testing. In an
attempt to evaluate the utility of immune-function tests in predicting sus-
ceptibility to disease, a comparative evaluation was made of both immune
function and host resistance results from a database of experiments (Luster
et al., 1993). The authors found that over 70 per cent of the immune-
function tests used were good predictors for alterations in host resistance,
and that susceptibility to infection by a pathogen was related to the degree of
immunosuppression and the amount of pathogen to which the study animal
was exposed. Such considerations are important for immunotoxicological
studies in pinnipeds, because immune-function tests are less invasive, and
therefore more ethically acceptable, than host-resistance tests.

One feeding study has been carried out in captive harbour seals, in which
tests of immune function were carried out. The study is described more fully
elsewhere in this volume (Chapter 21), but we will summarize briefly the
results that are relevant. In an attempt to assess the role of contaminants in
the 1988 epizootic in Europe, two groups of 11 captive seals each were fed
herring (Clupea harengus) from either the relatively uncontaminated Atlantic
Ocean or from the contaminated Baltic Sea over the course of 2.5 years
(for reviews see De Swart et al., 1996; Ross et al., 1996b, c). The Baltic Sea
herring had up to 4–10 times higher concentrations of POPs than the Atlantic
Ocean herring (De Swart et al., 1995c).

Within 1 year of the start of the feeding experiment, results of in vitro
tests of immune function using PBMC isolated from whole blood revealed
significantly lower T-cell function (De Swart et al., 1994) and NK cell func-
tion (Ross et al., 1996a) in the seals fed the Baltic Sea herring. The specific
immune responses of the seals fed Baltic herring were also affected, with
lower in vitro proliferative responses to different antigens following a sensit-
izing immunization (De Swart et al., 1995b), and lower in vivo delayed-type
hypersensitivity responses (DTH) and antibody responses to ovalbumin
10 days after sensitization (Ross et al., 1995). Reduced serum retinol
(vitamin A) levels in the seals fed the Baltic Sea herring were consistent with
the earlier reproductive toxicity study in which captive harbour seals were fed
fish from the contaminated western Wadden Sea (Brouwer et al., 1989), and
with studies of laboratory rodents exposed to PCBs (Brouwer et al., 1998).

The greater availability of specific immunological reagents, and the pos-
sibility of carrying out more invasive sampling, histopathology and host
resistance assays in laboratory rodents, led researchers to carry out immun-
otoxicological studies of rats alongside the captive seal feeding study. In
the first of these, juvenile rats were fed a supplemented diet of freeze-dried
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Atlantic or Baltic herring for 4.5 months (Ross et al., 1996d). Rats of the
group fed herring from the Baltic Sea had diminished thymocyte numbers,
lower thymus CD4 : CD8 ratios, and elevated salivary gland virus titres
following challenge with rat cytomegalovirus (RCMV). Splenic lymphocyte
proliferation and NK cell activity were unaffected.

A second parallel study was carried out using rats exposed perinatally to
a maternally administered Atlantic or Baltic herring oil extract, or Atlantic
herring oil spiked with 2,3,7,8-TCDD as a positive control (Ross et al., 1997).
In this study, an apparent dose-related response was observed in several
parameters of thymus cellularity, virus-associated NK cell activity, splenic
T-cell function, and RCMV-specific antibody (IgG) titres in the order of
Atlantic > Baltic > (Atlantic + TCDD spike) rats.

These studies of laboratory rodents are significant for several reasons:

(1) they confirm that the Baltic Sea herring is immunotoxic, but also that
the immunotoxic contaminants are found in the lipid fraction of the
herring (this would include the PCBs, PCDDs and PCDFs);

(2) the similar, yet more pronounced, effects in the TCDD-spiked Atlantic
group of rats provides evidence of a dioxin-like, or Ah-receptor-
mediated, immunotoxicity in rats exposed to the complex contaminant
mixture in the Baltic Sea herring;

(3) the similar pattern of immune alterations in the harbour seals and the
rats exposed to the contaminants in the Baltic Sea herring provides
evidence of a similar mechanism of immunotoxic action in the two
species;

(4) the effects observed in the rats exposed to Baltic Sea herring contamin-
ants suggest that the thymus may be an important target for contamin-
ants in the Baltic seals, might explain the diminished T-lymphocyte
function in these seals, and might suggest that immunosuppressed seals
may be vulnerable to an increased severity of virus infection; and

(5) the high sensitivity of the perinatally exposed rats compared to the
juvenile rats suggests that perinatally exposed free-ranging pinnipeds may
be more vulnerable to the immunotoxic actions of environmental con-
taminants than the captive feeding study of older juvenile seals suggested.

The contaminant–immune system–virus link in pinniped mortalities

The deaths of approximately 20 000 harbour and several hundred grey seals
in northern Europe in 1988, followed by a series of other mass mortalities
among both pinnipeds (see Table 20.1) and cetaceans, fuelled a lasting
debate about the possible involvement of immunotoxic pollutants. The agent
responsible for the 1988 event, PDV, first affected harbour seals on Anholt
Island in the Kattegat between Denmark and Sweden in mid-April of 1988,
and spread to other continental populations over the subsequent months
(Dietz et al., 1989a). Harbour seals in the United Kingdom were the last to
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Table 20.1 Outbreaks of morbillivirus-associated mass mortalities among pinnipeds

Responsible
virus

CDV

CDV

PDV

PDV

CDV

CDV, Canine distemper virus; PDV, phocine distemper virus.

Year

1957

1987–88

1988

1988

1997

Location

Antarctica

Lake
Baikal

Europe

Europe

Caspian
Sea

Species

Crabeater seal
(Lobodon
carcinophaga)
Baikal seal
(Pusa sibirica)

Harbour seal
(Phoca vitulina)

Grey seal
(Halichoerus
grypus)
Caspian seal
(Pusa caspica)

Estimated
mortality

3000

Several
thousand

20 000

400

Several
thousand

Reference

Bengtson et al.
(1991), Laws and
Taylor (1957)
Grachev et al. (1989),
Osterhaus et al.
(1989b)
Osterhaus and
Vedder (1988),
Mahy et al. (1988)
Osterhaus and
Vedder (1988),
Mahy et al. (1988)
Forsyth et al. (1998),
Kennedy et al. (2000)

be affected, with mortality peaking in September, October and November
of the same year (Dietz et al., 1989a; Hall et al., 1992a). Although many
disease symptoms were reported, including fever, gastrointestinal disorders,
cutaneous lesions, neurological disturbances and respiratory ailments
(Baker, 1992; Heide-Jörgensen et al., 1992a), seals often succumbed to acute
bacterial pneumonia (Osterhaus, 1988; Dietz et al., 1989a). Numerous types
of bacteria were isolated from victims in different areas (reviewed by Heide-
Jörgensen et al., 1992a).

Following the PDV epizootic, comparative serological evidence established
that harbour and grey seals from the less contaminated Canadian east
coast had been infected with a virus which was similar or identical to PDV
prior to 1988, with no signs of unusual mortalities (Henderson et al., 1992;
Ross et al., 1992). Additional studies demonstrating antibodies against
morbilliviruses in Arctic Walrus (Odobenus rosmarus), hooded (Cystophora
cristata), harp (Pagophilus groenlandicus) and ringed seals (Dietz et al., 1989b;
Markussen and Have, 1992; Duignan et al., 1994, 1997), and in Antarctic
crabeater seals (Lobodon carcinophaga) (Bengtson et al., 1991), demonstrated
that morbilliviruses represent widely occurring pathogens in apparently
healthy, free-ranging pinniped populations, with no observations of unusual
mortality. On the other hand, morbilliviruses have been known to cause
serious mortality events in seronegative populations of various mammals in
the absence of elevated contaminant concentrations (Norrby and Oxman,
1990; Bengtson et al., 1991; Harder et al., 1995). Members of the genus
Morbillivirus include canine distemper virus (CDV), measles virus (MV),
rinderpest virus (RPV), peste des petits ruminants (PPRV), as well as the
recently identified dolphin morbillivirus (DMV), porpoise morbillivirus
(PMV) and PDV (Osterhaus et al., 1995).
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Another significant pinniped die-off took place among Baikal seals (Pusa
sibirica) in Russia’s Lake Baikal in 1987–88, claiming 10 000 victims (Grachev
et al., 1989; Osterhaus et al., 1989b). Although a morbillivirus was identified
as the causative agent, the virus proved not to be PDV, but rather, the
related CDV (Visser et al., 1990). Later studies showed that seals inhabiting
the Baikal Sea were heavily contaminated with PCBs, PCDDs and PCDFs,
leading to further speculation about the role of immunotoxic chemicals in
outbreaks of disease (Nakata et al., 1995, 1997; Tarasova et al., 1997).

Several other pinniped mortalities have been documented. Approximately
400 harbour seals died along the coast of New England in 1979, and although
influenza A was isolated from some of the victims (Geraci et al., 1982), an
absence of contaminant information prevents a solid basis for speculation
about possible immunotoxicity. Both a morbillivirus (Osterhaus et al., 1998)
and toxic dinoflagellates in fish (Costas and Lopez-Rodas, 1998) have been
put forward to explain mortality in a population of highly endangered Medi-
terranean monk seals (Monachus monachus) along the coast of the former
Spanish Sahara in 1997. Relatively low levels of contaminants in this popu-
lation would tend to rule these out as a factor in the event (Borrell et al.,
1997). Several thousand freshwater Caspian seals (Pusa caspica) died in the
spring of 1997 during an outbreak of CDV, but little is known about con-
taminant levels in this population (Forsyth et al., 1998; Kennedy et al., 2000).

In the aftermath of the 1988 PDV epizootic, laboratory animal-based
immunotoxicological studies provided an immediate basis for speculation
about the involvement of environmental contaminants. It was also widely
known that the populations of seals affected had high tissue concentrations
of PCBs and organochlorine pesticides, and that these had previously been
associated with a number of abnormalities in Baltic and North Sea pinnipeds.
In a comparison of 34 harbour seals that died during the epizootic, and
41 live, free-ranging seals sampled in early 1989, PCB levels were found to
be significantly higher in seals that died than in survivors (Hall et al., 1992b).
Although the authors were cautious in their interpretation of these findings,
because of possible differences in body condition (hence blubber thickness)
between the two study groups, such an observation might be expected if
contaminants were contributing to the severity of the epizootic. Interestingly,
males accounted for almost 60 per cent of deaths during the epizootic in
both the United Kingdom (Hall et al., 1992a) and in the Baltic Sea (Heide-
Jörgensen et al., 1992b), which could be attributed to the timing of the
infection and sex-related differences in seasonal haul-out behaviour and
moulting times. Should contaminants have played a role in the event, how-
ever, this finding might also be expected, since adult males have higher con-
centrations of POPs than do age-matched females, and might therefore be
more affected by immunotoxic contaminants. Females lose fat-soluble con-
taminants through reproduction and lactation, whereas males continue to
accumulate contaminants throughout their lifetime (Addison and Smith,
1974; Addison and Brodie, 1977, 1987).
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The subsequent captive feeding study of harbour seals provided the first
evidence of contaminant-related immunotoxicity in mammalian wildlife
(De Swart et al., 1996; Ross et al., 1996b), and parallel rodent studies pro-
vided supporting evidence about the role of dioxin-like contaminants in the
immunotoxicity observed in the seals (Ross et al., 1996d, 1997). Since NK
cells are an important first line of defence against virus-infected cells (Welsh
and Vargas-Cortes, 1992), and T cells represent a memory-based lymphocyte
subpopulation which is vital to a specific anti-virus response (Finberg and
Benacerraf, 1981), reductions in their performance could be expected to
jeopardize the ability of seals to defend themselves against PDV.

PCBs contributed to over 90 per cent of the total toxic equivalents (TEQ)
to 2,3,7,8-TCDD measured in the blubber of captive seals fed the Baltic Sea
herring for 2 years; the immunotoxicity observed in the Baltic group of seals
was consequently ascribed largely to this chemical class (Ross et al., 1996b).
Other studies have also demonstrated that PCBs present the greatest dioxin-
like risk to free-ranging pinniped populations in different parts of the world
(Oehme et al., 1995; Ross et al., 1998). Many harbour seal populations in
northern Europe exceeded the accumulated blubber total PCB levels which
were associated with immunotoxicity in the captive harbour seals fed Baltic
herring, suggesting that immunotoxicity was likely occurring in several popula-
tions of free-ranging harbour seals in northern Europe (Ross et al., 1996b).

Epi-immunotoxicology and the weight of evidence

The many epizootiological and scientific studies of the morbillivirus outbreak
among harbour and grey seals in 1988, in particular, attest to the complexity
of disease outbreaks, and the many factors that play a role (Thompson and
Hall, 1993; Hall, 1995; Simmonds and Mayer, 1997). Given the contribution
that immunotoxic contaminants are thought to have made to the event
(Ross et al., 1996b), one can speculate about the way in which the outcome
of a virus outbreak might be affected by such contaminants. Because of the
multifactorial nature of disease outbreaks, it is impossible to establish con-
clusively the involvement of immunotoxic chemicals. In a hypothetical model,
we speculate that reduced non-specific (NK cells) and specific (T-lymphocytes)
anti-viral defences will lead to a more severe expression of disease in indi-
viduals, a more rapid spread of virus in a population, and elevated mortality
rates (Figure 20.3). This conceptual approach, which we describe here as
‘epi-immunotoxicology’, combines the known immunotoxic actions of envir-
onmental contaminants in harbour seals with the introduction of a new
virus into a population, and considers the additional factors which may play
a role in the outcome of an epizootic.

No single study or study design will be able to fully address the multiple
aspects of the recent mass mortalities among pinnipeds. Whether a mass
mortality caused by a morbillivirus represents a natural occurrence in an
immunologically naïve pinniped population, or an unusual event partly due
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Figure 20.3 Epi-immunotoxicology: A novel virus is introduced into two
immunologically naïve populations of seals. The first population lives in
a remote, relatively uncontaminated environment, while the second popu-
lation has been exposed to high levels of persistent, fat-soluble chem-
icals through nursing as young pups, and subsequently through feeding
on contaminated fish. Diminished natural killer (NK) cell and T-cell
function in the individuals exposed to high contaminant levels could be
expected to lead to an increased susceptibility to severe disease. This, in
turn, could be expected to lead to a high rate of virus reproduction
within individuals, and rapid inter-individual transmission of the virus.
On a population level, this may lead to elevated mortality rates and
reduced population numbers. This hypothetical description of a disease
outbreak influenced by immunotoxic contaminants in pinnipeds is based
upon the weight of evidence which has accumulated from a number of
studies of rodents, captive seals and comparative immunotoxicology
(Thompson and Hall, 1993; De Swart et al., 1996; Ross et al., 1996b, c,
1997; Ross, 2000). (Figure adapted from Ross, 2002.)
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to immunotoxic environmental contaminants, cannot be elucidated solely on
the basis of field studies. While the debate about ‘cause’ and ‘effect’ in the
case of the 1988 morbillivirus outbreak and other mass mortalities will likely
continue (O’Shea, 2000a, b; Ross et al., 2000), no one disputes the complexity
of the issues (O’Shea et al., 2000). However, an increasing ‘weight of evid-
ence’ suggests that environmental contaminants, and PCBs in particular,
contributed to the severity of the 1988 event, and are likely to continue to
present a risk to free-ranging pinnipeds for decades (De Swart et al., 1995d,
1996; Ross et al., 1996b; Ross, 2000, 2002). Taken together, the ‘weight of
evidence’ gathered from a number of different kinds of studies implicates
contaminants in the 1988 event, and demonstrates one of the many risks
faced by free-ranging pinnipeds in today’s environment.

Conclusions

An outbreak of virus disease in a wildlife population is affected by a combina-
tion of factors, including condition of the individuals, migration, social beha-
viour, population density, specific immunity of a population to the pathogen
(or lack thereof ) and, of course, the presence of the virus. The immune
system represents an individual animal’s functional barrier to infection by
viruses, bacteria and macroparasites, and consists of a complex network of
interacting cells and chemical messengers. Although the immune systems of
pinnipeds have not been examined extensively, studies carried out to date
suggest that the structure and function of lymphoid tissues and cells, and the
nature of the immune response in pinnipeds, closely resemble those of other
mammals. Studies of laboratory rodents have demonstrated the unequivocal
immunotoxicity of many of the persistent organic pollutants found at high
concentrations in pinnipeds, including the PCBs and related compounds.

Morbillivirus-associated mass mortalities have occurred in several pinniped
populations, in some cases fuelling speculation that contaminants may have
predisposed them to a more severe disease event than would have normally
been the case. A captive feeding study of harbour seals has demonstrated that
ambient levels of contaminants in Baltic Sea herring were immunotoxic, and
a set of parallel studies in laboratory rodents confirmed and extended these
findings. Serological studies have since discovered that morbilliviruses rou-
tinely infect different pinniped species inhabiting relatively uncontaminated
areas, with little or no associated mortality. The ‘weight of evidence’ now
suggests that the dioxin-like PCBs may have contributed to the severity of
at least one of these mass mortalities by impairing normal immune function.
Delineating the relative contribution of contaminants from the many other
natural and anthropogenic factors to outbreaks of infectious disease in
marine mammals represents a considerable scientific challenge for the future
(Nichol et al., 2000; Daszak et al., 2001; Ross, 2002). Temporal and spatial
trends suggest that immunotoxic compounds, and PCBs in particular, will
continue to present a risk to free-ranging pinnipeds in many parts of the
world for decades.
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21 The effects of chemical
contaminants on immune
function in harbour seals:
Results of a semi-field study

Joseph G. Vos, Peter S. Ross,
Rik L. de Swart, Henk van Loveren
and Albert D.M.E. Osterhaus

Introduction

Marine mammals inhabiting polluted coastal waters are known to accumu-
late high concentrations of environmental contaminants, and this has been
related to several abnormalities, including skeletal deformations, repro-
ductive toxicity and hormonal alterations. Recent outbreaks of previously
unidentified morbilliviruses have led to mass mortalities among several
species of marine mammals. In 1988, approximately 20 000 harbour seals
(Phoca vitulina), representing up to 60 per cent of local populations, and
several hundred grey seals (Halichoerus grypus) died in north-western
Europe due to an outbreak of a previously unknown virus (Mahy et al.,
1988; Osterhaus and Vedder, 1988), which was subsequently named phocine
distemper virus (PDV). Affected animals suffered from fever, cutaneous
lesions, gastrointestinal dysfunction, nervous disorders and respiratory dis-
tress (Osterhaus and Vedder, 1989). Although the identification of a virus
as the aetiological agent appeared to solve the puzzle as to the cause of the
event, chemical contaminants were suspected as possible cofactors. The
appearance and outcome of an epizootic reflects the sum of many interacting
factors, including genetic background and diversity, social behaviour, popu-
lation density, immunological memory (prior exposure), nutrition and the
presence of the pathogen. Outbreaks of morbilliviruses among previously
unexposed populations have been known to result in elevated mortality rates
(Harder et al., 1995), but the additional stress of immunotoxic chemicals
may exacerbate infection.

Although many factors, both intrinsic and extrinsic, affect the mammal-
ian immune system, chemicals arising from human activities present an
additional concern. During the past 50 years, the ubiquitous contamination
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of the global environment has resulted in detectable levels of many classes
of anthropogenic chemicals in wildlife inhabiting even remote areas
(Risebrough et al., 1968; Wasserman et al., 1979; Tanabe et al., 1983). Classes
of particular biological concern include the persistent, water-insoluble
polyhalogenated aromatic hydrocarbons (PHAHs), including polychlorin-
ated biphenyls (PCBs), polychlorinated dibenzo-p-dioxins (PCDDs) and
polychlorinated dibenzofurans (PCDFs). Having fulfilled their role as heat
transfer and dielectric fluids, or having been created as undesired by-
products of pesticide production, PCB production or low-temperature com-
bustion processes, these chemicals have made their way slowly, but steadily,
into soils, water and air. These compounds are chemically stable, lipophilic
and accumulate readily in the aquatic food chain, where they largely resist
metabolic breakdown. Environmental mixtures of the PHAHs are complex,
with 209 theoretical PCB congeners, 75 PCDD congeners and 135 PCDF
congeners. Bioaccumulation in the aquatic food chain results in high con-
centrations of many of the lipophilic PHAH contaminants in organisms
occupying high trophic levels. Consistent with this, most of the biological
effects of PHAH contaminants have been observed in top predators, and
organisms of particular concern include the piscivorous birds, otters, seals,
dolphins and whales.

Among the broad range of effects on physiological processes, the immune
system has been shown to be particularly sensitive to the toxic action of
many PHAHs. Earlier studies found PHAHs to be immunotoxic in various
rodents (Vos and Van Driel-Grootenhuis, 1972; Vos and Moore, 1974; Vos
and Luster, 1989) and monkeys (Thomas and Hinsdill, 1978). The ready
bioaccumulation of PHAHs in wildlife, and the relative immunotoxicity of
these compounds, suggest that PCBs, PCDDs and PCDFs pose the greatest
immunotoxic threat to organisms occupying high positions in the aquatic
food chain. PHAH-induced injury to the immune system has been shown to
be largely mediated by the cytosolic aryl hydrocarbon (Ah) receptor found
in mammalian cells, to which 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD)
and related ‘planar’ PHAHs readily bind (Silkworth and Grabstein, 1982;
Silkworth et al., 1986). The resulting intracellular TCDD–receptor complex
induces enzyme production by binding to the dioxin regulatory element
(DRE) in the nucleus (Whitlock, 1987), which, in turn, leads to biological
responses which are poorly understood. The toxicities of complex contamin-
ant mixtures can be simplified by knowledge of the toxicities of the indi-
vidual PHAH congeners relative to TCDD (Safe et al., 1985). The PCB,
PCDD and PCDF congeners which structurally resemble TCDD are each
assigned a TCDD ‘toxic equivalent factor’ (TEF), and additive toxic equi-
valents (sum TEQ) are calculated from concentrations of the various con-
geners measured in the mixture (Safe, 1990). This concept also holds for
immunotoxic effects (Vos et al., 1998). However, certain PHAH-induced
toxicities have been shown to be partly or entirely non-Ah-dependent,
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such as vitamin A and thyroid hormone deficiencies, and neurotoxic and
developmental effects (Brouwer et al., 1986; Morse et al., 1992). Although the
immunotoxic action of PHAH chemicals is poorly understood, it is likely
that multiple targets are involved. Developing leucocyte progenitors in the
bone marrow (Fine et al., 1988) and thymus appear to be sensitive to TCDD.
Thymus atrophy, for example, is most likely related to an effect on the
epithelium of this organ and resulting diminished maturation of T-cell pre-
cursors, and immunotoxicity at the level of the thymus likely has repercus-
sions for the mature cellular immune response, with impaired functionality
of mature T-lymphocytes (De Waal et al., 1997). In addition, exposure
to TCDD has been shown to impair B-lymphocyte function, although the
concentrations required for such an effect are higher than those that lead to
effects on T-cell function (Tucker et al., 1986).

The developing immune system of mammals has been shown to be par-
ticularly sensitive to TCDD-induced immunotoxicity following exposure
during gestation and nursing (Vos and Moore, 1974; Thomas and Hinsdill,
1979). TCDD transfer from mother to offspring in laboratory rodents appears
to take place primarily via the milk, but a small degree of transplacental
transfer also takes place (Nau and Bass, 1981; Takagi et al., 1986). Because
seals occupy high trophic levels, and are consequently exposed to relatively
high concentrations of PHAH mixtures in milk, the risk for immunotoxic
effects on the developing immune system may be high in animals born in
contaminated environments. Host resistance to numerous pathogens has
been shown to be affected by TCDD and related PHAHs. Using different
infection models, rodents exposed to relatively low doses of TCDD or related
PHAHs have been shown to be less resistant to bacterial, parasitic and virus
infection, in many cases leading to elevated morbidity, mortality or increased
loads of pathogens in immunosuppressed individuals (reviewed by Vos
et al., 1991).

Speculation about the possible role of a chemical contaminant-associated
immunosuppression in the 1988 mass mortality in seals in north-western
Europe prompted us to initiate a series of immune studies in a 21/2-year
semi-field study in which harbour seals were fed herring (Clupea harengus)
from the relatively uncontaminated Atlantic Ocean or the contaminated
Baltic Sea. Our aim was a carefully controlled captive feeding study which
mimicked ‘real world’ conditions for free-ranging populations of seals
exposed to PHAHs, rather than to directly dose the animals with pure
PCBs, which would have been unethical and reflected artificial and unrealistic
exposure regimens. In this chapter we present an overview of the results
obtained during the course of the study, compare these to results obtained
in a follow-up study using laboratory rats, and extrapolate our observations
to free-ranging populations of harbour seals (see reviews by De Swart et al.,
1996 and Ross et al., 1996a, b). For details on the ‘weight of evidence’ that
Ah-receptor-binding PCBs contributed to the severity of the 1988 mass
mortality in Europe, see Chapter 20 in this volume.
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An immunotoxicological feeding study in harbour seals
under semi-field conditions

Toxicological aspects

During a 21/2-year period, two groups of 11 harbour seals (seven females and
four males in each group) were fed herring, destined for human consump-
tion, from either the heavily polluted Baltic Sea or the relatively uncontam-
inated Atlantic Ocean. During this period, changes in immune function were
assessed (De Swart et al., 1994). The animals had been caught as weaned
pups off the relatively uncontaminated north-east coast of Scotland, and
were fed Atlantic Ocean herring for an adaptation period of 1 year prior to
this feeding study. Analyses of organochlorine contaminants were performed
on the fish fed throughout the experiment, and on seal blood and samples
taken during the final stages of the study (Table 21.1). The analyses of seal
diets indicated that estimated daily intakes of potential immunotoxic chem-
icals, including PCBs, PCDDs and PCDFs, hexachlorobenzene, dieldrin, β-
hexachlorocyclohexane and DDT, were three to more than ten times higher
in seals fed on Baltic herring. Estimated daily intakes of 2,3,7,8-TCDD toxic
equivalents (TEQ) of seals in this group were 288 ng TEQ/day, compared
to 29 ng TEQ/day for seals fed on Atlantic herring. Persistent compounds
such as p,p′-DDT and total PCBs were biomagnified from herring to seal
blood and blubber, whereas lipid-based levels of Ah-receptor-binding organ-
ochlorines (sum TEQ) were not higher in seals than in the fish which they
were fed. The latter finding confirms that seals have the capacity to metabol-
ize or excrete these planar compounds (De Wit et al., 1992). PCBs were the
overwhelming ‘TCDD-like’ chemical measured in the study seals (93 per
cent of sum TEQ compared to PCDDs and PCDFs). Sum TEQ levels in seal
blubber after 2 years on the respective diets were 209 ± 12 and 62 ± 4 ng
TEQ/kg lipid, respectively (Ross et al., 1995). Sum PCBs in the blubber of
seals fed Baltic herring were between 15 and 20 mg/kg bw (Table 21.1).

Table 21.1 Organochlorine contaminants in herring and in seal blubber or pooled
blood samples taken after 2 and 21/2 years on the different diets, respectively (after
De Swart et al., 1996)

Herringa Seal blubberb Seal blood c

Atlantic Baltic Atlantic Baltic Atlantic Baltic

Sum PCBsd 875 ± 158 4398 ± 715 6884 ± 493 16 488 ± 1023 7109 15 062
Sum TEQe 42 ± 4 426 ± 83 62 ± 4 209 ± 12 26 72
p,p′-DDTd 31 ± 3 272 ± 35 306 ± 55 2448 ± 368 89 552

a Mean ± SE of three batches of herring.
b Means ± SE of 11 seals (7 females, 4 males).
c Concentration in pooled blood sample of 11 seals.
d Levels in microgram per kilogram lipid.
e Levels in nanogram per kilogram of lipid.
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Ex vivo/in vitro and in vivo immune-function assays

To carry out immunotoxicological studies in seals, a series of immune-
function assays routinely used in immunotoxicology (Van Loveren and Vos,
1989; IPCS, 1996) were adapted for use in seals (De Swart et al., 1993, 1995c;
Ross et al., 1995, 1996c; Chapter 20 in this volume). For assessment of differ-
ent parameters of immune function, blood was sampled during the course
of the feeding experiment from both groups of seals every 6–9 weeks with
minimal capture stress. Samples for these assays were processed under code.

Table 21.2 Summary of immunotoxicological effects in a semi-field study of harbour
seals fed herring from the Baltic Seaa

Immune parameter Effect

NK cell activity ↓
T-cell mitogen response ↓
Mixed lymphocyte response ↓
Antigen-specific proliferation ↓
Delayed-type hypersensitivity ↓
Specific antibody production -/↓
Neutrophils in circulation ↑

a As compared to results of the group of seals fed herring from the relatively uncontaminated
Atlantic Ocean.

Results of the different immune-function assays are summarized in
Table 21.2. An early indication of a contaminant-related effect on immune
function was observed within 4–6 months of the start of the feeeding study,
when the natural killer (NK) activity of peripheral blood mononuclear cells
against YAC-1 tumour target cells proved to be reduced in the Baltic group
(De Swart et al., 1994; Ross et al., 1996c). During the course of the study,
the cytotoxic activity was consistently and significantly reduced to a level
approximately 25 per cent lower than that observed in seals fed Atlantic
herring. Interestingly, an apparent seasonal pattern emerged in the responses
of the seals in both groups, with the NK activity in winter being approxim-
ately half of that observed during the summer months (Figure 21.1).

Mitogen-induced T-lymphocyte proliferative responses began to decline
somewhat later (6–10 months) following the start of the experiment
(De Swart et al., 1994, 1995c). This was the first indication of impaired T-
lymphocyte responses: only responses induced by the T-cell mitogens con-
canavalin A (Con-A), phytohaemagglutinin (PHA) and pokeweed mitogen
(PWM) proved to be reduced. Responses to the B-cell mitogen, lipoly-
saccharide (LPS), were unaffected. While the results of these non-specific
tests of immune function indicated that contaminants in the Baltic herring
were immunotoxic, further evidence was provided when impaired mixed
lymphocyte reactions (MLR) and antigen-specific lymphocyte proliferative
responses were observed in the Baltic group (De Swart et al., 1995c). Because
the MLR reflects the capacity of T-lymphocytes to respond to allogeneic
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Figure 21.1 Natural killer (NK) cell activity of peripheral blood mononuclear cells is
impaired in harbour seals fed herring from the contaminated Baltic Sea
(squares) as compared to seals fed relatively uncontaminated herring
from the Atlantic Ocean (circles). Results are mean values and SE of 11
animals per group; split plot ANOVA, ** P < 0.01. (Adapted from Ross
et al., 1996c.)

lymphocytes, it may be considered a good parameter for T-cell function.
The impairment of ex vivo/in vitro antigen-specific proliferative responses to
rabies virus and tetanus toxoid antigens confirmed that specific immune
responses were impaired in the Baltic group of seals, although primary serum
antibody responses following immunization of the seals with rabies virus
antigen and tetanus were not reduced. Finally, impaired in vivo delayed-type
hypersensitivity (DTH) reactions, a parameter of cellular immunity, and im-
paired serum antibody responses to immunization with the protein ovalbumin,
a parameter of T-cell-dependent humoral immunity, provided evidence that
the immune system as a whole was less capable of responding to a foreign
substance in the seals fed fish from the Baltic Sea (Ross et al., 1995). The
DTH swelling was characterized by the infiltration of mononuclear cells in
the skin and a peak in skin thickness 24 h after intradermal ovalbumin injec-
tion, as in DTH reactions observed in other animals. Significantly elevated
numbers of circulating neutrophils may have reflected a compensatory
increase as result of suppression of thymus-dependent immunity, as is seen in
athymic animals (Vos et al., 1980), an immunosuppression-related increase
in the occurrence of bacterial infections in the Baltic group, or an effect of
contaminants on haematopoiesis in the bone marrow (De Swart et al., 1995b).
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Effect of short-term fasting on immune function

In order to assess any possible additional immunotoxic risk that free-
ranging seals might be exposed to during a fast-induced mobilization of
lipophilic compounds, we subjected the study animals of both groups to an
experimental fasting period. Following more than 2 years on their respective
diets, the seals were fasted for a period of 15 days and blood sampled for
a series of immune function assays (De Swart et al., 1995a). The animals
of both groups lost an average 11.1 kg bw, representing 16.5 per cent of
their body weights. Despite a significant mobilization of PCBs, DDT and
other contaminants from blubber during this period, no exacerbation of
the pre-existing contaminant-related impairment in immune function could
be detected. Interestingly, levels of Ah-binding PHAHs remained largely
unchanged in the serum of fasting animals, which may explain the lack of
immunotoxic effects observed. Alternatively, the kinetics of immunotoxicity
could have led to immune-function effects at a time point subsequent to
the sampling schedule. Taken together, these results suggest that short-term
fasting periods, which are normal for seals, may not pose a major additional
immunotoxic risk to seals with high organochlorine body burdens.

Feeding studies in rats to mimick the seal study

In order to expand our observations in seals, we carried out two long-term
feeding studies in which laboratory rats (PVG strain) were either: (1) fed a
diet consisting of freeze-dried herring, from the same two batches used in
the seal study; or (2) orally administered oil extracted from the Atlantic or
Baltic herring.

In the first of these studies, adult rats were fed the freeze-dried herring for
4 months. Rat cytomegalovirus (RCMV) titres in salivary glands were higher
in the group of rats fed fish from the Baltic Sea following experimental
infection, suggesting that contaminants may have affected the outcome of
this infection, although no clear immunosuppression could be detected using
immune-function assays (Ross et al., 1996d). Because immune-function
parameters were clearly impaired in seals, we concluded that the harbour
seal may be more sensitive than the rat to the immunotoxic effects of the
contaminants in the Baltic Sea herring. The relative insensitivity of the
adult rat to the effects of TCDD or TCDD-like compounds has been shown
in other studies (Vos et al., 1973; Kerkvliet et al., 1990; Smialowicz et al.,
1994), and perinatal exposure has been suggested to be a prerequisite to
low-level TCDD-induced immunotoxicity in rats (Vos and Moore, 1974).

For these reasons, a second experiment was carried out in which pregnant
PVG rats were dosed with the same Atlantic and Baltic Sea herring con-
taminant mixtures, and immune function was assessed in their pups (Ross
et al., 1997). In order to eliminate any possible dietary influence on immune
function other than lipophilic contaminant concentrations, oil was extracted
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from the two herring batches and administered orally to pregnant rats on a
daily basis. A positive control group was exposed to Atlantic herring oil
spiked with TCDD. Exposure began on day 6 of pregnancy and continued
through birth until the pups were weaned, resulting in prenatal placental
transfer and postnatal lactational exposure. Rat pups exposed to the Baltic
herring contaminant mixture had impaired cellular immune responses; this
being most pronounced at an early age. Effects on non-specific immune-
function parameters were characterized by impaired mitogen-induced T-
lymphocyte proliferative responses and thymus-related effects, suggesting
that developing thymocytes, or their precursors, were targeted. RCMV-
directed immune responses, including virus-associated NK activity and
specific antibody responses, were impaired in both the Baltic and TCDD
groups, whereas RCMV-specific T-lymphocyte proliferative responses were
affected in the TCDD group. Functional immune responses in the youngest
rat pups of the Baltic group fell consistently between the Atlantic group
and the positive control group (TCDD), but these differences became less
apparent with time. At the time of necropsy, RCMV titres were similar in
the salivary glands of all groups of experimentally infected rats, likely reflect-
ing the observed recovery of immune function with time. The 24-day half-
life of TCDD in rats (Rose et al., 1976), would lead to rapidly diminishing
contaminant burdens in the growing pups, essentially resulting in a removal
of the source of immunotoxicity in the study animals. The reversibility of
TCDD-induced thymus atrophy has been observed previously (Van Loveren
et al., 1991).

Conclusions

A virus-associated mass mortality among seals inhabiting north-western
Europe generated an interest in immunotoxicology in this species. A mor-
billivirus was isolated from victims, but a contribution of immunotoxic con-
taminants to the severity of the outbreaks could not be ruled out. Fish-eating
seals occupy high trophic levels in the aquatic food chain, and accumulate
high concentrations of polyhalogenated aromatic hydrocarbons (PHAHs),
including PCBs, PCDDs and PCDFs. Such chemicals have been found to be
immunotoxic at low doses in studies of laboratory animals.

To assess whether contaminants at ambient environmental levels can affect
immune function in seals, we carried out a semi-field immunotoxicological
study, in which captive harbour seals were fed herring from either relatively
uncontaminated sites of the Atlantic Ocean, or from the highly contam-
inated Baltic Sea. The seals that were fed contaminated Baltic Sea herring
accumulated significantly higher body burdens of potentially immunotoxic
organochlorines. Changes in immune function were monitored over a
21/2-year period by performing ex vivo/in vitro and in vivo immune-function
assays, comprising non-specific as well as specific T-cell-dependent cellular
and humoral immune responses. Seals from the Baltic group had impaired
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activity of natural killer (NK) cells and specific T-cell responses (mitogen-
induced T-lymphocyte proliferation, antigen-specific response, mixed lymph-
ocyte response, delayed-type hypersensitivity reaction and specific antibody
production to ovalbumin). NK cell function and T-cell function are both
crucial in vertebrates to anti-virus defences, including the clearance of morbil-
livirus infections.

Additional feeding studies in PVG rats using the same herring batches,
and TCDD as a positive control group, suggested that an effect at the level
of the thymus may be responsible for changes in cellular immunity, that
virus-specific immune responses may be impaired, and that perinatal exposure
to environmental contaminants represents a greater immunotoxic threat than
exposure as a juvenile or adult. Together with the pattern of TCDD toxic
equivalents of different PHAHs in the herring, these data indicate that cur-
rent concentrations of PCBs in the aquatic food chain in northern Europe
are immunotoxic to marine mammals.

Based on the combination of field, semi-field and laboratory studies car-
ried out here and elsewhere, we conclude that dioxin-like PCBs that accu-
mulated through the marine food chain aggravated the severity and extent
of the 1988 morbillivirus-related epizootic in seals. Because PCB concen-
trations in free-ranging harbour seals are higher in many areas of northern
Europe than in the immunosuppressed Baltic group, many populations may
be at continued risk to immunotoxicity (Figure 21.2). This may result in

Figure 21.2 Recent mean concentrations of PCBs in blubber of harbour seals are
higher in many areas of northern Europe and North America than in
the immunosuppressed harbour seals of the captive feeding study (box
insert at lower right). Data were compiled on the basis of sum PCBs in
blubber expressed on a lipid weight basis. (For more details see review
by Ross et al., 1996a.)

Ve
tB

oo
ks

.ir



Semi-field immunotoxicity study in harbour seals 567

diminished host resistance and an increased incidence and severity of infec-
tious disease, the more so as free-ranging animals are exposed in a manner
(i.e. pre- and postnatally) that ensures a more profound immunotoxicity
than exposure of young adults in our semi-field study.
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22 Immunotoxicology of
free-ranging pinnipeds:
Approaches to study design

Peter S. Ross, Kimberlee B. Beckmen
and Stéphane Pillet

Introduction: Seals, pollution and disease

The 1988 phocine distemper virus (PDV) epizootic which killed 20 000 har-
bour seals (Phoca vitulina) and several hundred grey seals (Halichoerus grypus)
in northern Europe catapulted the issue of immunotoxicity into the public
domain (Dietz et al., 1989a). The toxic effects of low levels of many persistent
organic pollutants (POPs) on the immune system have been clearly demon-
strated in laboratory animals (Vos and Luster, 1989), and many immunotoxic
contaminants were present at high levels in the blubber of pinnipeds inhab-
iting the areas affected by the virus (Hall et al., 1992a; Hutchinson and
Simmonds, 1994; Olsson, 1994). An additional mortality of 10 000 Baikal
seals (Pusa sibirica) in 1987–88 was attributed to canine distemper virus, or
CDV (Grachev et al., 1989; Visser et al., 1990), which, along with PDV, is a
member of the genus Morbillivirus (Osterhaus et al., 1995). Baikal seals have
since been shown to be highly contaminated with POPs (Nakata et al., 1997).

Although the pathogen responsible for the northern European die-off
of harbour and grey seals represented a newly identified virus (Mahy et al.,
1988; Osterhaus et al., 1988) which struck an immunologically naïve
(seronegative) population (Osterhaus et al., 1989), subsequent serological
work has determined that members of the genus Morbillivirus are enzootic
in many apparently unaffected, free-ranging populations of pinnipeds
inhabiting less-contaminated parts of the world (Dietz et al., 1989b; Ross
et al., 1992; Duignan et al., 1997). Although no clear evidence of a contribu-
tory role of immunotoxic pollutants to the European or Baikal disease events
existed, the results of laboratory animal studies, coupled with the context of
a severe disease outbreak in relatively contaminated groups of free-ranging
seals, provided considerable grounds for speculation.

Diseases play a role in the natural ecology of pinniped populations, with
bacterial, viral and parasitic infections affecting the health and survival
of susceptible individuals, and pups and juveniles in particular (Baker, 1984,
1989; Geraci and St Aubin, 1987; Hall et al., 1992b; Garner et al., 1997).
Whereas a disease outbreak represents a complex ecological event, the
immune system represents the functional barrier which is designed to control
the invasion and spread of pathogens. A contaminant-related disruption of
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this physiological system can therefore predispose affected animals to an
increased severity of disease, and lead to elevated mortality rates in a study
group, and by extension, population (Loose et al., 1978; Luster et al., 1993;
Lebrec and Burleson, 1994).

There is ample reason to examine the issue of contaminant-related
immunotoxicity in pinnipeds. Most members of this group occupy high
trophic levels in the aquatic environment. As primarily fish-eating animals,
pinnipeds can be exposed to elevated levels of the POPs which bioaccumulate
through the food chain. Despite usage restrictions which were implemented
in the 1970s, chemicals such as the polychlorinated biphenyls (PCBs) and
the dichlorodiphenyl-trichloroethane (DDT) group continue to be found at
high concentrations in the tissues of pinniped populations inhabiting coastal
waters adjacent to industrialized nations, and at moderately high concentra-
tions even in remote regions of the planet (Hutchinson and Simmonds, 1994;
Addison and Smith, 1998).

Accumulating evidence from the past three decades suggests that ambient
levels of contaminants have caused a number of abnormalities, including
reproductive impairment, skeletal malformations, and skin, claw and uterine
lesions among the ringed (Pusa hispida), grey and harbour seals of northern
Europe (Helle et al., 1976; Reijnders, 1980; Bergman and Olsson, 1985;
Olsson et al., 1994), and California sea lions (Zalophus californianus) and
northern elephant seals (Mirounga angustirostris) in the eastern Pacific Ocean
(Delong et al., 1973; Gilmartin et al., 1976; Beckmen et al., 1997). Along
with studies of fish-eating birds, which have more definitively demonstrated
an adverse effect of environmental contaminants in wildlife (Gilbertson
et al., 1991; Tillitt et al., 1992; Fry, 1995), including immunotoxicity (Grasman
et al., 1996), it has become clear that high trophic level wildlife species are
particularly prone to the effects of the POPs, and PCBs in particular.

Despite a number of attempts to assess the relationship between contamin-
ants, immune function and outbreaks of infectious disease in pinnipeds and
other marine mammal species, considerable challenges have prevented much
progress in this subject area. These include:

(1) the dynamic nature of the vertebrate immune system, which is in a con-
stant state of flux, with positive and negative feedback systems, and a
degree of redundancy;

(2) the interactive relationship between a pathogen and a host population,
which depends, in part, on poorly understood genetic, social, behavioural,
seasonal, and age and sex-related factors in the population in question;

(3) a limited capacity to assess the significance of the relationship between
immune function parameters measured in pinnipeds and a susceptibility
to infection by a pathogen (host resistance);

(4) the small number of specialized reagents available to characterize the
components of the pinniped immune system; and

(5) a limited understanding of pinniped immunology.
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Overcoming these challenges is critical in immunotoxicological studies of
pinnipeds. In this chapter, we will summarize some of the immunological
research carried out to date on free-ranging pinnipeds, place this in the con-
text of what we know about immunotoxicology in both laboratory animals
and captive harbour seals, and present the reader with an overview of test
methods and strategies available for studies of free-ranging pinnipeds. This
chapter will hopefully provide a basic practical guide to those interested in
carrying out immunotoxicological or immunological research in captive or
free-ranging pinnipeds.

The immunotoxicity of contaminants to laboratory animals
and captive pinnipeds

Many hundreds of laboratory animal studies have demonstrated the
immunotoxic potential of heavy metals, organochlorine chemicals and pesti-
cides, but the dioxin-like compounds have been found to be particularly
active (Vos and De Roij, 1972; Vos et al., 1973; Luster et al., 1978; Tryphonas
et al., 1991). Some of the 419 different PCB, polychlorinated dibenzo-p-
dioxin (PCDD) and polychlorinated dibenzofuran (PCDF) congeners share
a similar planar conformation, which facilitates a toxicity mediated via the
intracellular aryl hydrocarbon (Ah) receptor in mammalian tissues (Safe,
1990). Immunotoxicity of these chemicals has been shown to be largely
mediated in this manner (Silkworth and Grabstein, 1982; Silkworth et al.,
1986), highlighting the risk that these ‘dioxin-like’ compounds present to
wildlife in contaminated areas.

Our knowledge of contaminant-associated immunotoxicity in pinnipeds
was greatly enhanced when a comprehensive captive feeding study was carried
out in 1990–94. Even though the two groups, of 11 harbour seals each, were
not free-ranging during the study, their respective ‘contaminated’ and ‘relat-
ively uncontaminated’ diets of herring (Clupea harengus) had originated
from the Baltic Sea and north Atlantic Ocean, and were destined for human
consumption. The contaminant mixtures to which the seals were exposed,
therefore, were representative of those to which free-ranging harbour, ringed
and grey seals inhabiting the coastal waters of northern Europe were exposed.
The captive design of the study enabled a rapid collection of high-quality
blood samples from all animals and the implementation of concurrent
immune-function tests in vitro, and helped to generate reproducible and
comparable data. This study is described in greater detail in other chapters,
so will only be mentioned briefly here. In the study, seals fed herring from
the contaminated Baltic Sea had diminished natural killer cell (NK) activity
in vitro (Ross et al., 1996a) and T-lymphocyte responses in vitro (De Swart
et al., 1994; De Swart et al., 1995a) and in vivo (Ross et al., 1995), and the
authors concluded that contaminant-related immunotoxicity represented a
real risk to free-ranging pinnipeds and may have played a role in the 1988
PDV epizootic (reviewed by De Swart et al., 1996; Ross et al., 1996b, c).
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Immune function in free-ranging pinnipeds

There are 33 species of pinnipeds, including 18 phocid or true seals, 14 otariid
or eared seals, and the walrus (Odobenus rosmarus). However, immunological
studies have only been carried out in a few of these, including the (phocid)
harbour, grey and northern elephant seals, and the (otariid) northern fur
seal (Callorhinus ursinus) (Cavagnolo and Vedros, 1979; De Swart et al.,
1993; Ross et al., 1993, 1994; King et al., 1994, 1998; Nielsen, 1995; Pillet
et al., 2000). These studies have shown that pinnipeds have lymphoid
tissues, leucocyte subpopulations, immunoglobulin classes and functional
immune system components which are similar to those in other vertebrates,
although species-specific differences exist in leucocyte surface markers
and immunoglobulin binding affinities. Although these differences limit the
application of some of the tests used in other species, many of the functional
tests for immunological assessment used routinely in human and veterinary
studies can be, and have been, successfully adapted for use in pinnipeds.

Obtaining high-quality immune-function information from study subjects
represents the greatest challenge in studies of pinniped immunotoxicology.
Since inter-assay test results vary a great deal, most functional tests on a
group of animals should be considered as ‘relative’ and carried out concur-
rently. If the study involves captive pinnipeds, blood samples can generally
be obtained quickly and the tests carried out either the same day or the next
day. In this case, care should be taken to minimize handling stress, and the
blood should be taken quickly. Multiple prodding with needles and low
ambient air temperatures can cause platelet activation and clotting, and lead
to a low peripheral blood mononuclear cell (PBMC) yield (Ross, 1990;
Ross et al., 1993). Physiological stress can lead to profile shifts in circulat-
ing leucocytes (Thomson and Geraci, 1986). Captive studies using fresh
PBMC and concurrent evaluation by functional assay can lead to highly
reproducible results in pinnipeds, and were successfully used in the captive
immunotoxicological study of harbour seals in The Netherlands.

Obtaining such reproducible and comparable results from free-ranging
pinnipeds is fraught with difficulty, but is possible. Some strategies have
been developed which have generated biologically relevant immune-
function results from harbour seals. Immediately following the 1988 PDV
epizootic in northern Europe, researchers carried out two studies of immune
function in female harbour seals and their pups on Sable Island, Nova
Scotia, Canada (Ross, 1990; Ross et al., 1993, 1994). Mother–pup pairs
were live-captured immediately following birth, marked for identification
purposes, and both were sampled for blood, while the mother was also
sampled for milk. They were released after sampling, and recaptured several
times during the nursing period. In an electricity-supplied field laboratory, a
total leucocyte count was carried out, and a blood smear made on a glass
microscope slide for later Giemsa stain and differential counts of leucocyte
subpopulations. Peripheral blood mononuclear cells were separated from
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heparinized whole blood samples by density gradient separation using
a centrifuge. Peripheral blood mononuclear cells were then washed and
resuspended in cryopreservation medium, transferred to cryovials, and placed
into liquid nitrogen at a controlled rate. Serum and milk samples were
frozen in a −20°C freezer for later total and specific antibody determinations.
These field sampling procedures allowed for the collection of all the required
samples, and would later enable the researchers to evaluate the functionality
of PBMC in concurrent in vitro lymphoproliferative assays at a dedicated
laboratory facility with sterile cell culture technologies and radiolabel
facilities.

In addition, researchers also evaluated the ability of free-ranging harbour
seal pups on Sable Island to mount a specific antibody response to an
inactivated human rabies vaccine (Ross et al., 1994). For this, groups of
marked pups were immunized at different ages, and were recaptured for
blood sampling 10 days later. Results were compared to those obtained in a
parallel series of immunizations in cats and dogs of the same age as the seal
pups tested. Together with the results of lymphoproliferative tests using
cryopreserved PBMC, this study suggested that the newborn harbour seal
pup is relatively immunocompetent compared to other mammals. These
studies suggest that a cross-section of immune function tests can yield bio-
logically and ecologically relevant information in a relatively uncontaminated
population of harbour seals. Although carrying out studies in harbour seals
from other study areas or in other pinniped species might be exceedingly
difficult, the nature of the Sable Island harbour seal population afforded
researchers a unique opportunity to recapture and sample tagged individuals
on a regular basis.

The pollution–immune function link in free-ranging pinnipeds

Immunotoxicological studies in free-ranging pinnipeds are in their infancy.
Two general strategies have been developed to assess immune function in
free-ranging pinnipeds in the context of contaminants. Because it is con-
sidered imperative to carry out laboratory-based immune-function assays
all at the same time, samples must either all be collected within hours of
each other and processed within 24 hours at a cell culture laboratory, or
collected on separate occasions and cryopreserved for later assessment at a
laboratory. The fat-soluble POPs are quantified in blood, milk and/or blubber
biopsies taken aseptically, and are normally expressed on a lipid weight basis.
Because the capture of all study animals at the same time can only be carried
out under exceptional circumstances for most pinnipeds, the cryopreservation
of PBMC represents the simplest strategy. In addition, under isolated field
conditions, distance to a dedicated immunological laboratory may neces-
sitate cryopreservation of PBMC for storage and transportation.

Cryopreservation of PBMC in the field is being used to assess the rela-
tionship between contaminants and immune function in free-ranging northern
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fur seal pups in the Pribilof Islands, Alaska, USA. Commercially available
PBMC preparation tubes containing acid citrate dextrose and a density
gradient have made it possible to isolate and cryopreserve these cells
from many individuals and at repeated time points (Blanchard and Stott,
1998). Lymphoproliferative assays are conducted simultaneously on all
samples at a later date in a distant laboratory. A colorimetric enzyme-
linked immunosorbent assay (ELISA) BrdU (5-bromo-2′-deoxyuridine)
immunoassay kit has lowered the cost and also removed need for
[3H]thymidine uptake assays. The study incorporated mitogen-induced
lymphoproliferative assays to evaluate cell-mediated immune function along
with other assessments of humoral immune function and health. After blood
sampling, neonates were vaccinated with a benign antigen, tetanus toxoid,
to stimulate antibody production and evaluate adaptive immunity. Blood
was collected 4–6 weeks later in the nursing period. Tetanus antibodies
were detected by ELISA (Ham-Lammé et al., 2001). Changes in total
immunoglobulin levels, serum haptoglobin levels and differential leucocyte
counts were evaluated for indications of inflammatory reactions (such as a
secondary response to opportunistic bacterial infections). Concentrations
of selected PCB congeners and DDT metabolites in whole blood of pups
and milk of their dams were measured to assess exposure level to these
contaminants. Contaminant concentrations were determined by using rapid
high-performance liquid chromatography coupled with a photodiode array
detection method (Krahn et al., 1994). First-born fur seal pups had the
highest exposures from milk as expected but the levels of contaminants
detected in pup blood were highest during the perinatal period (Beckmen
et al., 1999). Pups of old, multiparous dams had significantly lower peri-
natal exposure. Preliminary data analysis shows that the pups in the high-
exposure group had significantly lower antibody production to vaccination
and increased inflammatory responses later in the nursing period. Preliminary
results of the in vitro lymphoproliferative responses to Con-A were similar
to the captive harbour seal study described previously, and showed a negative
correlation between lymphocyte function and PCB-congener concentrations
in whole blood. Studies are ongoing to further define the subtle effects
of contaminant exposure on the developing immune system in free-ranging
northern fur seals and the endangered Steller’s sea lion (Eumetopias jubatus)
in Alaska.

A study has been carried out in which harbour seal pups from three
locations in the Strait of Georgia, British Columbia, Canada, were captured
and temporarily housed in pools for immunotoxicological assessment.
This strategy was adopted in order to minimize the negative effects of
cryopreservation on PBMC viability, and to allow concurrent blood samp-
lings from all study animals for immediate immune function testing. It was
assumed that any contaminant-related immunotoxicity as a result of matern-
ally derived contaminants would be lasting, and would be detectable in pups
during their 6 weeks in captivity. Weekly and concurrent blood samplings
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were drawn for a series of in vitro tests, including natural killer (NK)
cell function, and lymphoproliferative responses to mitogens (Con-A, PHA,
PWM and LPS) and antigens (ovalbumin, inactivated rabies vaccine)
following immunization. A blubber biopsy was taken for congener-specific
analysis of PCBs, PCDDs and PCDFs. Total PCB concentrations, and
total dioxin toxic equivalents (TEQ) calculated from international toxic
equivalency factors (TEFs) for dioxin-like PCBs (IUPAC numbers for
non-ortho PCBs: 77, 126, 169; mono-ortho PCBs: 105, 114, 118, 123, 156,
157, 167, 189; di-ortho PCBs 170 and 180; plus the 2,3,7,8-Cl substituted
PCDDs and PCDFs) (Van Zorge et al., 1989; Ahlborg et al., 1994), were
then compared to immune function results in a correlative approach [note:
TEFs have since been revised by an international group (Van den Berg
et al., 1998)]. In a preliminary assessment of results, a negative correlation
between T-lymphocyte function, as assessed by in vitro lymphoproliferative
responses to the mitogen Con-A, and total TEQ was observed (Ross et al.,
1997).

Grey seal mother–pup pairs were live-captured in an effort to assess
whether contaminant-related immunotoxicity might be playing a role in
various non-specific infections among newborns on the Isle of May in Scot-
land (Hall et al., 1996). The authors did not find a relationship between the
cumulative lactational dose of organochlorine contaminants (as measured
by ‘dioxin-like’ PCBs) and prevalence of infection or alterations in blood
haematology or serum chemistry. The changes in haematology, serum
chemistry and immune function observed in developing (nursing) pinnipeds
(Ross et al., 1993; Ross et al., 1994; Hall et al., 1996; Simms and Ross,
2000), coupled with the involvement of uncontrolled pathogens in the study
animals, may have masked an effect of contaminants. None the less, such an
approach provides useful ancillary information on free-ranging pinnipeds,
and provides background information for future studies.

In vitro exposures to environmentally relevant concentrations
of contaminants

The development of in vitro models for immunotoxicity testing have proven
advantageous by enabling a greater understanding of the mechanisms
underlying observations of immunotoxicity, particularly in humans and
wildlife where ethical limitations preclude in vivo experimentation (Wood
et al., 1992). A good example of the utility of in vitro testing is the increas-
ing recognition of programmed cell death (apoptosis) as a mechanism in
immunotoxicity (Azzouzzi et al., 1992; Corcoran et al., 1994). In vitro expos-
ures also provide a means of addressing mechanisms and effects under
controlled conditions, something that may be lacking in field studies. This
ability to perform in vitro exposures under carefully controlled conditions
can therefore generate direct relationships between variables and effects,
and can help to more directly determine the mechanisms of toxicity.
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Studies of pinnipeds may expose either fresh or cryopreserved leucocytes
obtained from free-ranging animals to single chemicals in vitro in an effort
to understand certain compound-related toxicities, or to complex contamin-
ant mixtures in vitro at doses which mimic those found in free-ranging
populations. Advantages include the ability to examine the individual com-
ponents of the complex mixtures to which pinnipeds are exposed; the ability
to examine the modulatory effects of factors other than contaminants,
such as sex and various hormones; and the capacity to compare the func-
tionality of exposed to unexposed cells from the same animal (e.g. as a
percentage of the latter). Such methods were used in studies that found that
in vitro exposures to environmentally relevant concentrations of heavy
metals or organochlorine compounds impaired the proliferative responses
of splenocytes and thymocytes isolated from beluga whales (Delphinapterus
leucas) (De Guise et al., 1996, 1998), and that methylmercury is genotoxic
to bottlenose dolphin (Tursiops truncatus) lymphocytes, using the Comet
single-cell microgel electrophoresis assay (Betti and Nigro, 1996).

Little in vitro work has been carried out using pinniped cells. Using fresh
peripheral blood leucocytes from harbour and grey seals live-captured in the
St. Lawrence estuary (Quebec, Canada), Pillet et al. (2000) demonstrated
that the phagocytic activity of granulocytes from adult females of both
species increased following in vitro exposure to physiological concentrations
of Zn, whereas cells from males or immature females were unaffected by the
exposure (Pillet et al., 2000). Phagocytosis plays a critical role in both non-
specific and specific immune responses of mammals, and represents a major
first line of defence against invading agents, particularly bacteria (Van Oss,
1987). While the interaction between reproductive hormones and immune
function have been well established in other species (Schuurs and Verheul,
1990; Magnusson, 1991), these findings suggest a possible interaction among
contaminants, reproductive hormones and immune function. In vitro experi-
ments provide a means of addressing such issues under controlled condi-
tions, something that would be impossible in the field.

In vitro exposures have also been used in order to demonstrate and
characterize the induction of metallothioneins (MTHs) in peripheral blood
leucocytes from grey seals (Pillet et al., 2001). Metallothioneins are known
to strongly modulate the toxicity of heavy metals (Klassen and Liu, 1998).
More recently, these proteins have been demonstrated to modulate import-
ant immune functions (Lynes et al., 1993; Crowthers et al., 2000). In vitro
exposures of grey seal peripheral blood leucocytes to Zn and Cd induced
intracellular metallothioneins in grey seal PBMC (Klassen and Liu, 1998).
This increase was dependent on the dose, duration of exposure, metal
species and the leucocyte subpopulation in question. The relative level of
intracellular metallothioneins in monocytes following in vitro exposure
to the metal was approximately twice the level in lymphocytes. Moreover,
comparative studies suggested that grey seal PBMC are less sensitive to Cd
exposure than human lymphocytes (Klassen and Liu, 1998). Aside from
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providing us with a tool to improve the use of MTH as a biomarker of
heavy metal exposure, this approach provides an additional measure of
possible immunotoxicity of heavy metals in pinnipeds. In vitro experiments
are therefore of value in assessing such factors as inter-species differences in
sensitivity and gender-based differences.

Because such in vitro approaches enable an evaluation of contaminant
exposures which are environmentally relevant, there is a distinct need for
more data on concentrations of contaminants in the blood of free-ranging
pinnipeds. Current approaches to contaminant measurement and reporting
in pinnipeds generally rely upon concentrations in blubber, which may not
accurately reflect the circulating, hence more bioavailable, contaminants in
pinnipeds. In addition, there is a need for more research on the physiolo-
gical factors that affect the bioavailability of contaminants, because these
may modulate the toxicity of certain contaminants, e.g. metallothionein bind-
ing of heavy metals and the dynamics of organochlorine mobilization dur-
ing fasting periods (Kimura, 1991; Chan et al., 1993; Lynes et al., 1993; De
Swart et al., 1995b). Further work on in vitro exposures of leucocytes and
other cells isolated from pinnipeds may help to elucidate priority contamin-
ants in complex environmental mixtures, and assist in the delineation of
mechanisms of immunotoxic action.

Designing an immunotoxicological study of free-ranging pinnipeds

Designing an immunotoxicological study for application to a free-ranging
population of pinnipeds requires that researchers consider:

(1) the practical elements involved in capturing study subjects and obtain-
ing appropriate samples in the field, while minimizing confounding
factors;

(2) the logistical details involved in the initial field processing of samples,
appropriate storage of these samples, and transportation to a dedicated
immunological laboratory;

(3) the selection of a suitable battery of immune-function tests which will
provide an overview of the immune system; and

(4) the selection of additional tests which will complement the immune-
function information and provide details on other aspects of health,
disease prevalence and other possible toxicities.

A combination of access to good samples obtained from pinnipeds in
the field (or pinnipeds in a captive setting), and the availability of a well-
supplied cell culture laboratory, represents a fundamental backdrop for
immunotoxicological studies in pinnipeds (Figure 22.1). Table 22.1 provides
the reader with some practical considerations which should be taken into
account in designing an immunotoxicological study in a free-ranging
population of pinnipeds. Failure to address such issues adequately will likely
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Field Laboratory

Cell Culture Laboratory

Blood sample Centrifuge

Plasma

PBMC

Density gradient

rbc, granulocytes

Liquid
N2

Fresh cells
(immediate lab work)

Cryopreservation:
stored cells (lab work

within 12 months)

Wash, count, adjust
concentration of PBMC

1.  Proliferation
(T, B cells)

2.  Cytotoxicity
(NK cells)

3.  Measurement of Igs, cytokines

96-well plate PBMC +  labelled
tumour target cells

96-well plate
PBMC + mitogens

−20°C
Freezer

Figure 22.1 Immunological or immunotoxicological studies carried out in free-
ranging pinnipeds have combined strong field programmes with access
to high-quality samples and a cell culture laboratory in which assays
of immune function are possible. Where distance to such a laboratory
is great, or where sample collections span a number of days,
cryopreservation of peripheral blood mononuclear cells (PBMC) pro-
vides a useful means of standardizing collection and subsequent assay.
Plasma can be used for the measurement of immunoglobulins (Igs),
cytokines and hormones. Abbreviations: rbc, red blood cells; NK cells,
natural killer cells Igs, immunoglobulins; PBMC, peripheral blood
mononuclear cells.

interfere with immune-function results, and diminish the interpretative power
of the study.

A large number of immune-function tests can be applied to a study of
pinnipeds, making a selection of relevant tests an important component of
project design. Tiered series of immunological assessment tests have been
designed in Europe and the US for laboratory animal studies aimed at
screening for the immunotoxicity of individual chemicals. The rat has been
selected as the study animal of choice in Europe, owing to its wide use in
other toxicological tests. In this case, Tier I consists of immunopathology
and serum immunoglobulin quantification, and Tier II consists of a compre-
hensive screen of cell- and humoral-mediated immunity, macrophage func-
tion, natural killer cell function and host resistance (Vos and Van Loveren,
1987).
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Table 22.1 The challenges faced when obtaining samples for immunotoxicological
studies of pinnipeds must be dealt with directly: many factors threaten the viability
of immune-function test results. Steps must be taken which either minimize or
eliminate these potentially confounding factors, or take them into account, so that a
later evaluation can evaluate their possible interference in study results

Problem

Age

Sex

Season

Stress

Condition

Sampling
times

Clotting
of blood
or PBMC

Course of action

Choose same-age animals (e.g. weaned pups; yearlings; juveniles)
Choose known-age animals (e.g. tagged, tattooed)
Remove a tooth for ageing by counting of growth layers

Choose immatures
Choose same-sex adults
Take reproductive cycle into account

Avoid, or take into account, effects of oestrus, pupping, nursing,
moulting, fasting and mating
Carry study out in a short time within one season

Capture quickly
Minimize handling time, handle quietly and with care
Release immediately following sampling

Avoid non-normal study candidates (i.e. sick or stranded individuals)
Obtain body weights and condition indices
Obtain indication of blubber thickness
Conduct physical exam; record scars, wounds, abrasions; eye, skin or
oral lesions; umbilicus status (in pups)
Carry out clinical haematology and serum chemistry
Screen serum for antibodies to known pinniped pathogens
(e.g. morbillivirus; leptospirosis, brucella)

Attempt to obtain all samples at the same time in order to allow
concurrent evaluation in functional assays using fresh PBMC
Cryopreserve PBMC (liquid N2) in the field and store until all
samples can be evaluated at the same time

Keep sampling needles, syringes and collection tubes at room
temperature
Add anticoagulant to collection supplies if using syringes
Add anticoagulant to dilution and washing medium during PBMC
density gradient separation

Mice have been selected as the study animal of choice in the US, largely
because of the availability of a large number of immunological reagents.
The test battery consists of a Tier I evaluation (screen) of immunopathology,
humoral- and cell-mediated immunity, and non-specific immunity. A Tier II
evaluation (comprehensive), of more detailed immunopathology, humoral-
and cell-mediated immunity, non-specific immunity and host resistance
models, is carried out if Tier I reveals an immunotoxic effect for a chemical
(Luster et al., 1988). Tier I has proven consistently successful in identifying
the immunotoxic properties of the more potent chemicals, whereas Tier II is
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required to identify weaker immunotoxicants and also provides more detailed
information on the effect and its significance to the host (Luster et al., 1988).
Analysis of results obtained from many different chemicals has revealed a
good correlation between immune function and host resistance tests, although
some tests of immune function have been more predictive than others for
altered host resistance (Luster et al., 1993).

A tiered approach to immunological assessment can provide considerable
information about the immunotoxic potential of certain individual chemicals,
but the invasive nature of the methods used with laboratory rodents is
not legally or ethically acceptable for application to pinnipeds under most
circumstances. In addition, the nature of the question in pinnipeds is funda-
mentally different. Rather than trying to determine whether a one-time
exposure to a certain chemical is immunotoxic, as assessed at one or more
time points post-dosing, pinniped toxicologists are attempting to under-
stand the immunotoxic effects of chronic exposures to a complex ‘real world’
mixture of environmental contaminants. An adaptation of these tiered
approaches for use in either captive or free-ranging pinnipeds is necessary,
depending on the particular circumstances of the study area and the species
involved. Laboratory animal studies have identified the importance of dioxin-
like effects of PCBs, PCDDs and PCDFs on the immune system, underlin-
ing the importance of including tests which assess the thymus-associated
and T-lymphocyte-mediated responses. It is also important to include a
cross-section of tests which are sensitive, relevant, functional and predictive
for diminished host resistance.

We present here a battery of immune function tests that have been carried
out successfully in harbour seals, which can provide guidance for future
studies in pinniped immunotoxicology (Table 22.2). While this battery of
tests is aimed at assessing immune function in free-ranging pinnipeds, it
should also be noted that retinoids (e.g. vitamin A or retinol) and thyroid
hormones have been proposed as ‘biomarkers’ of exposure to PCBs and
related POPs (Brouwer et al., 1989; Hall et al., 1998; Woldstad and Jenssen,
1999; Rolland, 2000; Simms et al., 2000; Simms and Ross, 2001). Because
both contaminants and these bioactive factors interact with the immune
system, their measurement should be included in any immunotoxicological
study of free-ranging pinnipeds.

Pinniped immunotoxicology is a challenging field, with considerable
uncertainties, confounding factors and methodological constraints which
limit our capacity to establish cause-and-effect relationships, mechanisms
of action, and understand the significance of results in the context of host
resistance. Ultimately, however, a ‘weight of evidence’ approach represents
a useful global means of examining the risk of an adverse effect of contam-
inants in a given population and identifying putative chemicals responsible
for effects observed (Ross, 2000). In the absence of conclusive data which
directly implicates contaminant-related immunotoxicity in the outcome of a
disease event (such data are highly unlikely), information from several sources
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Table 22.2 A proposed battery of tests for assessment of immune function in captive
or free-ranging pinnipeds using minimally invasive sampling techniques. Most tests
rely upon the collection of plasma and anticoagulated (e.g. heparinized) whole blood
for subsequent density gradient isolation of peripheral blood mononuclear cells
(PBMC), as indicated in the column headed ‘in vitro’. Tests for specific and systemic
immune responses normally entail an immunization prior to the later collection of
blood, or the carrying out of a skin test (e.g. 10–14 days post-immunization), as
indicated in both the ‘in vitro’ and ‘in vivo’ columns below. Most tests listed have
been successfully applied to harbour seals, and should be suitable for use in any
pinniped species. Fresh or cryopreserved PBMC can be used in lymphoproliferative
assays. In the absence of species-specific monoclonal antibodies needed for detailed
quantification of immunoglobulins, protein A from Staphylococcus aureus can be
used for estimating total and specific IgG levels

Haematology

Non-specific
immunity

Cell-mediated
immunity

Humoral
immunity

Abbreviations: NK, natural killer; PBMC, peripheral blood mononuclear cell; 51Cr, chromium-51; FACS,
fluorescence-activated cell scan; Con-A, concanavalin A; PHA, phytohaemagglutinin; PWM, pokeweed
mitogen; LPS, lipopolysaccharide; DTH, delayed-type hypersensitivity; Ig, immunoglobulin (G, A, M);
ELISA, enzyme-linked immunosorbent assay; E-rosette, erythrocyte rosette; SRBC, sheep red blood cell.
References: 1 De Swart et al. (1995c); 2 Nielsen (1995); 3 Ross et al. (1996a); 4 De Guise et al. (1995);
5 DiMolfetto-Landon et al. (1995); 6 De Swart et al. (1994); 7 Ross et al. (1994); 8 De Swart et al. (1995a);
9 Ross et al. (1995).
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2

3

4

5

6,7

8

8

9

7

6,8

8,9

In
vivo

X

X

X

In
vitro

X

X

X

X

X

X

X

X

X

X

X

X

X

Description of immune function test

Enumeration of lymphocytes, monocytes, neutrophils,
basophils and eosinophils
E-rosette test with SRBC

Natural killer cell function (NK) using PBMC from
whole blood and 51Cr-labelled selected tumour target cell
line (e.g. YAC-1, P815, K-562) in cytotoxicity assay
Phagocytosis by PBMC of fluorescent bacteria or latex
beads and analysis by FACS
Cytokine receptor expression (e.g. IL-2)

Lymphoproliferative responses of PBMC to T-cell-
dependent mitogens (Con-A, PHA, PWM)
Mixed lymphocyte reaction (MLR) using PBMC and
allogeneic leucocytes or a cell line (e.g. PV1.P1)
Lymphoproliferative responses of PBMC to specific
antigens (e.g. tetanus toxoid, inactivated rabies or polio
vaccine) following immunization
DTH skin responses to antigen applied intradermally to
flipper webbing following immunization with antigen
(e.g. ovalbumin)

Total serum IgG estimation using protein A-binding
ELISA
If reagents available, quantification of total serum IgG,
IgM and IgA levels using species-specific monoclonal
antibodies
Lymphoproliferative responses of PBMC to B-cell-
dependent mitogens (LPS, PWM)
Specific serum antibody responses using protein A
or species-specific monoclonal antibodies following
immunization with antigen (ovalbumin) or inactivated
vaccine (rabies, tetanus toxoid or polio)
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should be considered together. These have been adapted from elsewhere
(Ross, 2000) to include:

(1) the laboratory animal studies which demonstrate the immunotoxicity of
single chemicals and/or complex mixtures in vitro and in vivo;

(2) the concentrations of immunotoxic chemicals in the tissues (blubber,
blood, liver, etc.) of the pinniped population in question, and their
relationship to concentrations which proved immunotoxic to captive
harbour seals; and

(3) the strength of the evidence of contaminant-related toxicities in the
population in question, including immunotoxicity, endocrine disruption
and disease outcomes.

Conclusions

While the immunotoxicity of many of the contaminants found in pinnipeds
has been established in laboratory animal studies, demonstrating their effects
in free-ranging pinnipeds is considerably more challenging. The complex
mixtures of many hundreds of contaminants found in the tissues of pinnipeds
and the difficulties in assessing immune function under conditions which are
far from controlled, represent serious obstacles to researchers (Ross et al.,
2000; O’Shea, 2000). The immune system of mammals is reasonably well
conserved, allowing for a large degree of inter-species comparison and
extrapolation, as well as the adaptation of a number of existing assays for
immune function in other species to the less-studied pinnipeds. However,
evolutionary adaptations to the physiological and ecological demands of
a largely marine existence, together with species-specific differences in, for
example, leucocyte surface markers, and immunoglobulin and cytokine struc-
ture, complicate immunotoxicological studies in pinnipeds. Basic advances
in the field of pinniped immunology have arisen from the successful adapta-
tion of a battery of veterinary diagnostic and clinical tests to studies of both
captive and free-ranging pinnipeds.

In the ‘real world’ of highly complex contaminant mixtures, pinnipeds are
exposed to elevated concentrations of fat-soluble contaminants, including
the immunotoxic PCBs, PCDDs and PCDFs, the organochlorine pesticides,
and certain metals. Although still in their infancy, substantial progress has
been made in recent years in the areas of immunology and immunotoxicology
using both captive and free-ranging pinnipeds. Current approaches to studies
of free-ranging pinniped populations rely on correlations which attempt to
link contaminant levels with immune-function ‘responses’, using fresh or
cryopreserved lymphocytes. Where a re-capture or additional sampling is
feasible, immunizations with peptides or inactivated vaccines can provide an
indication of specific immune response. Strategies also being applied include
in vitro exposures of lymphoid cells to environmentally relevant levels of
contaminants, where different variables can be carefully controlled. Such
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attempts have provided insight into the immune system of pinnipeds and,
together with captive studies of harbour seals and studies of laboratory
animals, will help to provide a better understanding required for an assess-
ment of the role of contaminants in virus-associated mass mortalities among
pinnipeds.

The utility of pinnipeds as indicators of environmental contamination
reflects their high trophic status and wide distribution. Given the persistence
of many of the problematic contaminants in the environment, research in
different areas of pinniped toxicology is important because it provides eco-
logically relevant information for conservationists, policy-makers and mem-
bers of the general public.
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23 Conclusions and perspectives
for the future

Thomas J. O’Shea, Gregory D. Bossart,
Michel Fournier and Joseph G. Vos

The emerging science of marine mammal toxicology: scope and aims

It is our hope that the chapters we have compiled in this book accurately
reflect the state of the science of toxicology of marine mammals as the field
crosses the bridge into the twenty-first century. This is an area of research
that will most likely make its major future advances through the applica-
tions of multidisciplinary and interdisciplinary approaches that are often
international in scope. This is because of the complexity of the challenges
posed to the study of the effects of high numbers of chemical substances in
long-lived and wide-ranging mammals of the seas and large inland waters.
Indeed, the marine mammals comprise many species of diverse evolutionary
origins that inhabit nearly all major aquatic reaches of the globe, occupy
numerous feeding niches and trophic levels, and scale across orders of magni-
tude differences in body sizes, from the 4 kg marine otters (Lontra felina) to
the blue whales (Balaenoptera musculus) at 150 tonnes. Superimposed on
challenges to working with marine mammals, and the complexity and num-
bers of contaminants and biotoxins in their environment, are the ever-
growing specializations of toxicology into subdisciplines.

In addition to the classical fronts of environmental chemistry and pathology
(Moeller, Chapter 1; Martineau et al., Chapter 13; Stein et al., Chapter 17;
Bergman et al., Chapter 19), these subdisciplines now include immunotox-
icology, toxicology of the reproductive and endocrine systems, cellular and
molecular toxicology, and other areas. This is reflected in the scope of many
of the chapters in this book. These include both overviews and analyses of
global and temporal trends of organochlorines, inorganic pollutants and
metals (e.g. O’Shea and Tanabe, Chapter 6; Das et al., Chapter 7; O’Hara
et al., Chapter 9; Colborn and Smolen, Chapter 12; Reijnders and Simmonds,
Chapter 18), specialized topics in cellular and molecular mechanisms
of toxicity in marine mammals (e.g. Gauthier et al., Chapter 15; Carvan
and Busbee, Chapter 16), reproductive and endocrinological studies (e.g.
Reijnders, Chapter 3; Gregory and Cyr, Chapter 4), and immunotoxicology
(e.g. DeGuise et al., Chapter 2; Brousseau et al., Chapter 14; Ross et al.,
Chapter 20). The growing reliance on multidisciplinary investigations in the
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science of marine mammal toxicology is also reflected in some of the diverse
professional disciplines represented by contributors to this volume and,
indeed, to some of its individual chapters. Some excellent case studies involv-
ing multidisciplinary approaches are reviewed in this volume, with stellar
examples including recent studies of mass mortality in marine mammals due
to algal toxins. These studies have combined levels of investigation ranging
in scale from histological, molecular and biochemical diagnostics, through
gross pathological study of stranded carcasses, to satellite imagery from
space (e.g. Bossart et al. 1998; Scholin et al., 2000; see review in Van Dolah
et al., Chapter 10 this volume). Recent breakthroughs in genetic character-
ization and cloning of the Ah receptor in harbor seals (Phoca vitulina) and
beluga whales (Delphinapterus leucas) (Jensen and Hahn, 2001; Kim and
Hahn, 2002) should ensure accelerated understanding of molecular toxicology
in marine mammals.

Many marine mammals are truly international resources, and this is
reflected in the growing number of international collaborations that have
arisen in marine mammal toxicology. We foresee that collaborations across
disciplines and nations will only increase in the twenty-first century. There
is a global concern for the conservation of marine mammals. In some cases
this adds a sense of urgency to the need for breakthroughs in understanding
the threats imposed to these species by toxic substances in the environment.
The past century has seen the extinction of one species of marine mammal
(the Caribbean monk seal, Monachus tropicalis) due to human activities,
and major reductions or local elimination of populations of many others.
Thus the new century has the potential to witness the complete demise of
additional species that are now near the brink of extinction. However, not
all prospects are bleak. Compared to 100 years ago, when attitudes about
marine mammals worldwide were dominated by an exploitative philosophy,
there is substantial concurrence that such extinctions must be prevented.
This is now formally embodied in laws and regulations of many nations,
and in meaningful international treaties and agreements. Populations have
subsequently rebounded in some species of marine mammals. Current
management, however, largely addresses the practices and issues of the past
that were clear and obvious root causes of declines in marine mammals,
such as over-hunting (for meat, oil, fur and fertilizer), intentional reductions
to alleviate perceived competition with fisheries, widespread take incidental
to various human activities, and habitat degradation (for overviews see
Anderson, 2001; Harwood, 2001).

As documented by contributions to this volume and a very large body of
other literature, threats imposed by toxic substances are now recognized as
having the potential to emerge as serious negative forces on marine mammal
populations. These potential negative forces could become just as powerful
over the next 100 years as those threats of the twentieth century that are the
current focus of management and conservation of marine mammals. Indeed,
threats from toxic substances may be even more insidious and pose even
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greater challenges to adopting effective conservation measures. The sources
of environmental contamination with anthropogenic toxic substances (and
perhaps environmental degradation that may be at the roots of possible
increasing threats from natural biotoxins) are pervasive but diffuse in origin.
In many cases there are no single sources that can be easily eliminated.
Additionally, because some marine mammal populations that may be
impacted by contaminants and biotoxins occur beyond nearshore waters
and are an international resource, they have the potential to suffer from ‘the
tragedy of the commons’ (Hardin, 1968) on a grand scale. Marine mammals
can be impacted by toxic substances that no single nation or human activity
is alone responsible for, and many marine mammals occur in what is both
the greatest ‘commons’ area on the surface of the planet and the ultimate
sink for many toxic substances.

This situation makes it very difficult to initiate actions to stem the inputs
of toxic substances into the environments of marine mammals. If efforts to
overcome such inertia call on the use of solid science to guide policy, marine
mammal toxicology has some formidable work cut out for it. The scientific
basis to support management decisions to reduce exposure of marine mam-
mals to some toxic substances is today perhaps more difficult to provide
than the science that underlies management of many of the other human
activities that more obviously impinge on marine mammal birth and death
processes. The existence of mortality in marine mammals from biotoxins
is an exception that is now very firmly established and the mechanisms
involved are being recognized with greater precision (Van Dolah et al.,
Chapter 10 this volume). However, the basic understanding of how human
activities may or may not favor increased frequency or severity of algal
blooms, for example, or what the human-influenced trajectory for future rates
of occurrence of such events may be, are very uncertain. Direct mortality of
marine mammals in the wild from exposure to anthropogenic chemicals
through the food chain is undocumented. Evidence for effects on reproduc-
tion is growing, but limited and complicated (Reijnders, Chapter 3), as is the
mounting evidence for contaminant-induced susceptibility to deaths during
epizootics (Ross et al., Chapter 20; Vos et al., Chapter 21; Ross et al.,
Chapter 22). The degree to which science can support links between current
exposure of marine mammals to anthropogenic contaminants and negative
effects at the population level is a subject of vigorous debate, even among
contributors to and editors of this volume. However, all understand the
likelihood of increasing contamination of the seas and the potential increas-
ing risk this implies for marine mammals in the twenty-first century.

Perspectives for future research

Recognizing the potential for far-reaching impacts of increased exposure
of marine mammal populations of the future to toxic substances, scientists
working in this field have held several workshops over the past decade (e.g.
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Tatsukawa et al., 1994; Sanderson and Gabrielson, 1996; Ross and DeGuise,
1998; Reijnders et al., 1999). These workshops have, to varying degrees,
assessed the major scientific issues involved in marine mammal toxicology
and recommended research approaches for their resolution. Among the most
recent of these was the US Marine Mammal Commission workshop held
in Keystone, Colorado in 1998 (O’Shea et al., 1999). This workshop was
attended by 54 scientists from seven nations, representing a number of discip-
lines pertinent to the study of marine mammal toxicology. Indeed, 18 of the
chapters in this book include authors who were participants at Keystone,
and some of the chapters (DeGuise et al., Chapter 2; Reijnders, Chapter 3;
O’Shea and Tanabe, Chapter 6) are outgrowths of plenary presentations
made at that workshop. We feel that, in addition to specific recommendations
made within individual chapters in this book (e.g. Reijnders, Chapter 3;
Carvan and Busbee, Chapter 16), many of the recommendations and conclu-
sions developed by the participants at the US Marine Mammal Commission
workshop also accurately reflect needed future directions for this emerging
field. We therefore conclude this volume with a synopsis of the collective
perspectives for the future that were synthesized at Keystone.

Recommendations for specific areas of research

Much of the focus of the US Marine Mammal Commission workshop was
on the persistent organochlorine contaminants. Although some countries no
longer apply or produce some of these compounds, many nations continue
to manufacture, use or dispose of organochlorines that subsequently follow
pathways that redistribute them to the global marine ecosystem (see, for
example, O’Hara and Becker, Chapter 8). Marine mammals at the top of com-
plex ocean food webs then become a major repository for these substances.
The workshop participants therefore emphasized defining research needs based
primarily on toxic substances with properties similar to the organochlorines.
Participants at the Keystone workshop assembled into groups that defined
the avenues for future research within four topic areas: reproduction and
endocrinology; immunotoxicity, pathology and disease; risk assessment; and
future trends. Findings of these groups are synopsized below. There were
also a large number of common threads among most group reports. The 20
major conclusions and recommendations common across most of the four
topic areas are highlighted in the subsequent section of this chapter.

Toxicology of the reproductive and endocrine systems in marine mammals

There will be several negative consequences unless there are advances in
understanding in this area. These include lack of recognition of chemical-
induced reproduction problems in a manner that would allow timely invest-
igation and possible mitigation; failure to understand a full range of possible
causes of declines in populations of marine mammals; failure to recognize
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effects of new substances before serious impacts occur; lack of validated
models based on common species to apply to management of species or
stocks in endangered or other critical status; and a costly lack of focus in
understanding consequences of environmental change to population status
of marine mammals. The 11-member Working Group on Endocrinology and
Reproduction emphasized four major topics for future research (see also
Reijnders, Chapter 3; Gregory and Cyr, Chapter 4, this volume).

1. To determine how organochlorines may influence reproduction at pre-
implantation stages, as suggested by experiments on captive harbor seals
in Europe. This work would be aimed at reducing uncertainties about
which chemical agents may be responsible for disturbances observed
thus far, pinpointing mechanisms leading to such effects, and under-
standing the overall occurrence and population significance of pre-
implantation disorders.

2. To determine if and how organochlorines may be involved in causing
premature births, particularly in otarrid seals. Too many confounding
variables (including age, nutrition and abortion-inducing diseases) exist,
in populations where this has been observed, to allow inference of cause-
and-effect. Establishment of normal cycles of hormonal control of
reproduction will also be necessary to make progress in establishing
such inferences. Both captive and field studies are required.

3. To design and measure indices of developmental and reproductive func-
tion in marine mammals. Marine mammals are exposed to endocrine-
disrupting chemicals at some level, but there is, to date, little evidence
for possible effects. This may be because scientists have not been looking
systematically for anatomical endpoints of such disruption in marine
mammals, although effects of endocrine-disrupting chemicals have been
well documented in laboratory mammals. This working group suggested
that uncertainties about the existence of such effects in marine mam-
mals can be resolved using several approaches. Endpoints that can be
examined and tested in marine mammals should be defined, using con-
trolled, longitudinal experiments on captive individuals and strategic
sampling of stranded, bycaught or hunted marine mammals. These
endpoints can include a wide range of morphological, histological, bio-
chemical, endocrine, behavioral, morphometric and gravimetric assess-
ments, described in detail in the working group report. New in vitro
cellular and molecular assays should also be developed specifically for
selected species of marine mammals, including steroid and nuclear
receptors, and biomarkers of developmental exposure. Expanded samp-
ling of multiple tissues for contaminants, and guidelines for selecting
individual animals for sampling, are also recommended.

4. To use multidisciplinary approaches to the study of toxicology of repro-
duction in marine mammals that will allow scaling up from individual-
to population-level effects.
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Toxic substances and marine mammal immunology, pathology and disease

Knowledge of direct contaminant-induced pathologic effects and associated
diseases in marine mammals is very limited (see also Moeller, Chapter 1;
Martineau et al., Chapter 13; Bergman et al., Chapter 19, this volume), and
immunotoxic effects of contaminants on marine mammals have also been
demonstrated only in limited cases (see also DeGuise et al., Chapter 2;
Brousseau et al., Chapter 14; Ross et al., Chapter 20; Vos et al., Chapter 21,
this volume). Failure to increase knowledge in this area limits the ability to
inform policy-makers and managers about impacts of contaminants on health
status of marine mammals in relation to chemical exposure, both in terms of
chronic effects and susceptibility to epizootics, possibly leading to declines
or losses in populations and species. Six major areas of research needs were
stressed in these related subdisciplines of marine mammal toxicology.

1. To establish linkages between exposure to contaminants, specific patho-
logical lesions and immunosuppresive endpoints, and to improve know-
ledge of dose–response relationships.

2. To combine studies in this area with other subdisciplines, and in par-
ticular to apply them to understanding the health and contaminant
status of otherwise well-studied (through life history research, stranded
specimens, or fisheries bycatch) populations in areas of contrasting high
and low contamination.

3. To determine the actual mechanisms by which toxicity to the immune
system may take place in marine mammals, and thus establish the pre-
dictive power of molecular and cellular indices of chemical exposure
and effect. These efforts should include in vivo and in vitro studies, and
use of cell cultures, particularly for developing species-specific under-
standing of toxic equivalency and metabolic enzyme activity. Use of
surrogate animal models will also aid in developing an understanding of
mechanistic factors.

4. To employ multiple approaches in studying immunotoxicology and dis-
ease, but to ensure that these approaches are tightly coupled, include
both laboratory and field components, use both wild and captive indi-
viduals, employ assays that are as complete as possible, and incorporate
sample sizes large enough to ensure desired statistical power.

5. To design studies such that results will allow scaling-up of assessments
of impacts of chemicals on the immune system and diseases of marine
mammals from the individual to the population level.

6. To develop standards and to implement archiving of samples for long-
term monitoring of disease, pathology and immune function in wild
populations of marine mammals. For greater details on these suggestions,
see the full report of the 13-member Working Group on Immunotoxico-
logy, Pathology and Disease in O’Shea et al. (1999); for recommenda-
tions for design of immune function studies in wild pinnipeds see Ross
et al., Chapter 22 in this volume.
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Risk assessment

The 14-member Working Group on Risk Assessment recognized that even
though there were formalized, structured models that can be used to conduct
risk assessments to judge possible impacts of toxic substances on organisms,
such approaches have not yet been taken with marine mammals. Develop-
ment and application of risk assessment procedures in marine mammal
toxicology will require a variety of information, some of which may require
data that are not yet readily available with suitable degrees of accuracy and
precision. Needed information includes developing knowledge of exposure,
defining mechanisms of threat, understanding how toxicants are distributed
in populations, how toxic substances are mobilized and sequestered in the
body, and what the targets of toxicity are. Risk assessment will also require
understanding dose–response and cause–effect relationships, perhaps best
derived through nonlethal captive experiments and experiments on meaning-
ful surrogate species of laboratory mammals. Standard protocols for sampling
and analyses should be developed and employed, including biomarkers
to aid in validation of risk assessment. Risk assessment models should also
incorporate margins for precaution, to insure safeguards for conservation.
A number of other recommendations made by this working group were also
applicable to the entire field of marine mammal toxicology, and are described
further in this chapter among the 20 major conclusions and recommendations
of the US Marine Mammal Commission workshop.

Future trends

The 12 scientists who participated in this working group noted that there
are hundreds of lipophilic contaminants that are now in the marine environ-
ment or likely to be released to the oceans over the near future. Although
marine mammals are likely to be exposed to these chemicals, their tissues
are not now routinely examined for their presence. There are also classes
of compounds in the marine environment that do not reach particularly
high concentrations in marine mammals but, none the less, could have toxic
effects. These substances have not yet been evaluated with respect to possible
impacts on marine mammals. In addition, there are threats from increasing
eutrophication of the nearshore environment, which may play a role in
increasing exposure of marine mammals to some biotoxins. The inshore
environment is also increasingly contaminated with monomers and polymers
of unknown significance to marine mammals. In addition to many unknown
marine contaminants, it is expected that distributions of more well-studied
contaminants, such as PCBs and organochlorine pesticides, in the world’s
marine mammal populations will change as these contaminants continue to
enter the oceans and mass balances are shifted. Even in cases where slow
declines in contamination with well-known organochlorines may be expected,
many will remain in the range where subtle toxic effects can be anticipated.
Researchers will need to strive to develop and adhere to consistent analytical
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protocols, including determination of, and reporting of, specified numbers
of contaminants in marine mammal samples. Participants voiced a concern
that many currently known toxic substances that may affect marine mam-
mals continue to be produced, used and disposed of in some nations, in such
ways that they will continue to enter the seas in the future. The workshop
stressed that much more needs to be learned about the emissions and sources
of contaminants that are entering the marine environment; that specimen
banking be instituted to assist in evaluation of future threats; and that
chemical monitoring be more closely linked to other, more broadly based
biological studies of marine mammals. The working group noted that results
of environmental chemistry studies of marine mammals should be made
available to managers in easily usable formats; that long-term monitoring
be maintained; that international experts periodically meet to evaluate the
threats of contaminants to marine mammals; and that an ongoing dialog on
this topic be established and continued among international authorities.

Principal conclusions and recommendations across disciplines

Participants at the US Marine Mammal Commission workshop were con-
cerned about the great uncertainty that remains about specific effects of
contaminants in marine mammals, to what extent such effects may occur
in wild marine mammals, and what impact such effects may have on their
population dynamics. For most of its history, the science of marine mammal
toxicology has emphasized documentation of contaminant residues in tissues
(O’Shea and Tanabe, Chapter 6, this volume). However, there has been
much less emphasis placed on designing and executing studies that allow
interpretation of the significance of this contamination to marine mammal
health and population dynamics. To achieve progress towards this goal,
scientists at the US Marine Mammal Commission workshop identified 20
principal conclusions and recommendations for future directions in marine
mammal toxicology that emerged in common across the various working
groups. These are synopsized below as presented in the workshop report,
with only minor editorial condensing. There is no priority attached to their
order of presentation.

1. Integration of multiple approaches

A greatly improved understanding is needed of the linkages between specific
chemical exposures (both type and amount) and endpoints of concern (e.g.
impaired health, immunosuppression and reproductive disorders). Integra-
tion of laboratory, captive animal and field studies was a consistent theme
of workshop deliberations. No single approach is likely to be adequate for
resolving the critical uncertainties that arise in relation to contaminants and
marine mammals. Thus, there is a need for multidisciplinary studies that
integrate physiological, behavioral, reproductive, clinical, pathological and
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toxicological data, with the ultimate goal of linking immune status, health,
reproduction and survival of individuals to trends observed or predicted at
the population and ecosystem level. Dose–response relationships are crit-
ical, and quantification of these relationships should be a goal of all studies
of individuals. Surrogate species can be particularly useful in studies of
mechanisms of action.

2. Stable support for critical long-term programs, with increased
emphasis on wider collaborations

Long-term monitoring and research programs provide consistent, accumu-
lative information that is essential for understanding trends and impacts of
contaminants in marine mammals. Established ongoing programs should be
viewed as long-term investments that are necessary for the effective assess-
ment and management of marine mammal populations. They should remain
a high priority of sponsoring agencies and organizations and be given firm
support. New efforts and enhancements to existing programs should also be
implemented with assurances for long-term, stable support. In addition, the
study of contaminant effects is well established in the fields of medicine and
environmental chemistry. Marine mammal scientists should be encouraged
to collaborate with programs in these fields.

3. Long-term interdisciplinary studies of local populations

Long-term interdisciplinary studies provide opportunities to measure con-
taminant exposure, monitor the health and immune responses of individuals,
and relate findings to population-level trends, all in the context of knowing
a great deal about the animals’ life history, distribution, abundance, popu-
lation dynamics and demography. Long-term studies of local populations
hold out the possibility of obtaining insights on contaminant effects, grounded
in observations from nature. It is important that these and similar programs
continue to be supported and that long-term tracking of the health, con-
taminant and disease status of individuals be incorporated into the data-
collection protocols. Selection of study populations should not be limited
to those that are depleted or threatened or that have experienced a recent
die-off. Any long-term longitudinal study offers opportunities to assess the
effects of chronic pollution, and it is valuable to investigate effects during
periods of population decline, stability and recovery.

4. Compilation and dissemination of information

Existing systems for compiling, interpreting and disseminating data on the
production, use, physical and chemical properties, toxicology and ecological
effects of persistent contaminants should be improved. It is currently
estimated that there are roughly 2400 lipophilic and persistent chemicals, of
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which at least 390 are clearly toxic and bioaccumulative. In order to prevent
long-term pollution from these largely unknown chemicals, basic informa-
tion about them needs to be made widely available. This will require enhanced
international cooperation, preferably within the existing framework of chem-
ical contaminant programs, such as the Existing Chemicals Program of the
Organization for Economic Co-operation and Development, the Program
on Persistent Organic Pollutants of the United Nations Environment Pro-
gramme, and the International Program on Chemical Safety. Such informa-
tion is crucial for anticipating future problems associated with chemical
contaminants in the marine environment. Contaminant categories of par-
ticular concern in relation to marine mammals include organometallic com-
pounds and persistent, toxic, bioaccumulative compounds not on the standard
persistent organic pollutants list, but that have been used or produced in
large quantities, such as polychlorinated naphthalenes and polychlorinated
diphenyl ethers. Other contaminants of concern that could present a risk to
marine mammals include non-persistent chemicals with high bioaccumulation
potential and heavy or widespread use, chemicals that contribute to coastal
eutrophication, polymers and low molecular weight monomers, and a variety
of chemicals that may cause endocrine disruption.

5. Monitoring environmental loads and ongoing inputs of
persistent contaminants

In spite of encouraging evidence that levels of some compounds (e.g. PCBs,
DDT) have declined in some areas (e.g. the North American Arctic, western
Europe), production and inputs to the environment continue in areas such
as the former Soviet Union (PCBs, perhaps until very recently) and many
tropical countries (DDT and other organochlorine pesticides). This situ-
ation creates an ongoing need for global-scale monitoring. Monitoring con-
taminants in tissues of marine mammals is of direct importance for issues
related specifically to this group, but more sensitive detection of contaminant
trends in the marine environment in general requires monitoring of other
ecosystem components. Attention needs to be paid not only to analyses of
water and biological samples, but also to identifying emission sources, trans-
port mechanisms and transport pathways, and to calculating environmental
loads.

6. Establish universal protocols

Tissues are sampled and biomarkers measured from biopsies of living marine
mammals and from the fresh carcasses of stranded, bycaught, or hunted
animals. Universal protocols should be followed in sample collection and
storage, laboratory analytical procedures and data reporting. Sample collec-
tion should include specified basic data and supporting documentation. Tissue
specimens should be archived under consistent conditions in dependable,
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long-term programs. As analytical techniques are developed, data comparab-
ility between and among laboratories should be assured on a global scale.
Laboratories should adopt a performance-based, quality-assurance approach
that incorporates standard reference materials (SRMs) and inter-laboratory
comparisons. Existing SRMs should be analyzed, and, if necessary, new
SRMs developed for emerging chemicals. Quantitative information should
be generated for as many compounds as possible in order to provide robust
data sets for future use. Protocols should stipulate quantitation of a minimum
number of compounds of persistent contaminants in order to enhance the
comparability of data sets for purposes of risk assessment and trend analysis.
Existing analytical techniques should be used to the fullest to identify all
anthropogenic chemicals in tissues, and thus expand the number of existing
and new chemicals known to accumulate in, and pose potential threats to,
marine mammals.

7. Use formal risk assessment procedures to evaluate threats

Formal risk assessment procedures should be adapted and used to evaluate
threats of contaminants to specific marine mammal populations. The
Ecological Risk Assessment approach established by the US Environmental
Protection Agency couples risk assessment to risk management in a process
that can be iterative. This process begins with problem formulation: con-
taminant sources, fates and pathways are described; contaminants of con-
cern and their modes of action are defined; and receptors of concern are
identified. A risk assessment would describe specific hypotheses to be tested
and measurements that can be made to evaluate endpoints of concern in the
analysis phase. Risk characterization, which follows the analysis phase, uses
information on exposure and effects to evaluate the risk, generally using a
‘weight of evidence’ approach. This approach balances the information on
effects, usually obtained from mechanistic laboratory studies, against the
results of captive-animal or field studies. Uncertainty about aspects of risk
assessment should be clearly discussed. Discussion should include the eco-
logical significance of the risk, how effects on individuals have been extra-
polated to effects on populations, and how risks from contamination have
been compared to risks from other stressors. The ideal outcome of risk
characterization is identification of threshold concentrations, above which
risk becomes significant and risk management is required.

8. Use of rehabilitated and captive marine mammals and
associated databases

Marine mammals held in captivity that are fully rehabilitated or on display
are an under-used resource for the study of contaminant impacts on physio-
logical processes and health (see Reddy and Ridgway, Chapter 5, this
volume). These animals are likely to be exposed to contaminants in routine
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daily rations of marine products, at least at low concentrations, and are
likely to have contaminants in their bodies. Clinical measurements of blood
chemistry and hematology, and detailed information on health, reproduc-
tion and survival are routinely recorded for these animals. Provided that
care is taken in the design of sampling to avoid confounding effects of prior
injury, disease or response to captivity, use of this resource may provide
basic insight about the variability in and relationships among contaminants
and basic health and physiological processes, biomarkers, reproduction and
survival. Such insight could prove critical to interpretation of contaminant
impacts on wild marine mammal populations.

9. Use of surrogate animal models

The extensive literature on mammalian toxicology provides many examples
in which studies of surrogate species have been used in place of humans.
A similar approach can be useful for marine mammals. Studies of surrogate
models can provide insights about mechanism of action, the comparative
risks presented by different chemicals, and dose–response relationships.
Experimental control makes it possible to eliminate confounding factors
and reduce variability within treatment groups, thus providing the statistical
power necessary to detect effects. The greater availability of species-specific
reagents, and the ability to carry out invasive studies, represent additional
advantages of using surrogate models. The selection of an appropriate sur-
rogate model depends on the question being posed and the endpoint being
assessed. The usefulness of information generated from studies of surrogate
species will depend upon assumptions and extrapolations which will require
critical evaluation at all stages of the research.

10. Controlled experimental studies to address critical questions

The need for controlled experiments to answer critical questions about the
effects of contaminants on marine mammals was generally acknowledged at
this workshop (a few participants expressed opinions that use of surrogate
models would suffice, or that non-lethal experiments on captive marine
mammals may not be feasible). Some of the critical questions regarding
impacts of even the most commonly observed persistent contaminants in
marine mammals have been asked for more than 25 years, without clear
answers. One reason for this chronic uncertainty is that it has been difficult
to obtain funding, facilities or authorization to carry out controlled experi-
ments on captive marine mammals. Without the highly convincing kind of
evidence that only experimentation can provide, the uncertainty and debate
regarding cause-and-effect relationships and necessary mitigation are bound
to continue. Meanwhile, the health of individual animals and the persistence
of species and populations may be in jeopardy. A widening array of ‘new’
chemical compounds in the immediate future could adversely affect marine

Ve
tB

oo
ks

.ir



Conclusions and perspectives for the future 607

mammals directly, or they could affect other components of the food webs
on which marine mammals depend. Most workshop participants agreed
that a two-pronged strategy should be followed in confronting this reality.
First, procedures should be developed and applied globally to assess the
effects of ‘new’ chemicals on the survival and productivity of representative
ecosystem components. Such assessments should be made before these chem-
icals are mass produced. Second, when there is uncertainty about a chemical’s
effects, and it is determined that a delay in resolving that uncertainty could
jeopardize the survival of a marine mammal species or population, it may
be necessary to conduct experiments with captive marine mammals. Such
experiments would involve nonlethal exposures to doses of contaminants
similar to those experienced by some wild populations. The studies would
need to be well justified and well designed. Design would have to include
power analysis to ensure that the results would be conclusive.

11. Understanding processes linking exposure to effects

Understanding the linkages between contaminants and the health, immune
system or reproduction of individual marine mammals at the cellular or
molecular level is most likely to come from laboratory studies. Cell culture
and in vitro techniques can contribute by providing species-specific data on
topics such as toxic equivalency. In so far as it is possible, toxic equivalencies
should be developed and validated using the cell lines of the marine mam-
mal species of interest. Severe combined immune deficient (SCID) mice and
other laboratory mammals can be used for the detailed, invasive types of
experimentation needed to improve understanding of the biochemical pro-
cesses linking exposure and effects. Data from such studies can be employed
to evaluate hypotheses involving the extrapolation of in vitro results to whole
organisms. Semi-field trials and epidemiological studies of wild populations
(using biopsies of free-ranging animals, blood drawn from animals that are
captured and released, and specimens salvaged from strandings, bycatch
and subsistence hunts) can be used to validate the inferences based on labor-
atory evidence or extrapolation from model or surrogate species. A weight-
of-evidence argument can be established on the basis of these different types
of studies. A difficulty that will arise in evaluating the evidence for some
marine mammal populations is that, under protection or well-regulated
exploitation, they are in the process of recovering and experiencing phases
of rapid population growth. This can mask or confound the evidence for
contaminant-related effects on population dynamics and abundance, whereas
such effects may be more readily discernible in depleted populations.

12. Non-destructive sampling of biomarkers and contaminants

The application and validation of biomarkers for marine mammals remain
at an early stage of development. Biomarkers can be used to assess chemical
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exposure and, with further development, should, in the future, be capable of
predicting effects in marine mammals. Biomarker studies should be included
with other types of contaminant-related research on marine mammals.
The results of such studies need to be closely linked to information on con-
taminant burdens and exposures, and on physiological and life-history
traits. Some widespread contaminants and metabolites have low potential
for bioaccumulation and are short lived, but their ingestion or inhalation by
marine mammals may be a cause for concern. Biomarkers may be very
appropriate to measure for assessing exposure to such compounds. Under-
standing the mechanisms of biomarker production is critical, but at least
three key distinctions should be made: (1) biomarkers that simply demon-
strate exposure versus those that show or predict effect; (2) biomarkers of
persistent versus ephemeral contaminants; and (3) biomarkers for single versus
multiple chemical stressors. Biomarkers for marine mammals should be
sensitive, rapid, inexpensive and field-adaptable. Similarly, non-destructive
sampling is often the preferred approach for collecting contaminant expos-
ure data from marine mammals. However, samples that can be collected
nondestructively are often not from the target site for the contaminants of
concern. This situation is not unique to marine mammals. The same dilemma
can arise in studies with humans, and the relevant literature on humans
should be directly applicable. The primary issue of concern is the validation
of a measurement in a tissue, such as blood, as a reliable surrogate for a
target site in an internal organ. Validation studies will be necessary to increase
the value of nondestructive samples as surrogates for target sites in marine
mammals.

13. Expansion of sampling and monitoring programs to include
histopathology, immunotoxicity and life-history information

Some contaminants to which marine mammals are exposed are known to
affect the immune systems of other species. It is uncertain to what extent
they may also affect the immune systems of marine mammals. There is
sufficient reason for concern, however, and long-term programs for samp-
ling marine mammals should include protocols for obtaining samples and
data to support investigations of histopathology and immunotoxicology.
In all cases, it is important to emphasize the need to collect associated
life-history information. The latter is essential for proper interpretation of
findings.

14. Selecting model species of marine mammals

It is unrealistic to expect that adequate studies will be conducted on most
marine mammal species. Therefore, model species must be identified and
employed in relevant studies. It was generally agreed that the most appro-
priate species of marine mammals to use as study subjects are those for which
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considerable information is already available about population dynamics,
life history and physiology; that are in captivity or otherwise easily accessible;
and that are already involved in related ongoing studies. Other factors to
consider are the feasibility of obtaining high-quality samples in large enough
numbers to ascertain sources of variation; whether the species occurs across
a gradient of habitats (highly polluted versus relatively pristine); and conser-
vation status (endangered, threatened, depleted, etc.). Among the cetaceans
that come the closest to meeting these requirements are the bottlenose
dolphin (Tursiops truncatus), harbor porpoise (Phocoena phocoena) and beluga
whale [the 1995 International Whaling Commission workshop on contamin-
ants and cetaceans (Reijnders et al., 1999) also identified these as suitable
species for study]. Captive studies of baleen whales are out of the question,
but given the considerations listed above, the bowhead whale (Balaena
mysticetus) is a suitable candidate for a model species. This is due to the
availability of specimens from the subsistence hunt by Alaskan natives and
the relatively solid background of life history and other information on the
species. On a global scale, minke whales (Balaenoptera acutorostrata and B.
bonaerensis) may serve as even more useful models, because of regional
variations in ichthyophagy and availability of specimens from hunting. The
harbor seal and gray seal (Halichoerus grypus) are the best candidates among
phocid seals, whereas the California sea lion (Zalophus californianus) and
northern sea lion (Eumetopias jubatus) are the prime candidates among
otariids. The polar bear (Ursus maritimus) can be studied directly. Although
sirenians were not generally seen as a high-priority group in the context
of typical organochlorine contaminants, the Florida manatee (Trichechus
manatus latirostris) is the best model sirenian because of the well-organized
stranding program, number of captive individuals and ongoing life history
studies. Because sirenians feed near the bottom in coastal and inland water-
ways and are herbivores, their exposure to contaminants may include less
widely recognized chemicals that are more prevalent in such ecological con-
texts (see also O’Shea, Chapter 11, this volume). The mink (Mustela vison) is
a widely used experimental animal, and it can be used as a surrogate for the
closely related marine mustelids [sea otter (Enhydra lutris) and marine otter].
Even among mustelids, however, mink are known to be exceptionally sensit-
ive to certain contaminants.

15. Selecting model contaminants

The 1995 workshop on cetaceans and contaminants sponsored by the
International Whaling Commission (Reijnders et al., 1999) identified three
categories of chemicals according to how regularly they had been monitored
in cetaceans. It was suggested that the criteria for selecting model compounds
for priority monitoring and study should include levels of production, potency
of bioaccumulation, and toxicity. The US Marine Mammal Commission
workshop emphasized the need to place highest priority on chemicals with
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known adverse effects and/or that are most likely to bioaccumulate in
marine mammals. Based on current knowledge, PCBs, DDT and metabolites,
other organochlorines, butyltins, and a few trace elements are the most
obvious candidates.

16. Complex mixtures

All marine mammals have body burdens of many different contaminants, in
variable amounts, stored or circulating in different organ systems. Although
in standard toxicological studies effects are generally related to a single
chemical, marine mammals in the wild are exposed to complex mixtures
rather than to single chemicals. Effects from exposure to multiple contam-
inants may be synergistic or antagonistic. For this reason, experimental
exposures should include complex mixtures that mimic as closely as possible
the types of exposure experienced by animals in nature. Care should be
taken to avoid conclusions based solely on in vitro exposures, which may be
more abrupt and thus exaggerated in their effect, compared with the gradual
and perhaps lower-dose exposure experienced by the whole organism in
nature. However, it should also be considered that some single substances
may need to be studied in isolation in order to assist managers and policy-
makers in decisions about production, use and fate of specific chemicals.

17. Dose–response relationships

Ideally, the effects of contaminants should be understood well enough to
predict responses from specific doses, including likely ‘safe’ or no-effect
levels of exposure. Analyses of the dose–response relationship must be pur-
sued on a species-by-species, contaminant-by-contaminant basis. Experiments
and sampling designs should require that exposure be controlled or at least
measured, and that potentially confounding factors (e.g. age, sex, reproduct-
ive status, nutrition, etc.) be taken into account when investigating dose–
response relationships.

18. Endocrine disruption

Endocrine disruption has become recognized as a potentially widespread,
insidious conservation problem. Although evidence that hormonal or develop-
mental dysfunction in marine mammals is linked to contaminant exposure
has been slow to accumulate, some common contaminants of marine mam-
mal tissues (such as several of the organochlorines) are known to affect the
endocrine systems of other species. A precautionary attitude requires, at a
minimum, that the potential for endocrine disruption in marine mammals
be regarded as a serious possibility and be subject to aggressive research
and evaluation. A weight-of-evidence approach should be used in judging
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whether measures should be taken to reduce exposure, out of concern about
this danger. Systematic appraisal of a number of morphological and other
endpoints of endocrine disruption, as described by the Working Group
on Endocrinology and Reproduction (see also p. 598), and should be incor-
porated in routine marine mammal stranding and health evaluations.
Trans-generational effects in long-lived species like marine mammals may
be particularly difficult to discern without incorporating such appraisals in
ongoing studies.

19. Understanding blubber physiology and estimating total body burdens
of lipophilic contaminants

Physiological condition affects the distribution of lipophilic contaminants in
the bodies of marine mammals. Further research on lipid dynamics is required
to improve understanding of the processes determining this distribution, i.e.
how lipid dynamics and physiological demands affect circulating levels of
contaminants that ultimately reach target sites of action. Most published
reports refer only to concentrations of contaminants in blubber. Concentra-
tions in muscle or other tissues are rarely mentioned. The ability to estimate
total body burden is important for determination of exposure factors in risk
assessment. Estimating the total body burden of contaminants requires not
only information on distribution, but also estimates of the total amount of
blubber, muscle and other tissues.

20. Statistical power in experimental designs and sampling designs

Regardless of whether a contaminant study is to be conducted in the labor-
atory or the field, it is essential that hypotheses be clearly formulated and
that a statistical model be developed and the appropriate sample size deter-
mined before the protocol begins. It is of no benefit to study a sample that
is too small for statistically valid results. Nor is there any benefit in samp-
ling more animals than is necessary. In the laboratory, standard statistical
methods of determining significance and power can be applied. In the field,
it might prove necessary to adapt the mathematical models of epidemiology
to understand the impacts of contaminants on whole groups of animals.
This would involve stratification by age, sex, reproductive condition, season,
location and other factors.

Conclusions

The study of toxicology in marine mammals is an emerging field. Numerous
subdisciplines and avenues of research are involved as the field enters the
twenty-first century. Chapters included in this volume provide overviews
and case studies of research in a broad spectrum of subdisciplines, areas and
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situations. These include environmental chemistry, biochemical and molecular
research on mechanisms of action, investigations of strandings and die-offs,
and impacts on the health, reproduction and immune systems of marine
mammals. Geographic domains of the research as summarized in the vari-
ous chapters are global, ranging from Arctic ecosystems to the tropics,
but also focus on intriguing case studies from localized areas of contamina-
tion such as the Baltic Sea and the St. Lawrence River and its estuary.
The conclusions of this research are not comforting. There is widespread
evidence of exposure of marine mammals to anthropogenic contaminants
and biotoxins. There is mounting evidence that this exposure has negative
implications for marine mammal populations. With increasing contamina-
tion of the marine environment, the twenty-first century may see the influence
of toxic substances emerge as a powerful negative force on marine mammal
birth and death processes, perhaps comparable to those human practices
that are currently the focus of management and conservation of these
species.

There are formidable challenges to overcome if marine mammal toxico-
logy is to succeed in reaching goals of providing sound science to guide
future policy on pollution of the seas with toxic substances. These are due to
the complexities inherent in studying multiple chemical stressors that can
affect multiple functional systems in a diverse assemblage of large, mobile
and often inaccessible aquatic mammals. Recognizing these challenges,
scientists have developed detailed recommendations for future research
directions. To meet with major success, these avenues of future research will
need to be well-defined, integrated, multidisciplinary efforts that focus on
key areas of uncertainty about the impacts of toxic substances on marine
mammals. They must also be supported by society, with a subsequent will-
ingness by society to then take action to rectify any negative impacts that
the science may reveal.
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mercury exposure 319

organochlorine levels 319–20
reproductive impairment 316
tributyltin 319–20
see also individual species

cetaceans, large
air–water interface 310–12
cadmium 303–4
contaminants 294–6, 297, 298–305
detergent contamination 308
fire retardants 308–9
health status 294
mercury levels 303–5
organotin compounds 300–3
plastics/plastic products 305–7, 320
sea surface microlayer 310–12
smoke retardants 308–9

Chatonella (raphidophytes) 256
chemical substances, total number 114,

119
chlordane 169, 170, 171

Arctic marine mammals 177–8
Baltic Sea 525
beluga whale 180
bottlenose dolphin levels 462, 464,

465–6, 467–8
dugong tissues 272, 276
genotoxic potential 414
manatee mortality 283
MN assay 414–16
pinniped contamination 540
polar bear accumulation 187–8
ringed seal 182
use restriction 292

chlorinated cyclodienes 169, 170, 171
chlorinated cyclohexanes (HCHs) 169,

170, 171
chlorinated diphenyl ether 308
chlorobenzenes 180
chlorothanil 312
chlorpyrifos 312
chromium 136

dugong tissues 273, 277, 278
manatee tissues 282

ciguatera fish poisoning (CFP) 262–3
ciguatoxin (CTX) 248, 249, 262–3
clam, butter 252
claw deformities in gray seal 113, 509,

519, 520, 527
Clostridium perfringens 19
Clupea harengus (herring) 542, 543, 560,

561–4, 573
cobalt

dugong tissues 273, 277, 278
mother to pup transmission 146
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Index 619

Coccidioides immitis 22–3
cod, Arctic see Boreogadus saida (Arctic

cod)
collections of marine mammals see

captive marine mammals
colonic ulcers in Baltic gray seals 510,

515, 516–17, 525
immunosuppression 528

Comet assay
benzo[a]pyrene 410–11
mercury 413

communication in cetaceans 294, 315,
319

copper 136
age effects 146
Arctic regions 144
beluga whales 211, 227
bottlenose dolphin levels 476
bowhead whale tissue 220, 221, 222,

223
dugong tissues 145, 273–4, 277, 278
harp seal tissue levels 233
herbivorous sea mammals 145
liver concentration 138–42
manatee tissues 145, 280, 281–2
narwhal tissue 229
ringed seal tissue levels 230

corticosteroids, immune system 61
Corynosoma (hookworm) 510
crustaceans, hydrocarbon

bioaccumulation 4
cultural reliance on marine mammals 219
CYP1A 173

beluga whales 179–80
family 435
inducers 59, 437
PCB metabolism in ringed seals 192
polar bear 195

CYP1A1 435
beluga whale

activity 440–1
intestinal cancer 349, 353

human lung cancer 353
induction

by TCDD 410
via AHR 435–7

regulation 437
CYP2B 195, 435, 437
Cystophora cristata (hooded seal)

brucella 19
heavy metals 233
mercury 233
phocine morbillivirus 6–7
POCs 186

cytochrome P450 (CYP) 432–9, 440
DDT bioactivation 72
dolphins 441, 448
enzymes 433–4
estradiol production 73
genes 435
HAH

induction by 430, 435, 439, 449
metabolism 431, 432, 438–9
residue ratios 442–3

inducers 438
isoenzymes 435
PAH

induction by 430, 435, 439, 449
metabolism 431, 432, 438–9

POCs 173
pollution-related induction 430
sex-dependent patterns 59
small intestine epithelium 349
substrates 434–5
toothed whales 440–4
xenobiotic induction of isoforms 432
see also CYP1A; CYP1A1; CYP2B

cytochrome P450-dependent
monooxygenases 337–8

cytochrome P450 reductase 433–4
cytokines, plasma measurement 580
cytotoxic T lymphocytes (CTLs) 388,

536, 537

DDD see DDT
DDE 170

adrenal gland effects 363, 366
analytical procedures 461–2
androgen receptor competition with

testosterone 313
anti-androgenic activity 75, 315
beluga whales 178–9, 363, 364,

393–4, 395
blubber concentration 111
Dall’s porpoise 58–9, 445
dugong tissues 272, 276
immune cell exposure 45
manatee tissues 279, 280
methylsulfate residues 71
polar bear accumulation 194–5
reproductive disorders 76, 111
ringed seal in Canadian Arctic 495, 497
studies of 1960s 102
tissue concentrations 117

DDE-methylsulfones 61, 524, 526
DDT 4, 38, 169, 170, 430

adrenal gland effects 71–3, 363, 366,
367
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620 Index

analytical procedures 461–2
anti-androgenic activity 75
avian reproduction 101
Baltic Sea pollution 507–8, 515,

523–4, 526, 527–8
banning 102, 292
bearded seal 185
beluga whale

accumulation 177–9, 180, 318, 334,
364, 381

immunotoxicity 393–4, 395
lymphocyte effects 358

bottlenose dolphin
strandings 469, 470
tissue levels 317, 464, 465–6, 467–8

deposition 171
dugong tissues 272, 276
fur seal

Baltic Sea 496, 500–1
pups 576

genotoxic potential 414
gray seal in Baltic Sea 496, 500–1,

507–8, 515, 523–4, 526, 527–8
harbor seal

feeding study 561–4
Wadden Sea 496, 498–500

harp seals in Gulf of St Lawrence
495, 497–8

immune cell exposure 45
insecticidal properties 101
manatee 279, 280, 283
MN assay 414–16
monitoring of loads/inputs 604
pinniped contamination 539
polar bear accumulation 177–8,

188–90, 194–6
reproductive disorders 111
ringed seal 182–3

Baltic 496, 500–1, 502
Canadian Arctic 495, 497, 502

studies
of 1940s and 1950s 100–1
of 1960s 102

walrus 186, 495, 498
11β-dehydroxylase 72
delayed-type hypersensitivity reactions

541, 542, 563
Delphinapterus leucas (beluga whale)

arsenic tissue concentrations 225
autometallography 216
benzo[a]pyrene–DNA adducts 441
butyltins 227
cadmium accumulation 213, 226
contaminant-induced disease 215

contaminant-induced
immunosuppression 39

copper levels 211, 227
cytochromome P450 activity 442
dieldrin 180
dioxin metabolism 442
distribution 223–4
DNA damage 417, 418
heavy metals

exposure of immune cells 45
levels 143–4, 208, 213, 223–8

herpesvirus 13
immune system 305
impaired sexual development 315–16
inorganic pollutants 223–8
mercury

accumulation 208, 224–5, 227, 303,
305

assay 412
methylmercury tissue levels 224
model species for contaminant

studies 609
organochlorine exposure of immune

cells 45
papillomavirus 14
PCB congeners 42
PCBs 113, 442
POC accumulation 171
reproductive disorders 55, 113
selenium accumulation 208, 216, 226
silver tissue concentrations 216,

225–6
splenocyte lymphoproliferative

response 578
tetrachlorobiphenyl congener

metabolism 442–3
thymocyte lymphoproliferative

response 578
vanadium accumulation 217
zinc accumulation 226–7
zinc–cadmium relationship 218

Delphinapterus leucas (beluga whale), St
Lawrence estuary population
177, 178, 180, 317–18

adrenal glands 362–3, 365–7
age structure of dead whales 335,

336
B cells 387–8
bacterial infections 337, 338, 339,

340
benzo[a]pyrene 348–9, 353, 381, 405,

408–10
benzo[a]pyrene–DNA adducts 441
cadmium immunotoxicity 390–3
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Index 621

cancer 318, 336–7, 340–56, 360, 406
case records 353–6
epidemiology 345–6, 347, 348
estrogen-responsive 350
incidence 381, 404, 441

carcinogenesis 417, 418
carcinogens 348–52
causes of death 336–67, 404
cell-mediated response 388, 389–90
contaminant levels 381
CYP1A1 activity 179–80, 349, 440–1
DDE

accumulation 178–9, 363, 364
immunotoxicity 393–4, 395

DDT
accumulation 177–9, 180, 318, 334,

364, 381
effect on lymphocyte proliferation

358
immunotoxicity 393–4, 395

digestive tract cancers 341, 342, 349
dioxins

accumulation 179–80
immunotoxicity 393–4

endocrine lesions 360
feeding habit 348, 350, 409
gastrointestinal tract 359–60

epithelial cancers 341, 353–6
ulceration 359–60

genetic diversity loss 385
genital cancers 360
HAH effects 440
heavy metals

accumulation 334
exposure of immune cells 390–3

hematopoietic organs 356–8
hepatic lesions 358–9
hereditary cancer syndromes 352
hermaphroditism 61, 76, 174, 315, 360
humoral response 387–8
immune status 381–400
immune suppression 357–8
immune system 317–18, 382–8,

389–90
immunotoxicity of contaminants

390–9
infectious disease 336, 337, 338, 339,

340, 357
lead levels 381
life span 363
lymphoid cells 382–3
lymphoid organs 356–8, 382
major histocompatibility complex

384–5

mammary gland cancers 342, 350–1,
360

mercury
accumulation 358–9, 381, 405
assay 412–13
genotoxicity 412–13, 417
immunotoxicity 390–3

methylmercury 224, 392, 393
methylsulfone 363, 364
mirex levels 381
mortality 334, 335, 336
natural killer cells 385, 386–7
neutrophils 385–6
non-specific immune response 385–7
organochlorines

accumulation 405
contaminated blubber animal

studies 396–7
exposure of immune cells 393–5

organohalogen-contaminated blubber
animal studies 396–9

organohalogens 381–2
PAH

accumulation 334, 348–9, 368,
409–10, 440

genotoxicity 417
induction of cancers 349, 368

parasitic disease 318, 336, 337–8
pathology 333–68
PCB 42, 113, 442

accumulation 177–8, 180, 334, 364,
381, 405

immunotoxicity 393–5
lymphocyte proliferation effects 358
in milk 293
thyroid gland effects 362

PCB-contaminated blubber animal
studies 396, 397–9

periodontitis 359
phagocytosis 385–6, 393–5
POC accumulation 177–80
population susceptibility to cancer

353
pseudohermaphroditism 360
reproductive rate 404–5
reproductive toxicity studies of

contaminated blubber 398–9
skin cancer 356
skull bone asymmetry 114
specific immune response 387–8,

389–90
splenocytes 388, 389, 578

lymphoproliferative response
393–5, 578
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622 Index

studies of 1990s 114
thymocytes 388, 390, 578
thyroid lesions 360–2
toxaphene genotoxicity 414, 416, 417
viral infections 340

Delphinus capensis (long-beaked
common dolphin) 469, 470

Delphinus delphis (common dolphin)
mercury levels 474
morbillivirus and PCB levels 358
organochlorine studies 102
strandings and HAH levels 469, 470

Demodex zalophi 24
dental health 359
Dermatophilus congolensis 17–18
detergent contamination 292, 308
development

endocrine-disrupting chemicals 599
hormones 57–8
organochlorine effects 55, 56, 57–63,

88–90
see also teratogenesis

di-2-ethylhexyl phthalate (DEHP) 307
di-isonyl phthalate (DNP) 307
di-n-butyl phthalate (DBP) 307
diatoms 247, 252, 311
dibenzofurans 191
dichlorodiphenyltrichloroethane see

DDT
dichloroethylidene-chloro-benzene see

DDE
die-offs 3, 135

Baikal seals 545
dolphins 7, 114
morbilliviral disease 115, 558
phocine distemper virus 543–4
viral infections 6
virus-associated in pinnipeds 534–48
see also strandings

dieldrin 101, 169, 170, 171, 540
beluga whale 180
dugong tissues 272, 276
harbor seal

feeding study 561–4
Wadden Sea 496, 498–500

manatee tissues 279–80
studies of 1960s 102
use restriction 292
walrus in Greenland 495, 498

dietary studies of organochlorines 91
dihydro-testosterone (DHT) 315
dinoflagellates 247, 249, 251
Dinophysis (dinoflagellate) 251
Diomedia (albatross) 299–300

dioxin regulatory element (DRE) 559
dioxins 40–1, 169

avian toxicity 299–300
bacterial infection 541
Baltic Sea 523, 525–6
beluga whale

bioaccumulation 179–80
immunotoxicity 393–4
metabolism 442

benzo[a]pyrene toxicity 410–11
binding to aryl hydrocarbon (Ah)

receptor 435, 559
biomarker 43
brominated 170
cetacean toxicity 295, 296
chlorinated 170
CYP1A1 induction 410, 437
harbor seal feeding study 561–4,

566
host resistance to pathogens 560
human effects 313–14, 318
immunotoxicity 42, 560
induction in cetaceans 443
laboratory rat studies 564–5
narwhal metabolism 442
polar bear 191
prenatal exposure 319
rat studies 543
ringed seal 191
thyroid function 70
toxicity 430
toxicity equivalents 295–300, 301,

314, 559, 561
toxic equivalency factors for

HAHs 443–4, 559
toxic equivalency quotients for

HAHs 443
transfer to offspring 560
wildlife effects 301
see also polychlorinated

dibenzodioxins (PCDDs)
diphyllobothriosis 337
disease

long-term monitoring 600
see also cancer; infection; parasitic

disease
DNA adducts 174, 448
DNA damage 405, 449

beluga whales 417, 418
cancer 417
detection 406
mercury 411, 413
teratogenesis 405, 417

DNA nucleophilic sites 439, 440
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Index 623

dolphin(s)
Atlantic white-sided see

Lagenorhynchus acutus (Atlantic
white-sided dolphin)

bottlenose see Tursiops truncatus
(bottlenose dolphin)

captive 447
catastrophic viral epidemics 38
Clostridium perfringens 19
common see Delphinus delphis

(common dolphin)
cytochrome P450 441, 448
endocrine system disruption 445–6
Erysipelothrix rhusopathiae 15
flukes 25, 27
HAH levels 448
live-captive and release studies 447
long-beaked common see Delphinus

capensis (long-beaked common
dolphin)

lung worm 25, 27
malignant tumors 318
mercury levels in Mediterranean 143,

413
Pacific white-sided see

Lagenorhynchus obliquidens
(Pacific white-sided dolphin)

Risso’s see Grampus griseus (Risso’s
dolphin)

spinner see Stenella longirostris
(spinner dolphin)

Staphylococcus aureus 18
striped see Stenella coeruleoalba

(striped dolphin)
white-beaked see Lagenorhynchus

albirostris (white-beaked
dolphin)

see also Orcinus orca (killer whale)
dolphin pox 8–9
domestic animals, cancer rate 346, 347,

348
domoic acid 248, 249, 252–6
dose–response relationships for

environmental contaminants
357–8, 600, 603, 610

Dugong dugon (dugong) 271, 272–4,
275–8

contaminant residues 271, 272–4,
275–8

heavy metals 145, 273–5, 277–8
oil pollution 278

ecological catastrophe 119
Edwardsiella 16, 338, 339, 357

endocrine disruption
in gray seal 507–29
by HAHs and PAHs 430, 444–6, 449
by organochlorines 89
research studies 599, 610–11

endocrine system 67–77, 312–13
disturbances 67–8
dolphins 445–6
toxicology 598–9

endometrium, receptivity impairment
59

endosulfan 312
endrin 170
Enhydra lutris (sea otter) 4, 74

butter clam toxicity 252
distribution 252
gall-bladder fluke 25
herpesvirus 13
intestinal parasites 25
lung mites 24
mink as surrogate study species 609
staphylococcal valvular endocarditis

18
Enhydra lutris nereis (southern sea

otter)
Coccidioides immitis 22
domoic acid poisoning 255

environmental contaminants 3, 14
anthropogenic 208–9
Arctic deposition 209, 310–12
carcinogens 353
complex mixtures 610
data collection 447
DNA damage 405
dose–response relationships 357–8,

600, 603, 610
entrained 311
exposure to effect linkage 607
gene expression changes 448–9
genotoxicity 404–19
immunotoxicology 546, 547, 548,

572, 573–85
information compilation/

dissemination 603–4
input stemming 119
integration of multiple approaches

602–3
large cetaceans 294–6, 297, 298–305
long-term monitoring 600, 603
model for experimental studies

609–10
monitoring of loads/inputs 604
mortality during epizootics 597
non-destructive sampling 607–8
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pinnipeds 539–41, 571–85
abnormalities 572
immune system 541–3
temporal trends 491–503

release from fat reserves 446
statistical power in experimental

design 611
Steller’s sea lion immune system 576
threats

evaluation 605
to populations of marine mammals

596–7
total body burdens 611
unknown 601
in vitro modeling 447, 577–9
see also pollutants

Environmental Protection Agency (US)
102, 207

epi-immunotoxicology 546, 547, 548
Epidermophyton 22
Erignathus barbatus (bearded seal) 4

bottom feeding 311
gall-bladder fluke 25
heavy metals 231
phocine herpesvirus antibodies 12
POCs 185
Toxoplasma gondii 23
vanadium accumulation 217

Erysipelothrix rhusopathiae 15
Eschrichtius robustus (gray whale) 181

bottom feeding 311
cadmium levels 475
domoic acid poisoning 255–6
feeding method 475
HAH levels 465

estradiol 73, 313
blastocyst reactivation 73
harbor seals 59
maternal-fetal rejection response

prevention 61
17β-estradiol 58
estrogens 57, 71, 73
Eumetopias jubatus (Steller’s sea lion)

12
butyltins 218
immune function effects of

contaminants 576
model species for contaminant

studies 609
studies of 1990s 116
tributyltin levels 302
Trichophyton 22

Euphasia pacifica (krill) 256
eutrophication 601

experimental studies, controlled 606–7
extinctions 596

fat see blubber
feeding

activity in oiled areas 4
foraging ecology studies 446, 447
heavy metal ingestion 144
ringed seal 494
see also bottom feeders; food web

fire retardants 292, 308–9
flukes, parasitic 25, 26, 27
fluorinated compounds 292
flutamide 313
follicle-stimulating hormone (FSH) 58,

73
food web

Antarctic ecosystem 146
bioaccumulation of PAHs 559
heavy metals 144
mercury 148
photosynthesis 311
pinniped feeding 181
top predators 145–6
trophic levels 144, 181

foraging ecology studies 446, 447
fungicides 316
furans

baleen whales 300
brominated/chlorinated 170
killer whale 300
see also polychlorinated

dibenzofurans (PCDFs)
Fusarium 21

Gambierdiscus toxicus (dinoflagellate)
262

genetic diversity loss in beluga whales
385

genotoxicity
environmental contaminants 404–19
mercury 411–13
organochlorines 413–17
PAH compounds 407–11
toxaphene 413–17

gestation 74, 560
Giardia 24
global warming 247
Globicephala (pilot whales)

cadmium levels 475
meat consumption by humans 214
morbillivirus 7

Globicephala macrorhynchus (shortfinned
pilot whale) 152, 441
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Index 625

Globicephala melas (long-finned pilot
whale)

cadmium concentration 144
lactating 157
lead levels 477
mercury 153, 472, 477

detoxification 157, 472
organochlorine sampling 117
tetrachlorobiphenyl congener

metabolism 442–3
thyroid follicular cysts 362

glucocorticosteroids 57, 71
goiter, colloid 362
gonadotrophin-releasing hormone

(GnRH) 58, 73
Grampus griseus (Risso’s dolphin)

mercury levels 474
strandings and HAH levels 469, 470
tributyltin levels 302

granulosa cells 73
Greenland

cadmium 501
heavy metals 493, 494
mercury 501
organochlorines 495, 498

growth, organochlorine effects 88–90
Gulf of St Lawrence

organochlorines 495, 497–8
see also Delphinapterus leucas (beluga

whale), St Lawrence estuary
population

Gymnodinium (dinoflagellate) 249, 251
see also Karenia brevis (dinoflagellate)

hair growth 70
Halichoerus grypus (gray seal)

adrenal gland
changes 511, 521, 523, 526
DDT effects 71–2, 363, 366
PCB effects 363

adrenocortical hyperplasia 366
arteriosclerosis 520, 522
Baltic population 507–27, 540
brucella 19
cause of death 514, 515, 516–17,

518–19
claw lesions 509, 519, 520, 527
colonic ulcers 510, 515, 516–17, 520,

521, 525, 528
contaminant-related immunotoxicity

577
DDT pollution in Baltic Sea 496,

500–1, 507–8, 515, 523–4, 526,
527–8

dental health 359
digit lesions 509, 519, 527
disease complex in Baltic population

540
endocrine disruptors 507–29
food in Baltic Sea 522–3
Fusarium 21
gynaecological health in Baltic Sea

525
HAH levels 466–7
immunoglobins 538
immunosuppression 528
intestinal lesions 510, 515, 516–17
kidney lesions 513
lactation 60, 115, 466–7
mercury levels 229
metallothioneins 155, 578–9
model species for contaminant

studies 609
morbillivirus outbreak 6, 535, 546,

548, 571
organochlorines

in Baltic Sea 496, 500–1, 502
in Canadian Arctic 495, 497
pollution 183
reproductive effects 111
sampling 117

pathology in Baltic Sea 508–22
PCB-methyl sulfone lactational

transfer 60
PCBs

Baltic Sea 496, 500–1, 502, 507–8,
515, 523–4, 526–8

levels in milk 115
pregnancy 519
reproduction

disorders 55, 76, 183, 511, 512
failure in Baltic Sea 507–8
organochlorine effects 111

skeletal lesions 540
skull bone lesions 513, 521–2
sterility 61
temporal variation of contaminants

in Baltic Sea 522–5
thyroid hormones 313
uterine lesions 507–8, 511, 512, 518,

519, 527
vascular changes 510

Halocercus monoceris 337
halogenated aromatic hydrocarbons

(HAHs) 40–1, 43, 429–31, 464,
465–6

accumulation in aquatic organisms
459
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626 Index

AHR mediation of toxicity 436
binding to aryl hydrocarbon (Ah)

receptor 435
bottlenose dolphin

bioaccumulation 463, 464, 465–71
lactation 466–7
strandings 469–71

bowhead whale tissue levels 465
cytochrome P450 induction 430,

438–9, 449
dioxin toxic equivalency quotients

443
dolphin tissue levels 448
endocrine disruption 430, 444–6,

449
fetotoxicity 430
gene expression alteration 430
gray seal 466–7
gray whale tissue levels 465
harbor porpoise tissue levels 465
metabolic enzyme activity 444
metabolism 431–2, 438–9
milk levels 466–7
physiological response patterns 430
residue ratios 442–3
testosterone levels 445
toxicity

mechanisms 429–49
species-specificity 444

hearing loss 314–15
PCB-induced 314–15, 319

heavy metals 4, 38, 135–58
accumulation in animal tissues

459–60, 477
age of marine mammals 146, 477
Arctic marine mammals 206, 207–8
Baltic Sea 525
beluga whales 45, 143–4, 208, 213,

223–8, 334, 390–3
bioavailability 208
bottlenose dolphin tissue levels

471–2, 473–4, 475–7
bowhead whale 220–3
Canadian Arctic 492, 493, 494
concentrations in marine mammals

211, 218–19
detoxification 207

limits 157–8
mechanisms 151–6

distribution within organs 147
dugong tissues 145, 273–5, 277–8
essential 136
factors affecting concentrations 137,

138–42, 143–7

food web 144
geographic location 137, 143–4
Greenland 493, 494
herbivorous marine mammals 145
immune cell exposure 45
immune system effects 382
immunosuppression 136
immunotoxicity 41–2
lactation 144, 146–7
liver concentration 138–42
narwhals 143–4, 228–9
non-essential 136
physiological status of organism

135
pinnipeds 491–503
protein binding 210
ratios 157
reproductive activity 146–7
routes of entry 144–6
seagrass 145
sources 208–9
thyroid function 70
toxicity 135, 210–19
toxicosis 208
transport mechanisms 208–9
valence state 207
Wadden Sea 493, 494
see also individual named heavy

metals
hemoglobin 211
hemosiderin 277
hepatitis viruses 10–11, 14
HEPOX in harbor seal in Wadden Sea

496, 498–500
heptachlor 272, 276
herbivores, heavy metal levels 145
hermaphroditism

beluga whales 61, 76, 174, 315,
360

see also pseudohermaphroditism
herpesvirus

beluga whale 13, 357
bottlenose dolphin 12–13
sea otter 13

herring, Baltic Sea 542, 543, 560,
561–4, 573

hexachlorobenzene (HCB) 169
bottlenose dolphin tissue levels 464,

465, 467
dugong tissues 272, 276
harbor seal feeding study 561–4
increase in marine systems 293
manatee tissues 280
pinniped contamination 540
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Index 627

ringed seal in Canadian Arctic 495,
497

use restriction 292
walrus in Greenland 495, 498

hexachlorocyclohexane (HCH) 112, 540
harbor seal

feeding study 561–4
Wadden Sea 496, 498–500

polar bear 191
use restriction 292

hexachlorohexane 180
histopathology studies 608
historical studies 99–102, 103–4, 105,

106–10, 111–19
1940s and 1950s 100–1
1960s 101–2, 103–4, 106–7
1970s 102, 103–4, 105, 106–10, 111
1980s 103–4, 106–10, 112–13
1990s 103–4, 106–10, 113–17

Histriophoca fasciata (ribbon seal) 12,
184

hookworms 25, 510
hormones, reproductive and

developmental 55–63
disorders 58–60
see also endocrine disruption;

endocrine system
host resistance to pathogens 560
human care of marine mammals see

captive marine mammals
humans

activities 597
bacterial infection risk 15
cancer 341, 346, 347

genetic susceptibility 352
consumption of marine mammals

214, 219
cultural reliance on marine mammals

219
dioxin effects 313–14, 318
hearing loss 314–15
PCB neuroendocrine effects 313–15,

318
viral infection risk 6

humoral response 583
beluga whales 387–8

hyperadrenocorticism in seals 61
hypospadias 315
hypothalamus 58

immune function
contaminant relationship 575–7
free-ranging pinnipeds 574–7, 580

pollution link 575–7

harbor seals 562–3, 564, 565–6, 573,
574–5

short-term fasting 564
test battery 582, 583

long-term monitoring 600
in vitro tests 538

immune responses
acquired 43
adaptive 387
cell-mediated 583
humoral 387–8, 583
innate 43
non-specific 385–7, 583
specific 387–8, 389–90
virus infection 537

immune system 39, 43
assays 91
beluga whales 382–8, 389–90
cetaceans 317–18
corticosteroids 61
heavy metal effects 382
mercury sensitivity 305
metallothioneins 158
non-self 384
organochlorine effects 115, 317–18
PAHs 559
pesticide effects 382
pinnipeds 535–9

contaminant effects 541–3
self 384
steroid hormone disruption 61
thyroid hormones 61
toxicity mechanisms 600
virus-associated mass mortalities

among pinnipeds 534–48
immunocompetence

harbor seal pups 539, 575
organochlorines 90–1

immunodeficiency 3
immunoglobulins 44, 388, 536, 538

plasma measurement 580
immunology 43–5

tiered approach to assessment 580–2
immunosuppression 4

cancers 318
chemical contaminant-associated

560
colonic ulcers in gray seal 528
contaminant-induced 39
endpoints 600
heavy metals 136
infections in beluga whales 357
organohalogens 39
PCBs 41
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viral infection 6
xenobiotics 14

immunotoxicity
cadmium 42
contaminant-related in pinnipeds

572, 573–85
contaminants in beluga blubber

390–9
dioxin-induced 560
heavy metals 41–2
laboratory animal studies 573
lead 42
mediation by AHR 534
mercury 41–2
mixtures of toxic compounds 42
monitoring programs 608
organohalogens 40–1
PAHs 559, 565
POCs 534, 535
programmed cell death 577
sampling programs 608
stress in morbilliviral disease 558
study design in free-ranging

pinnipeds 579–82, 583, 584
TCDD 42
in vitro models 577–9

immunotoxicology 39–40
animal models 45–6
environmental contaminants 546,

547, 548
free-ranging pinnipeds 571–85
investigation design 62–3
scaling-up of assessments 600
study approaches 600
testing panel 39–40
in vitro models 40, 45
see also biomarkers

implantation
delayed 73, 74, 195
failure 76
prevention 59

infection
beluga whales 336, 337, 338, 339,

340, 357
immune response suppression 357,

449
see also bacterial infections; mycotic

diseases; parasitic disease; viral
infections

influenza virus 6, 11, 38
inshore environment 601
international collaborations 596
International Whaling Commission

workshop (1995) 609

Inuit
diet 207
hearing loss with PCB contamination

315
inverse prediction model 460
iron

bowhead whale tissue 220, 222
dugong tissues 274, 277, 278
functions 211
manatee tissues 280, 282
mother to pup transmission 146

Karenia brevis (dinoflagellate) 256, 257,
259, 282

kepone 169, 170
kidney, cadmium toxicity 150–1
Klebsiella 19
Kogia breviceps (pygmy sperm whale) 21
krill, domoic acid accumulation 256

laboratory animal studies
exposure to effect linkage 607
harbor seal feeding study mimicking

564–5, 566
immunological assessment tests

580–2
immunotoxicity of contaminants 573
immunotoxicology models 45–6
organochlorines 87–8
organohalogen-contaminated beluga

blubber 396–9
surrogate 606, 607

lactation 3, 5
bottlenose dolphin 466–7
dioxin transfer 560
gray seal 60, 115, 466–7
HAHs in milk 466–7
heavy metals 144, 146–7
lipophilic chemical offloading 446
mercury levels 147
organochlorines 89–90, 101, 111

exposure 293
PCB-methyl sulfone transfer in gray

seals 60
PCBs in milk 115, 293
polar bear 190, 195
POP loss by females 545
thyroid hormone peak concentrations

70
see also milk

Lagenorhynchus acutus (Atlantic white-
sided dolphin)

Clostridium perfringens 19
Fusarium 21
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life span 363
mercury levels 474
methylsulfone formation from PCBs

363
Lagenorhynchus albirostris (white-

beaked dolphin) 474
Lagenorhynchus obliquidens (Pacific

white-sided dolphin) 13–14
lead 4, 136, 217

accumulation in animal tissues 459
bottlenose dolphin levels 463, 471, 476
bowhead whale tissue 220, 222
Canadian Arctic 493, 494
concentration in mammalian tissues

491
dugong tissues 274–5, 277, 278
immunotoxicity 42
manatee tissues 280–1, 282
mollusc accumulation 145
mother to pup transmission 146
narwhal tissue 229
polar bear tissue levels 235
ringed seal tissue levels 231
studies of 1970 102, 105
thyroid function 70
Wadden Sea 493, 494, 501

Leptonychotes weddellii (Weddell seal)
147

Leptospira pomona 17
leucocytes 536, 560

cryopreservation 578
lice 24, 26
life-history information 608
lindane 292
lipofuscin 149, 215
Listeria monocytogenes resistance

reduction 303
Loboa loboi (lobomycosis) 21
lungworm 24–5

beluga whales 337–8
Brucella transmission 20

luteinizing hormone (LH) 58, 73, 74
Lutra lutra (European otter) 19
lymph nodes 536
lymphocytes 43–4, 536, 537

beluga whales 382–3
chronic exposure to contaminants 46
cryopreservation 45
methylmercury effects 150
proliferation 46

lymphoid cells, beluga whales 382–3
lymphoid organs, beluga whales 356–8,

382
lymphoid tissues 90–1, 536

magnesium 282
major histocompatibility complex

(MHC)
beluga whales 384–5
class II 43
genetic diversity loss 385

mammalian cytokinesis-block
micronuclei (MN) assay 406

benzo[a]pyrenes 408–10
chlordane 414–16
DDT 414–16
mercury 411–13
toxaphene 414–17

mammals, terrestrial 6
mammary gland cancers in beluga

whales 342, 350–1
manatee

Amazonian see Trichechus inunguis
(Amazonian manatee)

Antillean see Trichechus manatus
manatus (Antillean manatee)

environmental contaminants 278–83
Epidermophyton 22
Florida see Trichechus manatus

latirostris (Florida manatee)
protozoal parasites 26
species 278
West African see Trichechus

senegalensis (West African
manatee)

West Indian see Trichechus manatus
(West Indian manatee)

manganese 278
Marine Mammal Protection Act (US,

1972) 84
mass mortality see die-offs; strandings
maternal–fetal rejection response

prevention 61
mating, synchronized 74
meat consumption 214, 219
Megaptera novaeangliae (humpback

whale)
dioxin-like PCBs 296, 298–9
saxitoxin poisoning 250–1

mercuric selenide 149, 152
mercury 4, 136, 459–60

age effect 146
Arctic marine mammals 211–16
bearded seal tissue levels 231
beluga whale

genotoxicity 412–13, 417
immunotoxicity 390–3
tissue 208, 224–5, 227, 303, 305,

358–9, 381, 405
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bottlenose dolphin
accumulation with age 477
contamination 149, 150
tissue levels 149, 150, 215, 413,

463, 471–5, 477
toxicity 215

bowhead whale tissue 220, 221,
222

Canadian Arctic 492, 493, 494, 501
cetaceans 319

large 303–5
Comet assay 413
demethylation 153–4, 213–14
detoxification 151–4, 213
DNA damage 411, 413
dolphin tissue levels 143, 152, 413,

472, 474
dugong tissues 274, 277–8
fin whales 101
food web 145–6, 148
genotoxicity 411–13
gray seals 229
Greenland 493, 494, 501
harbor porpoise disease 149–50
harbor seals 229
harp seal tissue levels 232, 304–5
hooded seal 233
immune cell exposure 45
immune system sensitivity 305
immunotoxicity 41–2
inorganic 152, 211–12
Inuit diet 207
lactation levels 147
liver concentration 138–42, 143–4
mammalian tissues 491
manatee tissues 280, 282
metallic 304
metallothionein binding 153, 214
minke whale levels 145–6
MN assay 411–13
narwhal tissue concentration 228,

303
natural high levels 143
organic 153, 211–12
origins 211
pilot whale tissue levels 153, 157,

472, 477
polar bear tissue levels 234, 235
pregnancy levels 147
ringed seal tissue levels 102, 143–4,

149, 229–30, 494
seabird levels 304
seafood contamination in Japan

101

selenium
antagonism 151–2, 207, 459
correlation with 212–13
interaction 214

sledgedogs 215–16
studies

of 1940s and 1950s 101
of 1960s 102, 103–4
of 1970s 102, 103–4, 105
of 1980s and 1990s 103–4

thyroid function 70
tissue concentrations 304–5
total 304
toxicity 148–50, 212
Wadden Sea 493, 494
walrus tissue levels 233–4

mercury:selenium ratio 150, 151–2,
153

metallothioneins 105
cadmium

binding 155, 157
detoxification 154–6

immune response modulation 158
mercury binding 153, 214
in vitro studies 578–9

methylcholanthrene 435, 437
methylmercuric chloride 215
methylmercury 148, 150

beluga whale tissue 224, 392, 393
bioaccumulation 212
biomagnification 304
biotransformation 216
bottlenose dolphins 472, 474, 578
demethylation 153–4
dugong tissues 274, 277–8
harp seal 148–9

pups 214–15
reference dose 207
ringed seal tissue distribution/

excretion 231
toxicity 152
Wadden Sea 493, 494

methylsulfate chlorobenzenes 71
methylsulfone polychlorinated

biphenyls 192, 194–5, 363, 364,
365

accumulation 459
Baltic Sea 524, 526
lactational transfer 60
uteroglobin binding 59

metolachlor 312
microalgae 247
Microsporum canis 22
Microtox assay for toxaphene 416–17
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milk
DDE concentrations 117
DDT metabolites 576
dioxin transfer 560
HAH levels 466–7
heavy metals 144
PCB congeners 576
PCB levels 115, 293
perinatal transfer of pollutants 46
sampling 89, 90
see also lactation

mineralocorticoids 71
mink 398–9, 609
mirex 169, 170, 171

beluga whale 180
biomagnification factor 178
use restriction 292

Mirounga angustirostris (northern
elephant seal)

ovulation timing 73
skin disease syndrome 114

Mirounga leonina (southern elephant
seal) 25

mites 24
mixed-function oxidase (MFO) systems

112, 116–17, 433
induction 174
POCs 173
polar bears 192, 194

mixed lymphocyte reaction in harbor
seals 562–3

model species
marine mammals 86–8, 608–9
see also laboratory animal studies

molluscs
blue mussels 348
cadmium transfer in food chain 144,

145
hydrocarbon bioaccumulation 4
lead accumulation 145

molt, thyroid hormones 70
Monachus monachus (monk seal) 7,

251–2
Monachus schauinslandi (Hawaiian

monk seal) 23, 263, 307
Monachus tropicalis (Caribbean monk

seal) 596
monitoring programs 608
Monodon monoceros (narwhal)

cadmium levels 155–6, 228–9
cytochrome P450 activity 442
DDT accumulation 177–8
diet 228
dioxin metabolism 442

heavy metals 143–4, 228–9
inorganic pollutants 228–9
mercury accumulation 228, 303
metallothioneins 155–6
PCB

accumulation 177–8
metabolism 442

POC accumulation 171, 177–80
zinc accumulation 226
zinc–cadmium relationship 218

morbilliviral disease 6–8, 317, 546, 548
antibodies 544
bottlenose dolphin 7, 259–60
die-offs 115, 558
harbor seal 6–7, 115, 535, 546, 548,

571
immunotoxicity of persistent organic

contaminants 535, 571
monk seal 251
PCB concentrations in dolphins 358
pollutant effect on susceptibility 38
stress of immunotoxic chemicals 558
striped dolphin 7, 8, 357, 358
see also phocine distemper virus

(PDV-1/-2)
Morganella morganii 339, 340
muktuk 207, 226–7, 229
multiple response concept 63
mussels, blue 348
Mustela vison (mink) 398–9, 609
Mycobacterium 18
Mycoplasma phocidae 11
mycotic diseases 20–3
myoglobin 211
Mytilus edulis (blue mussel) 348

NADPH cytochrome P450 reductase
433–4

narwhal see Monodon monoceros
(narwhal)

National Environmental Policy Act
(US, 1975) 102

natural killer (NK) cells 44, 536
beluga whales 385, 386–7
epi-immunotoxicology 546, 547
harbor seals 136, 546, 562, 563, 566,

573, 577
immune impairment 136
properties 538
viral infection 537

nematodes
lung 337
stomach 25
see also lungworm
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neonatal death, harbor seals 76
neoplastic lesions, POC-induced 174
neurotoxic shellfish poisoning 257, 259
neurotoxins 251, 253, 282
neutrophils 44, 536

beluga whales 385–6
nickel 136

dugong tissues 274, 277, 278
manatee tissues 282
mother to pup transmission 146
stillbirth association 136

Nocardia 357
Nocardia asteroides 19

Odobenus rosmarus divergens (Pacific
walrus) 311

cadmium concentrations 145, 233, 234
feeding 168, 311
heavy metals 233–4
POCs 186–7
polynyas 311
vanadium accumulation 217

Odobenus rosmarus rosmarus (Atlantic
walrus) 4, 311

feeding 168, 311
gestation 74
heavy metals 145, 233–4
organochlorines in Greenland 495, 498
phocine herpesvirus antibodies 12
POCs 186–7
polynyas 311
seal-eating 186
sexual maturation 74
vanadium accumulation 217

oil, crude 4–5
oil spills/pollution 4–5

dugong mortality 278
manatee mortality 283

Orcinus orca (killer whale)
cytochrome P450 441
furans 300
hepatitis B-like virus 14

organochlorines 3, 4, 38, 170–1, 540, 604
adrenal gland cysts 362–3, 365
adrenotoxicity 366–7
analytical procedures 461–2
animal model studies 87–8
Arctic marine mammals 168
Baltic Sea 496, 500–1, 502
beluga whale

accumulation 405
contaminated blubber animal

studies 396–7
immunotoxicity 45, 393–5

benchmark populations 83–5
blood levels 91–2
blubber sampling 91–2
bottlenose dolphin tissue analysis

117, 461–2, 463, 464, 465–8
California sea lion 111
Canadian Arctic 495, 497
cetacean effects 293, 319–20
contaminant burdens 82–3
dental health effects 359
developmental effects 55, 56, 57–63,

88–90
dietary studies 91
dugong tissues 272, 276–7
endocrine disruption 89, 360
estrogenic activity 101
excretion 90, 111
exposure effect measurement 88–91
genotoxicity 413–17
gray seal

Baltic Sea 496, 500–1, 502
Canadian Arctic 495, 497
pollution 183
reproductive effects 111
sampling 117

Greenland 495, 498
growth effects 88–90
Gulf of St Lawrence 495, 497–8
harbor porpoise 102, 117, 365–6
harp seal 117, 495, 497–8
immune cell exposure 45
immune response effects 115
immune system effects 317–18
immunocompetence 90–1
lactation

exposure 293
levels 89–90, 101, 111

lipophilic 91–2
manatee tissues 279–80
northern fur seal immunotoxicity 46
Northern north Pacific 495–6, 498
PDV affected seal populations 545
persistent 292–4
pinnipeds 491–503
prematurity in seals 599
prenatal exposure 293, 319
pulmonary cell effects 337
reproductive effects 55, 56, 57–63,

88–90, 111, 599
reproductive toxicity studies 398–9
ringed seal 117, 183, 495, 497

Baltic Sea 496, 500–1, 502
species sampled 117
striped dolphin 117, 317
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studies
of 1940s and 1950s 100–1
of 1970s 105, 106–10, 111

synergistic effects 45
thyroid disruption 362
transgenerational effects 293–4
Wadden Sea 496, 498–500, 501–2
see also pesticides

organohalogens
beluga whales 381–2, 396–7
immunosuppression 39
immunotoxicity 40–1
reproductive toxicity studies 398–9
thyroid function 70

organotin compounds
large cetaceans 300–3
uses 300
see also tributyltins

Otaria flavescens (South American sea
lion)

Dermatophilus congolensis 17–18
seal pox 9

otter
European see Lutra lutra (European

otter)
sea

California/southern see Enhydra
lutris nereis (southern sea other)

see Enhydra lutris (sea otter)
ovarian follicle 73
ovulation timing 73
oxychlordane 187–8

Pagophilus groenlandicus (harp seal)
heavy metals 232–3
mercury tissue concentration 232,

304–5
methylmercury

determination 214–15
intoxication 148–9

organochlorines
Gulf of St Lawrence 495, 497–8
sampling 117

PCBs 184–5
POCs 184–5
radionuclides 233

pancytopenia 4
papillomavirus 6, 14
paralytic shellfish poisoning (PSP) 249,

251–2
parapoxvirus 9
parasitic disease 23–7

beluga whales 318, 336, 337–8
external 24, 26

immune response suppression 449
internal 24–5, 26–7
mercury levels in harbor porpoise

149–50
resistance impairment 382

parturition 146
pathogens, host resistance 560
pathology, long-term monitoring 600
pentabromodiphenyl ether 308
perfluorooctane sulfonates 309
peripheral blood mononuclear cells

(PBMC) 537–8
cryopreservation 575–7, 580
free-ranging harbor seal studies

574–5, 576–7
metallothionein induction in gray

seals 578–9
persistent organic contaminants (POCs)

age effects on accumulation 172
Arctic cetaceans 175–80
Arctic marine mammals 168–96
Arctic pinnipeds 181–7
bearded seal 185
beluga whales 177–80
bioaccumulation 168
biomagnification 170, 189–90
biotransformation 173
bottlenose dolphin 458–78
bowhead whales 175–7
clinical examination 174–5
concentration-determining factors

172–5
contamination of Arctic 169
endpoints for assessing effects 175
harp seal 184–5
hooded seal 186
immunotoxicity 534, 535
lipophilic 168, 170
loss by females 545
male animal levels 545
metabolism in polar bears 192, 193,

194
narwhals 171, 177–80
necropsy 174–5
nutritional status 172–3
octanol/water partition coefficient

171
pesticides 170–1
phocine distemper virus-affected

animals 571
physico-chemical partitioning 169
polar bear 171, 187–92, 193, 194–6
ringed seal 181–3, 184
sex differences in accumulation 172
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sources 170
spotted seal 183–4
walrus 186–7
see also polycyclic aromatic

hydrocarbons (PAHs); individual
named contaminants

pesticides
Arctic haze 312
immune system effects 382
immunotoxicity 534
sea ice 312
South American coastline 316
see also organochlorines

petrogenic hydrocarbons 176
petroleum products 4, 5

contamination in Arctic 176
phagocytosis 578

beluga leukocytes 393–5
beluga neutrophils 385–6

phenolic detergents 292, 308
Phoca largha (spotted seal)

heavy metals 231
PCBs 184
phocid herpesvirus antibodies 11
POCs 183–4

Phoca sibirica (Siberian seal) 7
Phoca vitulina (harbor seal)

adrenal glands 363
antibody response to human rabies

vaccine 575
Baltic population 507
birth defects 76
delayed-type hypersensitivity

reactions 563
dieldrin 496, 498–500, 561–4
estradiol levels 59
feeding studies in rats 564–5
Fusarium 21
immune function

assays 562–3, 565–6, 573, 582, 583
effects of short-term fasting 564
free-ranging animals 574–5

immune impairment 136, 317
immune system 539
immunocompetence of neonate 539,

575
immunoglobulins 538
influenza virus 11
lead levels 494
lungworms 25
lymphocytes 538, 539
mercury 229, 494
metallothioneins 155
Microsporum canis 22

mixed lymphocyte reaction 562–3
model species for contaminant

studies 87, 609
morbillivirus outbreak 6–7, 115, 535,

546, 548, 571
natural killer cell activity 136, 562,

563, 566, 573, 577
organochlorines 117, 183

Wadden Sea 496, 498–500, 501–2
PAH-contaminated fish feeding study

560, 561–4, 565–6, 573
PBMC cryopreservation 576–7
PCB-contaminated fish feeding study

71, 75–6, 112, 136, 317, 542,
546, 560–6

PCBs 546, 566
Wadden Sea 496, 498–500, 501–2

reproductive disorders 55, 76, 183,
540

reproductive failure 75–6
seal herpesvirus 11, 12
seal pox 9
short-term fasting 564
skeletal lesions 540
T-lymphocyte proliferative response

562–3, 566, 573
thyroid hormones 59–60, 71
toxaphene genotoxicity 416
Toxoplasma gondii 24
uterine lesions 507–8
viral disease 6
in vivo immunotoxicity studies 46
Wadden Sea population decline 508

phocid herpesvirus type 1 and type 2
(PHV-1 and PHV-2) 11–12

phocine distemper virus (PDV-1/-2)
6–7, 317, 535

Baltic Sea population impact 508
epizootic of 1988 543–6, 558, 571
male mortality 545
organochlorine levels 70–1, 115

Phocoena phocoena (harbor porpoise)
adrenocortical function hypothesis

114
adrenocortical hyperplasia 365–6
HAH levels 465
lung worm 25
mercury levels 149–50
model species for contaminant

studies 609
morbillivirus 7, 8
organochlorines 102, 117, 365–6
parasitic disease 149–50
PCB congeners 296, 297
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pneumonia 149–50
studies of 1980s 113

Phocoenoides dalli (Dall’s porpoise)
DDE tissue concentration 58–9,

445
lungworm 25
PCBs 58–9
reproductive disorders 76
studies of 1990s 116
testosterone levels 58, 113, 445

photosynthesis 311
phthalates 307
Physeter macrocephalus (sperm whale)

contaminants 316
emigration 316
mercury levels 147
metallothioneins 155
organochlorine contamination 55
population 316
Sarcocystis 26

phytoplankton, metal bioaccumulation
208

pinnipeds
contaminant-induced abnormalities

572
contaminant–immune system–virus

link 543–6
environmental contaminants 539–41
epi-immunotoxicology 546, 547, 548
heavy metals 491–503
immune system 535–9

contaminant effects 541–3
immunotoxicity study design 579–82,

583, 584
immunotoxicology of free-ranging

571–85
organochlorines 491–503
pollution–immune function link in

free-ranging animals 575–7
sampling factors 581
virus-associated mass mortalities

534–48
see also individual species

pituitary 58, 366
placenta 46, 144
plastics 305–7

components 292, 305–7, 320
monomers 306–7, 320

Plesiomonas shigelloides 339, 340
plutonium 209
pneumonia

bacterial 6
mercury levels in harbor porpoise

149–50

polar bear see Ursus maritimus (polar
bear)

pollutants 38–47
dose-response effect 357–8
harbor seal in vivo immunotoxicity

studies 46
inorganic in Arctic marine mammals

206–35
cetaceans 220–9
pinnipeds 229–34
polar bears 234–5

perinatal transfer 46
physiological response 136
see also environmental contaminants

pollution 3
polybrominated diphenyl ethers

(PBDEs) 308, 525
polychlorinated biphenyl(s) (PCBs) 3,

4, 38, 70, 169, 429
adrenal gland effects 71–3, 363,

365–6, 367
anthropogenic contaminants 559
Baltic Sea pollution 507–8, 515,

523–4, 526, 527–8
bearded seal 185
beluga whale 42, 113, 442

accumulation 177–8, 180, 334, 364,
381, 405

contaminated blubber animal
studies 396, 397–9

immunotoxicity 393–5
lymphocyte effects 358
milk 293
thyroid gland 362

biomagnification factor (BMF) 178
bottlenose dolphin 317, 411

immune suppression induction
317

strandings 469, 470
tissue levels 464, 465–6, 467–8

Dall’s porpoise 58–9
dioxin-like 296, 297, 298–300
dugong tissues 271, 275–6
ending of manufacture 102
fish as dietary source 170
fur seal in Baltic Sea 496, 500–1
gray seal in Baltic Sea 496, 500–1,

502, 507–8, 515, 523–4, 526–8
harbor seal

blubber concentration 566
feeding study 71, 75–6, 112, 136,

317, 542, 546, 560–6
toxicity 546
Wadden Sea 496, 498–500, 501–2

Ve
tB

oo
ks

.ir



636 Index

harp seal 184–5
hazards 305
hearing loss 314–15, 319
human effects 313–15, 318
immune cell exposure 45
immunosuppression 41
immunotoxicity 41, 534, 559, 565
implantation failure 76
increase in marine systems 293, 318
lung effects 337
manatee tissues 278–9
milk levels 115, 293
monitoring of loads/inputs 604
morbilliviral disease in dolphins 358
narwhal 177–8, 442
neuroendocrine effects 313–15
northern fur seal immunotoxicity 46
PDV affected seal populations 545
polar bear

accumulation 177–8, 188–90
metabolism 112

rat studies 542–3
reproductive system effects 71, 74–6,

112, 113
reproductive toxicity studies 398–9
ringed seal 182–3, 184
seal toxicity 546
spotted seal 184
steroid hormone imbalance 76
steroidogenesis 76
striped dolphin 115, 358
studies

of 1940s and 1950s 100–1
of 1960s 102
of 1970s 102, 105, 108–10
of 1980s 108–10, 112–13
of 1990s 108–10, 114, 115

thyroid glands 362
thyroid hormone effects 71, 314
use restriction 292
viral infections 38, 541
vitamin A deficiencies 76, 115, 314
walrus 186, 495, 498
see also methylsulfone

polychlorinated biphenyls
polychlorinated biphenyl (PCB)

congeners 41, 42, 171, 173
analytical procedures 461–2
baleen whales 296, 297, 298–300
beluga metabolism 442
bottlenose dolphins 411
bowhead whales 177
cytochrome P450 induction 438, 439
dioxin-like 459

methylsulfones 195
narwhal metabolism 442
northern fur seal pups 576
polar bears 192, 193
toxicity 459
walrus in Greenland 495, 498

polychlorinated dibenzodioxins
(PCDDs) 3, 113, 169, 429–30

anthropogenic contaminants 559
dugong tissues 271–2, 276
harbor seal feeding study 561–4, 565
harp seal 184–5
immunotoxicity 534, 559, 565
pinniped contamination 540
see also dioxins

polychlorinated dibenzofurans (PCDFs)
3, 74–5, 113, 169, 429

anthropogenic contaminants 559
dugong tissues 271–2, 276
harbor seal feeding study 561–4, 565
harp seal 184–5
immunotoxicity 534, 559, 565
pinniped contamination 540
rice oil contamination 101
see also furans

polychlorinated naphthalenes (PCNs)
75

polychloro-n-alkanes (sPCAs) 309
polycyclic aromatic hydrocarbons

(PAHs) 38, 429–31
AHRs 435, 436, 559
anthropogenic contaminants 559
Arctic marine mammals 168
beluga whales

accumulation 334, 348–9, 368,
409–10, 417, 440

cancers 349, 368
bioaccumulation in food chain 559
blue mussel concentration 348
bottlenose dolphins 410–11
cytochrome P450 induction 430,

438–9, 449
dugong tissues 271
endocrine disruption 430, 444–6, 449
fetotoxicity 430
gene expression alteration 430
genotoxicity evaluation 407–11
host resistance to pathogens 560
immune system 559
immunotoxicity 559
metabolism 431–2

by CYPs 438–9
physiological response patterns 430
planar 559, 573
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studies of 1990s 116–17
three-ringed 171
toxicity mechanisms 429–49
tumor initiation 350–1

polynyas 311
populations of marine mammals 596–7

long-term interdisciplinary studies
603

porpoise
catastrophic viral epidemics 38
Dall’s see Phocoenoides dalli (Dall’s

porpoise)
flukes 25
harbor see Phocoena phocoena

(harbor porpoise)
lung worm 25

potassium 282
poxvirus 6
precautionary principle 119
pregnancy

diagnosis 88–9
heavy metals 146–7
mercury levels 147

premature pupping
California sea lion 61, 76, 111, 150,

157, 540
organochlorine effects in otarid seals

599
prenatal death in harbor seals 76
primary production, sea surface

microlayer 312
progesterone 57, 61
progestins, adrenal production 71
programmed cell death 577
propiconazole 316
protozoal parasites 23–4, 26
Pseudo-nitzschia (diatom) 252, 253, 254,

255
pseudohermaphroditism

beluga whale 360
bowhead whale 174, 176
polar bears 196

Pseudomonas aeruginosa 15–16
pupping, synchronized 74
Pusa hispida (ringed seal) 5

apparent bioaccumulative factor
(ABAF) 187

Baltic population 507, 525, 527, 540
biomagnification of POCs to polar

bear 189–90
cadmium levels 143, 154, 231, 494
copper levels 230
CYP1A metabolism of PCBs 192,

195

dibenzofurans 191
diet 229
dioxins 191
disease complex in Baltic population

540
feeding pattern 494
heavy metals 229–31
kidney lesions 513
lead levels 231
liver consumption by humans 230
mercury

contamination 102, 149
tissue levels 143–4, 229–30, 494

methylmercury 231
organochlorines

Baltic Sea 496, 500–1, 502
pollution 183
reproductive effects 111
residues 495, 497
sampling 117

PCBs 184, 192, 193, 195
phocid herpesvirus antibodies 11
phocine morbillivirus 7
POCs 181–3, 184
reproduction

disorders 55, 76, 183
failure in Baltic Sea 507–8
organochlorine effects 111

selenium levels 230
skeletal lesions 540
sterility 61
stillbirth association with nickel 136
studies of 1980s 113
uterine occlusion 525, 527
vanadium accumulation 217
zinc levels 230
zinc–cadmium relationship 218

Pusa sibirica (Baikal seal)
canine distemper virus 571
die-off 545

rabies vaccine, antibody response 575
radionuclides 206

Arctic release 209
bowhead whale tissue 223
polar bear tissue levels 235
toxicity 210–19

red tide toxin 256, 257, 259, 260, 282
reproduction

disorders 60–1
gray seal 55, 76, 111, 183, 507–8,

511, 512
endocrine cycles 73–7
endocrine-disrupting chemicals 599

Ve
tB

oo
ks

.ir



638 Index

failure 75
heavy metal effects 135
hormones 57–8, 73
impairment in cetaceans 316
organochlorines

effects 55, 56, 57–63, 76, 88–90,
111, 599

toxicity studies 398–9
POP loss by females 545
sterility in ringed seal 61
timing 58
toxicology 598–9

rice oil contamination 101
risk assessment 601, 605

Salmonella 16–17
sampling programs 608
San Miguel seal lion virus 6, 10
Sarcocystis 23, 24, 26
Saxidonus giganteus (butter clam) 252
saxitoxin (STX) 248, 249–52
sea ice, pesticides 312
sea lion

California see Zalophus californianus
(California sea lion)

hookworms 25
liver fluke 25
lung mites 24
San Miguel sea lion virus 10
sexual maturity 74
South American see Otaria flavescens

(South American sea lion)
Steller’s see Eumetopias jubatus

(Steller’s sea lion)
sea lion hepatitis virus 10–11
sea surface microlayer 310–12
sea water ingestion 144
seabirds, mercury levels 304
seagrass

dugong grazing 276, 277
heavy metal levels 145

seal(s)
Baikal see Pusa sibirica (Baikal seal)
bearded see Erignathus barbatus

(bearded seal)
catastrophic viral epidemics 38
DDT contamination 102
elephant

northern see Mirounga angustirostris
(northern elephant seal)

southern see Mirounga leonina
(southern elephant seal)

gray see Halichoerus grypus (gray
seal)

harbor see Phoca vitulina (harbor
seal)

harp see Pagophilus groenlandicus
(harp seal)

hooded see Cystophora cristata
(hooded seal)

hyperadrenocorticism 61
lung mites 24
mercury intoxication 148–9
monk

Caribbean 596
Hawaiian see Monachus

schauinslandi (Hawaiian monk
seal)

 see also Monachus monachus
(monk seal)

northern fur see Callorhinus ursinus
(northern fur seal)

POC accumulation 171
ribbon see Histriophoca fasciata

(ribbon seal)
ringed see Pusa hispida (ringed seal)
San Miguel sea lion virus 10
sexual maturity 74
Siberian see Phoca sibirica (Siberian

seal)
spotted see Phoca largha (spotted

seal)
Weddell see Leptonychotes weddellii

(Weddell seal)
seal herpesvirus 11–12
seal pox 9–10
selenium 105, 157

accumulation in beluga whale 208
Arctic marine mammals 211–16
bearded seal tissue levels 231
beluga whale tissue 226
bowhead whale tissue 222–3
concentration in liver 138–42
demethylation mechanisms 149
detoxification 213
disease association 150
dugong tissues 275, 278
harp seal tissue levels 232
manatee tissues 280
mercury

antagonism 151–2, 207, 459
correlation with 212–13
interaction 214

narwhal tissue 229
polar bear tissue levels 216, 234
ringed seal tissue levels 230
toxicosis 216
walrus tissue levels 233
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selenium:mercury balance 150, 151–2,
153

sex hormones 57, 71
sexual development

impaired 315–16
timing 58

sexual maturation 74
Shewanella putrefaciens 339, 340
silver

bearded seal tissue levels 231
beluga whale tissue 225–6
bowhead whale tissue 221
dugong tissues 273, 277
toxicity 216
walrus tissue levels 233–4

sirenians 270–1, 272–4, 275–84
classification 270–1
feeding habits 609

skeletal deformity 150, 540
skin

cancer 356
crude oil adherence 5
mercury levels 147
whale 207, 226

skull bone
asymmetry in beluga whales 114
lesions in gray seals in Baltic Sea 61,

513, 521–2
smoke retardants 308–9
spermatogenesis 73, 74
spleen 536
splenocytes

beluga whale 388, 389
lymphoproliferative response 393–5,

578
squid, cadmium accumulation 475
standard reference materials 605
Staphylococcus aureus 18
Staphylococcus delphini 18
statistical studies 611
Stenella coeruleoalba (striped dolphin) 6

BPMO activity 441, 442
brucella 19
cytochrome P450 441
mercury levels 143, 413, 474

inorganic 152
metallothioneins 155
morbillivirus 7, 8, 357, 358
organochlorines 117, 317
PCB levels 115, 358
Sarcocystis 26
strandings 458, 469, 470

Stenella longirostris (spinner dolphin) 26
sterility in ringed seal 61

Sterna forsteri (Forster’s tern) 299
steroid hormone receptors 444–6
steroid hormones

adrenal gland 71
disruption 61
mercury effects 150
PCB effects 76

steroidogenic pathways 57, 72
stillbirth

harbor seals 76
nickel association 136

strandings 3, 469–71
bottlenose dolphin 458–78, 486–8
viral infections 6
see also die-offs

Streptococcus phocae 20
stress, fat reserve mobilization 446
strontium 233
suckling 144

see also lactation
sulfur particles in Arctic haze 310
surrogate animal models 606, 607

see also laboratory animal studies
swimming

activity in oiled areas 4
oil effects 5

T-cell suppression 4
T cells 43, 536

beluga whales 382–3, 388, 389–90
epi-immunotoxicology 546, 547
harbor seals 538, 539, 546, 577
proliferative response 562–3, 566,

573, 577
T-helper cells 536, 537
tattoo 8–9
Taura Syndrome 316
TCDD see dioxins
TCDD–receptor complex 559
teratogenesis

DNA damage 405, 417
harbor seals 76

terbufos in Arctic environment 312
tern, Forster’s 299
testis abnormalities in minke whales 61,

76–7
testosterone 73, 74

androgen receptor competition 313
antagonists 315
Dall’s porpoise 58, 113, 445
HAH tissue concentrations 445

tetrabromobisphenol A 308
tetrachlorobiphenyl (TCB) congener

metabolism 442–3
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2,3,7,8-tetrachlorodibenzo-p-dioxin see
dioxins

thymocytes
beluga whale 388, 390
lymphoproliferative response 578

thymus 536, 560
atrophy 4, 40–1, 560

thyroid gland 68–71
beluga whale lesions 360–2
environmental contaminant effects

70–1, 362
follicular cysts 362

thyroid hormones 57, 58, 68–71,
312–13

deficiencies
PAH contamination 560
PCB contamination 76

function 70
harbor seal 59–60
immune system 61
PCB effects 71, 314
peak concentrations in lactation 70
transport 68–9

thyroid-stimulating hormone (TSH)
58

thyrotrophin-releasing hormone (TRH)
69

thyroxine (T4) 58, 68
bottlenose dolphins 312–13
gray seal 313
structure 70
transport 69

thyroxine-binding globulin 69
Thysanoessa spinifera (krill) 256
tiemannite 213
tissue sampling 604–5
toxaphene 4, 169, 170, 171

Arctic marine mammals 178
Baltic Sea 525
beluga whale 180
dugong tissues 272, 276
genotoxicity 413–17
Microtox assay 416–17
MN assay 414–17
polar bear 191
use restriction 292
walrus in Greenland 495, 498

toxic shock syndrome 283
Toxic Substances Control Act (US,

1976) 102
toxicity equivalence factors (TEFs) 295,

296
toxins, bacterial infection susceptibility

14

Toxoplasma gondii 23–4, 26, 357
transthyretin (TTR) 60, 69, 314
trematodes 27
tributyltins 116, 300–3

aromatase inhibition 302
aryl hydrolase activity 303
banning 301
cetaceans 319–20
infection resistance reduction 302–3

Trichechus inunguis (Amazonian
manatee) 278

Trichechus manatus (West Indian
manatee) 278

Trichechus manatus latirostris (Florida
manatee) 8

brevetoxin poisoning 257–9, 282–3
copper deficiency 145
environmental contaminants 278–83
model species for contaminant

studies 609
Toxoplasma gondii 26

Trichechus manatus manatus (Antillean
manatee) 280

Trichechus senegalensis (West African
manatee) 278

Trichinella spiralis resistance reduction
302

Trichophyton 22
tridemorph 316
trifluralin in Arctic environment 312
triiodothyronine (T3) 68

bottlenose dolphins 312
gray seal 313
structure 70
transport 69

tris(4-chlorophenyl)methane (TCPMe)
308–9

tris(4-chlorophenyl)methanol
(TCPMOH) 308–9

tumors, malignant 318
PAH initiation 350–1
see also cancer

Tursiops truncatus (bottlenose dolphin)
6

age estimation 460–1, 462
aldosterone 313
brevetoxin poisoning 257, 259–62
brucella 19
cadmium level measurement 463,

471, 475, 477
calicivirus 10
calves 86
cancers 341, 344
catch and release study 87
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chlordane levels 462, 464, 465–6,
467–8

chronic exposure to contaminants 46
Coccidioides immitis 22
contaminant assessment in captured

animals 85–6
copper level measurement 476
dams 86
DDT

immune suppression induction 317
levels 464, 465–6, 467–8
strandings 469, 470

die-offs 114
field sampling methods 460–1
HAH

bioaccumulation 463, 464, 465–71
strandings 469–71
tissue concentrations 463, 464,

465–7
heavy metal bioaccumulation 471–2,

473–4, 475–7
hepatic lesions 359
herpesvirus 12–13
hexachlorobenzene levels 464, 465, 467
immune response with

organochlorine levels 115
inorganic mercury levels 152
inverse prediction model 460
lactation 466–7
lead level measurement 463, 471, 476
length measurement 460, 462
lipofuscin pigment 359
lobomycosis 21
lymphocytes 150
mercuric selenide 152
mercury

accumulation with age 477
contamination 149, 150
tissue levels 149, 150, 215, 463,

471–5, 477
toxicity 215

methylmercury 472, 474, 578
MHC class II cross-reactivity 43
model species for contaminant

studies 87–8, 609
morbilliviral disease 7, 259–60
organochlorines

analysis 461–2, 463, 464, 465–8
sampling 117

PAH in sediments 410
PCB

immune suppression induction 317
strandings 469, 470
tissue levels 464, 465–6, 467–8

PCB congeners 411
POC accumulation 458–78
Pseudomonas aeruginosa 16
QA procedures for chemical

contaminant measurement 470–1
San Diego Bay collection 87–8
Sarasota Bay population 87
statistical analysis of data 463
strandings 458–78, 486–8

HAH levels 469–71
metal levels 471–2, 473–4, 475–7
sites 460, 461, 486–8

thyroid hormones 312–13
Toxoplasma gondii 26
tributyltin levels 302
Trichophyton 22

UDS assay for benzo[a]pyrene
410–11

ultrasound, pregnancy diagnosis
88–9

Ursus maritimus (polar bear)
apparent bioaccumulative factor

(ABAF) 187
biomagnification of POCs from

ringed seals 189–90
cadmium levels 234–5
cub mortality 190
DDT accumulation 177–8, 188–90,

194–6
delayed implantation 195
Denning status 189
dibenzofurans 191
dioxins 191
heavy metals 234–5
hexachlorocyclohexane 191
lactation 190, 195
lead levels 235
mercury levels 234, 235
mixed-function oxidase systems 192,

194
model species for contaminant

studies 609
oil spills 4, 5
PCB accumulation 177–8, 188–90
PCB metabolism 112
POC

accumulation 171, 187–92, 193,
194–6

metabolism 192, 193, 194
reproduction effects 195–6

pregnancy 190
pseudohermaphroditism 196
radionuclide levels 235
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reproduction 74, 195–6
reproductive success 189–90
selenium 216, 234
toxaphene 191
trophic level 190
vanadium levels 235
zinc–cadmium relationship 218
zinc–copper relationship 218

US Marine Mammal Commission
workshop 598, 601–11

US Navy, bottlenose dolphin
population 87–8, 89

uteroglobin 59, 61
uterus

occlusion/stenosis 507–8, 511, 512,
518, 519, 525

smooth muscle cell tumors 61, 508,
511, 512, 519, 527

vaccination against Erysipelothrix
rhusopathiae 15

vanadium 217, 235
Vibrio fluvialis 339, 340
viral infections 6–14

beluga whales 340
catastrophic epidemics 38–9
immune response suppression 449
PCBs 541
pollutant effect on susceptibility 38
resistance impairment 382

visual facilities of cetaceans 294
vitamin A deficiencies

PAH contamination 560
PCB contamination 76, 115, 314

vitellogenin 308

Wadden Sea harbor seals
heavy metals 493, 494, 501
organochlorines 496, 498–500,

501–2
population decline 508

walrus
Atlantic see Odobenus rosmarus

rosmarus (Atlantic walrus)
Pacific see Odobenus rosmarus

divergens (Pacific walrus)
whale(s)

Antarctic minke see Balaenoptera
bonaerensis (Antarctic minke
whale)

baleen
furans 300
mercury accumulation 472, 475
oil spills 4, 5

PCB congeners 296, 297, 298–300
pinniped trophic level overlap 181

beaked
Baird’s see Berardius bairdii

(Baird’s beaked whale)
Cuvier’s see Ziphius cavirostris

(Cuvier’s beaked whale)
beluga see Delphinapterus leucas

(beluga whale)
bowhead see Balaena mysticetus

(bowhead whale)
fin, Southern Ocean see Balaenoptera

physalis (Southern Ocean fin
whale)

gray see Eschrichtius robustus (gray
whale)

humpback see Megaptera novaeangliae
(humpback whale)

killer see Orcinus orca (killer whale)
minke

North Pacific see Balaenoptera
acutorostrata (northwestern
Atlantic/North Pacific minke
whale)

northwestern Atlantic see
Balaenoptera acutorostrata
(northwestern Atlantic/North
Pacific minke whale)

narwhal see Monodon monoceros
(narwhal)

pilot
long-finned see Globicephala melas

(long-finned pilot whale)
short-finned see Globicephala

macrorhynchus (shortfinned pilot
whale)

 see Globicephala (pilot whales)
right see Balaena glacialis (right

whale)
skin 207
sperm

pygmy see Kogia breviceps (pygmy
sperm whale)

 see Physeter macrocephalus (sperm
whale)

toothed
cytochrome P450 440–4
flukes 25
mercury accumulation 472, 475
mercury exposure 212
morbillivirus 8
nematodes 27
oil spills 5
pinniped trophic level 181
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xenobiotic response elements 436–7
xenobiotics 3, 14

carcinogens 353
cytochrome P450 isoform induction

432
see also environmental contaminants;

pollutants

Yusho disease 101

Zalophus californianus (California sea
lion)

abortion 540
cancers 353
Coccidioides immitis 22
domoic acid poisoning 253–4
Fusarium 21
Leptospira pomona 17
lungworm 24–5
metallothioneins 155
model species for contaminant

studies 87, 609
organochlorines 111
premature pupping 61, 76, 111, 150,

157, 540
reproductive disorders 55, 111

Sarcocystis 23
seal herpesvirus 11, 12
seal pox 9
Toxoplasma gondii 23

zinc 136
age effects 146
Arctic regions 144
beluga whale tissues 226–7
bowhead whale tissues 220, 221,

222
disease association in harbor

porpoise 150
dugong tissues 275, 277, 278
harp seal tissues 233
interactions 218
liver concentration 138–42
manatee tissues 282
narwhal tissues 218, 229
ringed seal tissues 230
seagrass concentration 145
walrus tissues 233

zinc-thioneins 154–5
Ziphius cavirostris (Cuvier’s beaked

whale) 152
zooplankton 4, 208, 220
Zygomycetes 22
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